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Abstract

Imidacloprid (IMI) is at the moment the insecticide with the world’s fastest growing sales and is considered possible replacement for
the widely used organophosphorus pesticide, diazinon, which is subject to phased revocation in many countries. In this study, biochem-
ical, reproductive and survival parameters of the water flea (Daphnia magna) after chronic exposure to IMI, its commercial liquid for-
mulation Confidor SL 200 and diazinon are presented and compared. According to the lowest observed effect concentrations, diazinon is
more toxic to the reproduction of D. magna than IMI and Confidor SL 200, which exert similar toxicity. The same was observed for the
survival, except that Confidor SL 200 is more toxic than IMI. In polluted aquatic environments, the actual levels of diazinon are poten-
tially chronically hazardous to the reproduction of D. magna (risk quotient > 1). According to very few measured environmental levels of
IMI, the latter is not expected to be chronically hazardous, unless it is accidentally spilled in a small pond. In such case, the predicted
concentrations of IMI would present a potential chronic risk to D. magna, and a potential acute risk to other aquatic invertebrates. In the
future, higher environmental levels of IMI are expected due to its increasing use and physico-chemical properties. The literature survey
summarized in this work suggests that further ecotoxicological studies with a broader spectrum of aquatic organisms are needed before
IMI is classified as safer than currently applied pesticides.
© 2007 Elsevier Ltd. All rights reserved.
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1. Introduction

The insecticide imidacloprid [1-(6-chloro-3-pyridyl-
methyl)- N-nitro-imidazolidin-2-ylideneamine] (IMI) has
been increasingly used since 1991 (Elbert et al., 1991) and
belongs to the fastest growing group of insecticides intro-
duced to the market, referred to as neonicotinoids (Tomi-
zawa and Casida, 2003). It acts as an agonist of the
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postsynaptic nicotinic acetylcholine receptors (Matsuda
et al., 2001), disrupting the normal neural processes, and
is used mainly to control sucking insects on crops (Tomlin,
1997; Tomizawa and Casida, 2005). IMI is a potential
groundwater and surface water contaminant (PAN Pesti-
cides database, 2006), because it can leach and runoff from
soil and crops (Felsot et al., 1998; Gonzalez-Pradas et al.,
1999; Armbrust and Peeler, 2002; Gupta et al., 2002; Fos-
sen, 2006). Additionally, it may enter water bodies from
spray drift or accidental spills, leading to local point-source
contaminations.
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IMI is considered a possible replacement for urban uses
of diazinon (TDC Environmental, 2003), one of the most
used insecticides in the last 50 years. Namely, diazinon is
currently subject to phased revocation in USA (US EPA,
2004), European Union and Australia (APVMA, 2003),
because unacceptable risk to agricultural workers and envi-
ronment was proved. As a result, the annual use of
diazinon has already declined, for instance in USA
(California) by 65% in the years 1994-2004 (California
DPR, 2004).

To regulate the impacts of IMI on aquatic ecosystems,
its toxicological profile needs to be thoroughly established.
Until now, the toxicity of IMI to aquatic invertebrates has
rarely been assessed and very few monitoring studies of this
insecticide have been performed in aquatic environments
(Table 1). This is due to the former belief that the com-
pound is relatively immobile in soil and does not leach to
groundwater (Bayer technical information for Confidor®,
2000; Krohn and Hellpointner, 2002).

A variety of standard toxicity tests are available for test-
ing the toxicity of chemicals present in aquatic environ-
ment. Standard acute (ISO 6341:1996) and chronic (ISO
10706: 2000) toxicity test with the water flea Daphnia
magna are among the most used, where immobility and
reproduction are monitored, respectively. In the case of
low concentrations of chemicals, biochemical biomarkers
are generally considered a more sensitive and sometimes
more specific measure of toxic exposure and effect than
the survival, however this approach is not standardised
yet (Adams, 2002).

Among the most commonly analyzed biochemical bio-
markers are the activities of cholinesterases (ChE), gluta-
thione S-transferase (GST) and catalase (CAT). The
inhibition of ChE by organophosphorus and carbamate
pesticides results in overaccumulation of the neurotrans-
mitter and, as a consequence, prolonged electrical activity
at nerve endings (Chambers, 1992). GST catalyses the con-
jugation of glutathione with xenobiotics, including organo-
phosphorus pesticides (Booth and O’Halloran, 2001), and
the cytotoxic aldehydes produced during lipid peroxidation
(Halliwell and Gutteridge, 1999). Catalase decomposes the
hydrogen peroxide extensively formed during oxidative
stress (Halliwell and Gutteridge, 1999). Protein content in
D. magna is also used as a biomarker of chronic chemical
exposure (Knowles and McKee, 1987), and reflects the
entire physiological state of the organism (Printes and Cal-
laghan, 2003).

In this study, chronic effects of IMI on different
biochemical, reproductive, and survival parameters of
D. magna were determined. Chronic effects of IMI on
D. magna have rarely been evaluated; only one publicly
inaccessible study describing the effects of IMI on the
reproduction of D. magna (Young and Blakemore, 1990)
has been conducted so far. The hazards of chemicals were
compared using risk quotients (RQ); e.g. the ratio between
the estimated/detected environmental concentrations
divided by chronic toxicity values (21 d LOEC; the lowest

observed exposure concentration that produces a statisti-
cally different response from the control response after
21 d) (US EPA, 2004). The chemical was considered poten-
tially chronically hazardous if RQ > 1, and acutely hazard-
ous when RQ > 0.5. Higher RQ value corresponds to the
higher potential risk (US EPA, 2004). The toxicity data
of IMI were compared with its commercial liquid formula-
tion (Confidor SL 200; containing 200 g/l of IMI in sol-
vents) and with diazinon.

The aims of this work were: (1) to assess the chronic
effects of IMI on biochemical, reproductive, and survival
parameters in a non-target arthropod, D. magna, and (2)
to compare its effects with its commercial liquid formula-
tion Confidor SL. 200 and with the organophosphorus
pesticide diazinon. The comprehensive literature data on
physico-chemical properties and environmental fate of
IMI and diazinon and their toxicities to aquatic organisms
are provided. The environmental risks of IMI and diazinon
based on the actual and expected environmental concentra-
tions are discussed.

2. Materials and methods
2.1. Chemicals

The following chemicals were purchased from Sigma
(Germany): dibasic and monobasic potassium phosphate,
hydrogen peroxide (30%), 1-chloro-2,4-dinitrobenzene, L-
glutathione (reduced form), 5,5-dithiobis-2-nitrobenzoic
acid, sodium hydrogen carbonate, acetylthiocholine
chloride, and ethylenediaminetetraacetic acid. BCA Pro-
tein Assay Reagents A and B were purchased from Pierce
(USA). Diazinon and 1-methyl-2-pyrrolidone were pro-
vided by Pestanal, Riedel-de Haén (Seelze, Germany); imi-
dacloprid, Confidor SL 200 by Bayer CropScience AG
(Monheim, Germany), and dimethylsulfoxide by Merck
(Darmstadt, Germany). All chemicals were of the highest
commercially available grade, typically 99% or higher.

2.2. Chronic toxicity test with D. magna Straus 1820
(water flea)

Water fleas (D. magna Straus 1820) were obtained from
the Institut fiir Wasser, Boden und Lufthygiene des
Umweltbundesamtes (Berlin, Germany). They were cul-
tured in 2.51 of modified M4 media (Kiithn et al., 1989)
at 21 +1°C and 16:8 h light/dark regime (1800 lux) with
a diet of the algae Desmodesmus subspicatus Chodat 1926
corresponding to 0.13 mg carbon/daphnia per day.

Our laboratory is accredited according to ISO
17025:1999 for standard acute testing with D. magna.
Chronic toxicity to daphnids was evaluated using a semi-
static exposure system under the same conditions as cultur-
ing (ISO 10706: 2000). Individual daphnids less than 24 h
old were placed in 50 ml of test solution; 10 test containers
per each concentration and a control were prepared.
Chronic tests for each chemical were repeated up to three
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Table 1
Properties of IMI and diazinon
Diazinon Ref. no. IMI Ref. no.
First introduced commercially 1952; J.R. Geigy S.A. (Novartis 28 1991; Bayer AG and Nihon Tokushu 28
Crop Protection AG) Noyaku Seizo KK
Physico-chemical properties
Water solubility at 20 °C (mg1~") 60 28 (a) 610 (a) 28
(b) 514 (b) 11
K, (soil organic carbon-water (a) 1589 (20 °C) (a) 19 (a) 210 (20 °C) (a) 19
partitioning coefficient) (b) 1520 (b) 26 (b) 249-268 (b) 20
(c) 851 + 180 (c) 6 (c) 109-411 (20 °C) (c) 16
LogK,,, (octanol-water partition (a) 3.14 (20 °C) (a) 28 (a) 0.57 (22 °C) (a) 28
coefficient) (b) 3.3 (25°C) (b) 26 (b) 0.92 (20 °C) (b) 19
(c) 3.81 (20°C) (c) 19 (c) 0.589 (22 °C) (c) 14
Average application rate (kg of  (a) 3.0-3.1 (orchard) (a) 5 (a) 0.3-0.5 (soil) (a) 24
active ingredient ha™!) (b) 0.5 (foliar); 4 (soil); 1-3 (fruit) (b) 30
Environmental fate
Detected aquatic concentrations  (a) 3.34 (Salinas river, California, (a) 3 (a) 1.6 (sea Wilapa Bay, USA) (a) 8
(ngl™) USA)
(b) 6.8 (Sacramento river (b) 13 (b) 1 (surface water, Florida, USA) (b) 22
watershed, USA)
(c) 0.775 (Greece rivers, EU) (c) 15 (c) 14 (Lake Wales Ridge, USA) (c) 31
(d) 24.6 (Vicinity of pesticide (d) 1 (d) 6.7 (ground water, New York, USA) 11
factory, Egypt)
Estimated aquatic concentrations 8.89-429 pg ! (depends on the 30 (a) 36.04 pg 17! (acute surface water (a) 11
type of application on the crop) exposure); 17.24 pg 1-! (chronic surface
water exposure)
(b) 22 ug 17! (accidental direct spray ina  (b) 24
pond or stream); 1.8-7.3 mg 17!
(accidental spill in a small pond)
Aqueous photolysis DT, 140 d 26 (a) 3 h (simulated sunlight, 30 °C) (a) 14
(b) 1.2h (d H,O, 4 =290 nm, 24 °C) (b) 18
(¢) 0.7h (d HO, A=280nm); 2.1 h (c) 32
(Confidor; d H,O, 4 =280 nm)
(d) 1 h (d H,O, simulated sunlight) (d) 16
Hydrolysis DTsg (d) (a) 12 (pH 5.0); 138 (pH 7.0); 77 (a) 30 (a) 168 (26 °C, pH 4.7, 7.7, 9.0) (a) 14
(pH 7.7)
(b) 3 (natural water pH 9.0, 12h (b) 10 (b) 90 (20 °C, pH 3, 5, 7) (b) 36
photoperiod)
(c) 5, highly depends on pH (c) 26 (c) >30 (c) 11
(d) 37.5 (Confidor 200 SL); 41 (Gaucho 70  (d) 23
WS) (pH 7.0, 30 °C)
Soil photolysis DTsq (d) 5 26 (a) 39 (a) 16
(b) 38.9 (b) 11
Soil anaerobic DT5sq (d) 17 26 27.1 11
Soil aerobic DTs (d) 39 26 (a) 156 (a) 16
(b) 997 (b) 11
Field dissipation DTs, (d) (a) 5.4-27 (lower value in moist, (a) 12 (a) 190 (no vegetation), 45 (vegetation); (a) 20
irradiated sandy soil) 180 (sandy and silt loam)
(b) 7-87.5 (lower value in non- (b) 33 (b) 74-156 (20 °C, bare soil); 30-160 (b) 16
sterile sandy loam) (sediments)
(c) 5-20 (c) 30 (c) 27-229 (c) 11
(d) 3-13 (d) 26
Toxicity
WHO classification II = moderately hazardous 34 II = moderately hazardous 34
Fish: (1) Rainbow trout (1a) LCsp (96 h) =90-400 pg 1=} (1a) 29 (1a) LCsp (96 h) =211 mg1~! (la) 11
Oncorhynchus mykiss (1b) LCso (96 h) =20 pug 17! (1b) 26 (1b) LCsp (96 h) >83 mg 17! (1b) 24
(1c) LCso (96 h) =90-400 pg 1= (1c) 7 -LCso (96 h) =211 mgl~!
-LOLC (96 h) = 64 mg 1!
-LOLC (96 h) =281 mg 1!
(2) Bluegill Lepomis machrochirus  (2a) LCso (96 h) = 136 pg 171 (2a) 29 (2) LCsp (96 h) >105 mg 1! (2) 24
168 ug17'; 460 ug 17! -LOLC (96 h) =42 mg 1!
(2b) LCsq (96 h) = 120670 pg1='  (2b) 7
(3) Zebrafish Danio rerio (3) LCs (96 h) = 10 mg I 3) 17 (3) LCso (96 h) = 241 mg 1™ (3) 21

(continued on next page)
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Table 1 (continued)

Diazinon Ref. no. IMI Ref. no.
Aquatic invertebrates: (1) Water  (1a) LCso (48 h) =0.96 ug 1! (1a) 28 (la) LCso (48 h) =85 mg1~! (la) 11
flea D. magna (1b) LCso (48 h) = 0.83; 1.1 pg1™"  (1b) 29 (1b) LCs (48 h) =104 mg 1! (1b) 25
(1c) ECsp (48h) = 0.9 pg1~! (lc) 17 (1c) ECsp (48 h) = 56.6 mg 1~} (lc) 21
(1d) NOEC,¢p,. (21d) =5 pg It (1d) 27 (1d) LOEC;¢p,. (21 d) = 7.3 mg I! (1d) 35
(1f) LOEC;¢p. (21d) =0.15- (1) 9 (1f) LOEC,¢p,. (21d)=2.5mg ! (1f) 27
0.25 g 1!
(2) Amphipod Hyalella azteca (2a) LCso (96 h) = 6.51 pg ! (2a) 4 (2) LCs0 (96 h) (juveniles) = 0.526 mg I (2) 24
(2b) LCso (96 h) =4.3 pg 1! (2b) 2 —LCso (96 h) (1421 d old) = 51.8 mg 1!
—LCsp (96 h) (7-21d old) = 94.8 mg 1!
*LOECimmobilily (96 h)
(juveniles) = 0.00097 mg 17}
—LOLC (96 h) (14-21 d old) = 43.8 mg 1!
7NOECimmobility (96 h) (7721 d Old) =
94.8 mg 1!
(3) Midge Chironomus tentans (3) LCso (96 h) = 10.7 ug 17" (3)4 (3) LCs (96 h) (2nd (3) 24

instar) = 0.0105 mg 17}
~LOLC (96 h) (2nd
instar) = 0.00339 mg 1!

Abbreviations: DTs, (half life); ECsy (median effective concentration for immobility); LCsy (median lethal concentration); LOEC ep:. /immobitity (lowest
observed effect concentration for reproduction/immobility); LOLC (lowest observed lethal concentration); NOEC;epr; immobility (10 observed effect

concentration for reproduction/immobility); OC (organic carbon).

References: Abdel-Halim et al., 2006 (1); Anderson and Lydy, 2002 (2), Anderson et al., 2003 (3); Ankley and Collyard, 1995 (4); Cobb et al., 2000 (5);
Cooke et al., 2004 (6); Eisler, 1986 (7); Felsot and Ruppert, 2002 (8); Fernandez-Casalderrey et al., 1995 (9); Ferrando et al., 1992 (10); Fossen, 2006 (11);
Graebing and Chib, 2004 (12); Hall, 2003 (13); Kagabu and Medej, 1995 (14); Konstantinou et al., 2006 (15); Krohn and Hellpointner, 2002 (16); Lee
et al., 1993 (17); Moza et al., 1998 (18); Nemeth-Konda et al., 2002 (19); Oi, 1999 (20); Our laboratory, unpublished (21); Pfeuffer and Matson, 2001 (22);
Sarkar et al., 1999 (23); SERA, 2005 (24); Song et al., 1997 (25); TDC Environmental, 2003 (26); This study (27); Tomlin, 1997 (28); US EPA, 1999 (29);
US EPA, 2004 (30); US Geological Survey, 2003 (31); Wamhoff and Schneider, 1999 (32); Watanabe and Grismer, 2001 (33); WHO, 2005 (34); Young and

Blakemore, 1990 (35); Zheng and Liu, 1999 (36).

times. The survived initial daphnids were transferred into
freshly prepared test solutions three times per week. The
animals were fed daily a diet of Desmodesmus subspicatus
(0.13 mg carbon/daphnia per day) and the newly born neo-
nates were counted and removed. The criteria used to eval-
uate reproduction after 21 d were the number of neonates
per adult, the average brood size per adult, the number
of broods per adult, and the time to the first reproduction.
The mortality of the daphnids during 21d was also
monitored.

The following concentrations of IMI: 0, 0.625, 1.25, 2.5,
5, 10, 20, 40 mg 17! and diazinon: 0, 0.0753, 0.165, 0.312,
0.625, 1.25, 2.5, 5, 8 ug 17! were tested. Confidor SL 200
was diluted in distilled water to obtain the following solu-
tions: 0, 0.000625, 0.00125, 0.0025, 0.005, 0.01, 0.02% (v/v);
which contained 0, 1.25, 2.5, 5, 10, 20, 40 mg1~" of IMI,
respectively. The toxicity of solvents incorporated in Conf-
idor SL 200 (a solution consisting of 38.4% of dimethylsulf-
oxide, 37.5% of Il-methyl-2-pyrrolidone and 24.1% of
distilled water in place of IMI) was tested to exclude the
possible toxic effect. The concentration of this negative
control was equivalent to the highest concentration of
Confidor SL 200 used in the tests (0.02%; v/v).

2.3. Monitoring of the stability of test chemicals during the
tests

The test media were changed every two days. Prior to
toxicity tests, the stabilities of IMI and diazinon in the test

solution were checked. The test solutions were exposed sep-
arately to the same experimental conditions as the toxicity
tests and the concentrations of the specific chemicals were
measured at the outset and after two days.

Diazinon solution (10 ml) was extracted with three por-
tions of ethyl acetate (25, 20 and 10 ml) with the addition
of 50 ml of a 10% aqueous solution of sodium hydrogen
carbonate (Bavcon et al., 2003). The solvent was evapo-
rated, and the residue redissolved in 1 ml of ethyl acetate
and analysed by gas chromatography (HP 6890, Germany)
with a flame ionization detector. Extraction of IMI was
performed on initially preconditioned Strata CI18-E col-
umns (Phenomenex, USA) with 5ml of methanol
and 5Sml of distilled water (Baskaran et al., 1997). 1 ml
of IMI solution was added to the column, and afterwards
eluted with 2 ml of methanol. The solvent was evaporated
and dried IMI was dissolved in 1 ml of acetonitrile-water
(20:80, v/v) solution. The samples were analyzed on Agi-
lent 100 Series liquid chromatograph (Germany) equipped
with DAD detector on Zorbax C8 column.

Our experiments showed no changes in concentrations
of IMI and diazinon in test solutions during two days
of exposure to the same experimental conditions as in
the toxicity tests. No degradation products of diazinon
were detected. The actual exposure concentrations of both
chemicals did not differ by more than 20% from the nom-
inal or initial concentrations. Therefore the results are
given in nominal concentrations, as suggested by ISO
10706: 2000.
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2.4. Determination of enzyme activities

For each experiment, 10 test containers per each concen-
tration of the chemical were prepared. After 21d in
presence of the chemicals, five adult daphnids per concen-
tration were combined into one enzyme sample, thus two
samples were prepared for each concentration. Since each
experiment was repeated three times, a total of six samples
per concentration were prepared. Prior to homogenization,
excess chemical was removed from the surface of the ani-
mals by rinsing three times with 2 ml of 50 mM phosphate
buffer pH 7.0 combined with 5 mM ethylenediaminetetra-
acetic acid (Jemec et al., 2007). The animals were then
homogenized for 3 min in 0.8 ml of 50 mM phosphate buf-
fer pH 7.0, using a glass—glass Elvehjem—Potter homoge-
nizer. The homogenate was centrifuged for 25 min at
15000g¢ and 4°C. Enzyme activities were measured on
freshly prepared supernatants.

ChE activity was determined according to Ellman et al.
(1961), using microtiter plates (Bio-Tek® Instruments,
USA; PowerWave™ XS) as described by Jemec et al.
(2007). The reaction mixture was prepared in 100 mM of
potassium phosphate buffer pH 7.3 containing acetylthi-
ocholine chloride and 5,5’-dithiobis-2-nitrobenzoic acid in
the final concentrations of 1 mM and 0.5 mM, respectively.
100 pl of protein supernatant were added to start the reac-
tion, which was followed spectrophotometrically at 412 nm
and 25 °C for 15 min.

GST activity was measured on microtiter plates (Bio-
Tek® Instruments, USA; PowerWave™ XS) (Habig et al.,
1974; Jemec et al., 2007). 1-Chloro-2,4-dinitrobenzene
was dissolved in ethanol to obtain a 50 mM solution, which
was afterwards diluted with 100 mM potassium phosphate
buffer pH 6.5 to the final concentration of 4 mM. This solu-
tion was used to prepare a reaction mixture containing
1 mM of 1-chloro-2,4-dinitrobenzene and 1 mM of reduced
glutathione. 50 pl of protein supernatant were added to
start the reaction, which was followed spectrophotometri-
cally at 340 nm and 25 °C for 3 min.

CAT activity was determined according to Aebi (1984).
50 pl of protein supernatant were combined with 750 pl of
hydrogen peroxide solution (10.8 mM) prepared in 50 mM
potassium phosphate buffer pH 7.0. The final concentra-
tion of hydrogen peroxide was 10 mM. The reaction was
followed spectrophotometrically for 3 min at 25°C and
240 nm on a Shimadzu UV-2101PC spectrophotometer
(Japan).

Protein concentration was measured using a BCA™ Pro-
tein Assay Kit, a modification of the bicinchoninic acid
protein assay (Pierce, Rockford, IL, USA).

2.5. Interpretation of enzyme activities

Enzyme activities were expressed in enzyme units (EU)
per one adult daphnia. Specific enzyme activities with pro-
tein content as a standard reference were also calculated for
purposes of comparison. One EU was determined as the

amount of ChE that hydrolyses 0.01 nmoles of acetylthi-
ocholine min~! (e4;, = 13600 M ! cmfl), the amount of
CAT that degrades 1 pmole of hydrogen peroxide min~"
(240 = 43.6 M~! cm”), and the amount of GST that con-
jugates 1nmole of reduced glutathione min~' (e =
9600 M~ cm™ ). These enzyme units were chosen to facil-
itate the graphical comparison of all enzyme activities for
each chemical.

2.6. Data analysis

The 21d LOEC values (e.g. the lowest observed
effect concentration that produces a statistically different
response from the control response after 21 d) were deter-
mined by one-way analysis of variance (ANOVA;
P <0.05), and the Games—Howell post-hoc test for bio-
chemical parameters and Dunnett’s test for reproduction
data, using SPSS for Windows 8.0 (SPSS Inc., USA). The
LOLC value for mortality was determined as the lowest
observed lethal concentration that causes mortality higher
than 20% as allowed for control organisms by the ISO stan-
dard (ISO 10706: 2000). The results for IMI and Confidor
SL 200 were fitted to sigmoid curves to calculate the slopes
using the GOSA Software (www.bio-log.biz, France). The
values for unexposed control animals were not included in
the data fitting, but they are shown on graphs for
comparison.

2.7. Calculation of risk quotients (RQ) of tested chemicals

Risk quotients (RQ) for all tested chemicals were
calculated as a ratio between the estimated/detected envi-
ronmental concentrations divided by the LOEC for bio-
chemical parameters and reproduction, and LOLC for
survival determined in this study. For the comparison of
the hazards of diazinon and IMI to different species of
freshwater invertebrates and vertebrates, RQ were calcu-
lated using LCso (96 h) values based on literature data.

Only four monitoring studies are at the moment avail-
able on environmental levels of IMI (Table 1). To deter-
mine RQ values for IMI, the lowest (1 pgl™'), and the
highest (14 pg1™") measured values, estimated chronic
value in surface waters (17.24 pugl™!), and estimated
worse-case scenario level of accidental spill in a small pond
(7300 pg 17!) were used (Table 1). On the other hand, diaz-
inon has been extensively monitored. The lowest (0.775
ngl™"), and the highest (24.6 pgl™') recently reported
values in the literature, and the estimated value in
surface waters (429 pg1™") were used for calculation
(Table 1).

3. Results
3.1. Chronic toxicity tests

In standard chronic toxicity tests with D. magna, repro-
duction and mortality of adult daphnids were assessed.
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Table 2

21 d LOEC (lowest observed effect concentration) values for biochemical and reproduction data, and 21 d LOLC (lowest observed lethal concentration) values for mortality data

Endpoint

Chemical

Total protein
content

1.25

2.5

ChE

CAT

GST

Mortality

Number of broods

per adult

10
10

Days to first

Brood size
brood

Number of neonates
per adult

2.5
5

10

2.5

40

IMI (mgl™)

2.5

10

Confidor SL 200

(in mg 17! of IMI)

Diazinon (ug17})

5<(L)OEC<8

5<(L)OEC <8

N.d.

The following concentrations of analytical grade IMI: 0, 0.625, 1.25, 2.5, 5, 10, 20, 40 mg 17", IMI formulated as Confidor SL 200: 0, 1.25, 2.5, 5, 10, 20, 40 mg 17! of IML, and diazinon: 0, 0.0753, 0.165,

0.312, 0.625, 1.25, 2.5, 5, 8 g 17! were tested.

5<(L)OEC <8

5<(L)OEC<8 5<(L)OEC<3$

5<(L)OEC<8

5<(L)OEC <8
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% 100% mortality of adult daphnids was observed at this concentration. At lower tested concentration (5 pg/l), no statistically significant mortality was detected (<20%).

® LOEC could not be determined due to insignificant trend.

These data for all chemicals are shown in Table 2, columns
2-6. The negative control (solvent mixture commercially
used for the preparation of Confidor SL 200) did not have
any adverse effects on D. magna at the highest tested con-
centration of this chemical (0.02%; v/v).

Tested concentrations of IMI and Confidor SL 200 have
similar impacts on the reproduction of D. magna (21d
LOEC =2.5-10mg 1" for different reproduction para-
meters), but Confidor SL 200 (21 d LOLC =10 mg1~" of
IMI) affected their survival at lower concentrations than
IMI (21 d LOLC =40 mg 1) (Table 2, Fig. 1).

Up to 5 ug 17! of diazinon, the reproduction of daphnids
was not affected. At this concentration the mortality was
20%. At the next tested concentration of diazinon
(8 ug 1Y), the 100% mortality of daphnids was observed
(Table 2).

3.2. Enzyme activities

In this study, the results of enzyme activities are
expressed per animal and not per protein content, since
the changes in protein content were observed as a result
of exposure to the chemicals. The activities of all analyzed
enzymes and the protein content in animals exposed to
increasing concentrations of IMI and Confidor SL 200
decreased significantly (Figs. 2a and b, Table 2).

In the experiments with diazinon, protein content of
daphnids, ChE and GST activities did not change at any
of the concentrations tested (up to 5pgl~'). Contrary
to other analysed enzymes, CAT activities significantly
decreased at 0.312, 0.625 and 1.25 ug 1! of diazinon, but
not at the highest concentrations 2.5 and 5 pg1~' (Fig. 2c,
Table 2).
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Fig. 1. Effects of IMI and Confidor SL 200 on the reproduction (number
of neonates per female) and survival of D. magna. Data for reproduction
are shown as mean of six replicates + standard error of mean, and for
survival as mean of three replicates. Data were fitted using sigmoid curves
with the following slopes: —2.36 £ 0.42 and 1.81 & 1.52 for the reproduc-
tion and survival of IMI, respectively, and —2.88 4+ 1.00 and 2.63 + 1.36
for the reproduction and survival of Confidor SL 200, respectively (95%
confidence interval). The values for control unexposed animals were not
included when fitting the data, but they are shown on graphs for
comparison.
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Fig. 2. GST, CAT, ChE activities and protein content in D. magna
exposed to IMI (2a), Confidor SL 200 (2b), and diazinon (2¢) (mean of six
replicates + standard error of mean). Data for daphnids exposed to IMI
and Confidor SL 200 were fitted using sigmoid curves. The values for
control unexposed animals were not included when fitting the data, but
they are shown on graphs for comparison. The slopes of the sigmoid
curves for the GST, CAT, ChE activities and protein content in daphnids
exposed to IMI were: —1.39 +£1.39, —1.32 +1.56, —2.24 + 2.28 and
—2.44 4+ 1.22, respectively, and in the case of Confidor SL 200: —0.98 +
3.31, —1.12£3.69, —1.68 +3.656 and —2.00 £ 3.25, respectively (95%
confidence interval). Enzyme units (EU) were defined as: the amount of
ChE that hydrolyses 0.01 nmoles of acetylthiocholine min~", the amount
of CAT that degrades 1 pmole of hydrogen peroxide min~', and the

amount of GST that conjugates 1 nmole of reduced glutathione min~"'.

To point out the importance of careful interpretation of
enzyme activities, in case the protein content is changed
during the exposure, specific enzyme activities per protein
content were also calculated. In this case, CAT, GST and
ChE activities increased significantly when exposed to
IMI and Confidor SL 200. In the case of diazinon, enzyme
activities were the same when calculated per animal or per

protein content, since the protein content in this case did
not change (not shown).

3.3. Risk quotients of tested chemicals

RQ values were calculated on the basis of recently
detected and predicted aquatic levels of the chemicals
tested, and on chronic toxicity data on D. magna gained
in this work. These data show that only actual measured
environmental levels of diazinon have RQ values higher
than one, indicating them as potentially chronically haz-
ardous to the reproduction of D. magna (Table 3), while
RQ values for Confidor SL 200 and IMI are lower than
one. In the case of an accidental spill, estimated concentra-
tions of IMI and Confidor SL 200 would pose a serious
chronic risk to the reproduction and selected enzyme activ-
ities of D. magna (RQ > 1).

Based on recent literature data, diazinon has higher RQ
values for aquatic organisms than IMI, but in general both
chemicals are more harmful to aquatic invertebrates than
fish (Table 4). Actual measurements of diazinon levels in
the environment show that this insecticide is more hazard-
ous to aquatic invertebrates (the highest calculated
RQ =117) than IMI (the highest calculated RQ = 1.4).
However, the risk of estimated concentrations of IMI to
aquatic invertebrates in the case of an accidental spill (the
highest calculated RQ = 695.2) is very high (Table 4).

4. Discussion

In this study, chronic effects of imidacloprid, its com-
mercial liquid formulation Confidor SL 200 and the orga-
nophosphorus pesticide diazinon on different biochemical,
reproductive, and survival parameters in D. magna were
assessed and compared.

Enzyme activities were expressed per animal and not per
protein amount, because significant changes of the latter
were found in daphnids exposed to IMI and Confidor SL
200. This suggests that increasing concentrations of
these chemicals affected not only the investigated enzymes,
but proteins in general. Consequently, enzyme activities
expressed per protein content differ from those expressed
per animal, implying that cautious interpretation of
enzyme activities is needed in toxicity experiments. Similar
point was raised by Printes and Callaghan (2003).

The activities of ChE, GST and CAT in control adult
daphnids (22 d old) expressed per protein content were:
0.61 + 0.043 nmol min ' mg~"! protein; 87.26 + 6.67 nmol
min~' mg~' protein and 84.28 + 4.84 ymol min ' mg~!
protein, respectively. These values are lower than those
previously recorded in juvenile daphnids (2.5-62.3 nmol
min~' mg~! protein for ChE (Guilhermino et al., 1996;
Diamantino et al., 2000; Barata et al., 2001), 250 nmol min-
"mg~! protein for GST (Barata et al., 2005), and 250 pmol
min~' mg~! protein for CAT (Barata et al., 2005)). This is
in agreement with Printes and Callaghan (2003) who
observed significantly lower ChE activity in 14-21d old
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Table 3

Calculated risk quotients (RQ) of tested chemicals for D. magna (based on 21 d LOEC (lowest observed effect concentration) for biochemical parameters
(bio. param.), reproduction, and 21 d LOLC (lowest observed lethal concentration) for survival)

Chemical EXPOSUTe concentration (”'g 171)b RQbioA param. RQreproduction Rqurvival
IMI (a) Highest detected: 14 (a) 0.0112 (a) 0.0056 (a) 0.00035
(b) Lowest detected: 1 (b) 0.0008 (b) 0.0004 (b) 0.000025
(c) Estimated (chronic surface water): 17.24 (c) 0.0138 (c) 0.0069 (c) 0.00043
(d) Estimated (accidental spill): 7300 (d) 5.8* (d) 3¢ (d) 0.183
IMI in Confidor (a) Highest detected: 14 (a) 0.0056 (a) 0.0028 (a) 0.0014
(b) Lowest detected: 1 (b) 0.0004 (b) 0.0002 (b) 0.0001
(c) Estimated (chronic surface water): 17.24 (c) 0.0069 (c) 0.00345 (c) 0.00172
(d) Estimated (accidental spill): 7300 (d) 3* (d) 1.46" (d) 0.73
Diazinon (a) Highest detected: 24.6 (a) >3.1% (a) >3.1% (a) 3.1*
(b) Lowest detected: 0.775 (b) >0.097 (b) >0.097 (b) 0.097
(c) Estimated: 429 (c) >53.6* (c) >53.6% (c) 53.6"

& Potentially chronically hazardous to D. magna (RQ > 1) (US EPA, 2004).

® Please refer to Table 1 for references on exposure concentrations.

Table 4

Calculated risk quotients (RQ) of diazinon and IMI for freshwater invertebrates and vertebrates (fish) (based on LCsq (96 h))

Chemical Exposure concentration (pg1~1)®

RQ: Aquatic invertebrates® RQ: Vertebrates (ﬁsh)b

IMI (a) Highest detected: 14
(b) Lowest detected: 1
(d) Estimated (accidental spill): 7300

(a) Highest detected: 24.6
(b) Lowest detected: 0.775
(c) Estimated: 429

Diazinon

0.0266-1.4* 0.000058-0.000168
0.0019-0.095 0.0000041-0.000012
13.8%-695.2* 0.031-0.0879
0.145-117* 0.0025-1.23*
0.0046-3.7* 0.000077-0.0387
2.52%-2043* 0.0429-21.45*

& Potentially acutely hazardous to selected aquatic organisms (RQ > 0.5) (US EPA, 2004).
® Please refer to Table 1 and TDC Environmental (2003) for references on exposure concentrations and LCs (96 h) data, respectively.

daphnids (0.5 nmol min~' mg~" protein) compared to 1-
2d old juveniles (2.5 nmol min~' mg~"! protein), and with
our previous study (Jemec et al., 2007), where the activities
of juvenile daphnids were significantly higher than the val-
ues published here for the adult ones. This apparent inverse
relationship between the age and enzyme activity was
related to an increase in total protein of the animals during
aging, which is not proportional to the increase in the rate
of substrate hydrolysis (Printes and Callaghan, 2003).

Our results indicate that tested concentrations of IMI
and Confidor SL 200 have similar impacts on the reproduc-
tion of D. magna, but Confidor SL 200 affected survival at
lower concentrations than IMI, possibly due to the syner-
gism between the solvents and IMI. The same was noticed
for biochemical parameters, where Confidor SL 200 was
slightly more toxic than IMI (Table 2). The LOECs
(2.5mg 17" for the number of neonates per adult exposed
to IMI are similar to those reported by Young and Blake-
more (1990), who found the LOEC for reproduction at
7.3mgl .

The activities of all enzymes exposed to increasing con-
centrations of IMI and Confidor SL 200 were significantly
decreased in this study. No data on the chronic effect of
IMI on ChE, GST and CAT activities in daphnids are
available in the literature. Only one study by Capowiez
et al. (2003) showed no acute effects on ChE and GST

activities in earthworms exposed up to 1 mgl~' of IMI.
The sensitivities of enzymes and reproduction end-points
of animals exposed to IMI in our study are similar (e.g.
similar LOEC). This suggests that the decrease of enzyme
activities in this case is probably not an early, sensitive bio-
marker of stress, but reflects a generally impaired physio-
logical state of an organism.

In animals exposed to diazinon, no effects on the repro-
duction and survival of daphnids up to 5 pg 17" of diazinon
were observed. However, already at 8 ug1~', 100% mortal-
ity was determined. Published data on the LOEC values for
the reproduction of D. magna exposed to diazinon are very
inconsistent. Fernandez-Casalderrey et al. (1995) reported
LOEC values for the reproduction in the range of 0.15-
0.25 pg 17!, while Sanchez et al. (1998) found significantly
lower LOEC values for the same endpoint performed in
similar experimental setup (0.00005-0.0005 pg 1" of diaz-
inon). Our higher LOEC values for the reproduction of
daphnids might be explained by differences in daphnid
clones, and experimental setup.

ChE activity was reported to be inhibited in daphnids
exposed to organophosphates (Day and Scott, 1990; Gélli
et al., 1994), but no study has been performed on the effects
of organophosphorus pesticide diazinon on ChE activity in
D. magna yet. Inhibition of ChE activity was found in
other organisms exposed to diazinon, for example in the
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white shrimp Litopenaeus vannamei exposed to 12 pg 1! of
diazinon for 7 d (Gallindo-Reyes et al., 2000), earthworm
Aporrectodea caliginosa exposed to diazinon at 12 mg kg™
(dry weight of soil) (Booth and O’Halloran, 2001) and iso-
pod Porcellio scaber at 5 ug g~ of leaf (Stanek et al., 2006).
However, this paper and our previous work (Jemec et al.,
2007) indicate that ChE activity does not change in daph-
nids acutely and chronically exposed up to 5 pg 1" of diaz-
inon. The differences in the changes of ChE activity after
diazinon exposure can be explained by species-specific bio-
transformation and detoxification mechanisms of diazinon
to a more potent diazoxon (Keizer et al., 1995). The induc-
tion of GST activity in diazinon-treated organisms was
expected, because GST is able to detoxify this insecticide
(Chambers, 1992), but in this study no GST induction
was detected when animals were exposed up to 5pugl™!
of diazinon. The same observation was reported in our pre-
vious paper, where no changes of GST activity were
observed in daphnids acutely exposed up to 7 ugl™' of
diazinon (Jemec et al., 2007). No other studies on chronic
effects of diazinon on GST activity in daphnids have previ-
ously been published.

There are very few data on environmental levels of IMI
(only four studies in USA), due to its irregular monitoring
in aquatic environment. Based on our results, the levels of
IMI in freshwaters that have been detected so far (1-
14 pg17"), are not expected to be chronically hazardous
to the reproduction and survival of D. magna (RQ <1),
however the same data are reported to pose potential acute
risk to some other aquatic invertebrates (RQ =1.4). In
comparison to diazinon, actual aquatic levels of IMI are
less hazardous (higher RQ) to aquatic invertebrates, thus
IMI is considered a possible replacement for diazinon
(US EPA, 2004). However, in the case of accidental spill,
estimated concentrations of IMI can also pose a potential
chronic risk to the reproduction of D. magna (RQ = 3),
and acute risk to other aquatic invertebrates (the highest
calculated RQ = 695.2). Additionally, due to the increasing
use of IMI, one might expect significantly higher aquatic
levels in the future. IMI also has more physico-chemical
properties that would favour its appearance in surface
waters when compared to diazinon (Table 1). It has higher
water solubility, lower octanol-water partition coefficient
(Koe), lower potential for sorption on soil (K,y), and is
more stable to hydrolysis and soil degradation. Due to
these characteristics, IMI is quite mobile in the environ-
ment and stable on application sites, and it is very likely
to be washed off the application sites, especially off imper-
vious surfaces (Oi, 1999). It degrades relatively quickly by
aqueous photolysis, but such decomposition can only
occur at the surface of well-sunlit waters (TDC Environ-
mental, 2003; Fossen, 2006).

The toxicity of IMI is supposed to be very highly specific
towards insects in comparison to mammals, due to specific
binding to the postsynaptic nicotinic acetylcholine recep-
tors (nAChR) of insects (Tomizawa and Casida, 2003).
However, limited attention was paid to binding affinity of

IMI to the nAChRs of other arthropods or more generally
invertebrates. Additionally, the toxicity is not solely the
result of binding between the ligand and the receptor, but
depends on many activities in the organism, such as the
metabolism of the chemical or its interactions with cell
components. It was shown that the toxicity of IMI towards
aquatic invertebrates varies, with D. magna being less sen-
sitive than others, for instance amphipod Hyalella azteca
or midge Chironomus tentans, and having acute LCs, val-
ues in the same concentration range as fish (Table 1, Table
4). This suggests that the toxicity of IMI is species-specific
and may not easily be extrapolated to other organisms.
Relevant toxicity data could be obtained only when toxic-
ity is tested with organisms belonging to different taxo-
nomic groups and trophic levels.

In conclusion, according to LOEC values, diazinon is
more toxic to the reproduction of D. magna than IMI
and Confidor SL 200, which show similar toxicity. The
same was observed for the survival, except that commercial
formulation (Confidor SL 200) is more toxic than pure
grade IMI. The actual aquatic levels of diazinon are poten-
tially chronically hazardous to the reproduction of D.
magna (RQ > 1), while recently detected concentrations
of IMI are not. Higher environmental levels of IMI are
expected in the future due to its increasing application
and higher risk to aquatic organisms is anticipated. Addi-
tionally, we have shown that in case IMI was accidentally
spilled in a small pond, its predicted environmental concen-
trations would chronically affect less sensitive organisms
like D. magna and acutely affect other, more sensitive aqua-
tic invertebrates. Toxicity data on IMI presented so far
indicate that IMI is highly species-specific, therefore fur-
ther (eco)toxicological studies have to be performed with
organisms belonging to different taxonomic groups, trophic
levels and habitats.
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Abstract The effect of imidacloprid and fipronil on
Sympetrum infuscatum larvae and adults during the rice
cultivation period was monitored using an experimental
micro-paddy lysimeter (MPL) system. Twenty-two hatched
larvae were laid on the soil surface of each MPL. MPLs
were treated with imidacloprid, fipronil, and the control
MPL was left untreated. The pesticide concentration,
S. infuscatum larval and adult populations, and larval
emergence time were monitored in each MPL. The maxi-
mum imidacloprid and fipronil concentration in paddy
water was 52.8 pg/l at 1 day, and 1.3 pg/l at 6 h, respec-
tively, after the pesticide application. Both pesticides dis-
sipated quickly in paddy water, with half-lives of 8.8 and
5.4 days for imidacloprid and fipronil, respectively. The
absence of S. infuscatum larvae and exuviae in the fipronil-
treated MPL was remarkable. The larval survival decreased
to 63.6 & 18.2, 15.2 £+ 2.6, and 0% in the control, imida-
cloprid-treated, and fipronil-treated MPLs, respectively, by
9 days after pesticide application. Emergence in the imi-
dacloprid-treated MPL was also significantly lower than
that in the control MPL. The observed decrease in the
abundances of S. infuscatum larvae and adults in MPLs
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seems to be both directly and indirectly associated with
nursery-box application of fipronil and imidacloprid.

Keywords Imidacloprid - Fipronil - Sympetrum
infuscatum - Micro paddy lysimeter

Introduction

Maintaining biodiversity in agricultural environments is
important for agronomic sustainability (Swift and Ander-
son 1994; Matson et al. 1997). Both aquatic and terrestrial
components of rice paddy fields typically support high
levels of biodiversity, which is essential for agricultural
productivity (Cohen et al. 1994; Schoenly et al. 1998).
Many studies have shown that the impact of pests in rice
paddy fields is often reduced to negligible levels when
predator communities are conserved through reducing the
use of pesticides (Way and Heong 1994; Settle et al. 1996;
Schoenly et al. 1998).

About 20 species of dragonflies belonging to the genus
Sympetrum have been identified in Japan, most of which
utilize rice fields during some portion of their life cycle.
Sympetrum spp. larvae and adults are considered useful
insects because they prey on harmful insects in rice paddy
fields. Sympetrum infuscatum has a wide distribution, and
is commonly found in rice paddies in Japan, Korea, and
China (Sugimura et al. 1999; Han et al. 2010). S. infusc-
atum is one of the most effective predators of pests that
infest rice, in part because their density in rice fields
increases through the growing season (Nakano et al. 1977).
S. infuscatum deposits its eggs on the soil surface of rice
fields before harvest. Eggs overwinter on the soil surface
and hatch immediately upon filling the paddies with water
in the spring. Larvae develop to imagoes in approximately
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2 months. After emergence, the adults enter the forests
near the paddies, where they remain throughout the sexu-
ally immature stages, and after maturation, they return to
the paddies for oviposition (Watanabe et al. 2005). The
presence of S. infuscatum in rice paddy fields is limited
during the egg, larval, and adult stages.

The use of nursery-boxes for rice cultivation is popular
in Japan and East Asia. The application of pesticides to
nursery-boxes before transplantation to protect rice plants
from pests during the early growth stage has been practiced
in Japan since the 1970s (Asaka et al. 1978). Insecticides
are applied to the nursery-box either immediately before
transplanting or at sowing (Thuyet et al. 2011b), depending
on farmer practice and target pests.

Imidacloprid (1-(6-chloro-3-pyridylmethyl)-N-nitroimi-
dazolidin-2-ylidene-amine) and fipronil (5-amino-1-[2,6-
dichloro-4-(trifluoromethyl)phenyl]-4-(trif-
luoromethylsulfinyl)-1H-pyrazole-3-carbonitrile) are sys-
temic insecticides that have been widely used worldwide
for broad spectrum insect control (Liu et al. 2002; Aajoud
et al. 2003). Imidacloprid has a low mammalian toxicity
but is highly effective as an insecticide (Fossen 2006),
while fipronil has a high efficacy, even at low field appli-
cation rates (Aajoud et al. 2003). These advantages have
contributed to the rise in popularity of imidacloprid and
fipronil as insecticides for use in rice cultivation in Japan,
particularly for nursery-box application. While imidaclo-
prid and fipronil use has increased in recent years, popu-
lations of Sympetrum spp. have declined (Uéda 2008a, b),
yet there have been few reports on the cause of this decline
or on the ecological impacts of rice pesticides on Sympe-
trum spp. larvae inhabiting rice paddies. Thus, an ecotox-
icological assessment of the effect of pesticides on
Sympetrum spp., particularly S. infuscatum, is necessary for
agronomic sustainability. The hatching speed rate of S.
infuscatum eggs tends to increase proportionately with
increases in water temperature (Jinguji et al. 2010). Thus,
larvae that hatch immediately after irrigation water is
flooded into a paddy might be exposed to concentrations of
pesticide that impact their survival.

Field ecotoxicological assessments are important for
clarifying the environmental impact of pesticides. How-
ever, such assessments are usually expensive and labor
intensive. The micro-paddy lysimeter (MPL) was devel-
oped as an alternative portable ecotoxicological testing
system, and has proven to be an effective and convenient
tool for simulating solute transport in paddy environments
(Thuyet et al. 2010a). The MPL system has also been used
to evaluate the behavior of broadcast granular herbicides
(Nhung et al. 2009) and nursery-box-applied granular
insecticides in rice paddies (Thuyet et al. 2012). In this
study, an experimental MPL system was employed to
evaluate the effects of rice nursery-box-applied imidacloprid
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and fipronil insecticides on S. infuscatum from larvae to
emergence under a typical rice paddy water management
scenario. The evaluation was based on the monitoring of
pesticide concentrations in paddy water and the survival of
larvae and adult S. infuscatum.

Materials and methods
MPL experiment

The MPLs used in this study (350 x 500 x 300 mm?) are
shown in Fig. 1. To eliminate any effects due to residual
insecticides from previous applications, soil was taken
from a rice paddy to which no insecticide or chemical
fertilizer had been applied during the previous 2 years. The
MPL was packed to a depth of 26 cm with undisturbed
paddy soil. The water balance components in the lysimeter
such as irrigation, percolation, and surface drainage were
adjusted to simulate actual conditions used in water man-
agement in typical paddies in northern Japan. Groundwater
was initially added to the MPL as a source of irrigation
water to a depth of approximately 5 cm. After recording
the daily evapotranspiration (ET), appropriate volumes
(depth) of percolation, and surface runoff were discharged
at once daily from drain pipes installed on the side and the
bottom of MPL. The designed percolation and irrigation
rates were set to about 10 and 20 mm/day, respectively.
Experiments were conducted outdoors, and the MPLs were
protected from precipitation by placing them under the
eaves of the laboratory building.

Imidacloprid and fipronil were applied as the commer-
cial granular formulations Admire® Box Granule (2%
imidacloprid; Bayer Cropscience K.K., Japan) and Prince®
(1.0% fipronil, BASF Agro Ltd.), respectively, to nursery-
boxes containing 32 day-old rice seedlings (Oryza sativa

Fig. 1 Layout of micro-paddy lysimeter
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cv. var. Hitomebore). The application rate for both imi-
dacloprid and fipronil was 50 g of granules per nursery-
box, as recommended for field use. The pesticide product
was first applied homogeneously over the rice seedlings.
Immediately after pesticide application, four rice seedlings
to which pesticides had been applied were transplanted by
hand on 19 May 2008 to a depth of approximately 3 cm in
each MPL with a spacing of 12 x 20 cm to achieve the
recommended densities. Three treatments with three rep-
licates for each treatment were set in MPLs: imidacloprid
treatment, fipronil treatment, and a control without insec-
ticide application were applied. Entire experiment lasted
until 1 August 2008 for final observation on emerged
adults.

Chemicals and materials

Imidacloprid and fipronil standards (>99% purity) and ana-
lytical grade solvents used for chemical analyses were pur-
chased from Wako Pure Chemical Industries (Osaka, Japan).
Water was produced using a Milli-Q Water Purification Sys-
tem (Millipore, Billerica, MA, USA). The solid-phase
extraction cartridges used for water extraction were Supel-
clean ENVI-18 (500 mg/6 ml; Supelco, MA, USA).

Water sampling

Paddy water samples were taken at 6 h, 12 h, 24 h, 48 h,
7 days , 14 days, and 30 days after transplantation (DAT).
At each sampling, five 100 ml samples of paddy water
taken from five randomly selected locations were mixed to
form one composite water sample for each MPL. The
samples were then frozen until chemical analysis.

Chemical analysis of water samples

Water samples for fipronil analysis were thawed at ambient
temperature and filtered through 1.2 pm glass-fiber filters
(GF/C, Whatman, UK) before extraction. Each water
sample was analyzed using a solid-phase ENVI C18 Super-
clean cartridge. Each cartridge was preconditioned with
5 ml of acetonitrile and then washed with 5 ml of water.
500 ml of each water sample was passed through the car-
tridge at a flow rate of 3 ml/min without allowing the
cartridge bed to dry; the eluate was discarded. Chemicals
adsorbed to the cartridge were eluted with 6.0 ml of ace-
tonitrile and the eluate was evaporated under vacuum. The
resulting residue was redissolved in 1 ml of acetonitrile/
water (20:80, v/v) and the sample was filtered through a
0.2 pm syringe filter (Whatman, Maidstone, UK) and kept
at 4°C for HPLC analysis.

HPLC analyses were performed on a Shimadzu HPLC
System consisting of an LC20AD Separations Module and

an SPD-M20A photodiode array detector. The system was
controlled using LCSolution software. The analytical col-
umn was a Shimadzu C-18 (150 mm x 4.6 mm X 4.6 pm
particle size; Shimadzu Corporation, Kyoto, Japan) which
was kept at 40°C during analytical runs. The detector
operated at a fixed wavelength of 280 nm. The pump was
set in isocratic mode at a flow rate of 1 ml/min with the
mobile phase consisting of acetonitrile/water (60:40, v/v).
The volume of the sample injection was 20 pl. The
detection limit and recovery for fipronil were 0.05 pg/l and
93.0 & 4.6% (n = 3), respectively.

Water samples containing imidacloprid were analyzed
similarly by following the method of Thuyet et al. (2011b).
The detection limit and recovery for imidacloprid were
0.05 pg/l and 90.0 £ 5.6% (n = 3), respectively.

Egg collection and larvae rearing

Collection of eggs from sexually mature S. infuscatum
females was carried out in a paddy field at Miyagi Uni-
versity in the Miyagi Prefecture, Japan (38°13'N,
140°49'E). Eleven females were captured while oviposit-
ing. A total of 2,018 eggs were collected by holding each
insect’s wings and dipping the tip of the abdomen into a
dry glass tube. All eggs were combined at the end of col-
lection. The eggs were then divided into water-permeable
packs (50 eggs per pack) containing soil that had been
oven-dried at 110°C for 24 h. These packs were placed on
the surface of a paddy at the Miyagi University farm on 30
September 2007 and left to overwinter in order to allow the
eggs to complete diapause under natural conditions. The
packs were removed from the paddy and transported to the
laboratory on 15 May 2008, and 50 eggs and the soil in
each pack was transferred into a square plastic tray
(L=10cm, W = 10 cm, H = 3 cm). The eggs were then
covered with distilled water to a depth of 2 cm and the
trays were maintained in an incubator (GC351, Sanyo,
Japan) at 23°C with a photoperiod of 14L:10D (relative
light intensity = 3,000 lux). Beginning on 16 May 2008,
the eggs were examined daily under a binocular micro-
scope (SZ60, Olympus, Japan) at 30x magnification.
Newly hatched larvae were counted and removed.

Larvae sampling

Immediately after rice seedlings were transplanted into
each MPL, 22 S. infuscatum larvae that had been reared in
the incubator for 4 days were placed in the center of each
MPL by a pipette in order to prevent larvae from directly
touching the insecticide granules on the surface of the
transplanted rice seedlings. Quantitative sampling of larvae
was conducted at 9 DAT and then every 7 days until 52
DAT for a total of seven times. In the first two sampling
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events, 5 cm-tall stainless steel cores were driven about
1 cm into the soil at five randomly chosen spots in the
MPL. Next, the water and about 1 cm of the surface soil
were collected from inside the core using a pipette. The
number of larvae in the water and soil samples was counted
in a Petri dish under a binocular microscope, and the
number of larvae per unit area in the MPL was extrapolated
from observations of the core samples. From the second
sampling event, the number of larvae in each MPL was
visually confirmed. Survival here was defined as a per-
centage of living larvae relative to initial released larvae in
MPL and it was calculated from the following equation:

Survival (%) = 100 x n/N (1)

where N represents the initial number of larvae (N = 22)
and n represents the number of surviving larvae at each
weekly sampling.

Exuviae and adult sampling

Exuviae and adults were collected by covering each MPL
with a net and the collected specimens were then stored
individually in paraffin paper. The day of emergence, the
condition of each adult, and the number of dead adults
observed during emergence were recorded. Exuviae and
adult sampling was conducted every day from 50 to 70
DAT.

Statistical analyses

One-way ANOVA was followed by a multiple comparison
test (Tukey HSD post hoc test) to determine whether
treatment results were significantly different. All statistical
analyses were performed using SPSS statistics software
(Ver. 18.0, SPSS Institute Inc., Japan). Survival data were
arcsine transformed and analyzed using ANOVA.

Results
MPL conditions

The paddy water temperature was similar among the MPLs
and was dependent on weather patterns. Although the MPL
was slightly shaded in the morning time, the paddy water
temperature remained at 18.5 £ 3.7°C during the first
month; however, it increased to 21.5 £+ 2.5°C toward the
end of the rainy season in late June. During the emergence
period in mid-July the paddy water temperature was
22.3 £ 2.8°C and remained at or near this temperature
throughout most of the summer. The ET was similar among
the MPLs and ranged from 5 to 8 mm/day. Electrical
conductivity (EC) of MPL paddy water during the trial was
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generally low. Mean EC were 105.1 uS cm™' and ranged
from 72 to 124 pS cm ™',

Dissipation of fipronil and imidacloprid in paddy water

The dissipation curve for fipronil in MPL water is shown in
Fig. 2. Fipronil reached a maximum concentration of
1.3 pg/l at 6 h after the seedlings were transplanted, and
then dissipated exponentially to <0.5 pg/l by 7 DAT.
Fipronil remained in this concentration range until the end
of the monitoring period. During the first 7 days of the
monitoring period, the fipronil DT50 value in paddy water
was determined to be 5.4 days (r2 = 0.92).

The dissipation curve for imidacloprid in MPL water is
shown in Fig. 3. Imidacloprid reached a maximum con-
centration of 52.8 ng/l at 1 DAT. The initial imidacloprid
concentration was approximately 50 times higher than that
of fipronil. The imidacloprid concentration decreased to
13.2 pg/l by 14 DAT and dropped to 4.9 pg/l after
1 month. During the first 14 days of the monitoring period,
the imidacloprid DT50 value in paddy water was deter-
mined to be 8.8 days (¥ = 0.98).
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Fig. 2 Dissipation of fipronil in MPL surface water
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Fig. 3 Dissipation of imidacloprid in MPL surface water
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Larvae survival

Figure 4 shows the survival of S. infuscatum larvae during
the rice cultivation season for the three MPL treatments.
Survival decreased sharply immediately after transplanta-
tion, especially in the fipronil-treated MPL. By 9 DAT, the
larvae survival dropped to 63.6 &+ 18.2, 15.2 £ 2.6, and
0% in the control, imidacloprid-, and fipronil-treated
MPLs, respectively. After 9 DAT, the larvae survival in the
imidacloprid-treated MPL was significantly lower than in
the control MPL (ANOVA, P < 0.01, P < 0.001). At 9
DAT, no larvae were observed during the remainder of the
experimental period in the fipronil-treated MPL. Note that
the variation of estimated survival rate was large and the
temporal increase in mean survival rate at 30 DAT in the
control MPL may be the result of heterogeneous distribu-
tion of larvae in MPL. By 52 DAT, the larvae survival
decreased to 12.1 and 53% in the imidacloprid-treated and
controls MPLs, respectively.

Successful emergence and daily emergence patterns

Figure 5 shows the mean emergence percentage of suc-
cessful S. infuscatum emergence in the MPLs. No exuviae
or adults were captured in the fipronil-treated MPL. The
mean emergence percentage in the control MPL was
66.7 & 2.6, 12.1 £ 2.6% in the imidacloprid-treated MPL,
and 0% in the fipronil-treated MPL. The emergence per-
centage in the imidacloprid-treated MPL was significantly
lower than it was in the control (ANOVA, P < 0.05). The
proportion of larvae that did not emerge into adults was
1.3% in the imidacloprid-treated MPL.

Figure 6 shows the daily emergence pattern in the MPLs
during the experimental period. Emergence began on 17
July (55 DAT) in the control MPL and on 21 July (58
DAT) in the imidacloprid-treated MPL. The mean total
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Days after transplanting (DAT)

Fig. 4 Survival of S.infuscatum larvae during the rice cultivation
season in /mi imidacloprid-treated, Fip Fipronil-treated, and Ctrl
control MPLs. Both treatments started on the day of planting. Letters
denote significant differences compared to the control (*P < 0.01,
*#%P < 0.001). Error bars indicate standard deviation

period of emergence in the control and imidacloprid-trea-
ted MPLs was 14.7 and 8.7 days, respectively.

Discussion
Dissipation of fipronil and imidacloprid in paddy water

Fipronil appeared at a low range of concentrations from
about 1.3 pg/l to about 0.5 pg/l for the first week and
became relatively stable afterwards (Fig. 2). The maximum
mass of fipronil in paddy water peaked at 1 DAT and
accounted for 0.43% of the applied mass. Fipronil is very
sensitive to sunlight, and its photolysis half-life has been
reported to be 0.33 days (Gunasekara et al. 2007), and
1.5 days (Thuyet et al. 2011a). In an actual rice paddy field
monitoring study, Thuyet et al. (2010b) found the maxi-
mum concentration of fipronil was 2.5 ng/l at 1 DAT, and
it dissipated quickly in paddy water, with a DT50 of
0.9 days.

Imidacloprid tended to dissipate in a manner similar to
reported paddy field experiments. The initial concentration
of imidacloprid in paddy water was varied depending on
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Fig. 5 S. infuscatum successful emergence rate. Letters denote
significant difference compared to control (P < 0.05)
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experiments and sample time, e.g., 58.6 pg/l at 1 DAT
(Phong et al. 2009), 30.2 pg/l at 0.5 DAT (Thuyet et al.
2011b), and 240 pg/l at 2 h after transplantation (Sanchez-
Bayo and Goka 2006a) with a similar application rate,
however, it was around 1.0 pg/l after 1 month (Sanchez-
Bayo and Goka 2006a). DT50 of imidacloprid was almost
similar to previously reported values of, 1.9-2.0 days
(Phong et al. 2009), 2.0 days (Thuyet et al. 2011b), and
4 days (Sanchez-Bayo and Goka 2006a). As is the case
with fipronil, imidacloprid is reportedly sensitive to photo-
degradation, its half-life in paddy water exposed to natural
sunlight in October being reduced to 1.0 day (Thuyet et al.
2010a).

The DT50 of fipronil and imidacloprid in this study was
longer than those reported in other studies, probably due to
differences in experimental variables such as water, soil
properties, and solar radiation intensity. Fate of insecticides
in rice paddy may highly depend upon environmental
factors as well as management factors (Thuyet et al.
2011b). The field dissipation of both compounds encom-
passes three major fate processes such as photolysis, bio-
chemical degradation, and soil/water partitioning. The
latter process could be more prevalent in the case of
fipronil due to its higher adsorption properties (Gunasekara
et al. 2007). Considering the micro habitat (water and soil)
of larvae, monitoring of concentrations in paddy soil sur-
face in addition to paddy water may give realistic assess-
ment on their toxicological response although the data for
paddy soil is not available in this study. The period of
insecticide monitoring were conducted for 30 days by
assuming the effects in later period is negligible, however,
the appropriate period of chemical monitoring may be
depend on the sensitivities of test species.

Effect of fipronil and imidacloprid on S. infuscatum

Our data indicate that nursery-box-application of fipronil
and imidacloprid cause significant mortality to S. infusca-
tum larvae. Fipronil at ppb levels (0.4-1.3 pg/l; Fig. 2) was
found to be very toxic to young S. infuscatum larvae.
S. infuscatum larvae were completely eliminated in the
fipronil-treated MPL. The survival of S. infuscatum
decreased to 0% in the first 9 days after pesticide appli-
cation. No adults or exuviae were captured during the
experimental period. Jinguji et al. (2009) reported a similar
early decline in the larvae of S. frequens in MPLs; they
demonstrated that S. frequens larvae were eliminated by 14
DAT in fipronil-treated lysimeters. In addition, no exuviae
or adults were observed during their experiment. These
results suggest that application of fipronil may be the cause
of early decline of larvae and may lead to the extinction of
S. infuscatum and S. frequens in treated rice paddies.
Fipronil is highly toxic to many aquatic species even at low
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concentrations (Gunasekara et al. 2007) and has been
reported to be highly effective against several mosquito
species. Its reported 24 h LCyy and 24 h LCs, for larvae of
the mosquito Culex quinquefasciatus are 0.90 and 0.35 pg/l,
respectively (Ali et al. 1999). Moreover, the 24 and 48 h
LCsps for larvae of the mosquito Aedes aegypti are
248 nM  (~11.7 pg/l) and 15.1 nM (~7.14 pg/l),
respectively (Aajoud et al. 2003). Fipronil is also highly
toxic to midges (Chironomus tepperi), which are common
pests in rice fields; the LCsq and LCqy values for midges
are 0.43 and 1.05 pg/l, respectively (Stevens et al. 1998).
In this study, the maximum fipronil concentration of
1.3 pg/l, which correspond to 0.43% of the applied mass,
was observed at 1 DAT, after which the concentration
decreased exponentially. The half-life of fipronil in our
study was 5.4 days. The fipronil concentration decreased to
less than 0.5 pg/l by 7 DAT and remained in this range
until the end of the monitoring period. A second stadium S.
infuscatum larva needs around 30 days to develop into a
six stadium larva (Jinguji and Tsuyuzaki 2008). Thus, it is
reasonable to suggest that released second stadium larvae
were exposed to fipronil concentrations of 0.4—1.5 pg/l,
which are close to the LCs for C. quinquefasciatus and the
LCoq for C. tepperi. It is certain that S. infuscatum larvae
are sensitive to fipronil concentrations in this range as are
C. quinquefasciatus and C. tepperi, and that this sensitivity
is responsible for the sharp decline in the number of indi-
vidual larvae observed just after rice transplantation.
Imidacloprid is reportedly less toxic to young S. frequ-
ens larvae than fipronil (Jinguji et al. 2009). Jinguji et al.
(2009) reported a 60% survival for S. frequens larvae at 9
DAT in an imidacloprid-treated MPL. In this study, the
survival of S. infuscatum larvae decreased to 15.2% by 9
DAT, and the mean emergence percentage was 12.1%.
These results suggest that S. infuscatum is more susceptible
to imidacloprid than is S. frequens. The diet of many od-
onates, although encompassing many insect taxa, consists
predominantly of small Diptera, among which Chironom-
idae and Culicidae are well-represented (Corbet 1999).
Zooplankton and midges are important because they serve
as food sources during the early stages of larval develop-
ment. Sanchez-Bayo and Goka (2006a) found that zoo-
plankton species were absent from imidacloprid-treated
rice fields during the first 2 months following application,
when the concentration of imidacloprid was greater than
1 pg/l, and the recovery of zooplankton populations was
slow and never returned to the levels found in untreated
fields. A similar effect was observed in this study. Many
zooplankton and midges were observed in the paddy water
of the control MPL; however, crystal-clear water indicative
of few zooplankton or midges was observed in the imida-
cloprid-treated MPL. This suggests that populations of
zooplankton and midges might have been impacted by
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imidacloprid. As an indirect effect of imidacloprid appli-
cation, the lack of zooplankton and midges might have
caused a delay and shortened the emergence period in the
imidacloprid-treated MPL. Delay of emergence for larvae
makes them more vulnerable to drying by the mid-summer
due to drainage. Moreover, lack of food due to the use of
imidacloprid is likely to cause incomplete emergence.
Toxicological data suggest that imidacloprid is not very
toxic to fish or Daphnia, but it is very toxic to chironomids
and all other crustaceans, particularly ostracods, amphi-
pods, and crayfish (Stoughton et al. 2008; Overmyer et al.
2005; Sanchez-Bayo and Goka 2006b). The 48 h LCs for
Daphnia magna is reportedly 17-85 mg/l (Song et al.
1997; Iwaya and Kagabu 1998), whereas imidacloprid
concentrations in rice paddies have been reported to be
quite low: 240 pg/l at 2 h after transplantation (Sanchez-
Bayo and Goka 2006a), 30.2 pg/l at 0.5 DAT (Thuyet et al.
2011b), and 58.6 pg/l at 1 DAT (Phong et al. 2009).
However, the absence of typical paddy ostracods and
other microcrustaceans from imidacloprid-treated fields
(Sanchez-Bayo and Goka 2006a) is relevant to the sur-
vival of S. infuscatum larvae, which may be indirectly
affected in imidacroprid-treated rice paddies. Susceptibil-
ity to imidacloprid appears to differ among aquatic spe-
cies; while some organisms are relatively unimpacted,
S. infuscatum larvae are highly susceptible to low imida-
cloprid concentrations.

Conclusion

We investigated the effect of nursery-box-applied fipronil
and imidacloprid pesticides on S. infuscatum in rice pad-
dies using MPLs. Fipronil completely eliminated young S.
infuscatum larvae at concentrations of 0.4-1.3 pg/l (ppb
levels) in the first 9 DAT. The effect of imidacloprid on
larvae right after hatching was not as great as that of
fipronil, however, the impact of imidacloprid was not
negligible, as indicated by the low survival during emer-
gence as compared to the control. Imidacloprid is likely to
produce an indirect effect by diminishing prey availability.
Therefore, growers should be aware that when nursery-
box-applied pesticides are used in rice paddies, Sympetrum
larvae will be exposed to pesticide immediately after
hatching upon transplantation of the rice seedlings.
Decreases in the abundance of S. infuscatum larvae and
adults appear to be both directly and indirectly associated
with nursery-box application of fipronil and imidacloprid
in MPLs. Our research has demonstrated an applicability
and usefulness of MPL for ecotoxicological assessments of
nursery-box-applied pesticides for rice paddy field eco-
systems. Such microcosm-based approaches establish a
relevant context for faunal assessments, and complement

traditional experimental methods, including laboratory
toxicology studies.
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ABSTRACT

Environmental fate processes of neonicotinoid insecticides are of significant interest, given the
serious threats these chemicals can pose to non-target organisms such as pollinators (e.g., bees). Direct
photolysis was investigated using a laboratory photoreactor approximating full-spectrum sunlight to
predict the aquatic fate of neonicotinoids. Quantum yields (¢.) were 0.019+0.001, 0.013+0.001,
0.0092+0.0005, 0.002240.0003 and 0.0013+0.0002 for thiamethoxam, clothianidin, imidacloprid,
acetamiprid and thiacloprid, respectively. Based on these values, estimated half-lives were 0.2-1.5 days
for different seasons in surface waters at temperate latitudes for thiamethoxam, consistent with the 0.98
day half-life observed experimentally outdoors at Winnipeg, Manitoba, Canada (50°N) for
thiamethoxam in summer. Light attenuation through shallow clear surface waters (e.g., by natural
organic matter) indicated that photolysis of thiamethoxam at depths greater than 8 cm was negligible,

which may help explain reports of their environmental persistence.
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INTRODUCTION

Neonicotinoid insecticides are widely used in agriculture to protect against a variety of pests such
as whiteflies, beetles and termites.' Neonicotinoids act by selectively binding with the nicotinic
acetylcholine receptor to disrupt neural transmission.” They are applied as seed coatings or as foliar
sprays, and released via seed leaching, spray drift, surface run-off, and wind or animal-mediated
dispersal of contaminated pollen and nectar from treated plants.” Consequently, they are widely
detected in environmental media such as plants,” soil and water.’ Neonicotinoids are of great

1,6,7

environmental concern because they exhibit adverse effects on pollinators (e.g., bees), *' non-target

. 11 .
1nvertebrates,8 vertebrates™'® and even humans. Furthermore, the controversial nature of

neonicotinoids and their possible link to major bee die-offs globally has increased pressure to phase out

13,14

this class of insecticides,'? as exemplified by a recent two-year moratorium in Europe. However, it

is not clear if neonicotinoids are responsible for declines in bees, or if other variables are in play, as
pollinating species can experience complex and confounding environmental stressors. That, combined
with the paucity in data characterizing exposure via realistic field studies, makes it difficult to isolate

12,14

the issue just to neonicotinoids. ~ It is thus essential to understand the environmental processes

controlling the fate of neonicotinoids to inform better decisions relating regulations of these
insecticides.
Direct photolysis is an important factor affecting the environmental fate of many organic

15,16

contaminants, including neonicotinoids. The quantum yield (¢.) is a characteristic parameter

defining how efficiently a compound degrades upon absorption of a photon,'>"” facilitating the
modeling and prediction of direct photolysis rate constants (kp) and half-lives (# ).V Although the
photodegradation of neonicotinoids using either laboratory photoreactors or natural sunlight has been

16,18-20
d,”™

investigate to our knowledge there exists no peer-reviewed literature reporting ¢, values under

environmentally relevant conditions (i.e. ~>290 nm). Some internal reports,”' including those from

the European Commission 2'** and the U.N. Food and Agriculture Organization (FAO),>* report ¢,
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values for acetamiprid, clothianidin, imidacloprid, thiacloprid, and thiamethoxam. However the
experimental conditions and reliability of these values are unknown, and independent verification is
required. For example, the p-nitroanisole (1x10™ M)/pyridine (2.5% 10 M) actinometer system, which
could not provide a similar half-life of all target compounds (from 3.5 min to 254 h) and consequently
correct photon flux monitoring, was used for the determination of @, of several neonicotinoids in
various unpublished phototransformation experiments.*’

Thus, our objective was to determine ¢, values of the frequently used neonicotinoid insecticides
thiamethoxam, clothianidin, imidacloprid, acetamiprid, and thiacloprid in water with a laboratory
photoreactor under environmentally relevant light conditions. These results were further evaluated (for
thiamethoxam only) under natural sunlight to investigate indirect photolysis and biotic degradation
processes, as well as effects of light attenuation through the water column. This will allow prediction of
the persistence of these chemicals in surface waters, and aid in ascertaining exposure levels to

vulnerable non-target species (e.g., pollinators).

MATERIALS AND METHODS

/Details on chemicals and reagents used, including structures and basic physical-chemical
parameters of the studied neonicotinoids, are listed in Supporting Information (SI). All irradiations
were performed using a Rayonet Merry-Go-Round Photochemical Reactor (model RPR-100, The
Southern New England Ultraviolet Company, Branford, CT). The photoreactor had 16 medium-
pressure mercury lamps with spectral emission ranging from 250 to 400 nm, centered at 300 nm
(Figure S1 and Table $2).% Cylindrical Pyrex tubes (50mL) which filtered wavelengths <290 nm were

used as irradiation vessels.

The p-nitroanisole/pyridine and p-nitroacetophenone/pyridine actinometer systems®' were used to

monitor photon flux in the photoreactor, with 4.6x10™ M p-nitroanisole and 0.01 M pyridine for ¢.
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determination of thiamethoxam, clothianidin and imidacloprid, while 6.0x10” M p-nitroacetophenone
and 0.01 M pyridine were used for experiments with acetamiprid, thiacloprid and the outdoor

experiment of thiamethoxam. Actinometers were included in all irradiation and dark experiments.

Triplicate laboratory irradiations (10 mg/L, high concentrations were used to facilitate
photoproduct identification) were conducted with 40 mL solutions of each individual insecticide in 50
mM borate buffer at pH 7.4 in Pyrex tubes. Given the pK, values for these five neonicotinoids are well
above or below (>2 pH units) this pH (Table S1),** each compound is present only as a single species

during the duration of these experiments. Dark experiments were carried out in an oven that matched

the maximum temperature (45°C) and time reached in the photoreactor.30 Experiments were performed
in triplicate over 45 min for thiamethoxam, clothianidin and imidacloprid, and 36 h for acetamiprid and
thiacloprid. Chemical concentrations were determined using high performance liquid chromatography
(HPLC) with diode array detection, while photoproducts were measured using HPLC tandem mass

spectrometry and time-of-flight high resolution mass spectrometry (QTOF) as detailed in SI.

Detailed methods for calculating molar absorptivity and ¢ (290-360 nm) using our actinometers,

730 The solar irradiance

as well as natural sunlight estimations (SI) were published previously.'
parameter (L;) used for the #,, estimation of neonicotinoids under sunlight was obtained from the
literature.”

Degradation of thiamethoxam under natural sunlight conditions was assessed at the Prairie
Wetland Research Facility at the University of Manitoba in July 2014. Details of this facility are
published elsewhere.** Briefly, sealed Pyrex tubes containing thiamethoxam and nanopure water were
deployed in three randomly-selected 3500 L mesocosms containing approximately 2000 L of water,
natural uncontaminated sediments, macrophytes, and invertebrates typical of Canadian Prairie wetlands,

at different depths (0 cm, 8 cm, 18 cm and 28 cm). Photon flux was measured using p-

nitroacetophenone/pyridine at these depths, along with dark controls as above. In order to clarify
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whether other environmental degradation processes such as non-photolytic abiotic transformation (e.g.,
hydrolysis), microbial biotransformation and indirect photolysis were involved in removing

thiamethoxam during the experiment, other control tubes were deployed in triplicate (see SI for details).

RESULTS AND DISCUSSION

Photolysis kinetics and quantum yields

The photolysis of neonicotinoid insecticides, which absorb photoreactive light (Figure S2)
followed pseudo-first-order kinetics (Figure 1). No loss of these insecticides was observed in the dark
(Figure 1). Imidacloprid, clothianidin, thiamethoxam, acetamiprid, and thiacloprid exhibited direct
photolysis half-lives of 12+0.4 min, 124+1.1 min, 22+1.3 min, 26+1.0 h and 42+1.6 h, respectively
(Figure 1). Direct photolysis ¢. were calculated as 0.019+0.001, 0.013+0.001, 0.0092+0.0005,
0.0022+0.0003 and 0.0013£0.0002 (290-360nm) for thiamethoxam, clothianidin, imidacloprid,
acetamiprid and thiacloprid, respectively (Figure 1). The averaged photon flux of the photoreactor
ranged from 8.8x10" to 1.1x10"° photonsxcm™ sec™ over the course of the entire experiment. The half-
life for thiamethoxam under natural sunlight (300-360nm) at the surface of the mesocosm water was
0.98+0.03 days (Table 1 and Figure S3A). In comparison with the surface water photodegradation, the
light flux decreased 89% to 7.9x10" and 98% to 1.1x10"* photonsxcm™ sec™ at depths of 8 cm and 18
cm, respectively.

Given the paucity of data existing for published neonicotinoid quantum yields, it was necessary to
rely on the few unpublished values from technical documents to place our results in context. The @ of
direct photolysis of thiamethoxam in water was reported as 0.013+0.002 in an unpublished European
Commission document (experimental conditions unknown),?' similar to our result (0.019). The half-life
of thiamethoxam was predicted to be 0.20-1.5 days at 50°N (Table 1) for different seasons based on the

measured ¢, in the present study, which corresponds well with our measured half-life. Discrepancies
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are possibly due to specific weather conditions (e.g., cloudy) during the outdoor irradiations. The very
similar half-life in poisoned tubes in mesocosms of 1.1+0.2 days (Figure S3B) indicates that direct
photolysis dominated transformation processes for thiamethoxam. However, screening of UV light in
the mesocosm water column (e.g., by natural organic matter; total organic carbon was measured as
16.543.1 mg/L in the present study) resulted in considerably longer half-lives at depth.”” The pseudo-
first order rate constant for thiamethoxam in tubes at the surface (0.71£0.02 d") of the mesocosm tanks
decreased to 0.02+0.008 d' and 0.01£0.003 d”', respectively, at 8 and 18 cm depth (Figure S4). In
contrast, FAO® reported a photolytic 7, for thiamethoxam of 2.3-3.1 days in phosphate buffered
aqueous solutions (pH=5) using xenon arc light irradiation. That report noted that samples were
exposed to light for 12 h at an average intensity of 410 W/m? per day followed by 12 h dark intervals

with a total reaction time for 30 days.*” Moreover, Bonmatin et al.*

estimated that the aqueous
photolysis ¢, of thiamethoxam under sunlight at pH 7 to be 2.7 days. However, details of
experimental conditions were not clear. Experimental designs that were inconsistent (e.g., different
light sources) and/or problematic (e.g., involvement of cosolvent and inappropriate actinometer) may
help explain the variability in ¢. and ¢, reported throughout the peer-reviewed and grey literature for
environmental contaminants, a topic that has been fully reviewed previously."

An outdoor sunlight experiment conducted in March 2012 in Ziirich (47° N latitude) reported a ¢,
=0.0073 and #;,=3.3 h for clothianidin,29 similar to the ¢, value reported by European Commission
(0.014)** and measured in the present study (0.013+0.001). The outdoor #,; of clothianidin was
predicted as 0.35-3.3 days for different seasons at 50° N latitude based on our measured ¢.. FAO?®
reported a 1, of 0.6 days of summer solar exposure for clothianidin at Phoenix, Arizona (33°N
latitude).

Studies by Redlich et al.*® report laboratory measured ¢, values for imidacloprid determined at

wavelengths <290 nm, which are not environmentally relevant. Von Gunten® conducted quantum yield
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157  measurements for imidacloprid under natural sunlight in March 2012 in Ziirich and observed a ¢. =
158  0.0055 and t,, = 2 h, comparable with our results (¢. = 0.0092; Figurel and Table 1). The

159  environmental ¢, of imidacloprid in surface waters at S0°N latitude was calculated as 4.2 h at the

160 equinox,27 whereas our estimation was 0.36 d (8.6 h) and 0.83 d (19.9 h) in spring and autumn,

161  respectively.

162 Again, good agreement is observed when comparing our results to those of von Gunten® who
163  reported quantum yields from outdoor sunlight experiments (March 2012 in Ziirich). Von Gunten®
164  observed a ¢.= 0.0046 and ¢;, = 254 h for acetamiprid under natural sunlight, which agree reasonably
165  well with our values: ¢.= 0.0022 and ¢,,, (predicted) = 9.7 days in summer (232 h). In contrast, the
166  study by the European Commission reported the ¢ of acetamiprid as 0.10 at A>290 nm (experiment
167  condition unknown), ® which was much higher than our results (0.0022) and those values from von
168  Gunten (0.0046).”’ However, the #/; determined in this European Commission report (34 days under
169  xenon lamp, irradiation: 12 hours/day) >’ was comparable with our estimation (9.7-68 days in different
170  seasons), again pointing to experimental inconsistencies surrounding quantum yield determinations
171 The FAO® and European Commission®* reported the . of thiacloprid as 0.00035 and estimated
172 an 80 days ¢, with simulated sunlight and 324 days under natural sunlight at Phoenix. Their ¢, was
173  lower than our measured number (0.0013+0.0002) and the 7, was higher than our results (8.8-60 days),
174  but the reasons were not clear.

175

176  Photoproduct identification

177 It was evident from the HPLC-MS/MS analysis that the irradiations generated photoproducts and
178  the abundance of these products increased with reaction time (Figure S5-S9). The mass spectra from
179  these total ion chromatograms (TIC) were used to identify potential photoproducts, with further

180  analysis, structural elucidation, and confirmation done using QTOF. It should be noted that

181  chromatographic separation of photoproducts was neither attempted nor necessary for the purposes of

8
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this study, and thus, single chromatographic peaks observed in Figures S5-S9 may represent multiple
photoproducts. Two photoproducts of thiamethoxam were identified, corresponding to m/z 247.0417
and 168.0767 (Table S3, Figures S10 and S11). Both of these masses and proposed structures
correspond to major photoproducts previously identified for thiamethoxam.?* Two photoproducts were
identified for clothianidin, m/z 206.0149 (Figure S12) and m/z 205.0307 (Figure S13), both previously
reported by Gong et al.,'® however the proposed structure for m/z 206 in the current study differs.
QTOF evidence from the fragmentation pattern of the m/z 206 ion supports our proposed structure
(Figure S12). Please see SI for further details. Three major photoproducts were identified for
imidacloprid, two of which are strongly supported by the literature and a third that has not been
previously reported (Table S3). Photoproducts m/z 212.0586 and 211.0741 and their corresponding
structures (Figures S14 and S15) have been observed multiple times in the literature.*** The
imidacloprid photoproduct m/z 189.0769 was observed for the first time in the present study (Figure
S16). However, it is not clear what the structure of this observed ion is.

Photoproduct identification for both acetamiprid and thiacloprid was markedly more challenging
than the other neonicotinoids, likely because of their relatively recalcitrant nature towards photolysis.
Acetamiprid showed a photoproduct at m/z 205.1081 that corresponded to a logical structure shown in
Figure S17. Alternatively, the structure of the thiacloprid photoproduct at m/z 235.0646 could not be
confidently determined. Three plausible, very similar structures are proposed in Figure S18. Both of
these photoproduct masses have not been previously reported in the literature. It should be noted that
masses for acetamiprid and thiacloprid were observed in the irradiated samples at exactly 4 mass units
greater than the parent masses, 227.0905 and 257.0469, respectively (Figures S17 and S18). No
plausible chemical formula information was generated from the QTOF software and thus structure

elucidation was not attempted, however this may warrant further investigation.

IMPLICATIONS
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207 Thiamethoxam, clothianidin and imidacloprid will quickly undergo direct photolysis in surface
208  waters, resulting in decreased exposure of non-target organisms consuming or exposed to water at these
209  depths. However, light screening in waters can rapidly decrease photodegradation, as evidenced by the
210  significant light attenuation observed in our deployments in mesocosm waters, which were clear in
211  appearance. While those experiments were for thiamethoxam only, it is very likely that other

212 neonicotinoids would be similarly affected. This would increase exposure of biota to these chemicals,
213 and may help to explain their observed persistence in shallow surface waters.”>* In any event,

214  acetamiprid and thiacloprid are relatively stable toward sunlight degradation in aquatic systems.

215
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348  Table 1 Estimated photolysis rate constants (kq.g) (days'l) and half-lives (#1/2)g) (days) for

349  neonicotinoid insecticides in surface water at 50° N latitude for spring, summer, autumn and winter by

350  sunlight on clear days.

Spring Summer Autumn Winter

Compounds
kacE l112)E kacE [112)E kqce l112)E kacE l112)E
Thiamethoxam 2.17 032 3.46(0.71)" 0.20 (0.98) 1.10 0.63 0.46 1.49
Clothianidin 1.31 0.53 1.98 0.35 0.56 1.23 0.21 3.31
Imidacloprid 1.94 0.36 2.93 0.24 0.84 0.83 0.31 2.22
Acetamiprid 0.04 16.5 0.07 9.67 0.02 29.7 0.01 67.9
Thiacloprid 0.05 14.3 0.08 8.75 0.03 26.6 0.01 60.3

351  “ Numbers in brackets were measured under natural sunlight in Winnipeg, Manitoba, Canada in July

352 2014.
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Abstract The physiological responses of two freshwater
crustaceans, Asellus aquaticus L. and Gammarus fossarum
Koch., following in vitro exposure to two pesticides were
measured. Both species responded to short-term exposure
with elevated levels of Respiration (R) and/or lower levels
of Electron Transport System (ETS) activity. 1 h exposure
to concentrations of up to 10 mg L™" showed an effect in
both test species. Laboratory tests confirmed that G. fos-
sarum is more sensitive to short-term pesticide exposure
than A. aquaticus. ETS/R ratio may be used as a quick
predictor of effects on organisms exposed to pesticides.

Keywords Pesticide stress assessment -
Non-target species

The majority of pesticides are designed to be used in a ter-
restrial environment, however substantial amounts end up in
aquatic ecosystems, in either surface or groundwater (Fer-
nandez-Alba et al. 2002). Their effects on aquatic ecosystems
may arise from chronic exposure (long-term and low con-
centrations), as well as from short-term exposure to high
concentrations that can result from accidents, improper use, or
run-off from treated fields. Non-target animal populations can
be affected and some need more than 6 months for their
abundance to recover after pesticides run-off that end up in
streams (Liess and Schultz 1999). On several occasions it has
been suggested that a broader spectrum of aquatic test animals
should be used before newer pesticides (like imidacloprid)
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can be classified as being safer than those currently applied
(Munn and Gillom 2001; Jemec et al. 2007). Crustaceans are
frequently used as bioindicators in aquatic toxicity tests due to
their prolific breeding, high abundance in nature and sensi-
tivity to anthropogenic toxic compounds in water bodies
which they inhabit (Fernandez-Alba et al. 2002). Further-
more, the presence of toxic compounds can be found in their
tissues long after exposure, thus external influences can be
monitored and spotted after incidents. Song et al. (1997)
reported that imidacloprid can be used safely with regard to
freshwater arthropods, although it was already known that
some aquatic arthropods can be even more susceptible to
imidacloprid than D. magna (Fernandez-Alba et al. 2002;
Jemec et al. 2007). The main disadvantage regarding toxicity
tests in Daphnia is that their reproduction is based on par-
thenogenesis, which produces genetically identical offspring.
Toxicity tests for D. magna therefore offer a limited insight
into intraspecific responses on toxic substances.

Selected new species—water louse, Asellus aquaticus L.
and stream scud, Gammarus fossarum were chosen for
toxicity tests in relation to their differences in habitat
preference. Since D. magna is a pond/pelagic species, we
selected two, which in addition to lentic can also be found
in lotic ecosystems. Due to prevailing sexual reproduction
their genetic variability is relatively higher than in
D. magna, therefore they offer better insight into inter-
specific responses (Sket et al. 2003). The purpose of our
study was to test the both species for differences in stress
responses as a function of habitat preference.

Materials and Methods

Specimens of A. aquaticus were collected from Zadnji kraj
on intermittent Lake CerkniSko Jezero (central Slovenia)

@ Springer
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with low or no rural activity. G. fossarum was collected
from a small permanent karstic spring located near the
village Duplje (northern Slovenia). The catchment area has
low human activity. Chemical water quality analysis (ion
chromatography, alkalinity, pH, oxygen content and satu-
ration) were performed on samples from both sampling
sites and showed no pollution. Animals were transported to
the laboratory in a cool box. Up to one day prior to
experiments test animals were kept in a laboratory at 10°C,
with 12/12 h day/night cycle, in water from the sampling
location, which was partly (at two-day intervals) replaced
by synthetic water (ISO-standard 6341 1996). Animals
were fed on biofilm grown on leaves of black alder (Alnus
glutinosa L.) infected by bacteria and mould.

Sub-lethal toxicity was studied with standard toxicity
tests. The effective and lethal dose concentrations, LCs
48 h and ECs, 24 h, were determined as the concentration
at which 5 animals out of 10 were paralyzed (only respi-
ration movement was left) (ECsy 24 h) or died (no move-
ment at all) (LCsy 48 h) (Clesceri et al. 1998). Another set
of test animals were later exposed for 1 h (Cold and Forbes
2004) to the same concentrations of two selected toxic
compounds prior to respiration measurements.

Atrazine (i.e., 2-chloro-4-ethylamino-6-isopropylamino-
1,3,5-triazine) was obtained from Riedel-de Haén, 35702
Pestnal® as analytical standard of technical grade 99.9%
(M = 215.69 g mol™"). A stock solution was prepared at a
concentration of 100 mg L™ in methanol (technical grade
(GC) = 99.8%), thus the initial concentration for the first
exposure solution did not exceed 0.1% of methanol. For the
wide range finding toxicity test (WRFTT) nominal test
concentrations of 0.01, 0.1, 1.0, 10 and 100 mg L~! of
atrazine were used. The highest concentration used,
100 mg L™', contained 0.1% of methanol. A negative
control solution containing 0.1% of methanol was used to
check for mortality caused by solvent phase. For the
definitive acute toxicity test (DATT), nominal concentra-
tions 0.3, 1, 3, 10 and 30 mg L' of atrazine were used.
The numbers of animals affected by each concentration and
their mortality was monitored every 6-12 h, from which
effective and lethal concentrations were calculated. Selec-
ted 1 h exposure concentrations for A. aquaticus were 5
and 10 mg L~! and, for G. fossarum, 1, 3 and 10 mg Lt
of atrazine (Tables 2, 3).

Stock solutions of imidacloprid (1-[(6-chloro-3-pyridi-
nyl)methyl]-N-nitro-2-imidazol idinimine), as the original
Confidor SL 200, were prepared in bi-distilled water con-
taining 200 g L™ of imidacloprid. This aqueous soluble
concentrate was obtained from Pinus d.d. (Bayer CS d.o.o.,
Slovenia) and stored at 4°C.

For WRFTT, nominal test concentrations 0.01, 0.1, 1, 10
and 100 mg L_l, while for DATT they were 1, 3, 10,
30, 100 mg L' of imidacloprid. Effective and lethal

@ Springer

concentrations were calculated from data gained by mon-
itoring the effects every 6-12 h. Selected 1 h exposure
concentrations for both test species were 0.01, 0.1, 1.0 and
10 mg L™" of imidacloprid (Tables 4, 5).

Prior to the experiment, animals were kept in synthetic
water at 10°C. After 24 h of fasting, animals were exposed
to water containing selected concentration of pesticides for
1 h according to Cold and Forbes (2004). Animals were
transferred to pesticide-free and oxygen-rich water
immediately after termination of exposure to pesticides.
For the respiration measurements the test chambers were
completely darkened. A control experiment was run with a
set of animals that was not exposed to pesticide, but for
1 h to synthetic water only (in the results referred to as
Control).

Respiration was measured with a microrespirometer
Presens OXY-4 oxygen meter (PreSens GmbH, Regens-
burg, Germany) with polymer optical fibres inserted air-
tight into three flow-through test chambers, positioned
parallel to each other. The microrespirometer consists of a
water tank with aerated (=air saturated) water. This was
connected with a Viton tube to a flow-through test chamber
with oxygen sensor measuring the concentration of oxygen
entering the chamber. After the chamber, a tube connection
splits into three parallel tubes, each connected to a test
chamber (5 mm in diameter and 25 mm long glass tubes)
containing an individual test animal and equipped at the
outflow by another oxygen sensor. A peristaltic pump on
the end of the system creates negative pressure to produce a
flow of water out of all three test chambers (with approx.
rate of 5 mL h™"). The oxygen concentrations on entering
and leaving each test chamber were recorded on-line by PC
(at five second intervals) and the drop of oxygen concen-
tration was recalculated for each test chamber separately.
Respiration was measured in the water reservoir at a con-
stant temperature of 10.0 £ 0.1°C.

ETS activity was measured using the method designed
by Packard in 1971 and improved by G-Téth in 1993,
followed exact details on the method as described by
Simci¢ and Brancelj (2003).

OpenOffice Calc was used for sorting and calculating
primary data from all experiments. Data sets from each
experiment were analyzed in computer programs Sigma
Stat 3.5 (SYSTAT) and JMP 7 (SAS). For ETS/R ratios at
the start, basic descriptive statistics were extracted; if
normality test and equal variance test passed, ANOVA or
MANOVA tests were performed. When normality tests
failed, nonparametric tests on ranks were used (Kruskal—
Wallis One Way Analysis of Variance, Mann—Whitney
Rank Sum Test). Additional tests (Dunn’s Method and
Holm-Sidak method) were performed in order to establish
differences between groups that were on the margin of
significance.
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Results and Discussion

LCsp (48 h) and ECs( (24 h) for atrazine are compared in
Table 1 for A. aquaticus and G. fossarum. Respiration (R)
in A. aquaticus shows that animals in group 3 (exposed to
10 mg L™" atrazine for 1 h) have significantly higher R
(ca. 2.5-fold) than the control (ANOVA, p < 0.001). No
statistical changes in ETS activity were observed on 1 h
exposure to atrazine (ANOVA, p > 0.05) (Table 2). In
G. fossarum the values of R were significantly higher, by
ca. 1.3-fold in groups 3 and 4 (concentrations of 3 and 10
mg L~!, ANOVA, p < 0.01), while ETS activity did not
change at higher concentrations of atrazine (Table 3). The
ETS/R ratio was significantly higher than the control value
in A. aquaticus in group 3 for 10 mg L' of atrazine,
(ANOVA, p <0.001), but not at lower concentration
(5 mg L~ of atrazine) (Fig. la). In G. fossarum ETS/R
ratios from all tested groups exposed to atrazine (1, 3 and
10 mg L™") differ significantly from those for the control
group (ANOVA, p < 0.05) (Fig. 1b). The ECsq values
obtained here for A. aquaticus at 17.5 mg L™' and for
G. fossarum at 6 mg L, (24 h, at 10°C) are comparable

Table 1 Lethal and effective concentrations

A. aquaticus G. fossarum

to those reported by Munn and Gillom (2001) who defined
atrazine effective concentrations ECsq (24 h) for Gamma-
rus pulex, G. italicus, Daphnia pulex and Hyalea azteca of
14.9, 10.1, 41.5, 147 mg Lfl, respectively. Although the
temperature at which their experiments were performed was
not quoted. Our values of LCsq (48 h) were 42.5 mg L 'of
atrazine for A. aquaticus and 7.5 mg L™" of atrazine for
G. fossarum, which can be compared with those of Pantani
et al. (1997) for LCsq (96 h), 10.1 mg L~! of atrazine for
Gammarus italicus and 3.3 mg L™" of atrazine for Echino-
gammaus tibaldii. The reported time intervals, (96 h), make
it difficult to compare and evaluate these results with our
LCsg (48 h), but the concentrations are of a similar order of
magnitude.

Acute 1 h exposure of A. aquaticus to atrazine at a
concentration of 10 mg L™" (group 3) resulted in signifi-
cantly higher R but similar ETS activity, leading to a sig-
nificantly lower ETS/R ratio (Table 2; Fig. 1a). No
significant differences in R and ETS/R were observed
exposure to lower concentrations (i.e. 5 mg L™ or less). A
low ETS/R ratio at high concentrations of pesticides indi-
cates stress conditions in test animals. In G. fossarum, the
ETS/R ratio for all exposed groups was significantly lower
due to higher respiration, indicating higher sensitivity of
G. fossarum to the pesticide than A. aquaticus. Respiration
was significantly increased in G. fossarum in group 3
(3 mg L") and group 4 (10 mg L™"). Short term exposure

—1 —1
[mg L] [mg L] of both G. fossarum and A. aquaticus to atrazine did not
Atrazine LCsp (48 h) 425 75 affect ETS activity, as was also observed in the experiment
ECso (24 h) 17.5 6 with imidacloprid (compare 4.2). Values of ETS in the
Imidacloprid LCs (48 h) 85 08 atrazine experiment were similar to those obtained from
ECso (24 h) 0.8 0.07 other experiments where no stress-induced chemicals were
used (Simci¢ and Brancelj 2003; Simdic¢ et al. 2005).
Table 2 R and ETS activity in
specimens of Asellus aquaticus Group 1 Group 2 Group 3
exposed for 1 h to different Treatment Control SD 5mg L™ SD 10 mg L™! SD
concentrations of atrazine
N 9 10 9
WW (mg) 11.8 33 9.9 34 13.7 39
R (uL O, mg{l h™ 0.054 0.016 0.056 0.021 0.133%** 0.034
ETS (uL O, mg~' h™") 0.478 0.096 0.468 0.060 0.526 0.063
*#** p < 0.001
Table 3 R and ETS activity in specimens of Gammarus fossarum exposed for 1 h to different concentrations of atrazine
Group 1 Group 2 Group 3 Group 4
Treatment Control SD 1 mg L™ SD 3 mg L~ SD 10 mg L' SD
N 18 21 22 18
WW (mg) 16.3 35 14.8 34 16.2 3.8 14.1 4.2
R (uL O, mg_1 h_l) 0.074 0.018 0.087 0.024 0.097** 0.032 0.094%* 0.018
ETS (uL O, mg{1 hfl) 0.478 0.065 0.424 0.094 0.435 0.073 0.458 0.092

# p < 0.01
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a Oneway Analysis of ETS/R By Treatment
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Fig. 1 Box and Whiskers plots of ETS/R ratio for Asellus aquaticus
(Fig. 1a) and Gammarus fossarum (Fig. 1b) exposed for 1 h to
various atrazine concentrations at 10°C. Dots indicate results from
individual animals, boxes indicate mean + Ist quartile, and the
horizontal line the mean of all the groups. On the x axis is treatment

A. aquaticus was shown to be less sensitive than G.
fossarum, based on the higher lethal and effective dose
concentrations for the former, assuming that the animals
were taken from a “pesticide free” environment. More-
over, the larger decrease in ETS/R values in G. fossarum is
also in accordance with reports of other authors like Graca
et al. (1994) and Maltby (1995) who found that Gammarus
species were more sensitive than A. aquaticus.

LCsp (48 h) and ECsq (24 h) for imidacloprid exposure
of A. aquaticus and G. fossarum are in Table 1. Respiration
(R) in A. aquaticus exposed to high short-term concentra-
tions of imidacloprid (1 and 10 mg L™") was significantly
higher by ca. 1.2-fold, compared to the control (ANOVA,
p <0.01). In contrast to R, ETS activity values in all
groups were similar, except in group 5 where it was 1.4-
fold lower (exposed to 10 mg L™', ANOVA, p < 0.001)
(Table 4).

In G. fossarum the values of R and ETS did not differ
significantly for most of the groups, except for ETS (1.4-
fold) in group 4 (10 mg L', Kruskal-Wallis, H = 19.721,
p < 0.05) (Table 5). Higher concentrations of imidaclo-
prid are correlated with lower mean ETS/R ratio for
both A. aquaticus (Kruskal-Wallis, H = 51.053, p < 0.05)
(Fig. 2a) and G. fossarum (ANOVA, p < 0.001) (Fig. 2b).
Effective concentrations (ECsq (24 h)) determined for our

b Oneway Analysis of ETS/R By Treatment

ETS/R

Control 1mgl’ 3mgl’ 10mgl’
A B g B’

Atrazine treatment

with different concentrations of atrazine, (la: n = 9; 10; 9 and 1b:
n = 18; 21; 22; 18). Results of pair-wise comparisons are indicated
below the graph, the different letter below data groups meaning that
groups differ significantly (p < 0.001)

test animals (0.8 mg L™ for A. aquaticus and 0.07 mg L'
for G. fossarum) for imidacloprid are approximately one
magnitude greater for A. aquaticus than for G. fossarum, the
value for the latter being in agreement with that reported by
Kreutzweiser et al. (2007). These authors also found high
mortality of aquatic insects at a concentration higher than
0.13 mg L™, and significant inhibition of feeding at con-
centrations above 0.012 mg L™' for imidacloprid at 20 +
3°C. LCsg (48 h) concentrations in the more tolerant A.
aquaticus, which is a common inhabitant of stagnant water
where oxygen concentrations can be low, were found to be
similar to those reported by Song et al. (1997) for Daphnia
magna. The latter authors determined the acute toxicity test
concentration of LCsy (48 h) at 27°C to be 10.4 mg L
i.e. one magnitude higher than in the more sensitive
G. fossarum (1 mg L"), which is a typical inhabitant of
running water, rich in oxygen. The reported concentrations
could not be directly compared with that for Artemia
sp. (LCsp (48 h) = 361.2 mg L"), which is a common
inhabitant of hypersaline salt ponds. At lower temperature
(20°C) the effects were tested only for Daphnia magna
(Song et al. 1997) and are higher, the LCsq (48 h) concen-
tration being 17.4 mg L~!. However, our LCsq (48 h) val-
ues, measured at 10°C, are lower than those reported by Song
et al. (1997) and Sanchez-Bayo and Goka (2006) who

Table 4 R and ETS activity in specimens of Asellus aquaticus exposed for 1 h to different concentrations of imidacloprid

Group 1 Group 2 Group 3 Group 4 Group 5
Treatment Control  SD 0.0l mg L™ SD 0.1mgL™" SD ImgL™" SD 10mgL™" SD
N 9 24 30 26 30
WW (mg) 15.7 3.0 21.8 4.1 16.9 2.8 22.3 4.3 19.7 2.9
R (UL O, mg~'h™") 0.141 0.044 0.148 0.033 0.131 0.030 0.192%** 0.044 0.169%** 0.031
ETS (UL O, mg™' h™) 0296  0.042 0.291 0.046 0.273 0.045 0.281 0.047 0.208*** 0.031
** p <0.01
*#% p < 0.001
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Table 5 R and ETS activity in specimens of Gammarus fossarum exposed for 1 h to different concentrations of imidacloprid

Group 1 Group 2 Group 3 Group 4
Treatment Control SD 0.01 mg L™! SD 0.1 mg L™! SD 10 mg L™! SD
N 11 25 21 18
WW (mg) 144 4.3 22.7 39 22.3 4.5 15.8 3.2
R (uL O, mg~' h™h 0.089 0.021 0.102 0.034 0.133 0.032 0.113 0.039
ETS (uL O, mg~' h™") 0.396 0.104 0.354 0.069 0.353 0.082 0.2717%%* 0.071

# p < 0.01

a Oneway Analysis of ETS/R By Treatment
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Fig. 2 Box and Whiskers plots for ETS/R ratio for Asellus aquaticus
(2a) and Gammarus fossarum (2b) exposed for 1 h to different
imidacloprid sublethal concentrations at 10°C. Dots indicate the
results from individual animals, boxes indicate means £ 1st quartile,
and the horizontal line is the mean of all the groups. On the x axis are

obtained values from 65 up to 133 mg L™ for Daphnia sp.
Jemec et al. (2007) determined LCs, (48 h) (as LOLC-
lowest observed lethal concentration) for D. magna of
10 mg L™" for imidacloprid (product Confidor SL 200),
which is the same as LCsq (48 h) for our less susceptible
species A. aquaticus.

All these comparisons of values for different animals as
well as for the same animals indicate that correct experi-
mental temperature was selected and that results can be
compared to results from other authors. The significant
decrease in ETS/R ratio in A. aquaticus after 1 h exposure
in group 4 (1 mg L") and group 5 (10 mg L™" of imida-
cloprid) (Fig. 2a) was the result of a combination of higher
respiration and lower ETS activity than those for the control
(Table 4). Thus, imidacloprid influences not only respira-
tion but also ETS activity. Choi et al. (2001) reported a
similar decrease of ETS activity in Chironomus riparius
exposed to high concentration of fenitrothion. This effect is
a consequence of different processes, including oxidative
stress. Glutathione peroxidase activity was decreased and,
since the enzyme is involved in the reduction of lipid
hydroperoxide, a decrease of its activity may enhance the
peroxidation of cells and membranes. Partial damage to the
inner mitochondria membrane by lipid peroxidation may

b Oneway Analysis of ETS/R By Treatment
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treatments with different concentrations of imidacloprid (2a: n = 9;
24; 30; 26; 30 and 2b: n = 11; 25; 21; 18). Results of pair-wise
comparisons are indicated below the graph, the different letter below
data group means groups differ significantly (p < 0.001)

impair the function of ETS and reduce its activity which
took place in mitochondrial membranes only. We found
similar effects of pesticides on enzymatic activity in
G. fossarum. The lower ETS/R ratio in groups 3 and 4 in
G. fossarum (0.1 mg L™" and 10 mg L™ of imidacloprid) is
due to reduction of ETS activity, which was significantly
lower in group 4 (10 mg L™" of imidacloprid) and slightly
decreased in the other two exposed groups 2 and 3 (Table 5;
Fig. 2b). Respiration values for both species stayed rela-
tively unchanged compared to control in groups exposed to
lower concentrations but were significantly higher in A.
aquaticus exposed to higher concentrations (1 and 10 mg
L™"). At the same time, even short exposure to high con-
centrations (10 mg L™") partly inactivates/destroys the
ETS in both tested species. The results with imidacloprid
indicate that G. fossarum from running water is more
affected by short-term higher concentrations of imidaclo-
prid than is A. aquaticus, a common inhabitant of standing
water (ponds, lakes). G. fossarum reacts with a lower ETS/
R, even at very low concentrations of pesticide (i.e.
0.01 mg L™"), while A. aquaticus reacts only to concen-
trations that are at least two orders of magnitudes higher. In
both sets of experiments A. aquaticus was shown to be less
sensitive to atrazine and imidacloprid than G. fossarum.
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Water louse prefers standing or slow flowing waters,
retention time of both pesticides is therefore longer than in
fast flowing waters, which stream scud prefers. Therefore
water louse developed a relatively higher resistance to al-
lochtonous substances.

This combination of measurements of R and ETS
activity, provides a good assessment of stress after expo-
sure of animals to pesticides for short periods of time.
Stress in exposed animals is normally shown as a reduction
in ETS/R ratio, which drops to a value close to 1 when the
animal is highly affected. The ETS/R ratios are high in
normal conditions; normally well above 2—4 (as indicated
in the control group). Values close to 1 indicate that the
animal is using 100% of its respiratory potential and that
the whole enzyme system is exploited. Hypothetically, R
should increase under stress conditions but ETS should stay
at the same level under short exposure times. This would
be reflected in decreased ETS/R values. Some pesticides at
higher concentrations, not only increase the demand on
energy in animals, but actually destroy the energy pro-
duction system. Those types of pesticide that affect animals
on both levels (ETS & R) are thus harmful also for non-
target organisms, even at low concentrations. Decrease in
ETS activity is reflected in reduced ETS/R ratio, which
indicates greater stress on test animals. Such effects of
pesticides on a biochemical level could not be detected by
standard toxicity tests.

Both tested animals, A. aquaticus and G. fossarum, are
very susceptible to short-term atrazine and imidacloprid
exposure. A. aquaticus shows significant effects at concen-
trations of 10 mg L™" or more of atrazine and higher than
1 mg L™ for imidacloprid. The more sensitive G. fossarum
shows significant effects at concentrations higher than
1 mg L™" of atrazine and higher than 0.1 mg L™" of imi-
dacloprid. Elevated levels of R and diminution of ETS
activity result in a lower ETS/R ratio, which we propose in
this article to be an indicator of stress. Using this method,
maximum permissible levels of toxic compounds in water
bodies can be determined more accurately. With such more
reliable data, better environmental policies and industrial
discharge regulations can be applied.
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Neonicotinoids are widely applied pesticides due to their higher affinity for insect nicotinic acetylcholine
receptors. These compounds are extensively applied to control pest insects in different agricultural crops;
however they can also affect non-target invertebrates. Little is known about the toxicity effects of their
transformation products on aquatic non-target organisms. Oxidative stress responses and behavioural
changes in the crustacean amphipod Gammarus fossarum were investigated as well as the growth rate

f\(}engrds_: 4 insecticid in freshwater algae Desmodesmus subspicatus after 96 h exposure to imidacloprid, its commercial formu-
m‘i‘:iobtr':t(:s Insecticides lation Confidor 200SL and its transformation product 6-chloronicotinic acid. Algal growth has shown sig-

nificant sensitivity to Confidor 200SL and 6-chloronicotinic acid when compared to imidacloprid. In the
case of amphipods, low doses of imidacloprid (102.2 pug L~!) were sufficient to induce lipid peroxidation,
while Confidor 200SL induced increased catalase activity (511.3 pgL™!) and lipid peroxidation
(255.6 pug L1). 6-Chloronicotinic acid altered significantly only antioxidant mechanisms (catalase activ-
ity) without changing lipid peroxidation levels. These different biochemical responses are helpful to
understand the mechanism of imidacloprid and 6-chloronicotinic acid-induced oxidative stress. In
addition, obtained data demonstrate potential harmful effects of neonicotinoid-based pesticides on
non-target aquatic organisms.

Oxidative stress
Biochemical biomarkers

© 2012 Elsevier Inc. All rights reserved.

1. Introduction

Pesticide producers are continuously replacing older generation
pesticides with an array of newly developed pesticides. These
products are characterised by selective action on target organisms
in order to reduce their possible unwanted effects. One of these
representatives is imidacloprid [IMI; 1-[(6-chloro-3 pyridynil)
methyl]-N-nitro-2-imidazolidinimine] a nicotine-derived com-
pound (neonicotinoid) with a large potential distribution due to
its agonistic action on insect nicotinic acetylcholine receptors
and its selective toxicity to insects over vertebrates [1].

Legislations related to the placement of pesticides on market
focus only on parent compounds rather than formulations or trans-
formation products. It is important to notice that the commercial
formulations of IMI (such as Confidor 200SL, Admire, Merit and
Gaucho) [2] are the ones applied in the environment with relevant
soil (50-320gha™') and foliar concentrations (73-150 mgL™').
These frequently used commercial mixtures of IMI contain
co-formulants and other solvents that could modify its toxicity

* Corresponding author. Fax: +385 1 4571232.
E-mail address: rsauer@irb.hr (R.S. Klobucar).

0048-3575/$ - see front matter © 2012 Elsevier Inc. All rights reserved.
http://dx.doi.org/10.1016/j.pestbp.2012.07.008

and bioavailability. Recent evaluation of the data relative to differ-
ent formulations noted high levels of IMI in leaves and in blossoms
of treated plants, and increases in residue levels over time [3]. Data
indicated that the use of these IMI-formulations on annual basis
may be at the end cumulative. Due to recent findings certain com-
mercial products within the class of neonicotinoids (containing ac-
tive ingredient IMI) were placed under re-evaluation and need
further studies [3]. In addition, no particular control or monitoring
over the presence of IMI transformation products is performed. The
primary IMI breakdown products in soil are: imidacloprid urea,
6-hydroxynicotinic acid and 6-chloronicotinic acid (6CNA) [4].
6CNA is one of the final transformation products of IMI and due
to its high water solubility (2 gL™') it may leach from soil into
the aquatic environment. Furthermore, IMI persistence in soil is
affected by various factors such as temperature, organic matter,
cropping and its solubility of 0.51 g L~'. It can contaminate surface
and ground water by runoff or leach from agricultural areas and
lead to pulse-pesticide or localised contaminations [5,6].
Detected aquatic concentration indicate measured levels of IMI
going from 14 ugL~! up to 0.3 mgL~! for surface waters [7,8],
while the estimated concentrations for accidental spills reach high
values going from 1.8 up to 7.3 mgL~! [9]. Different studies are
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referring to the persistence of IMI in the aquatic environment and
its toxicity to different non-target aquatic invertebrates. These
investigations span from single species toxicity tests in laboratory
[10-13] to complete indoor/outdoor stream mesocosms studies
under constant exposure [14] and short-pulse exposure conditions
[15,16]. The authors observed generally modifications in survival,
behaviour and population growth rate; while some of them evalu-
ated biochemical alterations at molecular level and compared the
toxic effects of pure compound IMI and its formulated version
[11,12]. Although IMI is continuously studied, fewer investigations
have been conducted on its transformation products. There is a sin-
gle study relative to the toxicity of 6CNA on aquatic invertebrates
performed on midge Chironomus tentans with LCso (96 h) higher
than 1 mgL~! [17] which warrants expanding our knowledge in
this field. In addition, major part of studies on IMI's transformation
products are performed mainly on common honey bee Apis melli-
fera [18,19]. To this end, it is necessary to investigate their effects
on freshwater biota, especially on non-target aquatic organisms.

Among the potential non-target organisms, unicellular green al-
gae are commonly used for toxicity tests [20]. Any adverse impact
on algae is likely to affect organisms at higher trophic levels and
may have important consequences for the health status of the
whole aquatic ecosystem [21]. In addition, aquatic non-target crus-
taceans of the genus Gammarus are frequently used in ecotoxico-
logical studies [22-24]. They play a major role in leaf litter
breakdown and are important for material transfer in the food
web [25,26]. In this study Gammarus fossarum Koch, 1835 was used
as a model organism considering its sensitiveness to several envi-
ronmental pollutants. Furthermore, crustaceans as well as insects
belong to arthropods and due to this crustacean-insect relationship
they could present a potentially suitable non-target group for
neonicotinoid testing [27].

Different classes of pesticides may be related to enhanced pro-
duction of reactive oxygen species (ROS) which could contribute to
the toxicity of these compounds [28]. Basic cellular metabolism in
aerobic organisms involves the production of oxygen free radicals
and non-radical ROS [29]. The imbalance between the generation
and the neutralisation of ROS by antioxidant mechanisms within
an organism generates the oxidative stress [30,31]. In order to have
a better understanding of the toxic action of these compounds the
involvement of induced ROS production was investigated by
measurement of oxidative stress biomarkers such as antioxidant
enzyme catalase (CAT), detoxifying enzyme glutathione-
S-transferase (GST) and the levels of lipid peroxidation (LP) dam-
age [28,32,33].

The aim of the study was to provide additional information on
the possible toxic effects of IMI, its commercial formulation Conf-
idor 200SL and its transformation product 6CNA on non-target
aquatic organisms. For this reason physiological/biochemical bio-
markers, mortality and behavioural alterations on the amphipods
(acute toxicity) were evaluated as well as the growth rate of mic-
roalgae (chronic toxicity). Antioxidant defence system alterations
and lipid peroxidative damage to cell membrane were studied be-
cause of their potential to serve as useful biochemical biomarkers
that could be applied in environmental monitoring programmes.

2. Materials and methods
2.1. Chemicals

Imidacloprid (IMI) was purchased as the Pestanal® grade
chemical (99.8% purity; Sigma-Aldrich, UK), and as a commercial
formulation known as Confidor 200SL (200 g L™ of active ingredi-
ent (a. i.) IMI, Bayer Crop Science Slovenia, Ljubljana, Slovenia) and
6CNA was obtained as pure compound (97%) from Fluka (Sigma-

Aldrich, Switzerland). The following chemicals were all obtained
from Sigma Aldrich: acetonitrile CHROMASOLV® for HPLC grade,
dibasic and monobasic potassium and sodium phosphate, 5,5'-
dithiobis-2-nitrobenzoic acid (DTNB), acetylthiocholine iodide, 1-
chloro-2,4-dinitrobenzene (CDNB), L-glutathione (reduced form),
hydrogen peroxide (30%), bovine serum albumin (BSA), Bradford
reagent, trichloroacetic acid (TCA), thiobarbituric acid (TBA), buty-
lhydroxytoluene (BTH), 96% ethanol, 1-butanol, hydrochloric acid
(37%), dimethyl sulfoxide (DMSO). Potassium hydrogen phthalate
was purchased from Alfa Aesar GmbH (Karlsruhe, Germany). Acetic
acid glacial 100% p.a. was provided from Merck (Darmstadt, Ger-
many). All chemicals were of the highest commercially available
grade.

2.2. Stability study of tested chemicals during experimental trial

To ensure reliable toxicity data, the stability of IMI and 6CNA
was checked. The exposure was confirmed measuring the concen-
trations of the specific chemicals at the beginning and end of the
experimental trial, under the same condition as toxicity tests
(described in Sections 2.4.1 and 2.4.2). IMI and 6CNA samples were
taken in duplicates and all determinations were performed in four
experiments.

IMI and 6CNA were extracted with the use of the miVac
centrifugal concentrator Modular Series (Genevac). The water
was evaporated (under maintained vacuum conditions at 70 °C
for approximately 200 min). The dried leftover was re-dissolved
in 500 pL of double deionised H,0. Previous procedure was applied
for samples with lower concentration of chemicals (used for tests
with amphipods), while samples with higher concentration of
chemicals (used for tests with algae) were analysed immediately
without pre-concentration treatment. All prepared samples were
stored in glass vials under dark at 4 °C until subjected to HPLC-
DAD (UV-Vis). For quantification purposes, calibration curves were
prepared. The 12 value of the regression line for IMI was 0.9999 and
for 6CNA was 0.9996.

2.2.1. HPLC-DAD analysis

Aqueous solutions of IMI and 6CNA were analysed by HPLC-
DAD (UV-Vis) consisting of an Agilent 1100 Series chromatograph,
coupled with a DAD detector operating in the UV-Vis range The
separation was achieved wusing a Zorbax C8 column
(250 mm x 4.6 mm) filled with a stationary phase Chromasil 100
(pore size 5 um, end-capped) produced by BIA Separations d.o.o.,
Slovenia. The column thermostat was maintained at 25 °C and
injection volume was 75 pL.

According to Zabar et al. methods for IMI [34] and 6CNA [35]
detection were applied. For IMI detection the eluents consisted of
30% acetonitrile (A) and 70% acetic acid 0.75% v/v (B); isocratic
elution; flow rate was 1 mLmin~!. The wavelength was 270 nm
and the retention time was 8.9 min. While for the 6CNA detection
the eluents consisted of acetonitrile (A) and acetic acid 1.5% v/v (B);
flow rate was 1 mL min~". The gradient elution was as follows: 0-
16 min 15% A; 16-20 min 70% A. The wavelength was 242 nm and
the retention time for 6CNA was 13.2 min.

2.3. Test organisms

Desmodesmus subspicatus (Chodat) Hegewald et Schmidt (for-
merly Scenesdesmus subspicatus, CCAP 276/22) was kindly provided
by the Helmholtz Centre for Environmental Research-UFZ, Leipzig,
Germany. Microalgae were grown in a medium recommended by
standard guidelines for freshwater algal growth inhibition test
[36].

G. fossarum were collected in April-July 2011 using a net (by the
kick sampling method) from the stream Vogricek (Slovenia). The
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sampling site is in the lower Vipava Valley in Goriska region of
Slovenia (45°90' N; 13°70' E). It is a small waterbed free of
industrial, agricultural contamination or human activities and it
can be considered unpolluted. This site has a good water quality
according to ARSO data record (Agencija Republike Slovenije za
okolje - Slovenian Agency for Environment; http://www.arso.gov.
si/vode/poro%C4%8Dila%20in%20publikacije/povrsinske_letna.html)
and high densities of gammarids are found.

All water samples from the sampling site and during the exper-
imental trial were monitored for temperature, pH, conductivity,
oxygen concentration and saturation with a multi-meter WTW
350i (with microelectrode replacements for small volumes). In
addition, total organic carbon and total nitrogen (TOC and TN)
were measured in water samples from the sampling site with a
TOC Analitik Jena multi N/C 3100, calibrated with potassium
hydrogen phthalate. Before being processed for the TOC and TN
analyses, samples were acidified to pH 2-3 with hydrochloric acid.

Gammarids were kept during an acclimatisation period of at
least 14 days in a 20-L glass aquarium supplied with thoroughly
aerated original stream water. An 8/16 h light/dark natural photo-
period was maintained with the temperature at 12 + 2 °C in a tem-
perature and humidity controlled chamber and regular water
renewal every two days. Animals were fed ad libitum twice a week
using a pinch of dry food (e.g. TetraMina® flakes) or raw peas.

2.4. Experimental procedures

2.4.1. Algae toxicity test

Chronic toxicity of pesticides was conducted in 96 microwell
plate. The algal inoculum was taken from an exponentially growing
pre-culture and added into 25 mL of growth media in order to ob-
tain an initial cell density of 10* cells mL'. Final volume of each
well was 200 pL. Serial dilutions of tested pesticides were made
in culture medium. Six replicates of controls (untreated) and three
replicates of each test concentration were applied. All the plates
with cover, control and treatments, were incubated for four days
(96 h) at a temperature of 23 +1 °C and light intensity of 1100
lux. Algal growth was detected fluorometrically in intervals of
24 h over a period of 96 h in order to achieve a virtual kinetic data
distribution. Analyses of chlorophyll fluorescence were performed
by a Tecan Infinite® 200 PRO (Minnedorf, Switzerland). Measure-
ments were conducted using fluorescence excitation of 440 nm
and by an emission of 680 nm. Before reading, tested microplates
were shaken for 30 s at 100 rpm. Average of specific growth rates
were calculated and subsequently used for calculation of percent-
age inhibition in comparison to control [37]. ICsg at 96 h (inhibition
concentration that cause 50% inhibition of algal growth) was esti-
mated for tested compounds using linear regression analysis [38].

Solution of 1 M IMI and 6CNA was prepared in DMSO. After-
wards, a 10 mM (2.55 g L~ for IMI and 1.57 g L' for 6CNA) stock
solution was prepared by the addition of IMI and 6CNA (1 M) or
Confidor 200SL to standard algal medium, with constant mixing
until complete dissolving. The test solutions were prepared by
adding an appropriate volume of the stock solution in the algal
medium to achieve final concentration. The following range of
equal molar concentrations was prepared for all tested com-
pounds: 7.6; 25.6; 51.1; 127.8 and 255.6 mgL~! for IMI and 4.7;
15.7; 31.5; 78.7 and 157.5 mgL~! for 6CNA. For Confidor 200SL
the final concentrations were corresponding to 0.003-0.12% (v/v)
which contained 7.6-255.6 mg L' of a. i. IMI. Lower concentra-
tions of IMI than those monitored in this experimental trial were
already tested on D. subspicatus and showed no effect on algal
growth up to 10 mg L' and due to this fact were excluded [39].
The toxicity of co-formulants incorporated in Confidor SL 200 (as
negative control - a solution consisting of 38.4% of dimethylsulfox-
ide, 37.5% of 1-methyl-2-pyrrolidone and 24.1% of double

deionised water in place of IMI) was tested. In addition, as an inter-
nal quality control, the bioassays were also performed on the ref-
erence chemical potassium dichromate (positive control -
K,Cr,07; 0.1-30 mg L") [36].

2.4.2. Amphipods toxicity test

Gammarids were exposed for 24 h (acute toxicity) to equal mo-
lar concentrations of IMI, Confidor 200SL and 6CNA for better com-
parison. A short exposure period sufficient to promote early
alterations (24 h) was used also to mimic runoff-related pulse
exposures to pesticides [40,41]. The peak pesticide concentrations
usually persist for about 24 h. Furthermore, G. fossarum from run-
ning water is greatly affected by short-term higher concentration
of IMI [12]. Sub-lethal exposure concentrations were based on pre-
viously determined acute LCsq (48 h) and ECsq (24 h) values for IMI
of 0.8 and 0.07 mg L~ [12].

Solution of 1 M IMI and 6CNA was prepared in DMSO. After-
wards, a 10 mM (2.55 g L~ for IMI and 1.57 gL' for 6CNA) stock
solution was prepared by the addition of IMI and 6CNA (1 M) or
Confidor 200SL to distilled water, with constant mixing until com-
plete dissolving. The test solutions were prepared by adding an
appropriate volume of the stock solution in the original stream
water to achieve final concentration. The following range of con-
centrations was prepared for all tested compounds: 6.3; 12.7;
25.5; 51.1; 102.2; 153.3; 204.5; 255.6 and 511.3 ugL~! for IMI
and 3.9; 7.8; 15.7; 31.4; 62.8; 94.6; 126. 2; 157.7 and 3155 ug L ™!
for 6CNA. For Confidor 200SL the final concentrations were corre-
sponding to 0.000003-0.0002% (v/v) which contained 6.3-
511.3 ug L' of a. i. IMIL The tested concentrations of the negative
control (co-formulants only) in case of amphipods were equivalent
to concentrations of Confidor SL 200 used in the tests.

The experimental trial was performed using adult male speci-
mens. After sex determination, total body length [42] and total
wet weight was measured (animal were dried between two sheets
of filter paper before being weighted). Fifty individuals per expo-
sure concentration were used for every tested compound. Plastic
Petri dishes (100 mm x 20 mm; 20 mL volume) covered in order
to reduce water evaporation were used for exposure experiments.
The bioassays were conducted in darkness, in a temperature and
humidity-controlled chamber (12 £2 °C; 60% humidity). After a
24 h exposure period, immobility or moulting and mortality were
observed. Live/dead organisms were determined by gently poking
and observing movement of appendages. Organisms were counted
as dead if none of the appendices were moving after poking for
three times. Inactive/paralysed animals were identified when only
respiration movements were left [43]. Moulted animals were
counted based on the presence of the entire old exuvia in the expo-
sure vessel (moulted amphipods were not used for biochemical
parameters analyses). For each biochemical assay 10 randomly se-
lected gammarids per concentration (from fifty individuals) were
processed using whole-body homogenates due to their small body
size.

2.5. Biochemical biomarker assays

Prior to individual homogenisation, excess chemicals present on
the animals’ surface were rinsed several times according to Jemec
[11]. Whole-body specimens were homogenised in 500 puL of ice-
cold phosphate buffer (pH 7.0) for 3 min using a glass-glass Elveh-
jem-Potter homogeniser. The homogenate was sonicated on ice
(5-105) and centrifuged for 15 min at 3000 rpm and 4 °C. Freshly
prepared clear supernatant was collected and kept on ice to be
used for enzyme activities measurements.

Activity of acethylcholinesterase (AChE) was determined using
DTNB and acetylthiocoline iodide as substrate according to Ellman
et al. [44]. The reaction was followed on a Perkin Elmer Lambda 35
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UV/VIS spectrophotometer at 412 nm for 8 min. AChE activity is
expressed as pmol of substrate hydrolysed per minute per mg pro-
tein (¢ =13 600 L cm ™! mol~! for DTNB).

CAT activity was determined according to the method of Jamnik
and Raspor [45] by measuring the decrease in absorbance on spec-
trophotometer at 240 nm for 2 min due to the decomposition of
H,0, (¢=40Lcm ' mol™!). The specific activity of CAT was ex-
pressed as pmol of H,0, reduced per minute per mg protein.

GST activity was determined according to the protocol of Habig
et al. [46]. The method is based on determination of the conjugated
product dinitrophenyl-thioether at 340 nm produced from CDNB
used as an artificial substrate and reduced glutathione. Values ex-
pressed as nmol of reduced glutathione and CDNB conjugate
formed per min per mg protein (¢ =9600 L cm~! mol~' for CDNB).

All the data relative to the enzymatic activity are normalised to
the total protein content based on the method of Bradford [47].

LP was estimated in vitro after the formation of malondialde-
hyde (MDA), a major by-product of lipid peroxidation that reacts
with thiobarbituric acid [48], with slight modifications. Whole-
body gammarids were rinsed, as described previously and homog-
enised individually in TCA-TBA-BTH reagent [15% (w/v) TCA,
0.37% (w/v) TBA, 1 M HCl, and 0.01% BTH]. Samples were incubated
at 90°C for 30 min, then chilled at room temperature, added
1.2 mL of 1-butanol and centrifuged at 12,000 rpm for 10 min.
Absorbance of the supernatant was measured at 535 and 600 nm,
the final one to correct the non-specific turbidity. Before the heat-
ing step, absorbance was measured at 280 nm for total protein
concentration. These absorbance values of protein content were
used to properly normalise absorbance values obtained for LP.

2.6. Statistical analyses

All statistical tests were performed using STATISTICA 7 StatSoft
software. Results from each exposure trial are presented in graphs
as mean * standard error (SE). Statistical comparisons were con-
ducted between control and exposure data using the Student’s t-
test or the Mann-Whitney rank sum test after the software direct
choice of parametric or nonparametric data, respectively. In addi-
tion, multiple comparisons were analysed with the One-way ANO-
VA and Tukey post-test. p < 0.001 (**x), p <0.01 (xx), and p < 0.05
(x) were accepted as levels of statistical significance and shown
in graphical representations.

3. Results
3.1. Water quality parameters and stability study

Water quality parameters were measured for all water samples
from the sampling site and during toxicity tests. No significant

Table 1

changes were observed across the whole experimental trial
(n=10). Mean values were as follows: pH 7.9 + 0.1, temperature
14.7 0.3 °C and water conductivity of 378.3 +21.7 uScm'. The
water had average oxygen concentration of 9.8 +0.2mgL~! and
saturation of 95.8 + 2.3%. Mean values of TOC and TN at the water
source location were 8.7 +0.1 and 0 mg L™, respectively. More-
over, dissolved oxygen concentration during whole experimental
trial was between 70% and 80% of saturation. These were all
acceptable conditions for toxicity test [49].

Our experiments showed no significant changes in concentra-
tion of IMI and 6CNA in test solutions during 24 h (amphipods)
and 96 h (algae) exposure (Table 1). The actual exposure concen-
trations of both chemicals did not differ by more than 3.4 + 0.3%
(for concentrations in tests with amphipods) and by 15.8 + 0.4%
(for concentrations in tests with algae) from the initial concentra-
tions. IMI and 6CNA concentrations were consistent over time in all
tests. Therefore the results are given in nominal concentrations, as
suggested by ISO 10706 [50].

3.2. Algae toxicity test

Algal chronic toxicity revealed a high toxic potential of 6CNA at
the highest concentration (Fig. 1C). 6CNA induced some perceivable
alterations in algae growth, causing slight and temporary inhibition
effects at lower doses (4.7 and 15.7 mg L") already after 24 h com-
pared to control (p < 0.05) (Fig. 1C). The highest dose of 6CNA exten-
sively suppressed the algal growth. 6CNA induced acidification of
the algal medium (pH up to 5.5+0.1; n=3). In all other groups,
pH did not deviate significantly from the initial values as in the case
of 6CNA at the highest dose. Overall 6CNA effects were stimulatory
on algae growth. Major stimulatory effect of 6CNA was observed at
31.5mgL! (48 h) reaching 176.4 + 3.4% and stayed significantly
increased also after 72 h compared to control (p < 0.001) (Fig. 1C).
It was not possible to calculate the ICsy value for IMI due to its
low inhibitory effects within the entire range of tested concentra-
tions (Fig. 1A). Furthermore, the toxicity of Confidor 200SL ranged
from 27.9% up to 49.72% (Fig. 1B). Inhibition of algal growth was
significant at 127.8 and 255.6mgL~! compared to control
(p <0.01). Higher toxicity of Confidor 200SL was possibly induced
by the co-formulants present in the commercial formulation which
contributed as a major part to toxicity for algae. The co-formulants
alone induced a significant inhibition of 82.3% and 89.7% (at 0.06
and 0.12%; v/v) compared to control (p < 0.001) (Fig. 1B).

3.3. Amphipods toxicity test

3.3.1. Survival rate and behavioural alterations
After 24 h of acute toxicity test, monitored in all groups were:
(1) the number of dead amphipods (mortality) and (2) the number

Mean # standard error detected concentrations expressed as pg L~! and mg L~! of IMI and 6CNA in aqueous samples for the 24 h G. fossarum and 96 h D. subspicatus static toxicity

tests (n=3).

Nominal concentration p L™ Dark T=22°C [puL™']

Nominal concentration (mg L) Light T=22°C [mg L]

IMI Oh 24h IMI Oh 96 h

102.2 105.5+£2.5 99.7£0.7 7.6 7.5%+0.1 6.4+0.1
153.3 154.7 £0.7 1485+1.4 25.6 263 +0.5 21.9 +0.5
204.5 2039+1.8 198.1£0.5 51.1 514+12 44+ 1.4
255.6 2542+ 1.6 250.8+0.4 127.8 127.4+£0.7 103.6 £2.2
511.3 511.7+0.18 481.2+0.6 255.6 255.1+£0.8 240429
6CNA Oh 24h 6CNA Oh 96 h

62.8 62.4+0.5 63.3+0.9 4.7 4.5%0.1 4.1+0.1
94.6 93.5+0.8 92+0.8 15.7 14.8£0.5 14+0.2
126.2 1273+04 120+£0.9 315 299+0.9 28.7+0.6
157.7 157.4+0.9 152.6+1.1 78.7 77113 71.1+0.8
3155 315.7+0.3 310.1+1.2 157.5 156.1 £ 0.8 1223 +26
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Fig. 1. D. subspicatus % of algal growth compared to control after exposure to IMI (A) Confidor 200SL (B) and 6CNA (C) at 24, 48, 72 and 96 h. The inside graph represents
exposure to negative control-co-formulants only. Data are reported as mean * standard error (n=3). p <0.001 (s*x), p < 0.01 (*), and p < 0.05 (x).
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Fig. 2. Mortality rate of G. fossarum after 24 h of exposure to IMI or Confidor 200SL
(A) and 6CNA (B). (n=50). p <0.001 (s*x), p < 0.01 (x*), and p < 0.05 (x).

157.7 3155

of immobile/paralysed or recently moulted amphipods. Only male
adult specimens were used for laboratory tests. All specimens pre-
sented a mean total body length of 12.35+ 0.25 mm and mean
weight of 0.029 + 0.002 g. Individuals which sex was not possible
to determine were classified as juveniles and not used for this
research.

The negative control (co-formulants mixture) did not have any
adverse effects on G. fossarum at all tested concentrations (data not
presented). Due to this fact, all values were compared to control
(only stream water). Furthermore, concentrations of all tested
compounds lower than 102.2 pgL~! for IMI and 62.8 pgL~! for
6CNA did not induce significant effects compared to control (data
not shown).

Average mortality in control groups was between 2.2 + 1.1 and
4.3 +1.9% in all bioassays. Our data demonstrated slight toxicity of
IMI with minor changes in mortality rate (Fig. 2A). IMI induced
only 22.3% +5.09 of dead organisms at 102.2 ug L~!. Commercial
formulation Confidor 200SL demonstrated an increased effect on
mortality, especially at higher concentrations. Percentages of dead
organisms at 255.6 and 511.3 pug L™! of a. i. reached 40 + 5.7% and
45.5 + 7.3%, respectively (Fig. 2A). This increased mortality was sig-
nificant for the both concentrations (p <0.05). On the contrary
6CNA showed an overall low toxicity, ranging from 8.6 + 1.9% up
to 14.1 £ 1.1% (at 62.8 and 315.5 pg L', respectively; Fig. 2B).

At 511.3 pg L' of IMI and Confidor 200SL was present a high
number of inactive animals with only respiration movements.
These values were of 76.6 + 6.6% for IMI and of 90 £ 5.7% for Conf-
idor 200SL (p <0.001; compared to control) (Table 2). It is also
interesting to report the number of animals that underwent moult
(leaving the entire old exuvia) after treatment with tested com-
pounds, apparently stimulatory effect on moult processes was
due to the action of transformation product 6CNA. Number of
moulted amphipods after 24 h exposure to 6CNA at 315.5 ugL™!
was of 56.6+3.3% (p<0.001) (Table 2). Number of moulted
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Table 2

Number of immobile/paralysed, hyperactive and moulted individuals of G. fossarum
(% of total treated animals) exposed to IMI, Confidor 200SL and 6CNA for 24 h. Data
are expressed as mean + standard error (n = 30).

Nominal Immobile/paralysed Hyperactive Moulted
concentration individuals individuals individuals
(VgL
IMI
Control None None
102.2 16.6+3.3" None for all 10+£5.7
groups
153.3 16.6 +8.8 13.3+33
204.5 133+33 233+88
255.6 433+£33"" 26.6+3.3"
511.3 76.6+6.6"" 233+£337
Confidor 200SL
Control None None
102.2 233+33" None for all 6.6+3.3
groups
153.3 333337 133+33
204.5 46.6+14.5" 13.3+88
255.6 56.6+3.3""" 100
511.3 90+57"" 13.3+3.33
6CNA
Control None None
62.8 None for all groups  16.6+3.3™ 20577
94.6 233+3.3" 333+3.3"
126.2 433+£33"" 433+127
157.7 433+33™" 46.6+33"""
315.5 80+5.7" 56.6+3.3"""
" p<0.01.
*** p<0.001.

animals was minor after 24 h of exposure to IMI and Confidor
200SL at 511.3 ugL~! (23.3 £3.3% and 13.3 + 3.3%, respectively;
p > 0.05). 6CNA seemed to induce overall hyperactivity and rapid
swimming (with numerous sideways and back-and-forth move-
ments) which affected 80+ 5.7% of total treated gammarids at
315.5 ug L' 6CNA (compared to control; p <0.001). Numbers of
counted individuals which presented the described behavioural
characteristic are summarized in Table 2. It is important to empha-
sise that this data need further quantification with technologies
that allow a more detailed analyses and recording of behavioural
patterns.

3.3.2. Effects on enzyme activities and lipid peroxidation

Results of enzyme activities were expressed per protein con-
tent, since changes in the protein were not significant as a result
of 24 h exposure to all tested compounds.

In this study a possible indirect effect of IMI on AChE activity in
neonicotinoid exposed gammarids was tested as a biomarker of the
cholinergic system. G. fossarum exposed to IMI displayed no signif-
icant changes of AChE activity at all concentrations (data not pre-
sented in graph). The AChE values at all exposure concentrations
of IMIranged between 70.6 + 7.8 and 78.2 + 11.6 pmol/min/mg pro-
teins (p > 0.05; compared to control). CAT activity was not modified
after IMI exposure (Fig. 3A). The values ranged between
22.04 + 1.5 pmol/min/mg protein for control and 28.4 + 8.6 umol/
min/mg protein at 255.6 pg L~!. Commercial formulation induced
a moderate change in CAT at 511.3 pg L™ a. i. going up to 48.06 +
9.7 wmol/min/mg protein compared to control (p < 0.05). Values of
CAT activity in the case of exposure to 6CNA reached 48.9 +
6.7 umol/min/mg protein already at 157.7 ugL™' (p<0.001)
(Fig. 3B). After exposure to Confidor 200SL two different outcomes
for GST activity at 255.6 and 511.3 ug L~! were evident (Fig. 4A).
At 255.6 ug L1 was present an observable, but statistically not
significant decrease in GST activity (p = 0.053). The values of GST
went from control values of 419.1 + 101.8 nmol/min/mg protein
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Fig. 3. Whole-body CAT activity (jumol/min/mg protein) of G. fossarum measured
after 24 h of exposure to IMI or Confidor 200SL (A) and 6CNA (B). The boxes contain
75% of all readings, the symbols represent minimum and maximum values (L) and
the mean value (®). (n=10). p <0.001 (xxx), p<0.01 (*x), and p < 0.05 (x).

to 286.8 + 92.71 nmol/min/mg protein at 255.6 pg L~'. Higher con-
centration of Confidor 200SL (511.3 ug L™! of a. i.) induced an in-
crease of GST activity up to 831.4+117.2 nmol/min/mg protein
(p < 0.05). IMI and 6CNA exposure provoked no significant changes
in GST activity compared to control (p > 0.05) (Fig. 4A and B, respec-
tively). IMI induced at 102.2 ug L~! an increase in lipid peroxidation
(LP) levels (Fig. 5A). This increase was 2.7-fold higher in contrast to
the control group (p < 0.01). On contrary, Confidor 200SL induced
significant rise of thiobarbituric acid reactive substances (TBARS)
only at higher dose (255.6 ugL™! of a. i.; p <0.05). This increase
was lower than the significant peak induced by IMI at 102.2 ug L™!
(Fig. 5A). No significant effect of 6CNA on LP increase was noted after
24 h at all concentrations (Fig. 5B). However, it was detected a sig-
nificant decrease of LP values at 315.5 pg L™! (p < 0.001).

4. Discussion

Chronic testing was performed on freshwater microalgae D.
subspicatus. Generally, it appears that algae are some orders of
magnitude less sensitive to IMI than arthropod species and exhib-
iting no effects of IMI on their growth rate [36,51]. TiSler et al. [38]
determined for D. subspicatus an ICso (72 h) for IMI a. i. at
389 mgL~! (in comparison highest applied concentration in this
study was 255 mg L™'). Data presented in this research confirmed
the same action of IMI as pure compound causing no significant ad-
verse effects on algal growth. On the contrary, Confidor 200SL was
highly toxic to algae due to the presence of co-formulants which
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Fig. 4. Whole-body GST activity (nmol/min/mg protein) of G. fossarum measured
after 24 h of exposure to IMI or Confidor 200SL (A) and 6CNA (B). The boxes contain
75% of all readings, the symbols represent minimum and maximum values (L) and
the mean value (@). (n=10). p <0.001 (*xx), p < 0.01 (%), and p < 0.05 (*).

started to inhibit their growth already at 0.003 v/v%. On the other
hand, 6CNA induced algal growth and proliferation after a 96 h
period of exposure at all concentrations, while at the highest dose
(157.5 mg L) already after 24 h induced a significant inhibition
and algae death. Presumably the algal growth was inhibited be-
cause of the dissociation of the carboxylic group present in 6CNA
[52]. This issue induced acidic changes in pH of the algal media
and adversely influenced the sensitive microalgae. 6CNA is a final
transformation product formed in environment that does not act
as nicotinic agonist but may also contribute to the toxicity effects
[18]. 6CNA contains the 6-chloropyridinyl moiety and based on its
structural/chemical consideration may be of toxicological signifi-
cance. This transformation product is included in the tolerances
established for the IMI residues, although should be considered
on its own in order to recognise additional IMI-toxicity effects. Al-
gae as primary producers contribute substantially to aquatic habi-
tats and their sensitivity to Confidor 200SL and 6CNA found in this
study could cause environmental problems.

Acute toxicity (24 h) of IMI and 6CNA was evaluated on the
freshwater amphipod G. fossarum. After exposure to the highest
dose of IMI (511.3 ugL~!) and 6CNA (315.5 ugL™!), an overall
low mortality was noticed. Most significant effect, as in algae,
was observed in case of Confidor 200SL. Increased mortality in-
duced by Confidor 200SL supports the idea that major side effects
could be caused by additives such as dimethyl sulfoxide (DMSO)
and N-methylpyrrolidone (NMP). These co-formulants mixture
alone induced no toxicity in amphipods, while the combined action
of IMI and co-formulants increased the toxicity of the commercial
formulation. In the case of another amphipod crustacean Hyalella

A

3 Ml

HE Confidor 200SL
%k

Absorbance unit (AU)
T

4 + Ei %i é éﬁ

T T T T T T
control 102.2 153.3 204.5 2556 5113
kg L]

I 6 CNA

Absorbance unit (AU)

L& 0 g e a7

control 62.8 94.6 126.2 157.7 315.5
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Fig. 5. Whole-body LP of G. fossarum (expressed in absorbance units of TBARS
products) measured after 24 h of exposure IMI or Confidor 200SL (A) and 6CNA (B).
The boxes contain 75% of all readings, the symbols represent minimum and
maximum values (L) and the mean value (®). (n=10). p < 0.001 (*xx), p < 0.01 (xx),
and p < 0.05 (x).

azteca, Stoughton et al. [15] confirmed its higher sensitivity to for-
mulated product than to technical IMI. Also, other tests have
shown formulated pesticides to be more toxic to aquatic organisms
[11,37,53]. These supplementary substances in commercial formu-
lations often represent the highest proportion in pesticide mix-
tures, so even a minor concern regarding their toxicity and
possible synergistic effects with other ingredients should be con-
sidered [54,55]. Additional studies will be needed to address the
potential effect of additives, but such studies are not easily feasible
since identity and quantity of other ingredients is most often re-
garded as confidential information and therefore rarely revealed
in easily accessed literature or product labels.

Neonicotinoids are agonist of nAChRs [1] and do not exert a di-
rect inhibition of the AChE activity as for example organophos-
phates. In our study we tested possible indirect inhibitory effects
on freshwater amphipods exposed to neonicotinoids. This mea-
surement was also performed on gills of neonicotinoid exposed
mussels and showed an interesting outcome with ‘U-shape
dynamics’ of AChE activity [56]. In this study Dondero et al. ob-
served significant inhibition at the lowest and at the intermediate
tested concentration. On contrary, in our case the outcome of IMI
effect on AChE activity presented no indirect effect or changes at
all exposure concentrations compared to control group.

It is well-known that pesticides can induce oxidative stress by
the generation of ROS, which can induce oxidant-mediated effects
(such as increased activities of antioxidant enzymes) and oxidant-
mediated toxicities (such as oxidation of lipids) [57]. Only a few
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previously published data are available regarding the IMI-induced
oxidative stress and these merely relate to mammalian model
organisms. These studies showed a slight increase in intracellular
ROS and nitric oxide production after IMI exposure [58,59]. A study
of Lukancic et al. on G. fossarum demonstrated that IMI influenced
not only the respiration but also the electron transport system
(ETS) activity [12]. This effect was a consequence of different pro-
cesses, including oxidative stress. Partial damage to the inner mito-
chondrial membrane by lipid peroxidation possibly impaired the
function of ETS. For better understanding of ROS involvement in
the toxicity mechanisms of neonicotinoids, antioxidant enzyme
activity, detoxifying GST mechanism and lipid peroxidative dam-
age were monitored in amphipods. In this study, CAT activity after
Confidor 200SL and 6CNA exposure at highest doses was signifi-
cantly increased and indicated action of the protection mecha-
nisms involved in cellular repair processes. EI-Gendy et al. [60]
reported a similar increase of CAT after neonicotinoid exposure,
but again only in IMI-treated mice. Enhanced GST activity after
Confidor 200SL exposure reflects the detoxification processes in
treated gammarids and this induction may be due to the glutathi-
one dependent enzyme system that provides major protection
against xenobiotic agents. A recent study on the mosquito, Aedes
aegypti, demonstrated that exposure to IMI increased glutathione
transferase mRNA levels as well as other genes coding for antioxi-
dant proteins [61]. In addition was also noticed a slight decrease in
antioxidant enzyme GST after exposure to Confidor 200SL (at
255.6 ug L' of a. i.). This decrease of the GST activity, although
not significant was evident with 1.5-fold lowered GST activity at
255.6 ug L' of a.i. in Confidor 200SL. This decrease could be inter-
preted as being overwhelmed by conspicuous ROS production. An
additional explanation of enzyme’s indirect inhibition is related to
their binding with ROS produced also during pesticide metabolism.
Metabolism of IMI involves many processes of hydroxylation, i.e.
the hydroxylation of the imidazolidine ring at position 4 or 5 lead-
ing to the formation of hydroxylated compounds and subsequent
loss of important amounts of hydroxyl radicals [62]. Concurrently,
with slightly diminished GST activity increased lipid peroxidation
levels occurred (at the same exposure concentration of Confidor
200SL). IMI and Confidor 200SL exposure provoked an increase of
LP in amphipods. During IMI exposure LP increase occurred at
102.2 pg L' and was represented by a similar-to-hormetic effect.
This increase was induced at lower concentrations of IMI and not
at higher doses as expected. On the other hand, Confidor 200SL in-
duced an increase of TBARS products, which was highest at
255.6 ug L' of a. i. Higher TBARS levels at 255.6 ug L~! suggested
that exposure to Confidor 200SL resulted in a different time-course
of cellular ROS generation or in a possible direct lipid oxidation due
to the interactive action of co-formulants and IML. It is important to
notice potentially different toxicity pathways or time-course ef-
fects of the parent compound and its transformation product that
were observed during this study. After a 24 h exposure 6CNA pro-
voked strong induction of antioxidant enzyme CAT, while its effect
was completely absent on the LP, probably due to highly active
CAT. On the contrary, Confidor 200SL altered all parameters con-
firming its higher toxicity compared to active ingredient.
Behaviour is considered as a useful tool in ecotoxicology since is
one of the early warning indicators of toxicant stress [14]. During
experimental pesticide exposure analysed individual biochemical
biomarkers should be linked to behavioural responses whenever
this is possible [63]. In this study individuals with modified behav-
iour were counted. During exposure, animals treated with
511.3 pug L' (IMI) exhibited an increase in immobility and inactiv-
ity that can be a direct IMI effect on neuro-muscular acetylcholine
receptors provoking impairment of locomotion and food filtration,
with consequent animal starvation and difficulties in ventilation
[64]. Alternatively, 6CNA at the highest dose induced rapid move-

ments and animal hyperactivity, as well as disorientation. This dis-
oriented behaviour was also shown in non-target organisms, such
as Apis mellifera. Honey bees treated with IMI were confused and
failed to return to their homing site [65]. Hyperactivity in swim-
ming may also be linked to an avoidance response towards present
chemicals [66]. Interestingly, short-term 6CNA exposure stimu-
lated amphipods moulting processes. Moulting is an essential
physiological process for crustaceans controlled by the neuroendo-
crine system, on which different toxicants, such as pesticides, can
act [67]. Moreover, moulted or recently moulted animals could
be more susceptible to pesticide action.

This research confirmed the importance of testing commercial
formulations of IMI and IMI’s transformation products as they
interfere with pure compound safety characteristics. Our present
results show that commercial formulation of IMI and its by-prod-
uct 6CNA exert oxidative stress in freshwater amphipods as well
as negative effects on algae growth. The induction of CAT, GST
and LP levels demonstrates that exposure of G. fossarum to Confi-
dor 200SL leads to peroxidation of membrane lipids and triggers
antioxidant and detoxifying cellular mechanisms. Amphipods ex-
posed to 6CNA experienced mainly the activation of catalase scav-
enging protection mechanism. In general, the major toxic effects
were due to the commercial formulation Confidor 200SL both in
case of algae and amphipods. This issue is relevant as these mar-
keted mixtures are the one applied directly in the environment
and should be further monitored.
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Abstract

The widespread usage of neonicotinoid insecticides has sparked concern over their effects
on non-target organisms. While research has largely focused on terrestrial systems, the low
soil binding and high water solubility of neonicotinoids, paired with their extensive use on the
landscape, puts aquatic environments at high risk for contamination via runoff events. We
assessed the potential threat of these compounds to wetland communities using a combina-
tion of field surveys and experimental exposures including concentrations that are represen-
tative of what invertebrates experience in the field. In laboratory toxicity experiments, LCs,
values ranged from 0.002 ppm to 1.2 ppm for aquatic invertebrates exposed to clothianidin.
However, freshwater snails and amphibian larvae showed high tolerance to the chemical with
no mortality observed at the highest dissolvable concentration of the insecticide. We also
observed behavioral effects of clothianidin. Water bugs, Belostoma flumineum, displayed a
dose-dependent reduction in feeding rate following exposure to clothianidin. Similarly, cray-
fish, Orconectes propinquus, exhibited reduced responsiveness to stimulus with increasing
clothianidin concentration. Using a semi-natural mesocosm experiment, we manipulated
clothianidin concentration (0.6, 5, and 352 ppb) and the presence of predatory invertebrates
to explore community-level effects. We observed high invertebrate predator mortality with
increases in clothianidin concentration. With increased predator mortality, prey survival
increased by 50% at the highest clothianidin concentration. Thus, clothianidin contamination
can result in a top-down trophic cascade in a community dominated by invertebrate preda-
tors. In our Indiana field study, we detected clothianidin (max = 176 ppb), imidacloprid (max =
141 ppb), and acetamiprid (max = 7 ppb) in soil samples. In water samples, we detected
clothianidin (max = 0.67 ppb), imidacloprid (max = 0.18 ppb), and thiamethoxam (max =
2,568 ppb). Neonicotinoids were detected in >56% of soil samples and >90% of the water
samples, which reflects a growing understanding that neonicotinoids are ubiquitous environ-
mental contaminants. Collectively, our results underscore the need for additional research
into the effects of neonicotinoids on aquatic communities and ecosystems.
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Introduction

Neonicotinoid insecticides, which account for 26% of the global insecticide market, have
recently become the most widely used insecticide class worldwide [1]. Developed in the 1980s,
neonicotinoids first came into regular use with imidacloprid starting in the early 1990s. Since
that time additional active ingredients have been developed and classified into three groups:
N-nitroguanidines (imidacloprid, thiamethoxam, clothianidin, dinotefuran), nitromethylenes
(nitenpyram), and N-cyanoamidines (acetamiprid and thiacloprid) [2]. Currently, thia-
methoxam and its breakdown product clothianidin dominate usage in North American crop-
ping systems [3]. The increasing usage of neonicotinoids has been fueled by their relatively low
toxicity to vertebrate species [4]. Neonicotinoids target the post-synaptic nicotinic acetylcho-
line receptor, causing paralysis and death. Because neonicotinoids bind more strongly to insect
receptors than vertebrate receptors and invertebrates have a higher ratio of nicotinic receptors,
they generally have low toxicity to vertebrate species [4]. A key driver of rapid neonicotinoid
adoption in North America is the ability to apply them prophylactically as a seed dressing to
some of the most widely grown annual crops [3]. As seeds germinate, the insecticide is incor-
porated into the plant and distributed systemically during growth. This process is facilitated by
the high water solubility of neonicotinoids [4]. Although neonicotinoids can be used as spray
applications, approximately 60% of applications are as seed dressings [2]. The prophylactic
application of neonicotinoids to virtually all seeds of corn, soybeans and other annual crops
without prior knowledge of the season’s pest populations has raised concern over the environ-
mental risks associated with their use [3].

Only a small fraction of neonicotinoid active ingredient applied to seeds is taken up by
plants. For example, in a container study, less than 20% of the imidacloprid applied to corn
seeds was later found in the plant, the remainder presumably retained in soils and water [5].
These findings raise questions about environmental fate, as neonicotinoids generally have
exceptionally high water solubility values; clothianidin and thiamethoxam, the two com-
pounds used most frequently in our study area in the Midwestern US [3], have solubility values
0f0.327 gL' and 4.1 g L', respectively [6,7]. While the high water solubility and low soil bind-
ing by neonicotinoids facilitates translocation by plants, it can lead to significant leaching into
ground water, streams, and ponds. For example, imidacloprid was detected in 89% surface
water samples (n = 75) in California [8]. Similarly, the Washington State Departments of Agri-
culture and Ecology have detected imidacloprid (max = 0.705 ppb, mean = 0.06 ppb) during
monitoring studies of salmon-bearing rivers and streams [9]. Additionally, at least one of four
different neonicotinoid compounds (clothianidin, thiamethoxam, acetamiprid, imidacloprid)
were found in 16 to 91% of water and sediment samples in the Canadian Prairie Pothole
Region, dependent on time of sampling [10]. In a review of 29 studies from nine countries,
neonicotinoids were common contaminants of surface waters [11].

Given the frequency of detection of neonicotinoids in aquatic systems, many recent studies
have explored the potential lethal and sublethal effects of neonicotinoids on aquatic species
(reviewed in [12,13]). Aquatic insects are generally more sensitive to neonicotinoids compared
to other aquatic species (e.g., mollusks, crustaceans, fish), which is not surprising given their
mode of action [13]. In addition to their effects on mortality, neonicotinoids have been shown
to reduce feeding rates, movement, fecundity, developmental rates, and growth in aquatic
insects [14-21]. However, the majority of this research has focused on imidacloprid, which
was the first widely applied neonicotinoid and is rarely used in modern row crop agriculture
production systems. There is a dearth of information on the toxicological effects of the neoni-
cotinoids that are most commonly used presently, including thiamethoxam and its metabolite
clothianidin [13].

PLOS ONE | https://doi.org/10.1371/journal.pone.0174171 March 23,2017 2/24


https://doi.org/10.1371/journal.pone.0174171

@° PLOS | ONE

Clothianidin in aquatic communities

While laboratory experiments can provide a wealth of information on the effects of pesti-
cides on individuals and populations, community-level experiments can broaden our per-
spective of how natural systems are likely to respond to these common stressors, including
neonicotinoids [22-27]. Ecological communities are complex systems composed of species
representing different trophic levels and functional groups that directly and indirectly inter-
act. Direct interactions including competition, predation, and parasitism have routinely
been explored in ecological research [28]. Moreover, there is increasing focus on how these
direct interactions can indirectly influence other species within communities (e.g., trophic
cascades; [29]). Indeed, indirect interactions within communities are mediated by a combi-
nation of changes in species abundance and changes in species traits (e.g., behavior).
Because neonicotinoids are designed to target insects, they should have predictable direct
effects (e.g., mortality) and more difficult to quantify sublethal effects (e.g., reduced foraging
and activity) on predatory invertebrates [23,30]. Broadly, macroinvertebrates represent a
significant component of the biodiversity in many freshwater water systems (e.g., ponds,
wetlands, streams; [31]). Moreover, insects are a dominant predatory guild in lentic systems
that lack fish [32]. Using basic food web theory, we would predict that the elimination of
predatory insects or reductions in their foraging activity in a system will lead to a “top-
down” effect that indirectly increases the abundance of prey species [33-35]. By integrating
research across multiple ecological scales (e.g., individuals, populations, communities), we
can develop a broader understanding of how neonicotinoids can influence community
structure and function.

We combined laboratory and mesocosm experiments with field surveys to assess the
potential effects of neonicotinoids on wetland species. Our experiments focused on the neo-
nicotinoid clothianidin, which is a breakdown product of the widely used neonicotinoid
thiamethoxam but also used as an active ingredient. In fact, within the last decade, clothiani-
din has become the dominant neonicotinoid used in North America for many applications.
It is registered for use as a foliar insecticide and as a seed treatment for most annual crops
[2,3]. Given the shift from imidacloprid to thiamethoxam and clothianidin as the dominant
neonicotinoid active ingredients used in agriculture, there is a need to evaluate the risk that
these compounds pose to natural systems. To date, clothianidin toxicity testing for aquatic
species has been limited to a small number of aquatic invertebrates (e.g., Chironomus ripar-
ius, Mysidopsis bahia, Daphnia), with LCs, estimates ranging from 0.022 ppm to 119 ppm
[36,37]. Given the broad diversity of species, particularly invertebrates, that inhabit aquatic
systems, there is a need for studies that expand beyond traditional model species. Moreover,
the sublethal effects of clothianidin on aquatic taxa and the community-level implications of
typical exposures are largely unknown. In order to provide a baseline for further work in
aquatic systems, our experimental objectives were to assess the lethal and sublethal effects of
clothianidin to common wetland invertebrate (e.g., snails, insects, crustaceans) and verte-
brate (i.e. amphibian) species in the Upper Midwestern United States (Indiana), where the
use of clothianidin and thiamethoxam is as intensive as any region in the country [38]. To
assess lethal effects, we conducted toxicity assays (i.e. 48 h LCs tests). Additionally, we
examined the sublethal effects of clothianidin exposure on movement and foraging activity
(i.e. predation rates). Building upon results of our laboratory experiments, we conducted a
mesocosm experiment to examine the effects of clothianidin on aquatic communities with
different trophic structures (i.e. presence or absence of invertebrate predators). Finally, we
used a field survey to collect weekly soil and water samples across multiple sites in central
Indiana to determine the presence and environmental range of neonicotinoids on the
landscape.
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Methods
LCso tests

We examined the toxicity of the neonicotinoid clothianidin to 10 aquatic macroinvertebrates
and three larval anuran species using 48 hr LCs, (lethal concentration to 50% of organisms
exposed) tests. The scale of our tests and volumes of water required precluded us from using
technical grade active ingredient due to cost, and we used a formulated product, Arena 0.25%
granules (Valent Corp., Walnut Creek, CA), to formulate our concentration regimes. Given
that we used a commercial formulation of clothianidin, we cannot separate effects of the active
ingredient from those of inert ingredients. Information on each species, including number of
individuals used, is included in Table 1. All species were collected from ponds located near the
Purdue Wildlife Area (PWA), Aquatic Research Lab, and Martell Forest in West Lafayette, IN
U.S.A. between May and July of 2014 and 2015. After collection, the species were housed
indoors at the PWA-Animal Care Facility under a 14:10-h light:dark cycle for no longer than
48 h prior to experimental use. Animals were housed individually in 1-L plastic containers
filled with 0.5 L of UV-sterilized, filtered well water.

We conducted individual LCs, tests for each species. Because the species differed in body
size, we varied the size of our experimental units (10-1000 mL glass containers; Table 1). A
single individual was placed into each experimental unit for the tests. Because little was known
regarding the toxicity of clothianidin, we first conducted range-finding studies to determine
lethal concentrations for each species. Based on these studies, we selected 6 to 10 nominal con-
centrations for each species and each concentration was replicated 4 to 15 times based on the
availability of organisms (Table 1). In accordance with standard toxicity protocols, we did not
feed individuals during the 48-h tests [39]. Tests were conducted under a 14:10-h light:dark
cycle.

We prepared a stock solution of 300 ppm clothianidin using Arena 0.25% granules mixed
with filtered, ultraviolet-irradiated well water. The solution was filtered using Whatman GF/C
filters (90 mm) and stored in glass amber jugs for no more than 1 h before addition to the
experimental units. To achieve the desired nominal concentrations, we used micropipettes to
add stock solution to each container. Due to the small volume used in the experiments for the
damselfly nymphs and beetle larvae, we premixed concentrations using a serial dilution for
increased accuracy. We stirred the water in each experimental unit prior to the addition of the
animals. To quantify the insecticide concentration, a mock stock solution was prepared in a
glass amber jar and immediately taken for chemical analysis to determine preparation accu-
racy. The experimental units were monitored for mortality every 4 h for 48 h. We performed a
probit analysis using SPSS software to determine LCs, values and 95% confidence intervals.

Sublethal experiments with tadpoles

We conducted a laboratory experiment to explore the potential sublethal effects of clothianidin
exposure on tadpole behavior (i.e. activity). The focal species was the northern leopard frog,
Lithobates pipiens. The experiment consisted of a no-insecticide control or exposure to three
concentrations of clothianidin (0.25 ppm, 0.5 ppm, or 1 ppm). All stock solutions for the
experiments were prepared as described for the LCs tests. Each treatment was replicated five
times for a total of 20 experimental units. Our experimental units were 10-L plastic tubs filled
with 2 L of UV-sterilized, filtered well water. We added 10 tadpoles to each experimental unit
following the addition of the insecticide. Our behavioral observations were conducted by scan
sampling [40]. For each tub, we recorded the number of individuals that were active (e.g., tail
movement, movement through the water column). We conducted observations 30 min post-

PLOS ONE | https://doi.org/10.1371/journal.pone.0174171 March 23,2017 4/24


https://doi.org/10.1371/journal.pone.0174171

o @
@ : PLOS | ONE Clothianidin in aquatic communities

Table 1. Species and their respective experimental units and dosage concentrations. A single individual was assigned to each replicate.

Species Order Trophic position Container Volume (mL) Replicates Nominal concentrations (ppm)
Graphoderus fascicollis Coleoptera Predator 10 10 0, 0.001, 0.010, 0.25, 0.50, 0.100
Anax junius Odonata Predator 500 4 0,0.5,1,5,10,20
Lestes unguiculatus Odonata Predator 10 10 0,0.5,1,3,5,10
Plathemis lydia Odonata Predator 500 10 0, 0.05,0.5, 1, 10, 50
Belostoma flumineum Hemiptera Predator 110 8 0, 0.010, 0.050, 0.100, .250, 0.500
Hesperocorixa atopodonta Hemiptera Herbivore 100 10 0, 0.01,0.025, 0.05, 0.1, 0.3
Notonecta undulata Hemiptera Predator 100 10 0,0.01,0.025, 0.05, 0.1, 0.3
Orconectes propinquus Decapoda Predator 1000 10 0,0.5,0.15,0.3,0.5,0.6,0.9, 1, 5, 20
Physa acuta Pulmonata Herbivore 500 5 0, 327
Helisoma trivolvis Pulmonata Herbivore 500 5 0, 327
Hyla versicolor Anura Herbivore 500 5 0, 327
Lithobates clamitans Anura Herbivore 500 5 0, 327
Lithobates pipiens Anura Herbivore 500 5 0, 327

https://doi.org/10.1371/journal.pone.0174171.t001

dosage, 1 h post-dosage, and then every 12 h for 48 h. For each set of observations, we con-
ducted five scan samples for each tub and calculated the mean activity as our response variable.
We used repeated-measures analysis of variance (ANOVA) to assess treatment effects over
time using SPSS. We conducted mean comparisons using Bonferroni correction.

Sublethal experiments with predators

We conducted laboratory experiments to explore the sublethal effects of clothianidin exposure
on predator behavior (i.e. response to stimulus) and predator-prey interactions (i.e. predation
rates). The focal predator species in these experiments were crayfish, Orconectes propinquus,
and water bugs, Belostoma flumineum. All stock solutions for the experiments were prepared
as described for the LCs tests.

The feeding rate experiments consisted of a no-insecticide control or exposure to three con-
centrations of clothianidin. For crayfish, the three insecticide concentrations were 0.05 ppm,
0.1 ppm, and 0.2 ppm while the three concentrations for water bugs were 0.01 ppm, 0.05 ppm,
and 0.1 ppm. The experimental units were 10-L tubs filled with 2 L of UV-sterilized, filtered
well water. We added 10 snails (Physa acuta) and introduced a single predator to each experi-
mental unit. Clothianidin was added to the tubs immediately prior to predator addition. The
water was stirred to equally distribute the insecticide. We replicated each treatment six times
for the water bug experiment and 10 times for the crayfish experiment, resulting in 24 and 40
total units, respectively. We checked twice daily for the number of snails consumed and
removed dead snails from the tubs. The experiment was terminated after 4 d for the water
bugs and 8 d for the crayfish. Our response was the total number of snails consumed in each
experimental unit at the end of the experiment. We used ANOVA to assess the effects of
clothianidin on prey consumption using SPSS. We conducted mean comparisons using Bon-
ferroni correction.

We also examined the effects of clothianidin exposure on crayfish behavior. We used the
same experimental design described above with the exception that the experimental units were
2-L container filled with 1 L of water. Stimuli were introduced by approaching experimental
units, then touching the center of the cephalothorax using a disposable transfer pipette. A reac-
tion was measured as either an escape movement away from stimulus, or aggressive stance
towards the stimulus. This was performed 1 h post exposure, then every 24 hfor 7d (n =8
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total observations per individual). At the end of the experiment, we calculated the proportion
of observations with responses to the stimulus as the response variable. We used ANOVA to
assess the effect of clothianidin exposure on stimulus response. We conducted mean compari-
sons using Bonferroni correction.

Mesocosm experiment

We investigated the potential interactive effects of clothianidin and predation on aquatic com-
munities using a semi-natural mesocosm experiment. The herbivore trophic level consisted of
amphibian larvae, freshwater snails, and zooplankton. The predator trophic level consisted of
larval dragonflies (Anax junius), water bugs (Belostoma flumineum), backswimmers (Notonecta
undulata), and crayfish (Orchonectes propinquus). Dragonflies, water bugs, and crayfish were
selected because they will consume tadpoles and snails while backswimmers were selected
because they will consume zooplankton. Based on previous research with imidacloprid
[11,13,41], we expected the herbivores to be tolerant of clothianidin but the predatory insects
and crayfish to be sensitive to it. Thus, we predicted that clothianidin exposure would have
negative effects on predator survival and behavior, which would indirectly benefit herbivore
survival and growth. Moreover, we expected sublethal effects on predator behavior to be the
main driver of effects on herbivore responses at the low clothianidin concentration and lethal
effects to dominate at the high clothianidin concentration.

The experiment was conducted at the PWA in July 2014. We used a complete randomized
factorial design consisting of two predator treatments (presence or absence of invertebrate
predators) crossed with three nominal concentrations of clothianidin (0, 10, or 500 ppb). The
10 ppb treatment was selected to reflect clothianidin concentrations that have been detected in
water samples near agricultural fields [42] and expected to be sublethal to invertebrates. The
500 ppb treatment was selected to represent a worst-case scenario that would be potentially
lethal to predatory invertebrates. We replicated the six treatments nine times for a total of 54
experimental units. Our experimental units were 1200-L cattle tanks located in an open field
with no tree cover.

Between 17 and 19 June, we filled each tank with 595 L of well water and then covered the
tank with 70% shade cloth to prevent unwanted colonization of insects and amphibians. On 22
June, we added 20 g of commercial rabbit chow (Small World Complete Rabbit Feed) and 200
g of dry leaf litter (primarily Quercus spp.) to provide an initial nutrient source and refuges,
respectively. Additionally, we collected pond water from a local pond, removed all unwanted
macroinvertebrates, and added a 500-mL sample from the mixture to each tank. This sample
provided in initial source of algae (periphyton and phytoplankton) for the tanks. On 30 June,
we placed two 10 x 10 cm clay tiles (oriented vertically and facing north) in each tank. After
allowing seven days for algal populations to develop, we seeded each tank with a zooplankton
assemblage gathered from previously established mesocosms at our facility.

We assembled aquatic communities that are common across wetlands in our region
[43,44]. Our base community (no-predator treatments) consisted of two species of larval
amphibians (northern leopard frogs, Lithobates pipiens, and green frogs, L. clamitans) and two
species of freshwater snails (Helisoma trivolvis and Physa acuta). We collected eight egg masses
of northern leopard frogs from a local pond and reared the hatchlings in 100-L culture pools
filled with 70 L of well water covered with 70% shade cloth. Tadpoles were fed rabbit chow
until used in the experiment. We collected green frog tadpoles from a nearby wetland on 4 July
for use in the experiment. On 7 July, we added 20 northern leopard frog tadpoles and 10 green
frog tadpoles to each tank. The snail species were also collected from local ponds between 30
June and 4 July. On 7 July, we added 30 individuals of each snail species to each tank. Our
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predator species consisted of water bugs (B. flumineum; n = 5), backswimmers (N. undulate;
n = 5), dragonfly larvae (A. junius; n = 2), and crayfish (O. propinquus; n = 10) collected from
local ponds and reared in the laboratory until used in the experiment. The densities of all spe-
cies were within the range found in wetlands [43,44]. The predators were added to the tanks
on 7 July after the addition of the prey species.

The tanks were dosed on 7 July with 18.4 and 921 mL of clothianidin stock solution
(323 ppm) to achieve nominal concentrations of 10 and 500 ppb, respectively. The water in
each tank was gently agitated with a metal rod to distribute the insecticide throughout the
tank. A 200-mL sample was immediately collected from five randomly selected tanks in each
treatment. The five samples were mixed together and a 200-mL sample of the pooled sample
was removed for chemical analysis to determine the actual concentrations achieved in the
treatments (S1 Table). At day 0, actual concentrations were 5 ppb and 352 ppb for the 10 and
500 ppb treatments, respectively. We also note that clothianidin was detected in our well
water; the clothianidin concentration in our control tanks was 0.6 ppb. Given that the actual
concentrations were less than our nominal concentrations, we will refer to the actual concen-
trations below. Additionally, we collected water samples on day 21 of the experiment to assess
degradation of clothianidin over time; concentrations were 0.3, 1.5, and 77.6 ppb for the 0, 10,
and 500 ppb treatments, respectively. A mock solution was also made to determine accuracy of
stock solutions. All samples were stored in glass amber jars and analyzed within 24 h of collec-
tion at the Purdue University Bindley Bioscience Lab using a triple quadrupole (QQQ) liquid
chromatography/mass spectrometer (LC/MS).

During the experiment, we measured pH, temperature, conductivity, periphyton biomass,
phytoplankton (Chlorophyll a), and zooplankton abundance. Sampling methods and results
are presented in S1 Appendix, S2 and S3 Tables, and S1 and S2 Figs. The experiment was
taken down 21 d post insecticide exposure. Upon termination, we removed all of the amphibi-
ans, snails, and predators from the tanks. Individuals were euthanized and then preserved in
10% formalin (amphibians and snails) or 70% ethanol (predators). For each tank, we deter-
mined the number of surviving individuals for each species.

Predator mortality in our mesocosm experiment did not meet the assumptions of paramet-
ric analyses. Thus, we used a Kruskal-Wallis test to determine the effect of clothianidin on
overall predator mortality and the mortality of each predator species. We used generalized lin-
ear models (GLM) to test for the effects of predators, clothianidin, and the predator*clothiani-
din interaction on overall prey mortality and the mortality of each prey species. For significant
univariate effects, we conducted mean comparisons using Bonferroni correction.

Field survey

We conducted field surveys to determine neonicotinoid concentrations in soil and water sam-
ples from multiple sites in Tippecanoe Co., Indiana (Fig 1). We tested for the most commonly
used neonicotinoids in our area (acetamiprid, clothianidin, imidacloprid, and thiamethoxam).
TPAC, Box, and Marshall were agricultural sites whereas Martell Forest served as a reference
site. However, we note that Martell Forest is embedded within an agricultural landscape. Each
of these four sites has an associated stream or ditch that served as a location for our water sam-
ples. The PWA was selected because it contains wetland areas that would allow us to assess
neonicotinoid concentrations in lentic water bodies, including sites that served as sources for
our experimental animals. We conducted soil and water sampling at Martell Forest, TPAC,
Box, and Marshall. Sampling was performed at each site two weeks prior to planting and
weekly from two through eight weeks post-planting. For the two sites at the PWA, we only
conducted water sampling.
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Fig 1. Map of field sites and sampling locations in Tippecanoe Co., Indiana, U.S.A. For each site, the location of water (W) and/or
soil (S) samples is indicated. Our study sites were the Purdue Wildlife Area (PWA East Pond [40.452261°, -87.055185"] and PWA West
Pond [40.450746°, -87.052397°]), Martell Forest (40.435215°, -87.029180°), Throck Morton Purdue Agricultural Center (TPAC, [40.295857",
-86.899099°]), and the Purdue Animal Farm (Box [40.503325°, -87.026892°] and Marshall [40.492395°, -87.014538°]).

https://doi.org/10.1371/journal.pone.0174171.g001

For water samples, we randomly collected 100-mL samples from three different locations.
The three samples were pooled together into a 500-mL amber Nalgene bottle and frozen to
prevent degradation of compounds until processing. Once thawed, we removed 3 replicate
samples of 20 mL from each bottle for analysis. The samples were collected in amber vials to
determine neonicotinoid concentrations. The samples were first mixed with 10 pL of a 1-10
ng/pL analytical grade standards, then poured through Oasis Waters SPE cartridges, with 3 mL
of acetonitrile used to elute the sample prior to measurement. We then used QQQ LC/MS to
determine neonicotinoid concentrations. For each sample, the reported analytical results
are the mean of the three replicate measurements (see S1 Appendix for concentration
determination).
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Soil samples were collected from five randomly chosen locations in the fields near the water
collection sites. Soil cores were taken with the top six inches of topsoil removed. The five sam-
ples were mixed together to form a single sample and held in opaque paper bags and frozen
prior to analysis. In order to extract the neonicotinoids from soil, 5 g of soil was added to a
50-mL centrifuge tube along with 10 uL of a 1-10ng/pL analytical grade standards, 5 mL
ddH,0, 10mL CAN + 1%HOAC, in addition to 1 g of NaCl and 4 g MgSO,. The mixture
was hand shaken vigorously for 1 min, and centrifuged at 4,000 rpm for 5 min. Following
centrifugation, 1 mL of the supernatant was transferred to a Quechers dSPE Tube containing
PSA and MgSO,, vortexed for 1 min followed by 5 min of centrifugation at 15,000 rpm. The
resulting supernatant was transferred to a microcentrifuge tube and dried in a SpeedVac con-
centrator prior to analysis using QQQ mass spectrometry. Reported analytical results are the
mean of three replicate measurements from each sample (see S1 Appendix for concentration
determination).

Ethics statement

The Purdue Institutional Animal Care and Use Committee (IACUC) approved all animal hus-
bandry and euthanasia procedures (protocol #1304000846). Field permits for collecting ani-
mals were provided by the Indiana Department of Natural Resources, Division of Fish and
Wildlife.

Results
LCso tests

Our LCsg experiments revealed dramatic differences (several orders of magnitude) in the tox-
icity of clothianidin to aquatic invertebrates and vertebrates (Table 2, Fig 2). Survival curves
are presented in S3 and S4 Figs. In general, predatory invertebrates displayed high sensitivity.
Additionally, species within the same order (i.e. Hemiptera, Odonata) tended to cluster in
their LCs, values. Moreover, the hemipterans were more sensitive than the odonates to clothia-
nidin. The single member of the Coleoptera (Graphoderus) had the highest sensitivity to the
insecticide. For larvae of the three amphibian species (L. pipiens, L. clamitans, and H. versico-
lor) and the two snail species (P. acuta, H. trivolvis), we were unable to calculate LCs, values
because there was no mortality at the saturation point of formulated clothianidin (Arena) in
water (~327 ppm).

Sublethal experiments

There was no evidence that clothianidin influenced tadpole behavior (data not shown). While
there was a significant effect of elapsed time on tadpole activity (F3 43 = 5.6, P = 0.002), there
was no effect of clothianidin (F; ;¢ = 1.8, P = 0.197) or time*clothianidin interaction (Fg 43 =
1.3, P = 0.283). In the predation trials, we found that clothianidin exposure reduced the con-
sumption of prey by water bugs in a dose-dependent manner (F; 5 = 5.86, P = 0.005; Fig 3). At
the highest clothianidin concentration (0.1 ppm), there was a 62% reduction in prey consump-
tion compared to the control. In contrast, clothianidin exposure did not influence prey con-
sumption in crayfish (Fs 35 = 0.89, P = 0.445; Fig 4A). However, we did detect a significant
dose-dependent effect on their response to stimuli (F; 34 = 14.23, P = <0.001; Fig 4B). For
example, at the highest clothianidin concentration (0.2 ppm), there was a 70% reduction in
stimulus response compared to the control.
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Table 2. LCs, values and associated 95% confidence intervals for the invertebrate species that experienced mortality when exposed to

clothianidin.
Species LC5045.,, (Pppm)

Lestes unguiculatus 1.245
Anax junius 1
Plathemis lydia 0.865
Orchonectes propinquus 0.805
Belostoma flumineum 0.079
Notonecta undulata 0.059
Hesperocorixa atopodonta 0.056
Graphoderus fascicollis 0.002

& =The 95% CI could not be calculated because the treatments resulted in 0, 50 or 100% mortality.

https://doi.org/10.1371/journal.pone.0174171.t1002

Mesocosm experiment

95% confidence limit

Lower
0.572
a
0.306
0.509
0.052
0.035
0.039
0.001

Upper
2.11

2.133
1.462
0.107
0.107
0.082
0.005

Clothianidin exposure had significant effects on the total mortality of invertebrate predators
and the mortality of each species (> > 7.8, P < 0.02; S4 Table, Fig 5). Across all predator spe-
cies, predator mortality increased by 52% with 352 ppb of clothianidin compared to 0.6 ppb
(P =0.011). However, there was no difference between 0.6 ppb and 5 ppb or between 5 ppb
and 352 ppb (P > 0.071). When examining the individual predator species, we found that
Notonecta had high mortality in all treatments. However, there was still a significant increase
in mortality in the 352 ppb treatment compared to the 0 ppb treatment (P = 0.005). For Anax,
mortality was highest at 5 ppb but 50% lower at 0 ppb (P = 0.013) and 80% lower at 352 ppb
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Fig 2. LC5, values with 95% confidence intervals for select aquatic macroinvertebrates. The 95% ClI for

Anax could not be calculated because the treatments resulted in 0, 50 or 100% mortality.

https://doi.org/10.1371/journal.pone.0174171.g002
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Fig 3. Number of snail prey consumed by water bugs exposed to different clothianidin
concentrations. Treatments sharing letters are not significantly different from each other based on pairwise
comparisons (Bonferroni corrected P > 0.05). Data are means + 1 SE.
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(P =0.001), with no differences between 0.6 ppb and 352 ppb (P = 0.843). For Orconectes and
Belostoma, we found no significant difference between 0.6 ppb and 5 ppb (P > 0.056). How-
ever, mortality was greater in the 352 ppb treatment compared to the 0.6 ppb and 5 ppb treat-
ments (P < 0.026).

There were significant effects of predators, clothianidin, and their interaction on overall
prey mortality and the mortality of individual prey species (Fig 6, Table 3). Averaged across
the clothianidin treatments, overall prey mortality and the mortality of individual prey species
was 9 to 57% higher in the predator treatments compared to the no-predator treatments. In
contrast, clothianidin exposure decreased overall prey mortality and the mortality of individ-
ual prey species with the exception of L. clamitans. Averaged across predator treatments, prey
mortality was 10 to 25% lower at 352 ppb of clothianidin compared to 0.6 ppb. Lastly, we only
observed an interactive effect of predators and clothianidin on overall prey mortality and the
mortality of P. acuta. For both response variables, mortality was relatively low across the
clothianidin concentrations in the no-predator treatment. However, mortality in the predator
treatment was lower in the 352 ppb treatment compared to the 0.6 ppb and 5 ppb.

Field survey

We detected the neonicotinoids acetamiprid, imidacloprid, and clothianidin in 56%, 78%, and
81% of our soil samples, respectively (n = 32 total samples per chemical; Fig 7). The mean con-
centration of acetamiprid, imidacloprid, and clothianidin across all sites and sampling periods
was 2.8, 22.0, and 24.2 ppb, respectively. The maximum concentration of clothianidin, imida-
cloprid, and acetamiprid across all sites and sample periods was 176, 141, and 7 ppb, respec-
tively. Peak concentrations tended to occur 4 weeks post planting (S5 Table).
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We detected the neonicotinoids clothianidin, imidacloprid, and thiamethoxam in 96%,
90%, and 98% of our water samples, respectively (n = 48 total samples per chemical; Fig 8).
The mean concentration of clothianidin, imidacloprid, and thiamethoxam across all sites
and sample periods was 0.10, 0.02, and 302 ppb, respectively. The maximum concentration
of clothianidin, imidacloprid, and thiamethoxam was 0.67 ppb, 0.18 ppb, and 2,568 ppb,
respectively. In general, concentrations tended to peak 5 to 7 weeks post planting (S6
Table).
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Table 3. The results of ANOVAs on the mortality of all prey species combined and each individual species when exposed to a factorial combina-
tion of predators and clothianidin concentration. Bold P-values are significant at P < 0.05.

Source d.f.

Predator 1,29
Insecticide 2,29
Interaction 2,29

https://doi.org/10.1371/journal.pone.0174171.t003

Prey total L. pipiens L. clamitans P. acuta H. trivolvis
P F P F P F P F P
<0.001 282.9 <0.001 87.5 <0.001 238.0 <0.001 11.0 0.002
<0.001 3.9 0.032 0.3 0.734 18.7 <0.001 7.7 0.002
0.005 2.8 0.075 0.7 0.494 11.2 0.001 2.2 0.131
Discussion

Neonicotinoids pose a risk to aquatic systems due to their low soil binding, high soil persis-
tence, and high water solubility [45]. Using controlled laboratory experiments, we documented
that the neonicotinoid clothianidin has lethal and sublethal effects on wetland invertebrates at
field relevant concentrations. Using a community-level mesocosm experiment, we found that
clothianidin can reduce the abundance of predatory invertebrates, which indirectly benefits
clothianidin-tolerant herbivores in the community. Additionally, we detected four neonicoti-
noids in the vast majority of soil and water samples at field sites in close proximity to agricul-
tural lands.

Despite the increasing usage of neonicotinoids, toxicity tests with aquatic species have
largely focused on the older neonicotinoid imidacloprid [13,46-49]. We found wide variation
in the toxicity of clothianidin to the wetland species tested. The most sensitive species was Gra-
phoderus fascicollis (Coleoptera) with a LCsq value of 0.002 ppm. The current U.S. EPA Aquatic
Life Benchmark for clothianidin (acute exposure) and freshwater invertebrates is 0.011 ppm.
Yet, clothianidin has been detected in field samples as high as 0.043 ppm [42]. Given that the
sensitivity of G. fascicollis was an order of magnitude lower than the benchmark, future
research should consider including species beyond the typical toxicological models (e.g., Chir-
onomus riparius, Mysidopsis bahia, Daphnia spp.) in neonicotinoid risk assessment [50]. For
example, the acute toxicity of Daphnia magna, a common model for aquatic toxicology, to
clothianidin is 67 ppm [37], suggesting that they are remarkably tolerant compared to other
invertebrates. Indeed, cladocerans in general tend to display higher tolerance than other
aquatic arthropods to neonicotinoids [11,50,51]. We also found that species from the same
order displayed similar levels of sensitivity to clothianidin; the odonates had LCs, values
around 1 ppm while the hemipterans had LCs, values around 0.06 ppm. Previous studies have
observed phylogenetic relatedness as a predictive factor for toxicity among related species for
other contaminants (e.g. endosulfan, zinc, Bacillus thuringiensis toxin) [52-54]. Our results
provide support for the notion that phylogenetic relatedness may be useful for predicting tox-
icity of clothianidin and possibly other neonicotinoids in aquatic invertebrates. It is also
important to note that several neonicotinoids including clothianidin were detected at our wet-
land sites, which served as sources for several of our experimental animals. Recent research has
demonstrated that non-target aquatic species can evolve tolerance to insecticides (e.g., carba-
ryl; [55-57]). Thus, our toxicity values could be underestimates of toxicity for populations
without a history of neonicotinoid exposure. However, given the widespread neonicotinoid
contamination of surface waters in North America [8-10], our results are representative of
real-world scenarios.

We also tested two snail species (H. trivolvis and P. acuta) and three amphibian species (H.
versicolor, L. pipiens, L. clamitans) for their sensitivity to clothianidin. These species displayed
high tolerance to the chemical and no individuals died at the highest dissolvable concentration
tested (327 ppm). In general, freshwater snails appear to be highly tolerant to a diverse array of
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insecticides and herbicides [34,58-60]. It was also not surprising that tadpoles were tolerant to
clothianidin; neonicotinoids generally have low toxicity in vertebrates [49].

In addition to direct lethal effects, neonicotinoids have been shown to cause a diverse range
of sublethal effects on aquatic organisms including effects on feeding, movement, immunity,
growth, and development [14-21,48,61]. Using a subset of the species from the LCs, tests, we
found that sublethal clothianidin concentrations can alter behavior and foraging of predatory
invertebrates but not tadpoles. For water bugs, we found that clothianidin reduced the con-
sumption of snails with a ~62% reduction at the highest tested clothianidin concentration
(0.1 ppm). In the case of crayfish, we did not observe a similar effect on snail consumption.
However, we did observe a reduction in the response to external stimuli (i.e. physical agita-
tion). At the highest concentration of clothianidin (0.2 ppm), crayfish were 70% less responsive
compared to the control. For both species, we observed behavioral effects at 0.05 ppm, which
is within the range of concentrations detected in water samples taken from agricultural areas
[42]. Collectively, these results demonstrate that clothianidin can have sublethal effects on the
behavior of aquatic invertebrates, at environmentally relevant concentrations, and provide the
basis for future work that investigates potentially important sublethal behavioral effects.

While laboratory experiments documenting the toxicity of neonicotinoids are a critical step
in ecotoxicology, there is a need for research that explores the community-level and ecosys-
tem-level consequences of exposure, especially in aquatic systems. Community-level experi-
ments have been conducted with the earliest neonicotinoids, imidacloprid and thiacloprid
[15,23,27,62,63], but there is no similar work to report using clothianidin. Thus, we conducted
a semi-natural mesocosm experiment to explore the community-level effects of clothianidin
exposure. As expected, there was a 52% increase in predator mortality when exposed to
500 ppb clothianidin compared to the control. There was no effect on mortality at 5 ppb. How-
ever, there were differences in the response of each predator species to clothianidin. For
instance, water bugs and backswimmers were the most heavily affected; 100% mortality
occurred in the 352 ppb treatment. In contrast, crayfish displayed much higher tolerance to
the insecticide with only 35% mortality at the highest concentration. Dragonfly larvae experi-
enced over 80% mortality at 5 ppb but just 15% mortality at 500 ppb. However, we note that
our sample size for dragonfly larvae (n = 2 per tank) was relatively low. Although our experi-
ment included a dose (352 ppb) that was beyond what organisms typically encounter in the
field, they collectively reaffirm our predictions regarding the lethal effects of clothianidin at
different concentrations, which can be useful in assessing does-response relationships. Lethal
effects are admittedly a coarse measurement of insecticide effects, but they provide a founda-
tion for experiments investigating population-level effects upon key sublethal parameters such
as growth, feeding and reproduction.

In general, overall prey mortality followed our a priori predictions. In the absence of preda-
tors, prey mortality was low across clothianidin treatments (between 2% and 25%), which was
consistent with our toxicity trials with tadpoles and snails. In treatments containing predators,
prey mortality was dependent on the level of clothianidin; there was less prey mortality at
352 ppb clothianidin compared to the control and 5 ppb clothianidin treatments. This indirect
effect of clothianidin was likely mediated by a combination of direct lethal effects on the preda-
tors and sublethal effects on predator foraging behavior. While water bugs were eliminated
from the tanks at 352 ppb, a large proportion of the crayfish and dragonfly larvae remained.
Thus, the increase in prey survival at 352 ppb was likely mediated by direct mortality of water
bugs and sublethal effects on crayfish and dragonfly larvae foraging. In contrast to the 352 ppb
treatment, we did not observe significant changes in prey mortality at 5 ppb. Although dragon-
fly larvae experienced increased mortality in this treatment, the presence of water bugs and
crayfish appeared to compensate for the loss of this predator. Moreover, these results suggest
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that there were no sublethal effects on predator foraging at 5 ppb. Our data suggest that prey
species embedded within communities containing invertebrate predators can benefit from
neonicotinoid exposure; these results are not exclusive to neonicotinoids. Ecotoxicology exper-
iments using communities have observed an increase in herbivore survival as a result of preda-
tor elimination across a diversity of chemicals including neonicotinoids [21,27,33,48,64-67].
Zooplankton were the only group that were largely unaffected by our treatments. Acute toxic-
ity tests have generally demonstrated that many daphnid, cladoceran, and crustacean species
have high tolerance for neonicotinoids [37,50,61]. Moreover, the main zooplankton predator
(the backswimmer N. undulata) exhibited low survival across all treatments, which minimized
predator effects on their populations.

Over the course of the 2015 growing season, we monitored water and soil from sites in
Tippecanoe County, Indiana that were located near corn and soybean crops to capture the
seasonal variation of potential neonicotinoid exposure levels. Clothianidin, imidacloprid,
and acetamiprid were detected in soil samples while clothianidin, imidacloprid, and thia-
methoxam were detected in water samples. There was broad variation in the detected
clothianidin concentration (0 to 176 ppb) in our soil samples. Likewise, the mean and maxi-
mum concentration of clothianidin in our water samples was 0.10 ppb and 0.67 ppb, respec-
tively. While imidacloprid has been the focus of most field studies, there are a growing
number of studies that have expanded to include clothianidin especially in surface waters
[10,13,42,68-71]. Hladik et al. [68] detected levels of clothianidin as high as 0.0257 ppb in
the midwestern U.S., and higher concentrations up to 3.1 ppb were found in the prairie pot-
hole region of Canada [10]. However, Schaafsma et al. [42] detected up to 43 ppb of clothia-
nidin in standing water within agricultural fields in Canada. Interestingly, we detected
acetamiprid in soil samples but not water samples while the reverse was observed for thia-
methoxam. Given that the concentration of acetamiprid in the soil samples was relatively
low, it is possible that this insecticide degraded below detectability for our water samples. We
detected high concentrations of thiamethoxam in our water samples (mean = 302 ppb,
maximum = 2,568 ppb), which is likely due in part to the very high water solubility of this
compound [72]. The concentrations we report here are significantly higher than the U.S.
EPA Aquatic Life Benchmark (acute exposure) for freshwater invertebrates (17.5 ppb). Inter-
estingly, this insecticide was not detected in our soil samples. For thiamethoxam that is not
washed into surface waters, it is possible that soil microorganisms degrade the chemical to its
metabolite clothianidin. This may explain the wide range of clothianidin concentrations
detected in our soil samples. Moreover, because clothianidin is the toxic metabolite of thia-
methoxam, our results suggest that the actual clothianidin concentrations that organisms
will encounter is likely to be underestimated by focusing on clothianidin concentrations
alone. However, more research is needed to determine the factors contributing to these field
concentrations in our study area. Overall, we detected neonicotinoids in >90% of our water
samples. Thus, our study adds to the growing evidence that neonicotinoids are ubiquitous
contaminants in surface waters [8,11,42,68].

Benthic invertebrates play an important role in energy flow and nutrient cycling in
aquatic systems [73]. Consequently, chemical contaminants that enter these systems have
the potential to alter community structure and ecosystem function. Our results demonstrate
that the neonicotinoid clothianidin can have lethal and sublethal effects on aquatic inverte-
brates. While more work examining other neonicotinoids is necessary to assess generality,
our work combined with existing studies suggest that the most widely used compounds in
this insecticide class have the potential to significantly alter aquatic communities, highlight-
ing the need for more research into the community- and ecosystem-level consequences of
exposure [74].
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1. Introduction

ABSTRACT

Small streams in agricultural landscape can experience short and repeated pulses of fluctuating pesti-
cide concentrations. A single pesticide pulse may not have adverse effects on macrozoobenthos species
but repeated pulses may have, especially if the organisms have not yet fully recovered when the sec-
ond pesticide pulse occurs. Against this background, a comprehensive indoor stream mesocosm study
was carried out in order to evaluate the cumulative effects of repeated insecticide pulses on a macro-
zoobenthos community. Weekly 12 h pulses of 12 pg/L of the insecticide imidacloprid were set 3 times
in 4 stream mesocosms in 2 series, one in spring and one in summer. Another 4 mesocosms served
as controls. Prior to each pulse series, the mesocosms were stocked with macroinvertebrates from an
uncontaminated reference stream using straw bags as attraction devices. The straw bag method proved
suitable for establishing a functional macroinvertebrate community in the stream mesocosms. The cad-
disfly species Neureclipsis sp. reacted immediately and most sensitively after a single imidacloprid pulse
whilst insect larvae such as ephemerids and dipteran larvae were negatively affected only after repeated
imidacloprid pulses. Effects on insect larvae were more pronounced in the summer series most likely
due to increased temperature. Abundance was a less sensitive endpoint than sublethal endpoints such
as emergence. The results of the study underline that pulse effects are driven by a number of variables
like pulse height, pulse duration, number of pulses, time in between pulses and by the species and live
stage specific ability of temperature dependent detoxification which all should be taken into account in
the risk assessment of pesticides.

© 2011 Elsevier B.V. All rights reserved.

than creeks or small streams which are more typical for agricul-
tural landscapes (Kreuger and Brink, 1988; Cooper, 1993). However,

By the end of 2010, the new EU (European Union) pesticide
directive 2009/128/EC became effective (EC, 2009; http://www.
eppo.org/PPPRODUCTS/information/2009_0128_EU-e.pdf). As in
the former directive, pesticide risk assessment is based on the
toxicity/exposure ratio calculations in order to protect non-target
organisms. For estimating the predicted environmental concentra-
tion (PEC) of pesticides, which may reach surface waters via run-off,
spray drift, or drainage after intended pesticide application, a stan-
dard model aquatic ecosystem of 0.3 m depth and 1 m width is
used as supposed worst case scenario. This scenario simulates lit-
tle ponds and ditch-like water bodies adjacent to the field rather
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negative effects of pesticide pulses on aquatic organisms in lentic
water bodies may turn out less pronounced in streams compared
to ponds due to steady dilution by flow and the resulting shorter
exposure time. In the FOCUS scenario for surface waters (FOCUS,
2001), models were developed to assess a more realistic exposure
scenario for different stream types in Europe. The FOCUS surface
water scenarios are a set of ten standard combinations of weather,
soil and cropping data, and water bodies, which represent the entire
range of agriculture in the EU for concentration estimates in step 3
EU-level assessment.

Whilst repeated applications in the same crop or field are
assessed under FOCUS, the cumulative risk caused by the applica-
tion of pesticide mixtures or repeated pesticide applications caused
by different farmers in the same catchment area are not considered
by both FOCUS and the new directive pesticide 2009/128/EC. In par-
ticular, exposed stream sections may experience repeated pesticide
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pulses, which may be of short duration but with high pesticide
concentrations (Liess, 1994; Kreuger, 1998; Reinert et al., 2002;
Schulz, 2008). A single short-term pulse may not have adverse
effects on certain species but repeated short pulses may have, espe-
cially if the toxicokinetic and elimination process of the pesticide
body burden takes longer than the time interval between pulses
(McCarty and Mackay, 1993; Escher and Hermens, 2002; Ashauer
et al.,, 2010a). After a single pulse, an organism may not die, but
may experience reduced health, which is hard to detect with rou-
tine sampling methods. If the organism has not yet fully recovered
whilst the second pesticide pulse occurs, an amplification of neg-
ative effects on health is likely (Ashauer et al., 2010a). Several
models (e.g. toxicokinetic, toxicodynamic) have been developed
so far to explain and predict effects of pulses or fluctuating toxi-
cant concentrations on the individual level (McCarty and Mackay,
1993; Reinert et al., 2002; Escher and Hermens, 2004; Ashauer
et al., 2007, 2010a; Jager et al., 2011). However, models still need
experimental validation especially if it is intended to extrapolate
to the community level including complex interactions and indi-
rect effects. In this context, stream mesocosms are a good tool to
study effects at the community level (Kosinski, 1989; Brock et al.,
2010).

In 2009, the Federal Environment Agency of Germany con-
ducted a stream mesocosm study in order to investigate the effects
of short and repeated pulses of the insecticide imidacloprid on
macroinvertebrate communities. Imidacloprid was chosen as ref-
erence substance since it is repeatedly applied to various crops in
the course of the vegetation period (EC, 2008; BVL, 2011), it has a
high potential for run-off due to its high water solubility (Armbrust
and Peeler, 2002; CCME, 2007), and induces macroinvertebrate
drift (Beketov and Liess, 2008). The neonicotinoid imidacloprid
is applied as a soil and foliage treatment, and as seed dressing
depending on crop (Tomlin, 2000). Imidacloprid acts by disrupt-
ing nicotinic acetylcholine receptors in the insect central nervous
system (Buckingham et al., 1997; Fossen, 2006). It is highly toxic to
midges (Overmyer et al., 2005; CCME, 2007; Stoughton et al., 2008)
and mayflies (Alexander et al., 2007). It is mainly used against suck-
ing insects and applied on fruit and vegetables but is also used for
lawns and gardens, in stables, and against pet lice (CCME, 2007).
Fossen (2006) estimated concentrations up to 36 wg/L for acute
surface water exposure. However, a maximum concentration of
320 p.g/Limidacloprid was measured in surface waters (Jemec et al.,
2007; Tennekes, 2010a) and up to 6.7 g/Lin ground water (Fossen,
2006).

Two application series (spring and summer) of 3 successive 12 h
pulses of imidacloprid were run in highly controlled indoor stream
mesocosms (Mohr et al., 2005) to simulate repeated imidacloprid
application. The objectives were to investigate (i) if repeated short
term low-level insecticide pulses may have cumulative effects on
macroinvertebrate abundance and emergence, (ii) if the effects in
a stream model ecosystem differ from those obtained in existing
static mesocosm tests (iii) if a risk assessment based on results
from pond mesocosms is also protective for a stream scenario,
and (iv) if there is a difference in effects between a spring and a
summer community. Effects on summer populations may be differ-
ent due to higher temperature and different community structure
(Brock et al., 2010). For this purpose, macrozoobenthos communi-
ties from a reference site were transferred to the mesocosms by
using straw bags as attraction devices. This method was evaluated
for its suitability in mesocosm studies concerning stocking success
and synchronism of macroinvertebrate development in the stream
mesocosms after stocking. In this paper, only effects on community
structure and insect emergence under stress of insecticide pulses
are reported. A second paper will address effects of imidacloprid
pulses on macroinvertebrate behaviour and drift response (Riidiger
Berghahn, Umweltbundesamt, personal communication).

2. Methods
2.1. Experimental design

Eight indoor stream mesocosms were equipped with sediment,
water, macrophytes, plankton and macroinvertebrates in order to
investigate effects of insecticide pulses. Macroinvertebrates were
introduced from a reference stream into the mesocosms using
straw bags as attraction and transport devices. The mesocosms
were stocked with macroinvertebrates in spring and re-stocked
in summer, respectively, prior to the start of the two pulse series
(spring and summer, Fig. 1).

Each pulse series consisted of three successive 12h pulses 1
week apart with the insecticide imidacloprid and was conducted
in 4 stream mesocosms. Four further mesocosms served as con-
trols. For all six 12 h pulses, the same concentration of 12 p.g/L was
chosen (Fig. 1). This concentration is within the range of measured
environmental concentrations of imidacloprid in surface waters
(CCME, 2007) and in line with predicted environmental concentra-
tions from the prospective regulatory risk assessment. According
to FOCUS STEP3 and 4, the highest global maximum PEC is 8 pg
active substance/L after correct use of a product containing 200 g/L
imidacloprid on apple trees using the FOCUS scenario R3 stream
(Bologna, Italy; FOCUS, 2001). This scenario was chosen in order
to simulate a stream in agricultural landscape, which experiences
pesticide entries via run-off or spray drift events. For the experi-
ment at hand, the scenario was extended by the assumption that
the same active substance is applied on several fields within a time
slot of 3 weeks, resulting in successive exposure peaks in the model
stream. The reference insecticide imidacloprid can be applied dur-
ing the whole season depending on pest and crop (CCME, 2007;
BVL, 2011).

2.2. Stream mesocosms

The research was carried out in indoor stream mesocosms,
which are part of the artificial pond and stream system
of the German Federal Environment Agency (UBA, 2011,
http://www.umweltbundesamt.de/wasser-und-gewaesserschutz-
e/fsa/index.htm). Eight 75 m long and 1 m wide stream mesocosms
were filled with washed sand from a gravel pit and fine sediment
from an uncontaminated lake (Schmachter See, Mecklenburg
Western Pommerania, Germany) up to a height of 0.2 m. Then, the
mesocosms were filled with a mixture of well water and deionised
water up to a water depth of 0.2 m. Four pool sections of 300 cm
length and 120cm width were stocked with the macrophyte
species Sparganium erectum. Fluorescent tubes (OSRAM LF72)
provided light in the pools for 14 h/d at a mean light intensity of
70001x (~120 wE/m? s) at the water surface. Riffle sections were
only indirectly illuminated by diffuse natural light in order to
simulate shaded areas. The stream mesocosms were operated in a
circular mode at a current velocity of 0.1 m/s. For more information
and technical details of the stream mesocosm system see Mohr
et al. (2005, 2007).

2.3. Reference stream

Prerequisite for the choice of the reference stream was that
the stream had to be more or less unpolluted and morphologi-
cally similar to the stream mesocosms concerning width, sediment
characteristics, water depth, and water temperature regime. The
choice was made for the sublacustrine reference creek Barolder
FlieB (Brandenburg, Germany), since some sections were sand
dominated, macrophyte rich, partly shaded and the water temper-
ature in summer may reach up to 25°C (Hensel and Kiel, 2006).
According to the German water quality categories (Berghahn,
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1997) of the Ldnderarbeitsgemeinschaft Wasser und Abwasser
(LAWA) The Barolder FlieR is classified I-1I (oligo- to slightly
[3-mesosaprobic) and its structure graded category IIl (moder-
ately modified, LAWA, 2000) by the environmental authorities
of the federal state of Brandenburg. The section, in which the
straw bags were placed, was 400 m downstream of the effluent
of Lake Mochow and was in the vicinity of hay meadows and
farmland.

2.4. Colonisation period and transfer of straw bags to the stream
mesocosms

Polyethylene bags (30 cm x 20 cm, mesh opening 6 mm) filled
with 100 g of loose organic straw (triticale, Fa. Maerkische Biofut-
ter) served as attraction devices for macrozoobenthos. Prior to the
filling of the bags, the straw was pressed in order to break and crease
long straws.

In total, 154-158 straw bags tied to bamboo sticks were exposed
in the Barolder Fliefd in late March and again in late May 2009.
The bags were evenly distributed over a 100 m long section of the
creek. After 2 weeks of exposure the straw bags were removed
from the stream bed using a fine meshed dip net (mesh open-
ing 300 wm). Then, each bag was put separately in a fine meshed
cover bag and transported cool and humid but not wet (Engelhardt
et al., 2008) to the experimental site, since a pilot study had
revealed that mortality is <0.5% under these conditions (unpub-
lished data). Transport duration to the experimental site was
about 2 h. Eight bags were immediately fixed in 96% ethanol for
determination of both the colonisation success and the estima-
tion of initial abundance of macroinvertebrates in the mesocosms.
Later the straw in these bags was carefully rinsed with tap water
and the remaining macrozoobenthos was stored in 80% ethanol.
For macrozoobenthos stocking, the remaining 144 straw bags
were evenly distributed over the artificial streams (18 bags per
stream).

On the next day, 80cm wide and x10cm deep cross-drains
were formed with a wooden plank at 1m intervals on the bot-
tom of each stream. The straw bags were opened and emptied
to allow the loose straw to evenly disperse over the sediment
area in the stream mesocosms. Thus, the straw accumulated in
the cross-drains and produced a 3rd stratum besides the meso-
cosm walls and sand bottom, which was akin to foliage and
vegetation.

2.5. Simulation of insecticide pulses

For pulse simulation, 1 treatment and 1 control stream per
day were dosed simultaneously in the early evening (8 pm CET)
employing multi-channel tube pumps. In the treatments, the
imidacloprid stock solution was mixed by strong aeration 1m
downstream of the tube pump inlet. The controls were pulsed with
the fluorescent nontoxic tracer substance uranine only (Peeters
etal., 1996). The tracer was used in order to check complete mixing
of imidacloprid in the stream mesocosms by means of a SCUFA flu-
orometer. The next morning, after 12 h, both streams were flushed
with 30m?3 of water of similar quality and temperature as in the
streams in order to completely remove the contaminated water
body. Fine meshed nets (mesh size 1 mm) prevented the fauna from
passing into the effluent. The entire dosing and flushing procedure
was repeated with the remaining pairs of streams on the 3 fol-
lowing days. The scenario for each stream was 1 pulse per week
for 3 weeks in 2 series (spring and summer, Fig. 1). Contaminated
water was pumped into the sun-exposed outdoor stream meso-
cosms and stored for discharging until complete disappearance of
imidacloprid in water by photo-degradation.

2.6. Sampling and macroinvertebrate determination

Within the investigation period of 11 weeks, quantitative emer-
gence and benthos samples were taken at 10 occasions. More than
5% of the water surface of each mesocosm at 4 different locations
was covered with 4 emergence traps of 1m? and 1.4mm mesh
opening, each of which was equipped at the open top with a dimly
lit plastic beaker filled with a mixture of ethanol, distilled water,
glycerine, acetic acid, and detergent. The emergence traps were
emptied and refilled with fixation solution once a week.

Benthos sampling consisted of 5 wall samples, 5 sand samples,
and 5 straw samples per sampling date and stream mesocosm,
which were pooled for each stratum and each stream separately.
Samples were taken once a week on 5 occasions after the first and
after the second stocking series. The walls of the stream mesocosms
were randomly scraped at 5 positions with a modified kick-sampler
(opening: 30cm) and the catch fixed in 80% ethanol. Prior to the
weekly bottom sampling, the % straw coverage was mapped for
each 30 cm stretch of the sand covered part in the stream meso-
cosms in order to determine the sand to straw area relation for
determination of total abundance.

The screw pumps were stopped prior to benthos sampling.
Sand and straw samples were then taken by means of a Plex-
iglass tube of 18.7cm inner diameter, which was plunged into
the sediment. After collecting the enclosed straw and stirring up
the upper sediment layer of 1 cm by hand, the supernatant water
was immediately siphoned and filtered through a 500 pm net. For
this suction sampling, an especially designed low-pressure device
operated by a double stroke hand piston pump (2 x 3000 cm3 Sun
& Sea, Simex Sport, Nettetal-Kaldenkirchen, Germany) was used.
The residual water in the plexiglass tube was sampled with a
spoon net (mesh opening 400 wm) for larger animals and remains
of straw. In test trials, this method had proven to quantitatively
extract both infauna and epifauna, since the smaller animals were
unable to resist the suck and large positive rheotactic animals like
adult gammarids could easily be detected and caught in the resid-
ual water of the plexiglass tube with the spoon net. The straw
pool samples were fixed in 96% ethanol since there was remain-
ing water in the straw. All other samples were fixed in 80% ethanol
and stored for species determination and counting under the
stereoscope.

Prior to straw sample analysis, the major part of the straw
was removed by carefully rinsing the animals out of the sam-
ples with tap water. Only for the fixed straw bags exposed in the
Barolder Flief3, fixed samples were divided with the help of a sample
divider (Meier et al., 2006) into one fifth to one sixth of the sample.
All macroinvertebrate samples were counted under a stereoscope
(Zeiss, Jena). Each specimen was identified to the species level if
possible, or to genus or family level.

After the 1st imidacloprid pulse of the summer application
series, before and after flushing the streams with uncontaminated
water, noticeably fewer gammarids were observed in the sand
areas of the treatments as compared to the control systems. For
that reason, live counts of larger gammarids in distinct sandy ref-
erence areas of the mesocosms were conducted repeatedly until
the end of the experiment. In addition, the large visible trumpet
shaped filtration nets produced by the trichopteran Neureclipsis sp.
were counted prior to the second application pulse series directly
after new stocking with macroinvertebrates in the summer.

2.7. Imidacloprid analysis

Water samples for imidacloprid analysis were taken after com-
plete mixing of the water body 11.5 h after setting the pulses. The
efficiency of flushing was checked with water samples, which were
taken 1d after flushing out the contaminated water.
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Fig. 1. Imidacloprid pulse scenario and sampling scheme. Imida: imidacloprid treatments.

Imidacoprid was extracted from water samples using a
solid phase extraction (SPE) column of modified polystyrene-
divinylbenzene resin (ENV + 200 mg/6 mL, IST Biotage). Derivatisa-
tion of imidacloprid for gas chromatographic-mass spectrometric
(GC-MS) analysis was performed with pentafluorobenzoyl chloride
(CAS-No. 2251-50-5) instead of hepta-fluorobutyric anhydride and
pyridine as has been reported by MacDonald and Meyer (1998).
Imidacloprid-D4 was used as internal standard, squalane (CAS-
No. 111-01-3) and dibromo octafluoro biphenyl (DBOFB, CAS-No.
10386-84-2) served as volume control standards. Analysis of the
derivatised extracts was performed using a GC-MS system HP
6890/5973 (Hewlett-Packard) equipped with a split-splitless injec-
tor (250°C), a 50 m capillary column, i.d. 0.25 mm coated with a
0.25 pm film of 95% polydimethyl siloxane and 5% of phenyl silox-
ane (CP Sil 8 CB, Varian). The transfer line was at 280 °C, carrier gas
was helium in the constant flow mode. The mass chromatograms
m/z 405, 407, and 212 for imidacloprid, and these of 409, 411, and
216 for imidacloprid-D4 were monitored in the selected ion mode
(SIM).

2.8. Statistical analysis

The principal response curves (PRC) ordination technique was
used to evaluate the effects of the imidacloprid pulses on the
macroinvertebrate community in the stream mesocosms (Van den
Brink and Ter Braak, 1998, 1999). Imidacloprid treatment effects
are expressed as deviations from the control, so that the con-
trol becomes a straight line over time (see Fig. 8). The canonical
coefficients express the part of the variance in community struc-
ture, which can be attributed to treatment (shown on the y-axis,
see Fig. 8). By plotting the community-level multivariate response
against time (x-axis), treatment effects are separated from tem-
poral changes in community structure. Calculated species weights
can be interpreted as the affinity of the taxon to the principal
response curve. In the redundancy analysis for each sampling date
the data were permutated to test the statistical significance of the
treatment effect on the species composition for each sampling day

(Monte Carlo permutation test). For general concepts of PRC analy-
sis and Monte Carlo permutations see Van den Brink and Ter Braak
(1999). The analysis was performed using CANOCO for Windows
(Biometris, version 4.5).

The counts per taxon in the pool samples from the 3 different
strata of the weekly population census were related to the area of
the corresponding stratum. Due to reduction of straw by sampling
and decomposition, the area covered by sand and straw had to be
newly determined by mapping prior to each benthos sampling date.
Differences between treatments and controls were tested for sig-
nificance at the 5% level with the nonparametric median test, which
tests the null hypothesis that the medians of the populations from
which two samples are drawn are identical.

3. Results

3.1. Colonisation success of the straw bags and the stream
mesocosms

In spring, mean colonisation per straw bag was 2432 +419
individuals with dipterans being the dominant group followed by
crustaceans. Crustaceans, however, were dominant in the bags after
the summer colonisation period with more than 50% of the mean
total individuals of 4921 + 542 (Fig. 2). Variation in the colonisa-
tion success between bags was relatively low for highly abundant
taxa and as expected higher in rare taxa (Fig. 2). Coefficients of
variation (CV) were 40% and 31% for crustaceans, 33% and 43% for
ephemerids, 30% and 56% for trichopterans, as well as 14% and 32%
for dipteransin spring and summer, respectively. In case of rare taxa
CV exceeded 300%. All functional groups were present (Fig. 3). The
communities changed from collector gatherer dominance in spring
to shredder dominance in summer with over 50% of the total abun-
dance each (Fig. 3). The percentage of predators was about 10% in
both spring and summer colonisation period.

At the beginning of the experiment, 18 bags with about
2400 individuals per stream mesocosm were introduced, which
resulted in an initial abundance of about 1000 individuals/m?2.
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standard deviation.
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Fig. 3. Occurrence of macroinvertebrate functional feeding groups in the straw bags
during spring and summer exposure.

During the second stocking in summer twice the amount of
macroinvertebrates was introduced (Fig. 4). Overall, a total of 48
taxa were identified in the stream mesocosms. Species-richest
group were dipterans with at least 9 taxa (depth of identification
to subfamily level) and trichopterans with 7 taxa.

The first macroinvertebrate sampling after the straw bag intro-
duction revealed a population increase for gammarids by a factor
4.5 and 1.3, respectively. In contrast, populations of insect larvae
decreased by a factor 3 and 3.6 respectively (Fig. 4). Population

Population development in the control streams
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Fig. 4. Population dynamics of different macroinvertebrate groups in the control
stream mesocosms (n=4). Symbols, which are not linked, indicate the abundance
of introduced macroinvertebrates via stocking from the straw bags. Bars indicate
standard deviation.

Table 1
Mean imidacloprid concentrations (n=4) in water during the 12 h pulse and 1 d after
rinsing with uncontaminated water.

Pulse Imidacloprid (pug/L)
During pulse After pulse

P1 12.02 + 0.49 0.08 + 0.020
P2 12.09 + 0.61 0.10 + 0.004
P3 11.58 + 0.54 0.07 + 0.007
P4 11.25 £ 0.75 0.08 + 0.005
P5 11.12 + 0.68 0.08 + 0.007
P6 11.42 + 0.69 0.08 + 0.017

dynamics in the 4 control streams were relatively synchronous
(Fig. 4). The CV ranged from 14% to 50% for gammarids (mean 31%),
16% to 141% (mean 74%) for ephemerids, from 6% to 102% (mean
37%) for Tanypodinae and from 9% to 89% (mean 46%) for total
insects. Higher CVs were generally found for taxa with decreasing
abundance such as Tanypodinae and especially ephemerids.

3.2. Effects of imidacloprid pulses

It was intended to dose the stream mesocosms with 12 pg/L
imidacloprid. This concentration was achieved in the first series
(P1-P3), but concentrations in the second series were slightly
lower (Table 1). One day after rinsing out the contaminated water,
imidacloprid concentrations were 0.1 pg/L at most (Table 1). The
measured low concentrations of the tracer uranine confirmed these
findings.

The principle response curve analysis of the macroinvertebrate
abundance data was not significant (p=0.78) and showed only
very weak treatment effects (variance of treatment: 5.2% of total
variance; data not shown). Nevertheless, the species weights (b
values) representing the affinity of species to the PRC, identified
taxa, which may have been affected by the imidacloprid pulses. Bk
values were highest for Tanypodinae and for Baetis sp. (BK=2.74
and 1.64). Indeed, significant differences between controls and
treatments were found for Tanypodinae at the end of the second
pulse series (Fig. 5d). Abundance data indicated stronger effects in
the second series of 3 pulses at higher water temperatures.

In general, the number of taxa decreased over time in both
controls and pulse treatments of both pulse series (Fig. 5a). This
species loss was mainly due to the emergence of dipterans, which
formed the dominant group in the mesocosms (Fig. 5c and d). Non-
emerging macroinvertebrates such as gammarids increased in the
course of the study or the abundance remained constant (Fig. 5b).
On the basis of the population count data alone, no pulse effects
on taxa numbers and gammarid abundance were evident in both
pulse series. Development was rather synchronous in all 8 stream
mesocosms (Fig. 5b).

Live counts revealed considerable changes in abundance of large
gammarids directly after the 5th pulse, with 374+ 127 ind/m? in
the controls and 16+ 10ind/m?2 in the pulsed stream mesocosms
(Fig. 6). Just before the 6th pulse, the numbers in the treatments
had increased again and almost reached the level of the controls.
The same pattern was observed after the 6th pulse (Fig. 6). The live
count results for large gammarids were in good accordance with
the abundance data obtained from the sampling of straw, sand and
wall (day 70 control-live counts: 495 + 144 large gammarids/m?,
control-abundance data: 409 + 58 large gammarids/m?).

Regardless of the slightly lower number of Neureclipsis nets in
the treated streams compared to the controls prior to the 4th pulse,
the strong decline of nets in the treated mesocosms directly after
the 4th pulse was evident (Fig. 7). The animals have to take care
of the fragile nets constantly. An abandoned net would quickly
be destroyed by drifting organisms or detritus. Therefore one net
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Fig. 5. Response of the macrozoobenthos taxa in the controls and treatments (n =4) over the experimental period. All data in log scale except 1(a). (a) Number of taxa during
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indicate date of pulses. Bars indicate standard deviation.

can be equated to one animal (Hiinken and Mutz, 2007). In con-
trast to the large gammarids, recovery, which would in this case
have been indicated by the re-building of nets, was not observed
(Figs. 6 and 7).

Overall, the amplitude of the PRC curve (cdt values) for emerged
insects was very low indicating only slight effects at the population
level (Fig. 8). Nevertheless, the PRC analysis revealed significant dif-
ferences in emergence between controls and treatments after the
4-6th imidacloprid pulse. A similar pattern was observed for the
first pulse series but differences were not significant. The by val-
ues indicate negative effects of imidacloprid on Tanypodinae indet.,
Tanytarsini indet., and Baetidae indet., whilst a positive effect was
detected for Ortocladiinae indet. (negative by value).

Accordingly, emergence of these taxa was significantly higher
in the controls than in the treatments (Fig. 9). Ephemerids showed
the strongest effects (Fig. 9d) with no emergence in the treatments

during the first pulse series and significantly reduced emergence
from 4th pulse on. For both, ephemerids and Tanypodinae no emer-
genceonday 70inthe treated streams occurred whereas it was high
in the controls.

4. Discussion

4.1. Imidacloprid effects on the stream macroinvertebrate
community

Repeated pulses of environmentally relevant concentrations
of imidacloprid had adverse effects on the macroinvertebrate
community in the stream mesocosms. Especially for the end-
point emergence, insect larvae such as Tanypodinae, Tanytarsini,
Ephemeroptera (mainly Caenis sp. and Baetis sp.), and the caddis-
fly Neureclipsis sp. reacted sensitively to the repeated imidacloprid
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pulses. Neureclipsis sp. was the most sensitive organism in the
stream mesocosms. The silky, fragile nets of Neureclipsis sp. are
essential for food up take (Petersen et al., 1984) and the lack of
net rebuilding directly after the pulse of imidacloprid most likely
indicated the death of Neureclipsis larvae. The larvae could also
have emerged earlier but emergence data did not show such an
effect. Neureclipsis sp. is a holarctic passive filter feeder and can
play a major role in some ecosystems reaching densities >1000
animals/m? (Hiinken and Mutz, 2007). It is adapted to slow currents
and builds its net on rooted aquatic vegetation (Hoffsten, 1999;
Hiinken and Mutz, 2007). The species is bivoltine and therefore
has some potential for recolonisation. However, as imidacloprid
can be applied over the whole vegetation period and short term
effects were very strong, this species is most likely endangered at
environmentally relevant imidacloprid concentrations.

The fact that mayflies, dipterans, and caddisflies were the most
sensitive species in this study is also underlined by laboratory
findings. In laboratory toxicity tests, the most sensitive species to
imidacloprid was the mayfly Epeorus longimanus (late instars) with
an ECsg (96 h) of 0.65 pg/L (Alexander et al., 2007). For the midge
Chironomus tentans a LOEC of 1.24 pg/L active ingredient (ai; CCME,
2007)and an ECsg (96 h) of 5.75 g/L ai was found (Stoughton et al.,
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Fig. 7. Total net counts of the trichopteran Neureclipsis sp. in the control and pulse
exposure treatments for the summer pulse series till the end of the investigation
period (n=4). Arrows indicate date of pulses. Bars indicate standard deviation.

2008). ECsq values were in same range for larvae of the black fly
Simulium vittatum (ECsg (48 h): 6.75-9.54 p.g/L ai; Overmyer et al.,
2005) and for the oligochaete Lumbriculus variegates (ECsq (96 h,
immobility): 6.2 ug/L; Alexander et al., 2007). As also shown in this
study for Gammarus roeseli, - the dominant species in this meso-
cosm study — amphipods were more tolerant to imidacloprid. For
Hyallela azteca an ECsg (96 h) of 65.43 g/L (Stoughton et al., 2008)
and for Gammarus pulex aLCsq (96 h) of 270 p.g/L (Beketov and Liess,
2008) have been found. The gammarid species G. roeseli was more
sensitive to imidacloprid with an ECsg (96 h) of 29 g/L for adults
tested in mesocosm stream water; R. Boettger, Umweltbundesamt,
personal communication).

4.2. Influence of pulse heights and duration on
macroinvertebrates

Inacute laboratory tests, organisms are exposed to constant pes-
ticide concentrations by means of a flow-through or a semi-static
system. In many cases, this exposure scenario does not represent
realistic field situations especially for stream organisms. Under
natural conditions, stream macroinvertebrate communities expe-
rience in general short sequential pesticide pulses with fluctuating
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Fig. 8. Principal response curve (PRC) diagram showing the effects of imidacloprid pulses on emergent insects over time. Date of the 6 pulses is indicated by arrows. Of the
variance, 46.1% is attributed to the sampling date, 37.1% of the replicates, and 16.8 of the pulse treatment (p =0.054), of which 60% is displayed on the vertical axis (cdt;
p=0.022). The species weights (b, values) represent the affinity of the species/taxa to the PRC. Negative values indicate an increase in abundance whilst positive weights
indicate a decrease in abundance. Only species with a by value of <—0.5 and >0.5 are shown in the diagram. Asteriks indicate significant differences between controls and
pulse treatments at p <0.05 via permutation test for each sampling date. Arrows indicate date of pulses.
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pesticide concentrations. These sporadic pollution pulses may not
be acutely toxic to aquatic animals, but harmful effects may become
apparent long after poisoning (Handy, 1994). It is therefore of
utmost importance to look at the long term detrimental effects of
toxicants. According to the Haber’s rule, toxicity depends on the
product of concentration and time (Hommen et al., 2010a). For
example a 2d exposure at 2 pg/L of a toxicant would cause the
same effects as a 1d exposure at 4 p.g/L and a stronger effect than
1dexposure at 2 pg/L (Reinert et al., 2002). A relationship between
concentration and time for imidacloprid has indeed been reported
from other laboratory and mesocosm experiments. Alexander et al.
(2007) found the ECsq of 2.1 pg/L imidacloprid for mayflies to be
3.2 times higher after 24 h exposure as compared to 96 h exposure.
Stoughton et al. (2008) also reported lower NOECs with increas-
ing exposure time for C. tentans for the imidacloprid formulation
Admire®. Tennekes (2010b) found that a longer exposure time to
very low toxicant levels even reinforced the effects of imidaclo-
prid. Pestana et al. (2009a) exposed a stream macroinvertebrate
community in microcosms to repeated 24 h pulses of imidacloprid
(7 days interval) and found significant effects on ephemerids and
total insect abundance at a concentration of 17.6 pg/L imidaclo-
prid. In the study at hand, the imidacloprid pulse concentration

was lower and pulse duration was shorter compared to the study
of Pestana et al. (2009a). Maybe for that reason the effects on insect
larvae abundance except for Neureclipsis were less pronounced.

4.3. Recovery potential of macroinvertebrates

Organisms, which experience repeated pulses of a pesticide,
may recover depending on both their capacity to eliminate a sub-
stance in the detoxification process and the time interval between
pulses (Reinert et al., 2002). If the elimination time exceeds the
time between two pulses, the individual toxic effects will most
likely cumulate (Dautermann, 1994). Ashauer et al. (2010b) mea-
sured a relatively long elimination time of 95% imidacloprid in G.
pulex, which amounted to 11.2d after a single 24 h exposure. The
repeated pulses after 7 days in this study are therefore likely to
have had a cumulative effect on the gammarids. Nevertheless, G.
roeseli abundance did not decrease even after the 6th imidaclo-
prid pulse, which might be attributed to the complete recovery
of G. roeseli from one to the next imidacloprid pulse owing the
shorter exposure time of only 12 h and the low pulse concentra-
tion of 12 pg/L as compared to theECsg (96 h) of 29 pg/L for G.
roeseli (R. Boettger, Umweltbundesamt, personal communication).
This was also reflected in the direct observations: only few G. roe-
seli were visible on the sediment directly after an imidacloprid
pulse, but before the next pulse the numbers were higher than
before and almost at the level of the controls. In response to the
pulse, the adult G. roeseli first seemed to have sought shelter in the
straw from current and potential predators. After having recovered
they left the straw area again, which indicates the detoxification
process to have been shorter than 7 days. Behaviour investi-
gations with G. roeseli employing a freshwater biomonitor MFB
underlined these findings (Riidiger Berghahn, Umweltbundesamt,
personal communication). In contrast, the decrease in dipteran and
ephemerid larvae became more pronounced after the 2nd and 3rd
pulse for both pulse series, which may suggest that the elimination
time for insect larvae exceeded 7 days and internal imidacloprid
concentrations increased over time resulting in more pronounced
effects. This interpretation is also supported by the results of the
microcosm study of Pestana et al. (2009a). Rubach et al. (2010) also
found longer elimination times for two dipterans, 1 ephemerid and
1 trichopteran species by a factor 2-16 as compared to gammarids
for the insecticide chlorpyrifos.

4.4. Sublethal effects of imidacloprid on macroinvertebrates

Pestana et al. (2009b) investigated sublethal effects on the
midge larvae Chironomus riparius and the caddisfly larvae Seri-
costoma vittatum with and without additional predator stress.
At concentrations <10 pg/L imidacloprid affected growth, feeding
and respiration rates, burrowing behaviour and emergence of the
tested organisms. In some cases, presence of predator kairomones
increased the effects. Delayed effects and incomplete moulting of
crustaceans were also reported (Song et al., 1997). Alexander et al.
(2008) reported sublethal effects on mayflies at very low concen-
trations and observed reduced growth of head and thorax in male
Epeorus and Baetis at concentrations as low as 0.1 pg/L aftera 12h
imidacloprid pulse. In general, sublethal endpoints were better
indicators for adverse effects than abundance data.

In study at hand, Gammarus behaviour (live counts as well as
organism drift, Riidiger Berghahn, Umweltbundesamt, personal
communication), net counts of Neureclipsis sp. and insect emer-
gence were good indicators for adverse effects. Furthermore, the
PRC analyse was not significant for the abundance but for the emer-
gence data. Emergence of chironomid species as well as ephemerids
was significantly lower than in the control treatments, which is
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in accordance with the findings of Alexander et al. (2008) for
ephemerids.

Sublethal effects like behavioural and metabolic changes,
enzyme reactions, and fluorescence markers have frequently
been reported to be sensitive endpoints for toxicant effects on
organisms (Hyne and Maher, 2003; Brain and Cedergreen, 2009;
Amiard-Triquet, 2009). However, in EU risk assessment the sub-
jects of protection are populations, communities, and ecosystems
(Hommen et al.,, 2010b). Effects on behaviour and biomarkers
should therefore clearly be linked to this level (Forbes et al., 2006;
Amiard-Triquet, 2009). Mesocosm studies have the potential to
combine sublethal effects and community response for long exper-
imental periods. If the focus of effect studies in stream systems
were exclusively on community changes, subtle or chronic biolog-
ical effects that may result in irreversible long-term changes could
occur without being noticed in the apparently healthy ecosystems
(Hyne and Maher, 2003). Indeed, at the beginning of this meso-
cosm study, abundance data did not reflect effects as indicated
by sublethal endpoints, but became more linked and apparent by
the end of each pulse series. These findings are in line with the
statement of Liess et al. (2006) that short pulse exposures may
add up to long-term alterations of population structures even at
sublethal concentrations. Furthermore, they underline the suit-
ability of behavioural, structural, and physiological parameters to
provide both evidence of exposure to one or more pollutants and
indications for possible long-term chronic effects (Amiard-Triquet,
2009).

4.5. Seasonal differences of imidacloprid effects

The multivariate PRC analysis indicated slightly stronger effects
on the stream mesocosm community after the 3 pulses in the
summer than in the spring series. The remaining organisms
exposed to the spring pulse series may have experienced cumu-
lative toxic effects during the summer pulse series or more
sensitive species and more sensitive developmental stages of
organisms may have been transferred into the mesocosms during
re-stocking prior to the summer pulse series. A further explanation
for the increased summer sensitivities of the macroinvertebrate
communities could be the slightly increased water temperature
(spring: mean 15.7°C; summer: mean 17.5°C). Stream organisms
are generally acclimatised to changing environmental conditions
such as temperature change (Allan, 1995), but temperature can
also be an additional stressor for organisms if the water temper-
ature exceeds the species-specific threshold levels (Cairns et al.,
1975; Howe et al., 1994; Heugens et al., 2006; Daam and van den
Brink, 2010). However, in their review Cairns et al. (1975) empha-
sised that changes in detoxification and excretory rates may also
reduce or even suppress temperature effects on chemical uptake in
aquatic organisms. In contrast to our study, Van Wijngaarden et al.
(2006) did not detect strong differences between spring and late
summer macroinvertebrate community of ditches after application
of the pyrethroid lambda-cyhalothrin. The temperature difference
between the spring and late summer application was, however,
only marginal.

In a complex ecosystem, it is most likely that a combination
of several natural stressors such as e.g. temperature, food limi-
tation, increased predation pressure, or intraspecific competition
may have led to the increased sensitivity of the summer macroin-
vertebrate community in this study.

4.6. Implications for risk assessment
In higher tier risk assessment of plant protection products, pond

mesocosm studies are often conducted with a view to increase the
regulatory acceptable concentration (RAC) by simulating a more

realistic exposure scenario and by investigating effects on model
communities. An important question in this context is to what
extent results from a pond mesocosm study are representative
for stream scenarios as there may be considerable differences in
exposure and community structure between the two systems. A
comparison of results and implications from a pond mesocosm
study with the stream pulse scenario in this study may help to
answer this question.

In this stream mesocosm study the effects of one 12 p.g/L pulse of
imidacloprid on insect larvae such as chironomids and ephemerids
were far less pronounced than in pond mesocosms, which had been
pulsed once with 10.7 pg/Limidacloprid (CCME, 2007, unpublished
protected data from the national authorisation procedure of a plant
protection product containing imidacloprid). From this pond meso-
cosm study, a NOEC of 0.6 pg/L imidacloprid was derived. One
might expect similar results for the organisms exposed to one
imidacloprid pulse in the stream mesocosms (i.e., no statistical
significant effect) provided that the time weighted average con-
centrations (TWA) in both systems are similar.

For comparison, the duration of 1 application series with 3
pulses in this study, namely 21 days was chosen for TWA calcu-
lation. The resulting TWA was almost the same for both systems:
0.28 pg/Limidacloprid in the pond study and 0.29 p.g/L for only one
pulse in the stream study. With regard to all 3 pulses, the TWA in
the stream study would amount to 0.85 p.g/L. If the pond results
were translated to lotic systems, a single 12 h pulse of 12 pg/Lin a
stream should in theory not entail significant effects. However, neg-
ative effects were evident in the study at hand, namely the complete
extinction of Neureclipsis after the first pulse in the second summer
series and the absence of ephemerid emergence during the first
pulse series. Consequently, the idea that negative effects of pesti-
cide pulses on aquatic organisms are less pronounced in streams
compared to ponds is not supported. The more sensitive response
of the lotic systems may in part be due to the different species
composition. Even more important was most likely the inclusion
of more sensitive sublethal endpoints in this study, which seem to
be in particular indicative for neurotoxic insecticides like imida-
cloprid and are much more difficult to test in lentic systems in a
comparable way. The fact that Neureclipsis sp. failed to maintain its
nets under imidacloprid pulse conditions may have resulted from
strong effects on health. Anyway, the main findings ‘extinction’ and
‘absence of emergence’ underline the integrative nature of meso-
cosm studies in observing the influence of effects on life history
traits at the population and community level.

4.7. Evaluation of the straw method

A prerequisite in conducting effect studies in mesocosms is to
establish a functional community encompassing sensitive species
and a synchronous development of organisms between the meso-
cosms (Campbell et al., 1999; de Jong et al., 2008). Straw bags
proved to be both ideal attraction and transfer devices for macroin-
vertebrates from reference streams to indoor mesocosms and
substrate in the mesocosms providing food and shelter substrate
for the fauna. With the straw bags all important functional groups
were introduced into the stream mesocosms. In general, collec-
tors/gatherers are the most abundant stream macroinvertebrates
(e.g. chironomids; Wallace and Webster, 1996), which was also
the case in this study during the colonisation period in spring.
However, with the re-stocking in summer a shift to shredders
became evident. This increase in shredding organisms (mainly
gammarids) reflected natural stream situations. Mortensen (1982)
found that the mean annual population densities of G. pulex in
a small stream in Denmark varied from 500/m? in early May to
5500/m? in September. Indeed, the presence of gammarids in the
straw bags increased from spring to summer by a factor of 8.
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In this study, straw was used as food source and shelter for
macroinvertebrates whereas in the field leaves of the trees along
the riverbank are typical allochtonous food substrates for many
stream invertebrates (Wallace and Webster, 1996). It is known
that especially alder leaves are a good food source for several
macroinvertebrate species due to their favourable carbon to nitro-
gen relationship (Irons et al., 1988; Motomori et al., 2001) and
therefore they would be also a good food source in stream meso-
cosm studies. However, alder leaves are only available in autumn,
difficult to collect from the ground, and very laborious to pick from
trees. As more than 30 kg of organic straw was used in this study,
the gathering of high amounts of leaves needed in uncontaminated
quality for mesocosm studies over the whole investigation period
is rather challenging.

The use of straw as attraction device, food source and shelter
for mesocosm studies is new. Pilot experiments in microcosms
had proven the suitability of straw (unpublished data) as attrac-
tion device, but the suitability of straw as food source still has to
be clarified. As part of this mesocosm study (R. Boettger, Umwelt-
bundesamt, personal communication) compared the suitability of
straw and alder leaves as food for in situ caged G. roeseli. Straw
proved to be an adequate substitute for alder leaves as food sub-
strate for gammarids. Reproduction rates were almost identical
with both food sources. Furthermore, data revealed that the degra-
dation rate was significantly lower for straw than for alder leaves
(R. Boettger, Umweltbundesamt, personal communication). This
indicates that gammarids rather graze the aufwuchs on the straw
than shred the substrate. The low degradation time of straw is a
further advantage since it reduces the restocking effort for fresh
straw. Grazed straw can be re-colonised with aufwuchs whereas
the breakdown in alder leaves is just too fast and reduces experi-
mental control.

4.8. Suitability of the experimental design for effect studies

The transfer of macroinvertebrate communities from streams
to mesocosms by means of attraction devices proved to be a
good method to investigate effects of insecticide pulses. The
highly controlled stocking resulted in synchronous development
of macroinvertebrates in the different mesocosms (Figs. 4 and 5).
The macroinvertebrate density can easily be controlled by increas-
ing or decreasing the amount of straw bags. In this study, 18 straw
bags for each stream allowed for densities, which were similar to
the ones in leaf litter sections of the reference stream Barolder Flie8
in May 2005 (Hensel and Kiel, 2007) using AQEM (2002) sampling
methods. During this study, the densities of 150ind/g leaf litter
were similar or only by a factor of 2 lower in the stream mesocosms
(70-140ind/g straw) during this study.

In this study, the mesocosms were stocked twice with macroin-
vertebrates in order to simulate spring and summer communities.
Re-stocking with new invertebrates can also be seen as re-
colonisation of the contaminated site from up-stream sections.
The re-stocking idea was previously proposed by Campbell et al.
(1999) for the evaluation of recovery potential in mesocosm stud-
ies. Caquet et al. (2007) found that external recovery is highly
important for recovery processes of insect populations. There-
fore, isolated ecosystems are likely to display post-treatment
insect recovery very differently from highly connected ones. In
general, streams can be seen as “highly connected ecosystems”.
However, recovery of sensitive taxa seems to be restricted to
uncontaminated stretches in the headwaters (Liess and von der
Ohe, 2005) and hence, for agricultural streams with intense lan-
duse, recovery may be only limited. In this way, stream mesocosms
whether in- or outdoors are highly isolated systems unless they
are not directly connected with a natural stream as bypass sys-
tem. In any mesocosm study, in which the systems are isolated and

re-colonisation is only depending on the amount of insects emerg-
ing from control systems, recovery effects should always be
evaluated with caution.

4.9. Sampling methods

In this study, all potential habitats (sand, straw, and wall) were
sampled to estimate the macrozoobenthos standing stock in each
mesocosm. Unfortunately, there are no guidance documents for
macrozoobenthos sampling in mesocosm studies (OECD, 2006).
One way to sample macroinvertebrates in mesocosm studies is
to use artificial substrates or substrate samplers (Belanger et al.,
2004; Wong et al., 2004; Caquet et al., 2007; Brock et al., 2009). In
contrast to traps or artificial substrate samplers, direct substrate
sampling allows for estimates of the total standing stock of the sys-
tem and ind/m?2 as a measure for comparison with other studies
and ecosystems.

In the OECD guidance document for freshwater lentic field
experiments (OECD, 2006), advice is given that sampling should
not signtificantly alter community structure and level of stand-
ing stocks. Beketov et al. (2008) and Brock et al. (2009) evaluated
macroinvertebrate samples by counting living organisms. Counting
benthos alive may reduce potentially negative sampling effects, but
requires relatively clean samples with low macroinvertebrate den-
sities. In this study, it was impossible to count the often more than
1000 individuals in just one straw sample alive. Nevertheless, the
mean amount of animals removed from the systems by sampling
was considered negligible.

5. Conclusions

This study demonstrated that stream mesocosms are a suitable
tool for the detection of subtle and chronic biological effects of pes-
ticide pulses by combining sublethal endpoints such as live counts,
presence of caddisflies nets, and insect emergence with community
level endpoints.

When comparing lotic and a lentic test systems, this study
showed that the sensitivity of mesocosm test systems can vary
considerably, depending on species composition, endpoints and
sampling methods. This should be considered in the risk assess-
ment in terms of estimating the level of remaining uncertainty.
A regulatory acceptable concentration derived from a pond study
may be safe for stream organisms as long as only peak con-
centrations are regarded. However, the extrapolation between
different complex test systems on the basis of time weighted aver-
age concentrations (i.e., inclusion of pulse duration in addition to
pulse height) may be misleading as demonstrated in this study
since it failed to predict the results obtained from the stream
mesocosms.

In concert with other experiments, this study revealed that dif-
ferent macroinvertebrate species and developmental stages such
as juvenile gammarids reacted differently on imidacloprid pulses,
which may be linked to their different elimination and recovery
potential. Consequently, NOECs determined on the basis of single
pulses may not be extrapolated to NOECs obtained from multi-
ple/repeated pulses without detailed knowledge of the specific
time needed for elimination and recovery. In fact, toxicokinetics
should much more be taken into account in aquatic toxicology
(Jager, 2011). These data are needed to feed models, which may
help to estimate the risk of repeated pesticide applications for
aquatic organisms, in particular for uni- and semivoltine insect lar-
vae. However, deriving representative datasets for the spectrum of
taxa to be expected in the field (i.e., to be considered in the risk
assessment) remains to be a challenge.
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Water quality benchmarks are developed by many jurisdictions worldwide with the general
goal of identifying concentrations that protect aquatic communities. Imidacloprid is a
widely-used neonicotinoid insecticide for which benchmark values vary widely between
North America and Europe. For example, the European Food Safety Authority (EFSA) and
Dutch National Institute for Public Health and the Environment (RIVM) recently established
chronic water quality benchmarks for imidacloprid of 0.009 and 0.0083 ug/L, respectively.
In Canada and the United States (US), however, the current chronic water quality
benchmarks - termed aquatic life benchmark by the United States Environmental
Protection Agency (US EPA) - for freshwater biota are orders of magnitude higher, i.e., 0.23
and 1.05 ug/L, respectively. Historically, aquatic benchmarks for imidacloprid have been
derived for invertebrates because they are the most sensitive aquatic receptors. To date,
derivation of water quality benchmarks for imidacloprid have relied on the results of
laboratory-based toxicity tests on single invertebrate species. Such tests do not account
for environmental factors affecting bioavailability and toxicity or species interactions and
potential for recovery. Microcosm, mesocosm and field studies are available for aquatic
invertebrate communities exposed to imidacloprid. These higher tier studies are more
representative of the natural environment and can be used to derive a chronic benchmark
for imidacloprid. A water quality benchmark based on the results of higher tier studies is
protective of freshwater invertebrate communities without the uncertainty associated with
extrapolating from laboratory studies to field conditions. We used the results of higher tier
studies to derive a chronic water quality benchmark for imidacloprid as follows: (1) for
each taxon (family, subfamily or class depending on the study), we determined the most
sensitive 21-day No Observed Effects Concentration (NOEC), (2) we fit the taxon NOECs to
five distributions and determined the best-fit distribution, and (3) we determined the HC5
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from the best-fit distribution. The higher tier chronic HC5 for imidacloprid is 1.01 ug/L,
which is close to the current US EPA chronic aquatic life benchmark of 1.05 pg/L.
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ABSTRACT

Water quality benchmarks are developed by many jurisdictions worldwide with the general goal
of identifying concentrations that protect aquatic communities. Imidacloprid is a widely-used
neonicotinoid insecticide for which benchmark values vary widely between North America and
Europe. For example, the European Food Safety Authority (EFSA) and Dutch National Institute
for Public Health and the Environment (RIVM) recently established chronic water quality
benchmarks for imidacloprid of 0.009 and 0.0083 ug/L, respectively. In Canada and the United
States (US), however, the current chronic water quality benchmarks — termed aquatic life
benchmark by the United States Environmental Protection Agency (US EPA) — for freshwater
biota are orders of magnitude higher, i.e., 0.23 and 1.05 pg/L, respectively. Historically, aquatic
benchmarks for imidacloprid have been derived for invertebrates because they are the most
sensitive aquatic receptors. To date, derivation of water quality benchmarks for imidacloprid
have relied on the results of laboratory-based toxicity tests on single invertebrate species. Such
tests do not account for environmental factors affecting bioavailability and toxicity or species
interactions and potential for recovery. Microcosm, mesocosm and field studies are available for
aquatic invertebrate communities exposed to imidacloprid. These higher tier studies are more
representative of the natural environment and can be used to derive a chronic benchmark for
imidacloprid. A water quality benchmark based on the results of higher tier studies is protective
of freshwater invertebrate communities without the uncertainty associated with extrapolating
from laboratory studies to field conditions. We used the results of higher tier studies to derive a
chronic water quality benchmark for imidacloprid as follows: (1) for each taxon (family,
subfamily or class depending on the study), we determined the most sensitive 21-day No
Observed Effects Concentration (NOEC), (2) we fit the taxon NOECs to five distributions and
determined the best-fit distribution, and (3) we determined the HC5 from the best-fit distribution.
The higher tier chronic HCS for imidacloprid is 1.01 pg/L, which is close to the current US EPA
chronic aquatic life benchmark of 1.05 pg/L.
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INTRODUCTION

Imidacloprid is a neonicotinoid insecticide used in agriculture to control a variety of pest insects,
including aphids, Japanese beetles, lacebugs, leathoppers, thrips, and others. It is widely used in
row crops (e.g., cotton, potatoes), greenhouse vegetables, vine crops, citrus, stone fruit and pome
orchards, bush berries, and tree nuts. Imidacloprid acts as a contact insecticide when applied to
foliage or soil and is also systematically translocated through plants.

Imidacloprid is highly toxic to some classes of aquatic invertebrates including midges, mysids
and mayflies (Gagliano, 1991; Ward, 1991; Roessink et al., 2013). As a result, various
jurisdictions have based their water quality benchmarks for imidacloprid on the results of
laboratory toxicity tests conducted with aquatic invertebrates.

Current chronic benchmarks that have the general goal of protecting freshwater aquatic biota
vary widely despite all being based on laboratory toxicity data. The European Food Safety
Authority (EFSA, 2014) recently established water quality benchmarks, known as Regulatory
Acceptable Concentrations (RACs), for the European Union. The chronic RAC is 0.009 pg/L. In
2013, the Dutch National Institute for Public Health and the Environment (RIVM) revised their
chronic water quality standard for imidacloprid to 0.0083 ug/L (RIVM, 2013). In Canada and the
United States, however, the current chronic water quality benchmarks for freshwater biota are
orders of magnitude higher, i.e., 0.23 and 1.05 pg/L, respectively (CCME, 2007; EPA, 2016).
Using a species sensitivity distribution approach with laboratory toxicity data, Morrissey et al.
(2015) recommended that concentrations of imidacloprid and other neonicotinoids need to be
below 0.035 pg/L “to avoid lasting effects on aquatic invertebrate communities”.

To date, chronic water quality benchmarks for imidacloprid have relied on laboratory toxicity
tests conducted with single species. Laboratory studies generally follow strict regulatory
guidelines and are performed under controlled conditions. However, laboratory conditions are
not reflective of the real world. Higher tier studies (e.g., microcosms, mesocosms and field
studies; hereafter “cosm” studies) are specifically designed to have exposure conditions that are
representative of natural freshwater environments and consider species interactions, species
recovery and other ecological factors. Additionally, higher tier studies can be designed to
evaluate community-level effects, which is consistent with the protection goal of the water
quality benchmark.

The objective of this paper was to use the best available, higher-tier toxicity data to develop a
chronic water quality benchmark for imidacloprid that is protective of freshwater invertebrate
communities.

Data relevance and data quality are critical aspects of deriving a water quality benchmark
(Breton, 2014; Knopper et al., 2014). To ensure a scientifically defensible water quality
benchmark for imidacloprid, we developed a data evaluation rubric to determine which higher
tier cosm studies were acceptable, supplemental or unacceptable. Only acceptable studies were
used in benchmark derivation.
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METHODS
Data Evaluation

A data evaluation rubric was developed to assess the relevance and quality of aquatic
invertebrate toxicity studies that have been conducted for imidacloprid. A total of 31 higher tier
cosm studies were found and evaluated. Studies were obtained from the primary literature,
registrant-sponsored studies following guidelines for Good Laboratory Practice (GLP), EPA’s
EcoTox database, existing water quality guideline documents, and grey literature studies. The
study evaluation rubrics and evaluation results can be found in the Supplemental Information
accompanying Whitfield-Aslund et al. (2016).

All studies were first evaluated for relevance and utility. Data relevance was assessed using five
criteria: (1) Was the study community/ecosystem relevant (e.g., includes freshwater
invertebrates)?; (2) Was imidacloprid the only active ingredient to which test organisms were
exposed?; (3) Were test endpoints relevant to the population (e.g., mortality, growth or
reproduction) or community level (e.g., richness, productivity) of organization?; (4) Was the
exposure route relevant to what is expected in the environment?; and (5) Was the exposure
duration consistent with potential chronic exposures in the field? For a study to be considered
relevant, each relevance question had to be answered with a “yes”, otherwise the study was
deemed irrelevant and not considered further.

Relevant studies were further evaluated for data quality. The data quality evaluation focused on
objectivity, clarity and transparency, and integrity. Data quality questions were weighted using a
scoring rubric, whereby answers were scored from O (poor) to 3 (excellent). Questions that could
be answered simply with a “yes” or “no” (e.g., was a concentration-response relationship
observed?) were weighted lower in the overall study score and were given a 0 for “no” or 1 for
“yes”. The maximum score was 29 for cosm studies. Studies that scored 29-23 were rated as
acceptable. Such studies followed scientifically-defensible guidelines, were considered relevant,
and provided sufficient detail to fully reproduce the study. Supplemental (scored 22-13) and
unacceptable (12-0) studies provided fewer details, had performance issues, and/or did not
follow internationally recognized guidelines or scientifically-defensible protocols. Only
acceptable studies were used for derivation of the higher tier chronic benchmark.

Chronic Benchmark Using Higher Tier Cosm Toxicity Data

The HCS from a taxon sensitivity distribution (TSD) was used as the basis for the cosm-based
chronic benchmark for imidacloprid. This approach is broadly consistent with that used by the
United States Environmental Protection Agency (US EPA) in deriving water quality criteria
(Stephan et al., 1985). Water quality criteria derived by the US EPA generally aim to protect
95% or more of aquatic biota (Stephan et al., 1985). The lowest NOEC was determined for each
taxon, generally at the family or subfamily level of organization because NOECs were typically
not available for species or genera. If multiple studies with acceptable endpoints were available
for a taxon, the geometric mean was calculated. Ten cosm studies were found to be acceptable
(Table 1). However, four of the acceptable studies only reported effects on overall invertebrate
abundance and not taxon-specific endpoints (Hayasaka, 2012a,b; Kreutzweiser et al., 2009) or
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only reported endpoints for macrophytes and periphyton (Heimbach & Hendel, 2001). Thus,
these studies could not be used to derive a water quality benchmark for aquatic invertebrates.
The remaining acceptable cosm studies had varying exposure concentrations over time due to
single or multiple applications, varying application intervals, and temporal decline following
application as expected in the natural environment. Studies with a single imidacloprid
application were conducted by Kreutzweiser et al. (2007, 2008). Studies with two applications
and a 21-day retreatment interval were conducted by Ratte & Memmert (2003), Roessink et al.
(2015), and Roessink & Hartgers (2014). The other exposure regime included four applications
with a 14-day retreatment interval (Moring et al., 1992). Additionally, by extending the
observation period beyond the final imidacloprid treatment, several cosm studies determined the
potential for recovery of aquatic invertebrate populations (e.g., Moring et al., 1992; Ratte and
Memmert, 2003). However, we did not consider recovery in selecting taxon NOECs for
benchmark derivation.

To ensure that cosm-based NOECs were comparable, time-weighted average concentration
estimates were determined for the reported no effect treatments. This approach helped to
standardize results between different studies with varying exposure regimes. Time-weighted
average concentration estimates were calculated using the degradation half-life (DT50) of 11.6
days reported by Roessink et al. (2015). Using this DT50 and assuming first-order elimination
kinetics, time-weighted average concentrations were determined by averaging the daily
estimated imidacloprid concentrations from the day of the first application to 21 days following
the final application. The calculation period was limited to 21 days post final application as this
duration corresponded to the most common application interval in the higher tier studies with
multiple applications. Additionally, a consistent cutoff was required to ensure that exposure
estimates were not severely underestimated in studies that had very long durations. The resulting
time-weighted NOECs are reported in Table 1. The time-weighted NOECs include a range of
population and community-relevant endpoints including density, abundance, emergence,
mortality, and feeding rate. Unbounded data points (i.e., > or < values) were excluded.

If family or subfamily NOECs were not reported for a taxon, the data were grouped by subclass
(e.g., Copepoda). Once grouped, a geometric mean of the lowest time-weighted NOEC from
each study for each taxonomic group was calculated (Table 1). If only one study was available
for a taxon, the lowest NOEC was used. SSD Master v3.0 software (Rodney et al., 2013) was
used to derive the taxon sensitivity distribution (TSD). SSD Master fits up to five non-linear
regression models (normal, logistic, extreme value, Weibull, and Gumbel) in log or arithmetic
space to establish the best-fitting cumulative distribution function (CDF). Model fit was
evaluated using the Anderson-Darling (AD) goodness-of-fit test statistic (A?) and various
graphical plots of model residuals to determine the best fit distribution for the TSD.

Table 1 Data used to derive the chronic taxon sensitivity distribution (TSD) using results
from cosm studies for imidacloprid.
Taxon (Family, NOEC Geometric Mean Time-weighted Reference
Subfamily, Subclass) (ug/L) NOEC (ug/L) Average NOEC (ug/L)
0.6 Ratte & Memmert, 2003
Baetidae 2 0.816 0.581 Moring et al., 1992
1.52 Roessink and Hartgers, 2014
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Table 1

Data used to derive the chronic taxon sensitivity distribution (TSD) using results
from cosm studies for imidacloprid.

Taxon (Family, NOEC Geometric Mean Time-weighted Reference
Subfamily, Subclass) (ng/L) NOEC (ug/L) Average NOEC (ug/L)
0.243 Roessink et al., 2015
. . 0.6 Ratte & Memmert, 2003
Chironominae 6 1.90 1.48 Moring et al., 1992
Caenidae 2 2 1.87 Moring et al., 1992
Hydrophilidae 2 2 1.87 Moring et al., 1992
Hydroptilidae 2 2 1.87 Moring et al., 1992
Chaoboridae 3.8 3.8 2.47 Ratte & Memmert, 2003
Naididae 3.8 3.8 2.47 Ratte & Memmert, 2003
Orthocladiinae 3.8 3.8 2.47 Ratte & Memmert, 2003
6 Moring et al., 1992
Copepoda 9.4 751 585 Ratte & Memmert, 2003
Daphniidae 9.4 9.4 6.12 Ratte & Memmert, 2003
Glossiphoniidae 9.4 9.4 6.12 Ratte & Memmert, 2003
Planorbidae 9.4 9.4 6.12 Ratte & Memmert, 2003
Tipulidae 12 12 6.84 Kreutzweiser et al., 2007
. 20 Moring et al., 1992
Tanypodinae 9.4 137 107 Ratte & Memmert, 2003
. 12 Kreutzweiser et al., 2007
Pteronarcyidae 48 24 137 Kreutzweiser et al., 2008
RESULTS

The cosm-based chronic TSD was fit to time-weighted NOECs representing 15 taxa. Time-
weighted average effects concentrations ranged from 0.581 to 13.7 ug/L (Table 1). The Gumbel
distribution in log space (Equation 1) was the best-fitting model.

fa) =e

(n—x)

Equation 1

where, f(x) = proportion of taxa affected, x = log concentration (ug/L), u = location parameter,
and s = scale parameter (always positive). The AD goodness-of-fit test statistic (A> = 0.612, p >
0.05) indicated good model fit as confirmed by visual inspection of the residuals and the
distribution and the data (Figure 1).
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153  Figure 1 Chronic taxon sensitivity distribution (TSD) for imidacloprid with 95%
154 confidence limits for family, subfamily and subclass level data extracted
155 from cosm studies.

156  The fitted location and scale parameters were 3.38 and 0.347, respectively, for chronic toxicity
157  data reported in log ng/L (the results were subsequently converted to pg/L). The HCS was 1.01
158  ug/L, with approximate 95% confidence limits of 0.692 and 1.47 pug/L.

159  DISCUSSION

160 In this paper, we derived a chronic water quality benchmark for imidacloprid using the best
161  available data from higher tier cosm studies. The studies underwent detailed evaluations for
162  relevance and quality (see supplemental information in Whitfield-Aslund et al., 2016 for
163  evaluations), and only data of acceptable quality were used to derive the water quality

164  benchmark.

165  Although a laboratory-based water quality benchmark for imidacloprid can consider a broad

166  range of taxa through the use of the species sensitivity distribution (e.g., Morrissey et al. 2015), it
167  does not account for the more realistic environmental conditions that occur outside the

168  laboratory, reduced fitness due to stress from laboratory confinement, or indirect effects

169 including changes in food, habitat availability, and interspecies interactions. Mesocosm, semi-
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field and field studies explicitly account for many of these factors and generally provide data that
match the goal of protection of the aquatic invertebrate community. Further, concentrations of
imidacloprid are temporally variable in the environment, as they were in the cosm studies, but
not in standard toxicity tests conducted in the laboratory. Given the limitations of laboratory-
based water quality benchmarks with regard to extrapolating to natural aquatic invertebrate
communities, we recommend adopting the chronic water quality benchmark for imidacloprid
derived using the higher tier toxicity data from acceptable cosm studies, i.e., 1.01 pg/L. In the
discussion that follows, we provide further rationale for this recommendation.

Adverse effects observed in laboratory studies with singles aquatic invertebrate species are not
necessarily translated to the community level of organization because adverse effects to one or a
few sensitive species may be offset by increases in functionally similar but more tolerant species
(Rosenfeld, 2002). Thus, overall community structure and function are not necessarily affected
by adverse effects to one or a few sensitive species. In short, the effects of a pesticide such as
imidacloprid are not, as a rule, transmitted to higher levels of organization. This statement is one
of the foundations of hierarchy theory as proposed by Allen & Starr (1982). There are many
examples of aquatic invertebrate communities exhibiting functional redundancy or compensation
(e.g., Boersma et al., 2014; Schriever & Lytle, 2016). At some level, all species are unique, but
overlap in resource use is common in freshwater food webs (Ehrlich & Walker, 1998). Thus,
there are often multiple species present for each of the major functional roles of aquatic
invertebrates in freshwater ecosystems, e.g., leaf shredders, suspension feeders, scrapers,
detritivores and others that are critical to overall production, nutrient cycling, decomposition and
energy flow (Covich et al., 1999). In highly stressed aquatic ecosystems, e.g., those with low
functional richness and functional redundancy, the loss of a taxon is likely to have a greater
impact on community functioning than in less stressed systems (Suarez et al., 2016). Thus, there
are limits to the role that functional redundancy plays in preserving community structure and
function. Functional redundancy likely partially explains why the overall aquatic invertebrate
community is more resilient to imidacloprid exposure in cosm studies than would be predicted
by laboratory studies on single species (Whitfield-Aslund et al., 2016).

Rather than assuming exposure to a constant concentration of imidacloprid, the higher tier cosm
studies accounted for varying exposure concentrations over time due to multiple applications,
varying application intervals, and temporal decline following application as expected in the
natural environment. Cosm studies also had more realistic exposure conditions by, for example,
including sediment (Moring et al., 1992; Ratte & Memmert, 2003; Roessink and Hartgers, 2014;
Roessink et al., 2015), and carrying out the studies in open air environments with natural lighting
and weather fluctuations (Moring et al., 1992; Ratte & Memmert, 2003). Some of these factors
may have reduced bioavailability and/or toxicity, e.g., declining concentrations allow for
detoxification. In all likelihood, functional redundancy and more realistic peak exposure
conditions both contributed to the cosm-based chronic benchmark of 1.01 pg/L for imidacloprid
being much higher than the laboratory-based chronic benchmarks derived by EFSA (2014),
RIVM (2013) and Morrissey et al. (2015).
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The cosm-based chronic benchmark for imidacloprid is conservative because the NOECs used in
the benchmark derivation did not consider that many aquatic invertebrates are capable of rapid
recovery following cessation of exposure. For example, in Moring et al. (1992), the test system
was observed for three months following the final application of imidacloprid. Although a
number of macroinvertebrate families (e.g., Baetidae, Caenidae, Hydroptilidae, Hydrophilidae,
and Libellulidae) experienced declines in abundance during exposure to the treatment with an
initial concentration of 6 pg/L, full recovery of all taxa was observed within eight weeks of the
final treatment. During the exposure period, the most sensitive NOEC in this study was an initial
concentration of 2 pg/L (time-weighted average concentration = 1.87 pg/L); the corresponding
time-weighted NOEC was used in our benchmark derivation (Table 1). Moring et al. (1992),
however, recommended that the next highest treatment (initial treatment concentration = 6 ng/L)
be adopted as the regulatory NOEC because effects were transient in this treatment and recovery
occurred after exposure ceased. Similar results were observed by Ratte & Memmert (2003), who
noted complete recovery of Baetidae and Chironominae within eight weeks of the last
application. Had recovery been considered in this study the most sensitive initial concentration
NOEC of 0.6 ng/L (Table 1) would have increased to >9.4 nug/L.

CONCLUSIONS

Higher-tier studies (i.e., mesocosm, microcosm and field studies) should be used when available
to derive water quality benchmarks because they offer a level of realism not attainable with
standard laboratory toxicity tests. We derived a chronic cosm-based benchmark for imidacloprid
for the protection of freshwater invertebrates using relevant and high quality toxicity data. The
cosm-based water quality benchmark (1.01 pg/L) supports the current US EPA chronic aquatic
life benchmark (1.05 pg/l) as being protective of aquatic invertebrate communities. Although the
cosm-based benchmark is higher than the laboratory-based benchmarks adopted in Europe and
Canada for imidacloprid, our benchmark accounts for potential effects under more realistic
conditions. Functional redundancy and the more realistic exposure conditions used in cosm
studies likely explain this difference.
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Abstract

If an organism does not feed, it dies of starvation. Even though some insecticides which are used to control pests in
agriculture can interfere with feeding behavior of insects and other invertebrates, the link from chemical exposure via
affected feeding activity to impaired life history traits, such as survival, has not received much attention in ecotoxicology.
One of these insecticides is the neonicotinoid imidacloprid, a neurotoxic substance acting specifically on the insect nervous
system. We show that imidacloprid has the potential to indirectly cause lethality in aquatic invertebrate populations at low,
sublethal concentrations by impairing movements and thus feeding. We investigated feeding activity, lipid content,
immobility, and survival of the aquatic arthropod Gammarus pulex under exposure to imidacloprid. We performed
experiments with 14 and 21 days duration, both including two treatments with two high, one day pulses of imidacloprid
and one treatment with a low, constant concentration. Feeding of G. pulex as well as lipid content were significantly
reduced under exposure to the low, constant imidacloprid concentration (15 pg/L). Organisms were not able to move and
feed - and this caused high mortality after 14 days of constant exposure. In contrast, feeding and lipid content were not
affected by repeated imidacloprid pulses. In these treatments, animals were mostly immobilized during the chemical pulses
but did recover relatively fast after transfer to clean water. We also performed a starvation experiment without exposure to
imidacloprid which showed that starvation alone does not explain the mortality in the constant imidacloprid exposure.
Using a multiple stressor toxicokinetic-toxicodynamic modeling approach, we showed that both starvation and other toxic
effects of imidacloprid play a role for determining mortality in constant exposure to the insecticide.
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Introduction (max. 15 pg/L) [7] are below lethal acute toxicity levels in G. pulex
(50% of the test individuals die after constant exposure to 270 ug/
L for 4 days [8]). However, the lower concentrations found in
water bodies might cause sublethal effects.

In aquatic environments pesticide contamination generally
occurs in pulses due to fluctuation in rainfall, seasonal application
of pesticides, and accidents [9,10]. Because neonicotinoids lack
ester bonds and thus cannot be hydrolyzed by ACh esterase, also
temporary exposure to these insecticides can generate sustained
activation in receptors and cause long lasting effects. However, it
has been shown that imidacloprid can be dissociated (dissociation
constant 0.419 min~ ") and removed from ACh receptors by ACh
and other ligands [11]. Therefore, it is possible that organisms
recover between imidacloprid pulses. On the other hand the
elimination of imidacloprid in G. pulex is very slow [12] and the
substance is not biotransformed [13]. Thus, one could also expect
cumulative effects from subsequent exposure events. Imidacloprid
has not shown cumulative effects on Gammarus roeseli survival after
repeated pulses of the insecticide [14]. However, a cumulative
sublethal effect (increased drifting) has been reported [15].

To protect crops and seeds from pests, about 3 billion tons of
pesticides are applied annually to fields worldwide [1]. A fraction
of this reaches other environmental compartments such as surface
waters via runoff, spray drift and leaching. One of the world’s best-
selling insecticide is imidacloprid, 1-(6-chloro-3-pyridylmethyl)-/N-
nitroimidazolidin-2-ylideneamine, which belongs to the chemical
group of neonicotinoid insecticides [2]. Neonicotinoids have
selective toxicity for insects and act by binding to the nicotinic
acetylcholine (ACh) receptors in the receiving nerve cells of the
central nervous system [3,4]. Mammals have lower numbers of
nicotinic receptors with high affinity to neonicotinoids, which is
why the toxicity of these insecticides is low in mammals [5].
Imidacloprid has a relatively high water solubility (610 mg/L in
20°C HyO; log K, =0.57) and therefore, a great potential to
reach water bodies. Accordingly, several studies have reported the
occurrence of imidacloprid in surface waters [6,7] where it may
affect non-target organisms such as Gammarus pulex (Crustacea,
Amphipoda, Gammaridae). The concentrations of imidacloprid in
surface waters in Sweden reported by Kreuger and coworkers
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By binding to the ACh receptors and interfering with nerve
impulses, imidacloprid causes twitching, cramps and muscle
weakness. Therefore, it impairs invertebrate movements and can
lead to starvation and death via dysfunctional feeding behavior. It
has been shown previously that imidacloprid inhibits feeding of
many non-target aquatic species [16-18]. However, the connec-
tion between impaired feeding and mortality via starvation has not
been further investigated, in spite of the importance of conserving
populations of aquatic shredding invertebrates like Gammarus pulex.

We studied the effects of imidacloprid on feeding rate, lipid
content, immobility and survival of G. pulex in 14-day and 21-day
long experiments. As exposures in aquatic environments generally
occurs in pulses, we exposed the animals to two high imidacloprid
concentrations. To further study the impact of imidacloprid under
low constant exposure, we also exposed G. pulex to the time
weighted average concentration, which was 15 pg/L. Using the
time weighted average concentration allowed us to compare effects
of different exposure patterns while still employing the same
overall dose (time X concentration). We chose the low concentra-
tions for the constant treatments [8], because we hypothesized that
starvation causes death in constant treatments due to impaired
movements. In the pulsed treatments, however, feeding activity
might recover between chemical pulses and thus starvation would
not play a big role in determining mortality. In contrast, we can
observe other toxic effects of imidacloprid, e.g. direct mortality, in
response to high imidacloprid peaks. Thus, there might be
different mechanisms behind mortality in pulsed and constant
treatments. To investigate this, we used toxicokinetic-toxicody-
namic (TKTD) modeling to analyze the survival data and tested
whether fitted model parameters indicate different effect mecha-
nisms in the pulsed and constant exposures. We performed also a
starvation experiment, without adding imidacloprid, to further
investigate the effect of starvation on survival and to test if using a
calibrated starvation model would predict survival in our constant
imidacloprid treatments. The chemical effect and the starvation
models were also combined to develop a multiple stressor model
which again was tested by simulating survival in constant exposure
treatments.

Materials and Methods

Test Animals and Chemicals

Gammarus pulex is an important invertebrate species in lentic
waters for e.g. decomposition of organic material and nutrient
cycling [19]. The G. pulex test individuals in our study were
collected from a small headwater stream in the Itziker Ried,
Switzerland (E 702150, N 2360850). No permission to collecting
was required as G. pulex is not an endangered species and the site is
located on public land. The test animals were maintained for 5-
7 days prior to the experiments in a large aquarium in a
temperature controlled room (13°C, 12:12 light:dark photoperiod)
and were fed with horse chest-nut (desculus hippocastanum) leaves
which were inoculated with the fungi Cladosporium herbarum for at
least 10 days [20]. The water in the aquarium was preaerated
artificial pond water (APW, Table S1 in File S1).

"C-labelled imidacloprid (radiochemical purity 96.97%) was
purchased from the Institute of Isotopes Co., Ltd. Budapest,
Hungary and unlabeled material (chemical purity 99.9%) from
Sigma-Aldrich. A mixture of both was dissolved in acetone and
used for dosing.

Imidacloprid Experiments

A 14-d and a 21-d toxicity experiment including three
treatments plus controls in each were conducted. Two of the
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treatments (A, B) included two 1-day imidacloprid pulses with
differing recovery time between pulses in uncontaminated APW.
In another treatment (C), the concentration was maintained
constant (15 pg/L, 0.06 ymol/L in both experiments) but the
overall dose was the same over time as in the pulsed treatments
(i.e. time-weighted average concentration). All treatments included
7 replicate beakers, one plain and one solvent control beaker. Each
600 mL Pyrex beaker contained 500 ml of APW and 5 leaf discs
(diameter of 20 mm, Aesculus hippocastanum leaves inoculated with
Cladosporium herbarum). 'T'en G. pulex were placed in each beaker a
day prior to the experiments. The beakers were covered with
parafilm and kept in a climate chamber (13°C, 12:12 light:dark
photoperiod). The beakers were spiked individually and after
spiking, test solutions were stirred with a glass rod and 1 mL
samples were taken from the solution to quantify the initial
chemical concentration in medium. Ten mL of Ecoscint A
scintillation cocktail (Chemie Brunschwig, Switzerland) were
added to the samples and activities were counted using a liquid
scintillation counter (LSC, Tri-Carb 2200CA, Packard, USA).
Samples to determine imidacloprid concentrations in water were
taken throughout the experiments (see time points and concen-
trations in Tables S2 and 3 in File S1). Only the total radioactivity
in the aqueous samples was measured and therefore imidacloprid
could not be differentiated from its possible breakdown products.
For example, organisms might be exposed to the breakdown
products of imidacloprid rather than the parent compound due to
fast photolysis of imidacloprid in aqueous medium with a half-life
of 1.2 h at 290 nm irradiation [21]. However, it is also shown that
wavelength has a great impact on the photolysis and already in
365 nm, the half-life is extended to 18 h [22]. The wavelengths in
our experiments resemble those of day light ranging from 380-
730 nm (relative intensity being the highest in 580 nm). Thus
under the conditions of our experiments, imidacloprid most likely
is less susceptible to photolysis and in an earlier study no
breakdown products of imidacloprid were observed in G.pulex
samples [13]. The test solution was changed at least every 5 days.
Always during water change and every time when ecaten leaf discs
were observed, they were replaced by new ones. Water pH,
conductivity and oxygen concentration were measured in exposed
and non-exposed conditions during experiments (see in more
detail in Tables S4 and S5 in File S1).

In the 14-day experiment mortality, immobility and consump-
tion of leaf discs were observed. In addition, internal concentra-
tions of imidacloprid in G. pulex were measured. The pulsed
treatments (A, B) had 4 (A) and 8 (B) days between 1-day pulses
(concentration 90 pg/L=0.35 umol/L) and individuals in treat-
ment C were exposed constantly to a concentration of 15 ug/L
(0.06 umol/L). Immobility was defined as incapability of moving
after ten gentle prods with a glass rod. Immobile individuals were
taken out of the beakers and frozen until analysis of internal
concentrations. In addition, mobile individuals were sampled for
analysis of internal concentrations at the end of the experiment (A
and B: n=21 per treatment, C: = 10) and during the experiment
from additional beakers of the treatments A and B. These
supplemental beakers were not used for observation of survival,
immobility and consumption of leaf discs. See detailed sampling
times and internal concentrations in Tables S6, S7, S8 in File S1.

Sample processing and quantification of radioactivity in G. pulex
were measured similarly to Ashauer and co-workers [12]. In short,
individuals were plotted dry with tissue paper, weighed in pre-
weighed glass vials and frozen in —20°C. For analysis, 3 mL of the
tissue solubilizer Soluene-350 (Perkin Elmer, USA) was added to
vials. Vials were placed in a water bath (60°C, 24 h) and after
cooling down, 15 mL of scintillation liquid Hionic Fluor (Perkin
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Figure 1. Feeding, lipid content, and survival of Gammarus pulex under constant exposure to imidacloprid. Imidacloprid concentrations
in medium (1), cumulative food consumption (Il), mobile fraction of individuals, and lipid content (% of total wet weight) of Gammarus pulex (lll) in the
constant treatments (C) and controls of 14-day and 21-day experiments. Pie charts show the percentage of dead and immobile individuals amongst
those removed from the beakers (non-mobile individuals =immobile+dead).

doi:10.1371/journal.pone.0062472.g001

Elmer, USA) was added. Radioactivity was counted using a liquid
scintillation counter; color quenching and efficiency were correct-
ed using external standards and background activity (i.e. activity in
control samples was subtracted from counts of the samples).

The second, 21-day long experiment included also observations
of survival, immobility and food consumption. In addition, lipid
content was measured from immobile individuals, which were
sampled and frozen any time they were observed as well as from
mobile individuals sampled at the end of the experiment. The
pulsed treatments (A, B) had 4 (A) and 11 (B) days between 1-day

PLOS ONE | www.plosone.org

pulses (concentration 140 ug/L=0.59 umol/L) and individuals in
treatment C were exposed constantly to a concentration of
0.06 umol/L.

Feeding Rate

In the 14-day experiment, food consumption was measured as
the number of leaf discs consumed by G. pulex individuals in each
beaker. Every time when a leaf disc was fully eaten, it was replaced
by a new leaf disc and the exchange was noted. This way of
measuring was not based on the mass of leaf discs but only on the
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Figure 2. Feeding and survival of Gammarus pulex under pulsed exposure to imidacloprid. Imidacloprid concentrations in medium (1),
cumulative food consumption (Il), and mobile fraction of Gammarus pulex (lll) in the pulsed treatments (A, B) and controls of 14-day and 21-day
experiments. Pie charts show the percentage of dead and immobile individuals amongst those removed from beakers (non-mobile
individuals = immobile+dead).

doi:10.1371/journal.pone.0062472.9g002

Table 1. Feeding activity of Gammarus pulex under constant (treatment C) or pulsed (treatments A and B) exposure to
imidacloprid.

Statistics (p-value)

Experiment Treatment Median cumulative feeding Units Wilcoxon test® Kruskal-Wallis test®
14-day Control 0.929 leaf discs/G.pulex 0.0010

14-day A (pulsed)’ 0.286 leaf discs/G.pulex 0.010

14-day B (pulsed)? 0.500 leaf discs/G.pulex 0.031

14-day C (constant) 0.000 leaf discs/G.pulex 0.003

21-day Control 103.9 mg/G.pulex 0.0023

21-day A (pulsed)’ 114.2 mg/G.pulex 0.234

21-day B (pulsed)? 104.4 mg/G.pulex 0.731

21-day C (constant) 44.75 mg/G.pulex 0.002

"Pulsed treatment with a short interval in uncontaminated water between imidacloprid pulses (4 days).
2Pulsed treatment with a long interval in uncontaminated water between imidacloprid pulses (8 days).

3pulsed treatment with a long interval in uncontaminated water between imidacloprid pulses (11 days).
“Between control and treatment.

*Among all treatments within one experiment.

doi:10.1371/journal.pone.0062472.t001
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number of same sized discs. During the 21-day experiment food
consumption was measured as the mass of leaf material. Wet
weight of the leaf discs of each beaker was measured before
providing them to the test organisms and when removing the rest
of them from the beakers. Food consumption is given as
cumulative amount consumed over time (either amount of leaf
discs (14-day experiment) or mg (21-day experiment)). The food
consumption was divided by the number of mobile organisms in
the respective beaker (amount consumed/G. pulex). Statistical
testing to compare feeding among treatments was performed for
cumulative food consumption at the end of the experiments using
the non-parametric Kruskal-Wallis test and further pairwise
testing with the Wilcoxon rank sum test. The assumption of
normality could not be tested due to the too small sample size (i.e.
number of replicate beakers, 7 per treatment) and thus a normal
distribution of the data could not been assumed and one-way
analysis of variance could not been used. Analyses were performed
using the software R (www.r-project.org).

Lipid Content

The lipid content was analysed from immobile G. pulex sampled
during the 21-day experiment (treatment A: 33 samples, treatment
B: 28 samples, treatment C: 1 sample) and mobile individuals
sampled at the end of the experiment (=21 for each treatment,
total of 30 for controls: 5 from plain and 5 from solvent control
beaker of each treatment). A gravimetric method was used to
determine the lipid content according to Kretschmann and
coworkers [23]. In short: Extraction was done using HyO, i-
PrOH, and cyclohexane (11:8:10) in 2 mL Eppendorf tubes.
300 mg of zirconia/silica beads (@ 0.5 mm, BioSpec Products,
Bartlesville, OK, USA) was added to iPrOH/cyclohexane solution
together with the sample and FastPrep® FP120 Bio 101 (Savant
Instruments, Inc., NY, USA) was used to break down the tissues of
G. pulex. Nanopure water was added to samples. A water content of
77% of G. pulex wet weight was assumed to achieve a 11:8:10 ratio
of Hy0O, i-PrOH, and cyclohexane. Then, samples were vortexed,
centrifuged (20 min, 450 g, 20°C) (Centrifuge 5417R, Vaudaux-
Eppendorf AG, Schénenbuch/Basel, Switzerland) and the organic
phases were separated. Volumes of 435 pL. of cyclohexane and
65 L. of iIPrOH were added once more, and after vortexing,
centrifugation and separation of the organic phase, the solvents of
the combined organic phase aliquots were evaporated under
nitrogen flow and extracts were dried at 60°C for 14 hours. The
remaining phases, i.e. the lipids, were weighted. The weight of
lipids was divided by total wet weight to obtain the lipid content as
a percentage. Because the lipid content in treatment C did not
follow a normal distribution (see Figure 1 and Figure S1, raw data
are provided in Table S11 in File S1), the differences among
treatments at the end of experiment were compared by the
Kruskal-Wallis rank sum test and further pairwise testing (control-
treatment) using the Wilcoxon rank sum test. The software R was
used for the analysis.

Chemical Stress Modeling

The survival/mobility data of the imidacloprid experiments was
analyzed using the toxicokinetic-toxicodynamic (TKTD) model
GUTS (General Unified Threshold model for Survival) published
by Jager and co-workers [24]. The model was implemented in the
software ModelMaker 4 (Cherwell Scientific Ltd., Oxford, UK).
The fraction of mobile animals over time was used to calibrate the
model. Note that immobile animals were removed from the
experiment, allowing us to apply the same assumptions about error
structure to our immobility data as to survival data and to use
GUTS for modeling the mobility/survival data. As we suspect that
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constant low concentration of imidacloprid (treatments C) might
have a different mechanism for survival/mobility than the pulsed
treatments (A and B), the TK'TD model was calibrated separately
using the constant treatments C of both experiments together and
the pulsed treatments (A, B) of both experiments together. In
addition, the model was fitted to all data in order to compare the
parameter estimates with those of the separately fitted data sets.
The parameter estimates from the fit to all data were used as initial
values for fitting the model separately to pulsed and constant
treatments.

Imidacloprid is not biotransformed in G. pulex [13]. Therefore, a
one-compartment toxicokinetic model (Eqn 1) was used to
simulate the internal concentration of imidacloprid.

dCin (1
D) _ kim0 o 1)

where G, (t) is the internal imidacloprid concentration in
organisms [umol/kg], C. (t) is the concentration in water
[umol/L], k, is the uptake rate constant [L-kg '+d™'], kou is
the elimination rate constant [1/d] and ¢ is time [d]. Uptake and
elimination rate constants were estimated by Ashauer and co-
workers (ky: 1.96 [Lokg™'+d™']; houe 0.267 [1/d]) [12]. We
validated this TK model by comparing its predicted internal
concentrations with measured internal concentrations in our first
experiment.

Survival modeling was based on the GUTS model and the
modeling is similar to our previous study with G. pulex and
propiconazole [25]. However, here least squares optimization
together with the Marquardt algorithm was used to fit models to
the data. Confidence intervals (95%) were calculated from
standard errors as described in Motulsky & Christopoulos 2003
[26]. Fitting was also performed by maximizing the log-likelihood
function, which maximizes the likelihood of yielding the parameter
set which best describes the number of death events between time
intervals (see Table S14 in File S1). In this study, the cumulative
fraction of survivors over time was better described by the
parameters found via least squares optimization.

Two models, either assuming stochastic death (SD) or individual
tolerance distribution (IT) were used separately to test which
hypothesis of death applies for imidacloprid. SD models have one
value for the threshold of survival and after exceeding it, an
organism has an increased probability to die. In contrast,
according to I'T models the threshold is distributed within the
population and death is instantaneous after exceeding the
individual threshold. To date, it is not known which of the two
hypotheses describes our data better (see also discussion in [24]
and [25]). Therefore, both models, SD and IT, were calibrated
and the goodness of fit values were compared.

Equation 1 was used to simulate the internal concentrations
(Cyy) In the survival model for both, GUTS-SD and GUTS-IT.
The implementation of the stochastic death model (GUTS-SD) is
given in Eqns 2 to 5. Eqns (2) and (3) were used to calculate the
cumulative hazard at time ¢ (H(f)).

dD*(r)
dt

=ka'(Cini(1) = D*(2)) (2)

% = ky- max (D*(¢) — z,0) + hp () (3)

where D° (1) is the scaled damage [umol/kg], £y is the damage
recovery [1/d], k. is the killing rate [kg + umol ™' - d™'], H (t) is the
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Figure 3. Toxicokinetic model validation. Internal concentrations were measured from immobile individuals in 14-day experiment (open
squares) and from mobile individuals in additional beakers which were not used for observing mortality (crosses). These values are plotted with
predictions of internal concentration (black line) by a previously published and calibrated toxicokinetic model [1].
doi:10.1371/journal.pone.0062472.g003

cumulative hazard of an individual [—], z is the threshold for

effects [umol/kg], 4, is the background hazard rate [1/d] (Eqn 4) S, — oIt @)
and the ‘max’ function selects the maximum of either 0 or (D*(t) — b

2)- The background hazard rate 4, was obtained by fitting Eqn 4 to where Sb is the background survival probability [—] describing
survival data of plain and solvent controls combined. survival in unexposed conditions.
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Table 2. Mean percentage error (%) of individual tolerance (IT) and stochastic death (SD) model when pulsed (PT), constant (CT),
or all data was used for calibration of the survival model for Gammarus pulex exposed to imidacloprid.

Pulsed treatments (PT) Constant treatments (CT)
TrA'(14-
Model Calibration data day) Tr B %(14-day) Tr A '(21-day) Tr B %(21-day) Tr C(14-day) Tr C(21-day)
IT PT alone/CT alone 5.0 35 34 3.9 5.4 2.6
All data 54 3.1 33 3.8 54 4.7
SD PT alone/CT alone 83 7.2 236 134 57 4.0
All data 7.3 83 227 134 5.1 5.0

"Pulsed treatment with a short interval in uncontaminated water between imidacloprid pulses.
2pulsed treatment with a long interval in uncontaminated water between imidacloprid pulses.
doi:10.1371/journal.pone.0062472.t002
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Figure 4. Parameter estimates and fraction of mobile animals simulated with the individual tolerance distribution model. Parameter
estimates of individual tolerance models calibrated with all data, pulsed data only, and constant treatments only (1). Calibration to pulsed treatments
(gray lines and gray symbols) and using these parameters to simulate the fraction of mobile animals in the constant scenario (black lines) are shown
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from 14-day experiment and open symbols from 21-day experiment.

doi:10.1371/journal.pone.0062472.g004
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Once the cumulative hazard H(t) is obtained, the survival
probability, S (t) [—], was calculated using Eqn 5.

S(t)y=e "0 (5)

The model that assumes the threshold for death to be drawn
from an individual tolerance distribution (GUTS-IT model) is
presented in Eqns 6 and 7. The IT model uses the same dose
metric, scaled damage D, as the SD model (Eqn 2). Cumulative
threshold distributions are based on a log-logistic cumulative
distribution function (Eqn 6). The resulting survival probability is
given by Eqn 7.

1
1+ ( max D*(r)/oc)_ﬂ
0<t<t

F()= (6)
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S(=(1—F(nye s ™)

where It) is the log-logistic cumulative distribution function for
the threshold [—], o is the median of the distribution [umol/kg],
determines the width of the distribution [—] and the ‘max’
function selects the largest value of the dose metric D* that
occurred until time £

To compare the goodness of fit among models and calibration
data sets, the mean percentage error (MPE) was calculated (Eqn 8)
[25]. The MPE was calculated for each treatment separately and
therefore for each treatment the goodness of fit could be compared
between a) stochastic death and individual tolerance models and b)
models calibrated with different data sets (i.e. pulsed or constant
exposures).

1 |Sobs - Smodel|
MPE =— E ——FF 100 8
n Shodel ( )

where MPE is the mean percentage error [%] of the fraction of
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Figure 6. Simulation of survival of Gammarus pulex in constant imidacloprid exposure according to the chemical stress model (l),
starvation model (ll), and multiple stressor model (lll). In the starvation model (ll), lack of food (LF) for the 14-day experiment was set to 1.0
and for the 21-day experiment 0.5 due to differences in feeding activity (no feeding in 14-day experiment, ca. 50% reduced feeding in the 21-day
experiment). The chemical stress model was GUTS calibrated with pulsed toxicity data sets.

doi:10.1371/journal.pone.0062472.g006
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survivors, Syp,s 1s the observed fraction of survivors [—], Spodel 18
the model prediction of the fraction of survivors [—] and = is the
number of data points used in the calculation.

Starvation Experiment and Modeling

As we hypothesise that organisms in the constant imidacloprid
exposure die due to impaired movements leading to starvation, an
experiment studying the effect of starvation, without exposure to
imidacloprid, on survival of G. pulex was conducted. There were 30
replicates for both, the control and the starvation treatment. In the
control group, one leaf disc was provided for food and more was
given when the disc was eaten. In the starvation treatment, no food
was given. G. pulex were placed individually in 100 mL beakers in
order to prevent cannibalistic behavior of the test animals, which is
more likely without leaf discs. Mortality was monitored for
34 days, i.e. long enough to observe mortality of at least half of the
animals. Experimental water was APW (Table S1 in File S1) which
was renewed weekly.

The mortality observed in this experiment was compared with
mortality under the low, constant exposure to imidacloprid. For
easier comparison, modified versions of the TKTD models
described above (SD and I'T) were calibrated using the starvation
data and the survival in the constant imidacloprid treatments was
predicted using this new starvation model. Instead of using
chemical internal concentration causing the scaled damage D" (1),
a new concept, lack of food (LF), leading to the damage (Eqn 9)
was introduced. In other words, the dose metric is LF, defined as
the relative lack of food compared to control conditions (LF=1 -
(available food/food available in control)). Thus the survival model
for starvation consists of equations identical to Eqns 3-7, Eqn 2
being replaced by Eqn 9 (LF replaces Gi,(?), which also leads to
different dimensions of the model parameters. The LF was set to 1
when calibrating the model with starvation data as well as
simulating the survival in the constant imidacloprid treatment in
the 14-day experiment where hardly any food consumption was
observed. When simulating the survival in 21-day imidacloprid
experiment, the LF was set to 0.5 as food consumption in this
experiment appeared to be only partially inhibited (the feeding
activity was approximately half of control levels, see Figure 1).

dD*(r)
dt

=ka (LF(1)—D"(1)) ©)
where D (t) describes the damage caused by lack of food [—], £q 1s
damage recovery rate [1/d] and LF (t) is lack of food [—]. Units of
the following parameters in Eqns 3-7 were therefore different
from described above: & [1/d], z [—] and o [—]. The background
hazard rate was calibrated for each experiment separately.

Multiple Stressor Modeling

The starvation model was combined with the chemical stress
model and the survival in constant imidacloprid exposure was
simulated in order to test whether survival is determined by both,
the effect of starvation and other toxic effects of imidacloprid. The
chemical stress models were the GUTS models described above
(Eqns 1-7) calibrated with the data from the pulsed toxicity
treatments alone. In this model the effect of starvation is excluded
from other chemical effects because we can assume that in the
pulsed toxicity treatments starvation does not play a role due to
possible recovery of the movements and feeding between chemical
pulses. To implement the multiple stressor model, equations for
both, chemical stress (SD: Eqns 1-4; IT: Eqns 1-2, 6) and
starvation (SD: Eqns 9, 3—4; I'T Eqns 9, 6) were followed. Then the
cumulative hazards / (t) of both chemical and starvation stress
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were added (SD model, Eqn 10) or both cumulative distribution
functions for the threshold F (t) were subtracted (IT model, Eqn
11) to predict survival in the constant imidacloprid treatments
where both processes likely play role.

S([) —e~ (H _chemical(t)+ H _starvation(t)) ( 10)

S(t) = (1 - Fchemical(t) - Fstarvaﬁon(t))'eihb*t (l 1)

Results and Discussion

Feeding Rate

Inhibition of feeding by imidacloprid has been observed in
many invertebrate species [16-18,27-29]. We observed that
feeding of Gammarus pulex was heavily inhibited by imidacloprid
in the constant treatment of the 14-day experiment (Figure 1,
Table 1, Table S9 in File S1) while in the pulsed treatments the
effect was not as strong (Figure 2, Table 1, Table S9 in File S1).
However, in this experiment, the method of measuring feeding
activity was only semi-quantitative because it was based on the
number of same-sized, however undefined by their mass, leaf discs
consumed by G. pulex individuals. Thus, we focused on the 21-day
experiment to draw conclusions with regards to the effects of
imidacloprid on feeding activity. In the 21-day experiment,
feeding activity was measured as the mass of leaf material eaten
[mg]. There the effect on feeding in the constant treatment was
again evident, however, not as strong as in the 14-day experiment
(Figure 1, Table 1, Table S10 in File S1). In the pulsed treatments,
no effects were observed on feeding activity - the organisms started
to feed roughly 2 days after they were transferred to uncontam-
inated media (Figure 2, Table 1, Table S10 in File S1). This
finding is in agreement with the fact that imidacloprid binding to
ACh receptors in insect membranes is reversible, i.e. it can be
dissociated as well as removed by ACh and other ligands
[11,30,31]. However, in spite of the fairly fast dissociation of
imidacloprid from the ACh receptors (0.419 min~' [11]), the
elimination of imidacloprid has been shown to be slow in G. pulex
[12] and can be associated with the receptors again. The internal
concentrations in our experiments decrease relatively fast (Figure 3)
and 2 days after a pulse around 60% of imidacloprid is left inside
the organisms. Once feeding activity is recovered in 2 days, it
seems that the internal concentrations during these days fall below
the threshold of preventing animals from feeding.

The ability to recover from imidacloprid pulses has been
observed also by other authors [17,18,32]. Alexander and co-
workers [17] observed that both mayfly (Epeorus longimanus) larvae
and the oligochaete worm (Lumbriculus variegatus) could recover
from 1-day exposure to imidacloprid in 4 days and the recovery
potential was concentration dependent [17]. Concentration
dependency was not observed in this study — in fact in the 21-
day experiment where we had higher imidacloprid pulses, the
feeding rate was not different from the controls while in the 14-day
experiment we observed an effect. However, this observation
could be caused by differences in the measurement method
(number of leaf discs versus mg) and variation in organism fitness
between the experiments, which can be seen for example in the
control mortality (Figure 1).
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Lipid Content

We observed reduced lipid content in G. pulex after exposing
them constantly to imidacloprid for 21 days (21-day experiment,
Figure 1). In the pulsed treatments, lipid content was not different
from that of the controls (medians of A: 1.36%, B: 1.45%, Figure
S1). When comparing among all treatments using the Kruskal-
Wallis rank sum test, the p-value of 0.017 indicated significant
differences and the pairwise comparisons showed that the constant
treatment was responsible for the difference (Wilcoxon rank sum
test between control and C: p=0.0053). The differences in lipid
content between pulsed treatments and controls were not
significant (A: p=0.4646; B: p=0.6834). The decreased lipid
content was observed in the same treatment where the feeding was
inhibited (C). Therefore, we can conclude that lipid content is
affected by a decreased feeding rate and might imply starvation of
G. pulex in the presence of imidacloprid.

Mortality and Immobility due to Imidacloprid

We observed a sudden drop in survival in the end of the
constant treatments (C), especially in the 14-day experiment
(Figure 1, part III, Tables S12 and S13 in File S1). The percentage
of dead out of all immobile individuals (dead+only immobile) was
high in the constant treatments. In fact, we did not observe many
individuals classified as immobile in the constant treatment (i.e. 14-
day experiment: 3 out of 70, 21-day experiment: 1 out of 70).
However, almost all the “mobile” animals were close to the limit
of immobility, they were passive and could not move in a normal
way. Similar behavior has been observed before in Gammarus roeseli
exposed to 12 ug/L imidacloprid [15] which is close to the
concentrations in our constant treatments. This effect of
imidacloprid decreased the feeding rate and might have caused
starvation in our experiments. In our treatments with high
imidacloprid pulses, the organisms were mostly immobile
(Figures 1 and 2), thus even in the highest concentration that we
used (0.59 umol/L), the acute lethal toxicity was not reached
within one day. There were no differences in the mobile fraction at
the end of both experiments between treatments with short (A) and
long (B) recovery time between pulses, also not in feeding activity
and lipid content in the 21-day experiment (Figure 2, Figure S1).
This indicates that organisms recovered fast from imidacloprid
exposure between the pulses, even in the treatments A which had
short intervals between pulses. Calculated 95% organism recovery
times were 12.7 and 12.3 days according to IT and SD models.
Organism recovery times were calculated as the time when the
modeled internal damage has dropped to 5% from the maximum
in a pre-defined exposure scenario [25,33,34]. Note that organism
recovery refers to the recovery of the underlying damage that
causes effects on survival until it reaches levels far below those
causing mortality. Thus, the observed fast recovery with regards to
mortality after the pulses does not necessarily conflict with
organism recovery times of 12 to 13 days.

We observed more mortality in the constant treatment of the
14-day experiment than in the constant treatment of the 21-day
experiment, even though the exposure concentration was the same
and the animals were exposed longer in the 21-day experiment.
This variation in our results was also seen in the background
mortality: during the 14-day experiment, mortality in the controls
was much higher (Figure 1). This observation can be explained by
organism fitness, which varies when we collect animals from the
field for each experiment. For instance, season has been shown to
influence the condition of gammarids [35-37]. One important
seasonal factor is food availability. After leaf fall during autumn,
organisms have shown to have better lipid reserves during winter
(maximum for males in November and for females in January)
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while during summer lipid reserves are the lowest due to scarcity of
food [35]. This can make summer populations more sensitive to
toxicants [37], especially to imidacloprid which interferes with
feeding behavior.

We conducted the experiments in November (14-day experi-
ment) and February (21-day experiment) — both are months of the
season where we expect high lipid contents according to Stroda
and Cossu-Leguille [35]. We can hypothesize that in November,
when we conducted the 14-day experiment resulting in high
mortality in the constant treatment, the organisms had not had
enough time to build up and store lipids after the leaf fall. Thus, in
our 2l-day experiment, organisms possibly had better lipid
reserves, which might be why less individuals died than in the
14-day experiment. An alternative explanation could be pre-
exposure of the animals to pollutants in the field before collection,
which is more likely in November and the weeks before. Although
the collection site is in a headwater stream with low probability for
pollution, it cannot be ruled out that some exposure occurred, for
example to pesticides applied in autumn and transported via
runoff in autumn rains. Independent of the possible causes, the
variance in background mortality among experiments was
corrected in our survival models by using experiment specific
background hazard rates (Eqn 4, 14-day experiment: 0.0144 [1/
d]; 21-day experiment: 0.0079 [1/d]).

From our survival models, stochastic death (SD) and individual
tolerance distribution (IT), the I'T model fitted better to the data
(Table 2). The mean percentage error (MPE) in the treatments was
always below 5.4% in the I'T models (mean 4.3+ 1% when all data
was used for calibration) while in the SD models the maximum
error was as high as 22.7%, with a mean of 10.3£6.8% when all
data was used for calibration. This would imply that the data
provided here supports the individual tolerance distribution
hypothesis, which assumes that organisms have individual effect
doses which are distributed within a population. A possible
interpretation is the variability of lipids and other energy reserves
within the population. Similar and opposing findings, i.e. studies
where the SD hypothesis described the data better, have been
published earlier [34,38-40]. The applicability of either extreme
hypothesis seems to be chemical and species specific. Because our
data supports the IT theory, we use the I'T model results to
compare survival among pulsed and constant treatments. The
toxicokinetic sub-model calibrated by Ashauer and coworkers [12]
predicted well the internal concentrations, which were measured
in the 14-day experiment (i.e. model validation, see Figure 3).

Parameters differed when the models were calibrated with
either pulsed or constant survival/immobility data. In Figure 4,
parameter estimates of the damage recovery rate (k,), the median
of the threshold distribution (alpha), and the width of the
distribution (beta) for pulsed treatments, constant treatments and
all data are illustrated. The biggest differences between constant
and pulsed calibration data can be seen in the values of the
parameter beta, which was extremely high for the constant data
compared to the pulsed data. The value of beta determines the
width of the threshold distribution — the higher the value is, the
narrower is the distribution and the steeper is the drop in the
fraction of survival/mobility close to the median value alpha. This
would imply that the individuals in a population react fairly
similarly to starvation, or the damage describing decreasing lipid
content.

However, parameter estimates should not be over-interpreted
because they are linked to each other (parameter co-variation). To
compare among calibration data sets in a more reliable manner,
the whole set of parameters can be used to simulate the survival in
another exposure type (i.e. from calibration to the constant data
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set to simulate survival in the pulsed scenario and vice versa).
When the pulsed calibration data was used, mobility in the
constant scenario was rather well predicted with MPE of
5.5%9.5% (14-day experiment) and 4.4+2.4% (21-day experi-
ment) (Figure 4, II). However, the high mortality in the end of
constant treatments was not captured (i.e. the effect of starvation).
When the constant calibration data was used, the mobility in the
pulsed scenario could not be predicted well; the mobile fraction
went directly to zero in all pulsed treatments (Figure 4, III).

This simulation result indicates that there are different
processes, described by very different model parameters, govern-
ing the mobility under long, constant exposure to imidacloprid vs.
the pulsed exposure scenario. The toxic processes in the constant
treatments can be related to a low degree of imidacloprid binding
in nicotinic receptors making organisms passive and causing death
via impaired movements and starvation. In the pulsed treatments
other toxic effects from higher degree of binding to the target sites
play also a role. This can be seen also as a difference between the
adverse effects of imidacloprid in pulsed treatments, where
imidacloprid immobilizes the organisms immediately, and more
chronic effects like starvation which appears as a result from
impaired movements in long constant exposure. However, we
cannot rule out the possibility that the differences in model
parameters can also be caused by differing proportions of dead
and immobile individuals among treatment types (the model treats
them equally, because immobile individuals were removed).
Almost only mortality was observed in the constant treatments
while there were much more immobile individuals than dead ones
in the pulsed treatments (pie charts in Figures 1 and 2, part III).

Mortality in the Starvation Experiment

In one of the target organisms, the tobacco whitefly (Bemisia
tabacy), imidacloprid has been shown to cause starvation [41,42].
Even though the exposure route is partly different for aquatic
species (oral uptake alone for the tobacco whitefly versus oral
uptake and diffusion from water for G. pulex), low concentrations of
imidacloprid can cause death of non-target amphipods in aquatic
environments via behavioral changes which prevent the organisms
from feeding. To investigate whether other effects of imidacloprid
than starvation play a role in the constant exposures, we
performed a pure starvation experiment where no imidacloprid
was added. We calibrated the TKTD models with food limitation
as dose metric and the models were then used to simulate mortality
in the constant imidacloprid treatments. Results of the starvation
experiment and calibration of the models are shown in Figure 5.
The simulation of survival in the constant lack of food conditions,
representing our constant imidacloprid exposure, showed rather
poor agreement with the measured values, especially for the 14-
day experiment (Figure 6, part II). However it must be noted, that
this prediction is based only on starvation stress. As cholinergic
neurotransmission has been suspected to have a central role in
neurotransmission in invertebrate central nervous system [43],
likely also other pathways of toxicity, e.g. failure of respiration,
than starvation through impaired movements occur in imidaclo-
prid exposure.

Survival in Multiple Stress Conditions

We developed a multiple stress model, combining the effects of
starvation and the other toxic pathways of the chemical, for
simulating survival in the constant imidacloprid exposure. The SD
model for multiple stressors did not predict survival well when we
compare mean percentage error (MPE) values between three
different model types: The 14-day experiment was better predicted
by the chemical stress model and the 21-day experiment by the
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starvation model (Figure 6). However, as discussed above, the IT
model had a better fit to the data (Figure 2, Table 2) and therefore
we should focus on comparing results given by this model (see solid
line in Figure 6). The agreement of the simulation with the data
increased with the multiple stress model, when compared to
simulations using either of the individual stressor models (i.e.
chemical stress and starvation) alone especially in the case of the
14-day experiment (Figure 6). Using the multiple stress model did
improve the predictive power, however, one pattern in the data,
i.e. the sudden drop in survival at the end of the experiments, was
not predicted quantitatively.

Conclusions

Organisms in nature are facing multiple stress conditions,
natural and anthropogenic. We have investigated the effects of the
insecticide imidacloprid in Gammarus pulex and showed that
multiple stress pathways might influence organism survival, rather
than just a single mechanism of toxicity or stress pathway alone.
By binding to acetylcholine receptors, imidacloprid impairs
mvertebrate movements and feeding behavior and therefore, in
addition to other pathways of toxicity, starvation can influence
organism survival if the exposure lasts longer than the duration of
standard toxicity tests. Another noteworthy point of our findings is
that the effect of reduced feeding on invertebrate survival is
affected by food availability and initial nutritional status of
organisms which vary along with the season. Nevertheless, in
aquatic systems the exposure times are usually short due to water
flow and dilution. We showed that in these conditions, organism
movements and feeding can recover fast after the exposure and
therefore the stress from starvation is reduced, however, other
toxic pathways can still affect organism survival.

Supporting Information

Figure S1 Lipid content [%] of Gammarus pulex at the
end of the second experiment in control and treatments
A, B and C. Green color of the box denotes pulsed treatments (I
A and B) and red color constant treatment (It C). The numbers
are the median values represented by the black line in boxes.

(TIF)

File S1 Supporting Tables. Table S1. Composition of
artificial pond water (APW) and stock solutions. Table S2.
Imidacloprid concentrations in water in 14-day experiment.
Table S3. Imidacloprid concentrations in water in 21-day
experiment. Table S4. Water characteristics in 14-day experi-
ment. Table S85. Water characteristics in 21-day experiment.
Table S6. Data on internal concentrations in 14-day experiment:
Tr A. Table S7. Data on internal concentrations in 14-day
experiment: Tr B. Table S8. Data on internal concentrations in
14-day experiment: Tr C. Table §9. Cumulative food consump-
tion (leaf discs/G. pulex individual) in 14-day experiment. Value is
corrected with number of mobile individuals in the beaker. Table
$10. Cumulative food consumption (mg/ G. pulex individual) in 21-
day experiment. Nm denotes “not measured” in that time point.
This is taken into account in the value in the next time point.
Table S11. Lipid content of immobile Gammarus pulex individuals
in the 21-day experiment and mobile individuals in the end of
experiment. Table S12. Number of mobile and immobile
individuals in the 14-day experiment. Cint A and Cint B denotes
beakers which were used to sample mobile individuals and were
not used for survival modeling. Table S13. Number of mobile
and immobile individuals in the 21-day experiment. Table S14.
Parameter estimates for different calibration data sets. Parameter
estimates of stochastic death (SD) and individual tolerance
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distribution (IT) models based on fit using log-likelihood function
or ordinary least squares fit.
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1. Introduction

Insecticides continue to be key weapons for the control of insect
pests that threaten agriculture and vector disease. However,
despite intensive ongoing research, there are a limited number of
commercially available insecticide chemistries that target an even
smaller number of insect proteins. Whilst preserving the efficacy of
these insecticides and the integrity of targets is vital, resistance
evolving due to strong selection imposed by widespread insecticide
usage compromises insect pest control.

Insecticide resistance is a genetic phenomenon, with mutations
affecting insecticide target proteins and metabolism being the most
commonly described (ffrench-Constant et al., 2004; Li et al., 2007).
Studying the molecular bases of target-site mediated insecticide
resistances provides useful information on how specific insecti-
cides exert their lethal effects, information often transferable
between insect species. Studying metabolic-based insecticide
resistance offers valuable insights into how insecticides are inac-
tivated before reaching their molecular target within the insect.
Thus describing the molecular basis of insecticide resistance is
important. It opens windows of understanding that may improve
future pest control. However, these windows are not large enough
or sufficient in number to provide a comprehensive understanding
of the complex biology relevant for sustainable rational insect pest

* Corresponding author. Tel.: +61 3 8344 2362; fax: +61 3 93475352.
E-mail address: pdaborn@unimelb.edu.au (P.J. Daborn).

0965-1748/$ — see front matter © 2011 Elsevier Ltd. All rights reserved.
doi:10.1016/j.ibmb.2011.03.003

control. For example, the targets for some insecticides have not
even been identified. Where targets have been identified, in some
cases their native functions have only been rudimentarily charac-
terised. Similarly, although the molecular bases of many metabolic
resistances have been studied, little is known about where insec-
ticides are metabolised or the specific metabolic pathways
involved.

In studying other complex biological processes geneticists have
used model organisms to systematically mutagenise and manipu-
late most genes involved in a given process. By way of contrast, in
considering insecticide targets and metabolism there is a prepon-
derance of research with field-derived resistant variants that define
a small proportion of the genes involved. Other reviewers have
noted how the powerful insect genetic model Drosophila mela-
nogaster can be used to investigate insecticide resistance and
underscore the relevance of research in this model to pest systems
(ffrench-Constant et al., 1992, 2004; Morton, 1993; Schneider,
2000; Wilson, 1988, 2001). Although D. melanogaster is generally
not considered an insect pest, it is exposed to insecticides and
resistances have arisen (Daborn et al., 2002; ffrench-Constant et al.,
1993; Wilson and Cain, 1997). The ease of lab culture, the avail-
ability of an ever accumulating array of genetic resources assem-
bled through over a century of research by a large global
community of researchers (Drysdale, 2008), a complete genome
sequence (Adams et al, 2000) and the capacity to precisely
manipulate the genome (Rubin and Spradling, 1982; Spradling and
Rubin, 1982) represent key advantages of using D. melanogaster as
a model. This paper does not set out to review the resistance
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literature. It describes ways in which technologies available in
D. melanogaster permit the systematic analysis of the biology of
insecticide targets and metabolism, providing opportunities for
rational insect pest control. Such control will require a detailed
understanding of how insecticides are metabolised and new
generation insecticides directed against precisely defined targets.
Nicotinic acetylcholine receptors are used as a primary example.
These receptors are the targets of current generation insecticides
(neonicotinoids and spinosyns), but given their complexity can be
exploited for future rational insecticide design.

2. D. melanogaster as a model for investigating insecticide
targets and target site resistance

2.1. Insecticides targeting the nervous system

2.1.1. Conservation is key

D. melanogaster has proven suitable for identifying several
insecticide targets. Where insecticide targets are known in both
D. melanogaster and one or more pests, there are striking similarities
in the target and also the nature of the mutations found to confer
resistance (Fig. 1). Given the large evolutionary distance between
D. melanogaster and many insect pests, it is clear that the targets for
many widely used insecticides are conserved. This conservation is
a double-edged sword. Insecticides directed against highly
conserved targets kill both pest and beneficial insects producing
collateral damage to the environment. While the conservation of
targets is a problem in the field, it is a benefit in the laboratory. By
identifying molecular bases of resistances, D. melanogaster can be

used to identify the targets of insecticides in those cases where they
are not known.

A GABA gated chloride channel allele, Resistance to dieldrin (Rdl),
was one of the first target site resistances characterised to
a molecular resolution. It exemplifies a direct translation of
understandings gained from the model to a range of pest insects in
the field. The discovery of the candidate receptor was made in field-
isolated D. melanogaster resistant to the cyclodiene insecticide,
dieldrin (ffrench-Constant et al., 1991). Further work using elec-
trophysiology on cell expression systems demonstrated the
mechanism of resistance to be an amino acid substitution (A301S)
which resides within the M2 (pore forming) domain of the GABA
receptor causing both a change in dieldrin binding affinity and
destabilisation of the cyclodiene favoured conformation through
alteration of channel desensitisation rates (ffrench-Constant et al.,
1993; Zhang et al., 1994). The A301S (or an alternative, A301G)
substitution has subsequently been found in Rdl orthologs of
resistant strains of many pest species (ffrench-Constant et al., 2004;
Thompson et al., 1993) (Fig. 1A). The highly conserved nature of the
mutation allowed PCR assays to be developed for rapid identifica-
tion of Rdl alleles in field populations (ffrench-Constant, 1994).
Several techniques uniquely available in D. melanogaster at the
time, including cytologically defined chromosome deficiency
libraries and Drosophila germ-line transformation techniques,
played critical roles in the discovery of the molecular lesion in Rdl
(ffrench-Constant et al., 1991).

2.1.2. Neural targets and redundancy
The Rdl example highlights the exquisite precision of adaptation
to strong insecticide selective pressure. Given that loss of Rdl
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function is lethal, dieldrin resistance could only be afforded by an
amino acid replacement hindering dieldrin binding while retaining
receptor function. A301S and A301G are the only amino acid
substitutions within RDL that could fulfil this demanding evolu-
tionary brief (ffrench-Constant et al., 2000). While there is evidence
of a temperature-dependent paralytic phenotype associated with
the Rdl allele in D. melanogaster, this does not seem to translate into
a significant fitness affect impacting allele frequencies (ffrench-
Constant, 1994). By way of contrast, there are significant fitness
costs associated with the A301S replacement in the Australian
sheep blowfly, Lucilia cuprina (Mckenzie, 1990). Differences in the
fitness impact of A301S in D. melanogaster and L. cuprina are likely
to be due to a difference in RDL between the two species. Another
layer of complexity is the reported duplication of Rdl in Lepidop-
tera, of which Bombyx mori, Heliothis virescens and Helicoverpa
armigera appear to have three paralogs, while Plutella xylostella and
Myzus persicae have at least two paralogs (Anthony et al., 1998;
Yuan et al., 2010). In the case of M. persicae, although the A301S
allele is fixed in one paralog, the resistance phenotype is associated
with the presence of an A301G substitution, suggesting that these
genes have been co-opted into distinct functions in the insects
(Anthony et al., 1998).

Nicotinic acetylcholine receptors (nAChRs) are a class of the
ligand-gated ion channel superfamily. Ten nAChR subunit genes
have been described in D. melanogaster, seven o-like and three
B-like (Sattelle et al., 2005). The discriminating feature between
o and P is the presence of a YXCC motif in the o subunit that
contributes to the acetylcholine binding. The functional nAChR
pentamer can consist of either a-subunits or a combination of  and
B subunits. The N-terminal ligand binding region contains six loops
(A—F) which form the acetylcholine binding pocket between
adjacent o/o and o/f subunits. nAChRs have been targeted by at
least two insecticide classes, spinosyns and neonicotinoids. Spi-
nosyns, a highly valued class of biopesticide, are macrocyclic
lactone fermentation products of Saccharopolyspora spinosa that are
widely used in the control of Lepidoptera, Coleoptera and Diptera
(Thompson et al., 2000). Evidence from resistant insects suggests
binding to different nAChR subunits for spinosyns when compared
to neonicotinoids (Perry et al., 2008; Perry et al., 2007; Salgado and
Saar, 2004; Watson et al., 2010). Da6 was shown to be the target of
spinosyns in D. melanogaster on the basis of high level resistance
being observed in a gene disruption mutant (Perry et al., 2007) and
in EMS induced mutants (Watson et al., 2010). It has also been
demonstrated that disruptions in the P. xylostella (diamondback
moth) Pxa6 gene confer spinosad resistance, the mechanism being
a truncated product (Baxter et al., 2010) (Fig. 1B).

The widely used neonicotinoid class of insecticide exhibits
a high level of specificity for invertebrate pest nAChRs over verte-
brate nAChRs (Tomizawa et al., 2000), meaning that neonicotinoids
can be safely used as oral protective agents for domestic pets as
well as for the field control of agricultural pests. Imidacloprid alone
captured over $1bn of the market in 2008 (2010 Bayer Annual
Report, www.annualreport2010.Bayer.com). In contrast to spino-
syns, reported neonicotinoid resistance alleles implicate multiple
nAChR subunits. In a resistant strain of Nilaparvata lugens (brown
planthopper) a Y151S amino acid substitution was discovered in
two different nicotinic acetylcholine receptor a-subunits, Nla1 and
Nla3 (Liu et al., 2005) (Fig. 1B). This amino acid substitution reduces
imidacloprid binding in heterologous expression experiments (Liu
et al., 2005). Findings in D. melanogaster also demonstrate that
two nAChR genes confer resistance when mutated. Only one of
these mutations is in a gene orthologous to Nla1 (da1). The other is
a B-subunit, dB2 (Fig. 1B). Further, the mutations in D. melanogaster
result in a drastic, if not complete, ablation of function compared
with the specific substitutions found in N. lugens (Perry et al., 2008).

Resistance to both spinosyns (da6) and neonicotinoids (dal,
dp2) is associated with loss of subunit function. This has implica-
tions when considering the potential for resistance evolution in the
field. As there are many more mutations that can lead to a loss of
target gene function compared to those that specifically reduce the
binding of the insecticide to the target protein, it is predicted that
resistance to spinosyn and neonicotinoid insecticides will arise
reasonably frequently in field populations. The only mitigating
factor is that these resistances are largely recessive which, in a field
setting, would slow their increase in frequency. Recessive resis-
tances to spinosyn and neonicotinoids due to target insensitivity
have been observed in several pest insect species (Bielza et al.,
2007; Shono and Scott, 2003; Wang et al., 2009; Wyss et al.,
2003). To date the only characterised cases are the truncated
Pxa6 conferring resistance to spinosyn in P. xylostella (Baxter et al.,
2010) and the neonicotinoid resistant, ligand binding region
substitutions in N. lugens (Liu et al., 2005).

That loss of function mutations in three different
D. melanogaster genes leads to viable resistant strains highlights
a surprising level of functional redundancy among the nAChR
subunits. This finding is instructive in considering insecticide
design. Based on the effectiveness of spinosyns and neonicotinoids,
the nAChRs can be excellent targets. However, in terms of achieving
sustainable control, the insecticide should target a non-redundant
subunit or a non-redundant set of subunits. In order to identify
these subunits the redundancy rules need to be investigated and
understood. Such investigation would contribute much to the
understanding of functional options that exist in the insect nervous
system and might allow further exploitation of these useful targets.

2.1.3. Expression studies

Addressing a number of important questions requires functional
expression of target proteins in cell culture systems. These include
determining the specific subunits and the amino acids within these
subunits that bind insecticides, as well as identifying other proteins
that are associated with the target protein. Functional expression of
insect nAChRs has been a major hurdle. In combination with
vertebrate § subunits some insect nAChR subunits are capable of
forming heterogeneous receptors that respond to ligands, including
insecticides. Until recently it has not been possible to form native
D. melanogaster channels in any of the expression systems tested
(Watson et al., 2010). This means it has been difficult to characterise
relevant subunit combinations for insect nAChRs and assess their
specific binding affinities and pharmacological properties. In the
absence of a functional expression system other approaches have
been employed. Hence, analyses of insecticide binding focus on
subunit expression in combination with chick or rat 2 subunits,
co-immunoprecipitation, or whole membrane binding studies
(reviewed in (Millar and Lansdell, 2010). This highlights how
limiting it can be to tackle a difficult question such as mode of
action without the necessary biological knowledge. In the pursuit of
understanding neonicotinoid targets in N. lugens, native subunit
combinations have been identified for cloned subunits using co-
immunoprecipitation (Li et al., 2010). This research suggests that
neonicotinoid sensitive nAChR may involve similar subunit
combinations in N. lugens and D. melanogaster although the
complete picture is far from clear (Li et al., 2010). The work is
restricted by the lack of genome sequence data from this non-
model organism, meaning that the entire complement of nAChR
subunits is still unknown.

Recently, hurdles preventing the functional expression of insect
nAChRs may have been overcome, with the expression of a receptor
combining Da6 and Da5 using the C. elegans chaperone protein
RIC3 (Watson et al., 2010). This receptor was capable of binding to
spinosynA. It remains to be seen whether RIC3 or other accessory
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proteins will be required to facilitate the expression of other insect
nAChRs.

2.2. Utilising Drosophila to investigate targets

2.2.1. Generating target site resistance

Mutagenesis can be used to increase the variety of insecticide
resistant mutants in genes encoding targets. These mutations can
be valuable for structure-function analysis. For example it has been
possible to identify insecticide targets using mutants recovered
following mutagenesis and selection with neonicotinoids, spino-
syns and the insect growth regulator methoprene (Perry et al.,
2008; Shemshedini and Wilson, 1990; Watson et al., 2010). Muta-
genesis comes with a number of advantages. It is possible to
generate mutants that would allow the nature of target site resis-
tance to be determined before resistance arises in the field. Beyond
this, it is possible to mutagenise to saturation, isolating a wider
spectrum of resistant mutations as a resource for the study of the
target and its association with the insecticide. In those cases where
more than one target is involved (e.g. neonicotinoids), it provides
the opportunity to pursue targets individually. While mutagenesis
has been successfully pursued in pests and often correlates well
with field resistance cases (Smyth et al., 1992), issues regarding
creation of resistant variants in the laboratory means this is not
generally practical. A second advantage of mutagenesis in the
laboratory is the control over genetic background. In comparing
any two field-derived strains there can be varying background
susceptibilities, unknown histories of insecticide exposure and
multiple resistance factors present. Mutagenesis can be performed
in a standard genetic background and generates a limited number
of mutations making it easier to associate resistance with a partic-
ular mutation found in the resistant mutant and not in the strain
from which it was derived. The contribution of individual genes to
the resistance phenotype can then be measured with precision.
Beyond resistance considerations, mutants can be used for fitness
assessments. Ascertaining whether the target is essential to insect
survival is important for understanding whether such resistant
alleles could increase in frequency in pest populations.

Given that many newer insecticides target the ligand gated ion
channel receptors, the availability of mutants for the receptor
subunit genes facilitates screens for resistance before these
compounds are deployed in the field. A sulfoximine insecticide,
Sulfoxaflor, which targets nAChRs with a distinct mode of action
from neonicotinoids (Babcock et al., 2010) has been tested on these
mutants and no cross-resistance was observed (Perry and Sparks,
personal communication). Thus resistant mutants can provide
a powerful tool with useful applications at both the discovery and the
development stages of novel compounds in determining overlapping
modes of action. Another practical application is in the assessment of
second-generation compounds derived from insecticides that have
already been used in the field, as cross-resistance issues are more
likely to arise. Neonicotinoid resistant mutants isolated on the basis
of resistance to nitenpyram were shown to be cross-resistant to other
neonicotinoids such as imidacloprid and thiamethoxam (Perry et al.,
2008). Screening for cross-resistance provides valuable information
about mode of action, resistance, as well as a guide to rotation
strategies for integrated pest management.

2.2.2. The use of mapping and sequencing technologies
to identify the resistance gene

Resistant mutants can be readily mapped to a genomic interval
of less than 5Mb using an appropriate selection of visible pheno-
typic markers (Bogwitz et al., 2005; Chen et al., 2006; Daborn et al.,
2001). The location of the gene can be more closely defined using P-
element mapping strategies (Zhai et al., 2003). Having genetically

mapped the resistant gene, the use of next-generation sequencing
is ideal to overcome the hurdle of identifying the molecular lesion.
This is likely to become the method of choice with reasonable
coverage of Drosophila genomes ( ~24x) now available for less than
$3000(USD). Already this technology has been combined with EMS
mutagenesis and verified with complementation assays to identify
a gene involved in egg-shell morphology (Blumenstiel et al., 2009).
There have also been successful examples with this technique from
another model organism, C. elegans (Shen et al., 2008).

2.2.3. The use of loss of function analysis to identify targets

The availability of a large collection of deficiency strains, each of
which is stably heterozygous for large genomic deletions, has
played a role in identifying the targets for three different insecticide
classes in D. melanogaster. In the case of dieldrin resistance, two
overlapping deficiencies were used to narrow down the region
encompassing Rd! (ffrench-Constant et al., 1991). For neonicotinoid
resistance, nAChR deficiencies were used to screen for candidate
subunits on which EMS mutagenesis and selection was then per-
formed allowing the isolation of recessive alleles in the da1 and d(2
genes (Perry et al., 2008). Spinosyn resistance was a more
straightforward case where screening nAChR subunit deficiencies
led to the discovery of a highly resistant strain (Perry et al., 2007).
This deficiency has since been used to perform mutagenesis and
isolate further da6 alleles (Watson et al., 2010).

RNAI lines are a convenient large-scale genetic screening tool,
with a line available for the silencing of almost each Drosophila
gene. Different enhancer driver lines can be used in conjunction
with the GAL4/UAS system to produce a partial loss of function due
to reduced mRNA level for any given gene in a particular tissue/life
stage or ubiquitously throughout development (refer to Fig. 2).
High-throughput resistance screens for potential targets can be
conducted. If a candidate target has been identified by other means
then this resource can be used to provide supporting evidence. This
approach has been successfully tested for both nitenpyram and
spinosad (Mitchell, Ali, Batterham and Perry, unpublished).

2.2.4. Analysing the target gene
Having identified a target gene it becomes important to under-
stand the biological function of the target, how that function is
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Fig. 2. GAL4-activated gene expression in D. melanogaster can be used to investigate
both target site and metabolic insecticide resistance. A transgenic fly strain is made
using a construct containing the yeast GAL4 gene downstream of a Drosophila tissue
specific enhancer sequence. In this fly strain, GAL4 will be expressed in a tissue and
temporal specific manner, governed by the enhancer sequence. Many different GAL4
strains are available, expressing GAL4 in different tissues, for example the midgut, the
Malpighian tubules, or the nervous system. A second transgenic fly strain is made,
containing a GAL4 specific upstream activation sequence (UAS) upstream of either (i)
a Drosophila gene of interest (GOI), (ii) a pest species GOI, or (iii) an RNAi hairpin
sequence for gene silencing. When the two strains are crossed the GAL4 and the UAS
will both be present. GAL4 protein binds to the UAS and activates transcription of the
GOl in the specific tissue(s) where GAL4 is present.
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perturbed by insecticide binding, the range of target site mutations
that might afford resistance and other impacts of resistance on the
organism, including fitness. Contemporary genetic methods can be
used to generate the allelic variation useful in addressing each of
these questions. Beyond the resources that may be available in
Drosophila stock centres, a series of random point mutations can be
produced in any given gene using the tilling approach (Cooper et al.,
2008). There are ongoing efforts to isolate insertion mutants for
every gene in the D. melanogaster genome with these mutants being
made publically available. A collection of strains each deleted for
a small number of genes provides excellent coverage of the genome
(Ryder et al., 2007). Strategies using the mobilization of transpos-
able elements such as P and Minos, and the FLP/FRT recombination
system provide the capacity to isolate deletions of single genes of
interest (Golic and Golic, 1996; Metaxakis et al., 2005; Voelker et al.,
1984). The sophistication and precision with which genes can be
manipulated has increased with the innovation of targeted gene
deletion and replacement utilising homologous recombination and
the attB/pC31 integrase system (Bischof et al., 2007; Gong and Golic,
2003; Groth et al., 2004; Huang et al., 2008; Rong and Golic, 2000;
Venken et al., 2006). Specific changes engineered into a copy of
a gene can be inserted into the genome to replace the deleted
genomic copy (Venken et al., 2009). The engineered copy of the gene
is then expressed in the fly in the normal pattern for that gene,
allowing the impact of the introduced mutations to be assessed.
That these manipulations are performed in a controlled genetic
background means that different introduced alleles can be exam-
ines for their impact on resistance, electrophysiology or fitness.
Beyond creating mutant alleles it is possible to put tags into genes
(e.g. GFP) that will allow the expression of target proteins to be
followed throughout development. While these approaches were
first developed for small genes, similar manipulations can be per-
formed for genomic regions of up to 150 kb in length (Venken et al.,
2009), particularly useful in the analysis of some of the large genes
that encode receptors in the nervous system.

2.3. Investigating pest target proteins in Drosophila

D. melanogaster insecticide targets can be readily identified and
analysed but it is essential that the findings are extended to the
corresponding targets from pests. Many of the requisite technolo-
gies are not available in pest systems, or are less finely tuned,
making it easier to express and manipulate pest genes in
D. melanogaster. The GAL4/UAS expression system (Brand and
Perrimon, 1993) can be fine-tuned to allow appropriate tissue
specific expression of introduced pest genes (Fig. 2). The first step
along this path is to show that the pest gene is functional in
D. melanogaster. As a proof of principle we have investigated a6
nAChR subunit orthologues. da6 loss of function mutants are resis-
tant to spinosad (Perry et al.,, 2007). When «6 orthologues from
L. cuprina and Musca domestica were individually expressed in
a D. melanogaster da6 loss of function mutant, sensitivity to spi-
nosyn was rescued (Perry and Batterham, unpubl). These experi-
ments show that the pest receptor subunits from these two species
function in D. melanogaster. In addition, the susceptibility of the
flies to spinosyn indicates that the a6 receptor subunit of these two
species is a potential spinosyn target. The degree of evolutionary
sequence conservation required for D. melanogaster to be useful in
studying pest targets is likely to require case-by-case evaluation.
When it comes to the neural targets, other factors such as inter-
acting proteins may be important. The increasing availability of
pest insect genome sequences will allow many candidate target
genes to be tested. In those cases where pest genes are successful
expressed, the D. melanogaster system offers a wide range of
options for functional dissection.

2.4. Capacity for insecticide design against new and existing targets

2.4.1. Enabling the insecticide design process

If the insecticides of the future are to be more effective, lower in
environmental impact and less easily overcome by evolved resis-
tances, then they need to be designed based on a detailed under-
standing of their targets. Increased knowledge of the MOA of
compounds has certainly led to more strategic approaches. Neon-
icotinoids such as imidacloprid arose from structure activity studies
on 3-Pyridylmethylamine (Tomizawa and Casida, 2003) and
nithiazine, a compound previously found to be a highly potent
insecticide, but unfortunately not stable enough for crop use due to
photo-instability (Soloway et al., 1979). Other neonicotinoids were
developed again through comparison of different side-chain groups
and their insecticidal activity. However, none of this development
took place in conjunction with a detailed knowledge of the nAChR
subunits or the domains within those subunits to which the various
insecticides bind. The availability of such knowledge would allow
a broader range of new insecticides to be considered for these
existing targets as chemists could design better compounds if
information on the precise binding pocket existed.

Current insecticides could be used to broaden our biological
understanding of the nervous system and point to new targets. For
example, the identification and functional analysis of neural
receptor accessory proteins could be a useful starting point. These
proteins are already of great interest in vertebrate model systems
due to the association of a number of human drugs and pathologies
with neural receptors such as the 242 and «7-like nAChR and GABA
gated chloride channels. Recent work has demonstrated the
complex nature of the vertebrate o7 nAChR at the postsynaptic
membrane using proteomics to describe 55 proteins that are
present in wild-type samples of carbachol-sensitive a.-bungarotoxin
binding complexes, but absent in nAChR subunit a7 knockout mice
samples (Paulo et al., 2009). Many other proteins have been iden-
tified that play critical roles in trafficking, assembly, clustering and
function of nAChRs (Jones et al., 2010). It is likely that a number of
these will be conserved in function in D. melanogaster and other
insects, providing a new set of potential targets to affect the nervous
system. Insecticides targeting proteins involved in modifying the
pharmacology of the receptor may be successful compounds in their
own right, but may also perform well as synergists that sensitise
insects to other chemicals, including current ones, lowering doses
required and increasing pest specificity.

2.4.2. In vivo systems

Toxicological analysis examines the accumulated impact of an
insecticide on an insect. Electrophyisiological analysis offers a path
to understanding the direct impact on the nervous system. In
Drosophila there are well-established paradigms for studying
responses of the nervous system to xenobiotics. A prime example is
the giant fibre system (GFS), one of the largest and best charac-
terised neural circuits in the fly (King and Wyman, 1980; Tanouye
and Wyman, 1980). Its electrophysiological responses have been
extensively studied and a loss of escape response behavioural
phenotype has been associated with knockout of da7 (an ortholog
of vertebrate a7-like nAChR subunits) (Fayyazuddin et al., 2006).
Building on this knowledge (Mejia et al., 2010) have begun testing
conotoxins and other molecules for both pharmacological and
insecticidal potential by pairing the application of the compound
with electrophysiology to assess the quality of responses in the GFS.
It has a variety of cholinergic, glutamatergic and voltage gated
channels allowing multiple potential targets to be tested simulta-
neously. This line of investigation is likely to uncover compounds
with excellent insecticidal properties and also hints at the possi-
bilities other neural systems may have to offer with further study.
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2.4.3. In silico systems

With recent advances in structural biology it has become
possible to create models for complex insecticide targets such as
the ligand-gated ion channels. These models can be used to predict
(i) the amino acids to which current insecticides bind and (ii) which
amino acid replacements would lead to resistance. These predic-
tions can be tested in vivo using methods identified in section 2.2.4.
This approach has been applied to the neonicotinoids and the
nAChRs helping to characterise the role of residues in the binding
pocket, the action of the compound on the receptor and the
selectivity for invertebrate receptors (Ihara et al., 2008; Talley et al.,
2008). It is possible to computationally test the likelihood that any
given known chemical, among the millions now known, could bind
to a given target if its structure can be modelled (Pierri et al., 2010).
The candidate compounds identified by this ‘fast docking’ proce-
dure could be used in toxicological studies with D. melanogaster
and pest insects. This method has the potential to be trans-
formational but a chequered past has hampered its use (Shoichet,
2004). By searching for chemicals that bind to functional domains
that are diverged from their counterparts in non-target species,
ranging from insects to vertebrates, low environmental impact
insecticides might be developed. Alternatively, the likelihood of
target site resistance could be minimized if docking was utilised to
identify chemicals that bound to a functional domain shared by
multiple related targets.

The rational design of insecticides can afford more sustainable
control over insect pests. The frequency and rapidity with which
high-level target site resistances have evolved speaks loudly that
there must be a better way. Regardless of whether insecticides of
the future are discovered or designed, an enhanced understanding
of insect metabolism enzymes and pathways is required to mini-
mize another major resistance risk factor, insecticide detoxification.

2.5. Metabolic based insecticide resistance

To exert its lethal effect, an insecticide must first reach its
molecular target. The process by which insecticides reach their
targets is not well characterised. Insecticide uptake and efflux
mechanisms are not well defined. Although there is evidence that
ABC transporters such as the Multidrug Resistant-associated Protein
(dMRP) can affect insecticide resistance levels by the active transport
of insecticides out of cells (Aurade et al., 2006; Lanning et al., 1996),
here we concentrate on insecticide detoxification enzymes. Through
insecticide resistance studies, a number of enzymes with insecticide
metabolising properties have been identified (Li et al., 2007). These
enzymes are collectively known as detoxification enzymes, and
are encoded by members of the cytochrome P450 (P450), gluta-
thione S-transferase (GST), carboxylesterase (COE) and UDT-glyco-
syltransferase (UGT) multi-gene families. In D. melanogaster, 196
detoxification genes have been identified (89 P450, 39 GST, 35 COE
and 33UGT) (Low et al., 2007; Luque and O'Reilly, 2002; Ranson et al.,
2002; Tijet et al., 2001). Comparable numbers are found in most
insects with sequenced genomes (Claudianos et al.,, 2006; Lee et al.,
2010; Nene et al., 2007; Ranson et al., 2002; Strode et al., 2008).
Members from all four detoxification gene families are found in
a variety of organisms, suggesting they have ancient origins.

Before discussing the roles of detoxification enzymes in insec-
ticide resistance, it is important to distinguish resistance from
insecticide metabolism. Insecticide metabolism is a biochemical
process whereby insecticides are broken down into non-toxic
forms. It involves metabolic pathways that almost certainly contain
multiple enzymes. The insecticide metabolism paradigm comes
from mammalian drug metabolism literature, where detoxification
enzymes are classified as Phase I or Phase II (Williams, 1959). Phase
[ enzymes, for example P450 and COE enzymes, perform oxidation,

reduction or hydrolysis reactions, often the first step/s of detoxifi-
cation. Some P450s can also be involved in the activation of
insecticides, chemically modifying insecticides to biologically
active forms, as is the case for some organophosphorus insecticides.
Although P450s are best known for their ability to carry out
oxidation reactions, many P450s have the ability to catalyse a wide
range of chemical reactions (Mansuy, 1998). One human P450,
CYP3A4, is capable of metabolising over half of all known thera-
peutic drugs (Luo et al., 2004). COE enzymes catalyse the hydrolysis
of an ester group to its component alcohol and acid, and can act on
a diverse range of carboxylic, thio-, phospho-, and other ester
substrates. The genomics and functions of insect esterases has
recently been reviewed (Oakeshott et al., 2005). The products of
Phase I reactions often become substrates for Phase Il enzymes such
as GST and UGT enzymes that add glutathione and glycosyl groups,
respectively, aiding the export of the compound from the cell.
Insecticide metabolism occurs in all insects, regardless of insecti-
cide resistance status, and is likely to involve a multistep pathway.
The metabolism of insecticides can be complex. For many insecti-
cides, different metabolic breakdown products are possible. A level
of functional redundancy may also exist, with different enzymes
being capable of producing the same metabolites, as exemplified
for DDT metabolism in Diptera (Fig. 3).

Insecticide resistance is a genetic phenomenon, defined by
insect survival at insecticide concentrations that are lethal to
susceptible insects (McKenzie, 1996). Genetic changes leading to
metabolic based insecticide resistance can arise via a number of
different ways. Mutations resulting in the production of more
detoxification enzyme, either by gene amplification or gene
duplication events, mutations increasing gene transcription, or
mutations altering the tissue specificity or timing of gene expres-
sion are commonly documented (Daborn et al., 2002; Field et al.,
1999; Hemingway, 2000; Schmidt et al., 2010). Another class of
mutants are those that change the kinetics or substrate specificity
of detoxification enzymes, arising via point mutations in the coding
regions of genes (Claudianos et al., 1999; Newcomb et al., 1997). Our
understanding of the available evolutionary options for insecticide
resistance is superficial, as studies are typically confined to varia-
tion arising in natural populations. Due to the limitations of genetic

Dm - GSTD1 (bc) W&

Ag - GSTE2 (d) Dm - CYP6G1 (a)
Ag - GSTDS (f)

Aa - GSTE2 (g) CCl,

Aa - GSTES (g) &i CIHCI

DDT

Ag - CYP6Z1 (e)

Metabolite not
determined

Fig. 3. Metabolism of the insecticide DDT, and metabolites detected by different insect
enzymes as determined by in vitro expression studies. Dm = Drosophila melanogaster,
Ag = Anopheles gambiae. Aa = Aedes aegypti. (a) (Joussen et al., 2007), (b) (Tang and Tu,
1994) (c) (Low et al,, 2010), (d) (Wang et al., 2008), (e) (Chiu et al., 2008), (f) (Ranson
et al., 1997), (g) (Lumjuan et al., 2011).
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techniques, single gene responses are most commonly studied.
Given the large number of different genes encoding enzymes with
the potential to be involved in insecticide metabolism and there-
fore resistance, and our ignorance of underlying metabolic path-
ways, identifying the precise enzymes involved in these processes
is challenging. For many examples of metabolic resistance strong
evidence of the exact molecular mechanism of resistance does not
exist. The following section describes the processes involved in
determining the bases of metabolic resistances and the role
D. melanogaster can play in this.

2.6. Approaches for characterising metabolic based
insecticide resistance

2.6.1. Establishing the resistance phenotype is metabolic

Initial testing for the involvement of detoxification mechanisms
in insecticide resistance is often performed by co-administration of
the insecticide and a synergist, for example piperonyl butoxide
(PBO) which inhibits the activity of P450 enzymes, or diethyl mal-
eate (DEM) which inhibits the activity of GST enzymes. A reduction
in insecticide concentration needed to kill an insect due to the
administration of a synergist implies the involvement of a particular
class of enzyme in resistance (Liu and Yue, 2000; Pasay et al., 2009;
Sanchez-Arroyo et al.,, 2001). It fails to identify the individual
enzyme responsible for resistance however. Other approaches that
directly measure enzyme activity using diagnostic substrates, for
example methoxy-resorufin ether (MROD) and ethoxy-resorufin
ether (EROD) for P450s suffer from similar limitations.

2.6.2. Approaches to identifying candidate genes

More specific investigations of metabolic-based insecticide
resistance are directed towards identifying the individual genes
responsible for resistance. By comparing expression levels of indi-
vidual detoxification genes between resistant and susceptible or
laboratory reared strains, genes with elevated expression in resis-
tant strains are identified (Pittendrigh et al., 1997; Ranasinghe and
Hobbs, 1998; Scharf et al., 2001; Tomita and Scott, 1995; Yang et al.,
2006; Zhu and Snodgrass, 2003 ). Where DNA sequence information
is available, microarrays representing detoxification gene or total
gene complements have been used to detect transcript level
differences between resistant and susceptible strains. This is an
important technological advance, helpful in identifying candidate
genes. For example, Gste2 Cyp6z1, Cyp6m2 and Cyp6p3 from An.
gambiae (David et al., 2005; Djouaka et al., 2008), Cyp6g1, Cyp12d1
and Cyp6w1 from D. melanogaster (Daborn et al., 2002; Pedra et al.,
2004) and Cyp6g1 and Gsts1 from Drosophila simulans (Le Goff et al.,
2003) were identified using this approach. However, as variation in
transcript levels for over 10% of genes in the genome exists between
any two given strains (Gibson and Weir, 2005), the elevated
expression of a gene in a resistant strain is only preliminary
evidence for its role in resistance. Corroborating evidence via
genetic mapping of resistance, metabolism studies, RNAi, in vivo
expression studies, or, as a matter of best practice, a combination of
these approaches should be obtained.

2.6.3. Validating metabolic resistance mechanisms

In species with well characterised genomes that are amenable
to crossing, such as D. melanogaster, genetic mapping can be used to
identify or validate resistance candidates. Resistance will map to
the genetic cause of resistance. Therefore, for cis-acting mutations,
resistance will map to the structural gene involved. Mapping
approaches have been successful in identifying resistance-confer-
ring detoxification genes in D. melanogaster and An. gambiae
(Bogwitz et al., 2005; Daborn et al., 2001; Ranson et al., 2000; Zhu
et al.,, 2010).

To verify a given enzyme is capable of insecticide metabolism,
expression in a heterologous system is often used. E. coli, baculo-
virus, yeast and tobacco cell systems have all been useful for
expressing detoxification enzymes to study insecticide metabolism
providing information on substrates, enzyme Kkinetics and the
metabolites produced (Amichot et al., 2004; Andersen et al., 1994;
Campbell et al., 1998; Dunkov et al.,, 1997; Guzov et al., 1998;
Joussen et al., 2007; Karunker et al., 2009; Ranson et al., 1997;
Sabourault et al., 2001; Stevenson et al., 2011; Zhu et al., 2010).
Expression systems for insect P450s have been reviewed previously
(Feyereisen, 2005).

In a limited number of examples, RNAi has been used to reduce
the expression level of candidate detoxification genes. The role of
CYP6BGT1 in a permethrin resistant strain of P. xylostella was vali-
dated by feeding dsRNA targeting CYP6BG1. A significant decrease
in both CYP6BG1 transcript level and permethrin resistance was
observed (Bautista et al., 2009). Similarly, targeting CYP6BQ9 by
injection of dsRNA into the deltamethrin resistant QTC279 strain of
Tribolium castaneum confirmed the role of this gene in delta-
methrin resistance (Zhu et al, 2010). In Diptera, including
Drosophila, the RNAI response is cell-autonomous, meaning that
dsRNA does not effectively travel between cells, making feeding
and injection methods of delivering dsRNA ineffective (Huvenne
and Smagghe, 2010). Transgenic expression of dsRNA using the
GAL4/UAS system is the most efficient means of achieving gene
knockdown in D. melanogaster (Kennerdell and Carthew, 2000).
Using the GAL4/UAS system, tissue specificity of gene silencing can
be achieved (Brand and Perrimon, 1993; Duffy, 2002) (Fig. 2). So far,
there is only one published example specifically using RNAi in
D. melanogaster to investigate insecticide resistance. Knockdown of
D. melanogaster Cyp6g1 specifically in the Malpighian tubules of the
adult resulted in a reduction of P450 activity (McCart and ffrench-
Constant, 2008). However, no increase in susceptibility to DDT
could be detected in a susceptible strain. RNAi knockdown of
Cyp6g1 in insecticide resistant strains over-expressing Cyp6g1 is yet
to be conducted. Given RNAI strains exist for most D. melanogaster
genes (Dietzl et al., 2007), systematic RNAi of detoxification genes
in D. melanogaster, combined with insecticide resistance or
metabolism studies may be a useful approach in the future. In
addition, as RNAi technology in other insect species besides
Drosophila is becoming more routine (Belles, 2010), further use of
this approach to validate resistance genes can be expected.

Strong evidence for genes being involved in resistance can also
be achieved by transgenic approaches using the GAL4/UAS system
in D. melanogaster (Fig. 2). The GAL4/UAS system provides temporal
and spatial control of gene expression. Over-expression of Cyp6g1
in the larval midgut, Malpighian tubules and fat body (Chung et al.,
2007), inducible expression of Cyp6g1 in all tissues of the adult via
heat shock (Daborn et al., 2002) and specific expression of Cyp6g1
in the adult Malpighian tubules (Yang et al., 2007) have all been
used to validate the role of Cyp6g1 in insecticide resistance. Resis-
tance roles for other D. melanogaster P450s have been investigated
by transgenic expression studies (Bogwitz et al., 2005; Daborn
et al., 2007). Transgenic expression of Cyp12d1 confers resistance
to DDT, while transgenic expression of Cyp6g2, the closest paralog
to Cyp6g1, confers resistance to nitenpyram (Daborn et al., 2007).
Interestingly, using the same approach, a role for Cyp6a2 in DDT
resistance could not be validated, even when specific alleles
thought to be important for DDT metabolism (Amichot et al., 2004)
were expressed (Daborn, Yang, Lumb, and Batterham, unpublished
data).

Resistance gene candidates from pest species have also been
transgenically expressed in D. melanogaster. Ectopic expression of
CYP6BQ9 from T. castaneum specifically in the D. melanogaster brain
confers deltamethrin resistance (Zhu et al., 2010). Likewise, Rop-1
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and Cyp6g3 from L. cuprina, CYP6CM1 from the whitefly Bemisia
tabaci, and Gste2 from An. gambiae have all been ectopically
expressed in D. melanogaster and confer insecticide resistances
(Daborn, Lumb and Batterham, unpublished data). The wide variety
of detoxification enzyme families, and diversity of species used,
indicate that ectopic expression in D. melanogaster is a robust
approach for validating candidate resistance genes. The ability to
ectopically express multiple detoxification genes in the same
individual fly is also possible, which may become important for
investigating multi-factorial metabolic based resistances.

2.7. Using D. melanogaster to study metabolism

The previous section concentrated on the genetics of metabolic-
based insecticide resistance, with the emphasis on validating
candidate genes for insecticide resistance. Questions relating to
how insecticides move within the insect, how and where insecti-
cides are metabolised, and how this relates to the underlying
biology of insect metabolism also need to be addressed. Combining
this with a systematic approach for studying individual detoxifi-
cation genes, achievable in D. melanogaster, would provide a more
complete understanding of insecticide metabolism.

Although there is evidence of insecticide metabolism in other
tissues (Korytko and Scott, 1998; Zhu et al., 2010), there is building
evidence that the key tissues for the metabolism of most
compounds are the midgut, the Malpighian tubules and the fat
body. Recent large-scale transcript sequencing projects and
microarray studies identify a large number of detoxification genes
expressed in these tissues (Li et al., 2008; Mittapalli et al., 2010;
Neira Oviedo et al., 2008; Pauchet et al., 2009, 2010; Wang et al.,
2004). Thus the tissue specificity of gene expression is an impor-
tant aspect to identifying those enzymes with the potential to
metabolise insecticides. In D. melanogaster, studies using GFP
reporter constructs have been useful in characterising the tissue
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expression patterns of individual P450s, including Cyp6g1 and
Cyp6a2, with expression of Cyp6g1 in the larval midgut, fatbody and
Malpighian tubules (Chung et al., 2007), and expression of Cyp6a2
detectable in these tissues as well as the larval epidermis, hindgut,
skeletal muscles and nervous system (Giraudo et al, 2010).
Although not possessing the same sensitivity, another technique for
studying the tissue specificity of gene expression is in situ hybrid-
isation. Of the 85 P450s present in D. melanogaster, 35 were
detected in third instar larvae in the midgut, Malpighian tubules, fat
body or combinations thereof (Chung et al., 2009) (Fig. 4). Speci-
ficity of expression within the midgut and Malpighian tubules was
observed, with P450 expression detected in distinct regions within
both tissues (Chung et al., 2009) (Fig. 4). For the midgut, functions
of different regions are not well defined, and many regions are not
morphologically distinct (Nakagoshi, 2005). It is hoped that the
construction and use of midgut region specific reporter constructs
in transgenic D. melanogaster will help in the physical dissection of
midgut regions for transcriptomic analyses. Identifying detoxifica-
tion genes that are co-expressed in particular regions may help in
defining detoxification pathways. The genetic dissection of midgut
regions using region specific GAL4 enhancer strains and RNAi could
help in defining gene function within specific regions.

Many insect detoxification gene family members are rapidly
evolving. Given this, caution must be exercised in extrapolating
findings of gene function in one species to its ortholog in another.
Within the cytochrome P450 family, for example, few orthologs are
identifiable between Drosophila and mosquitoes, and those that
are, are involved in important endogenous functions (Chung et al.,
2009; Ranson et al., 2002; Rewitz et al., 2007). Similar observations
have been made for mammalian P450s, with P450 genes cat-
egorised as being either phylogenetically stable or unstable
(Thomas, 2007). The stable genes are characterised by few or no
gene duplications or gene losses between species compared, and
these usually encode P450s with endogenous substrates. By
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Fig. 4. Cytochrome P450 expression patterns in D. melanogaster. A. Venn diagram representing unique and overlapping tissue expression of P450 genes expressed in the three key
metabolic tissues of third instar larvae. FB, fat body; MG, midgut; MT, Malpighian tubules. B. Cytochrome P450s expressed in the midgut and Malpighian tubules are detected in

specific compartments by in situ hybridisation. (Chung et al., 2009).
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contrast, phylogenetically unstable genes are characterised by
frequent gene duplications and losses among even closely related
species, with unstable P450s hypothesized to be involved in the
metabolism of foreign compounds such as toxins (Thomas, 2007).
Similar analyses have been conducted for P450s in a number of
Drosophila species (Gramzow, Good and Robin, unpublished), and
with ever increasing amounts of insect genome sequence data
becoming available, the approach can be used in comparisons of
P450s in other insect species (Feyereisen, 2010). Combining
phylogenetic analyses with tissue expression patterns (Chung et al.,
2009) in Drosophila has been useful in categorising genes as
candidates for insecticide metabolism. Three rapidly evolving
P450s involved in insecticide resistance in D. melanogaster, Cyp6g1,
Cyp12d1 and Cyp6w1 are all expressed in the midgut, Malpighian
tubules and fat body (Chung et al., 2009) (Fig. 4). Incidentally, all
three genes are inducible by chemical challenges, another common
feature of many P450s causally linked to insecticide resistance
(Giraudo et al., 2010). Despite the rapid evolution of many detoxi-
fication genes between insects, approaches such as these could be
taken in pest species in the future to help in the identification of
candidates.

Advances in determining fine scale structures of some insect
detoxification enzymes by crystallography and NMR techniques, in
silico modelling and docking of insecticides to enzyme structures,
are increasing our understanding of how chemical insecticides are
metabolised (Baudry et al., 2003; Low et al., 2010). Although there
is still a long way before the computational prediction of insecticide
metabolism, as in drug metabolism in mammals (de Groot, 2006), it
is hoped that prediction of metabolism may help in the design of
insecticides that are less susceptible to metabolic attack.

3. Conclusions

When early insecticides such as DDT were first deployed to
control insect pests, the capacity to understand the target, relevant
metabolic pathways and options for resistance did not exist. For
many years the lack of genomic tools in pest organisms made it
difficult to identify resistance genes. Through necessity, responses
to the problems of insecticide resistance were reactive, not proac-
tive. Resistance mechanisms could not be anticipated. It is therefore
not surprising that the control of many insect pests have been
under constant threat with thousands of cases of resistance now
documented. Rapid technological advances in genomics, metab-
olomics and structural biology have ushered in an era where the
capacity for rational control is rising. There are two key elements to
a rational control strategy using insecticides:-

1. Insecticides would be designed against targets for which the
insecticide binding site has been defined down to the point of
knowing the precise amino acids involved. The capacity for
target-site resistance to evolve would be evaluated. Design
would take into account the potential for functional redun-
dancy; situations where loss of function variants are viable and
resistant (e.g. spinosyn and neonicotinoid resistance) need to
be avoided. As far as is possible, insecticides should be pest
specific, allowing the parallel use of biological control agents in
an Integrated Pest Management strategy.

2. Metabolism of the insecticide by the pest insect would be
studied in detail. In particular it would be important to identify
any enzymes that, if over-expressed, could confer resistance.

In this paper the contribution that D. melanogaster can make to
a deeper understanding of targets and metabolism has been
described. Given the degree of evolutionary conservation observed
for existing targets, lessons learned from D. melanogaster can be

used to direct research on corresponding pest targets. The capacity
to functionally express pest target genes in D. melanogaster means
that hypotheses concerning resistance and the interaction between
insecticides and targets can be tested in vivo. Target site resistances
identified in D. melanogaster appear to be useful in predicting the
bases of field-based resistances in pest systems. Insecticide
metabolism remains something of a black box process. The power of
tools available in the D. melanogaster system will, in time, allow
a detailed description of how one insect metabolises insecticides.
Given the high degree of amino acid sequence divergence among
insects for metabolic genes it is more likely that lessons learned
from D. melanogaster will guide pest research rather than providing
a detailed knowledge of pest systems. But again, the ability to
express pest genes in D. melanogaster will be very useful. Antici-
pating metabolic resistance before it evolves in the field will be
difficult. Without having a capacity to predict the substrate speci-
ficity of metabolic enzymes from their amino acid sequences it is
difficult to identify the enzymes that pose the greatest resistance
threat. It is likely that the over-expression of any given metabolic
gene can be tested in D. melanogaster, but for any given pest species
there are many candidates that would need to be tested.

The D. melanogaster system does not offer a panacea. Research
into this model and the major insect pests needs to proceed in
parallel, but it is certain that research in D. melanogaster will
accelerate progress in improving the way in which insecticides are
used to control insect pests. The battle with insect pests using
insecticides such as DDT was once fought in the dark — neither the
targets against which the insecticide weapons were directed or the
metabolic systems that would defend them were illuminated.
Going forward, a rich understanding of the relevant biology will
help with these battles.
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