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July 12, 2021 

 

Submitted via the Online Public Comment Form 

 

Washington State Department of Ecology 

Solid Waste Program 

P.O. Box 47600 

Olympia, WA 98504-7600 

 

Re:  Comments on the New Draft Statewide General Permit for Biosolids Management and 

Associated SEPA Checklist 

 
Ms. Kijowski,  

 

Thank you for accepting and reviewing comments on the draft general permit for biosolids and 

septage application.  These comments and materials are submitted on behalf of Ed Kenney, a 

Washington resident with deep concern for water quality, human health, and fisheries in the 

State.   

 

Please consider these comments to apply both to the draft permit and the associated State 

Environmental Policy Act (SEPA) checklist and proposed determination of non-significance 

(DNS).  In general, the proposed permit and DNS are inadequate in that they focus solely on 

regulated metals, nitrogen, and bacteria, without accounting for modern pollutants with 

significant human health risks:  microplastics, PBDEs, PFAS, pharmaceuticals, and other 

contaminants of emerging concern.  This deficiency means that Ecology cannot meaningfully 

assess environmental impacts of issuance of the general permit for application of biosolids, and 

that the protections for surface waters and groundwater are insufficiently protective.1   

 

In a June 24, 2021 public meeting, Ecology stated that 86,000 tons of biosolids were land applied 

in Washington in 2019.  Even under a conservative and unrealistic assumption that the use of 

biosolids will remain unchanged, that amounts to a total of 430,000 tons (860 million pounds) 

over the five-year life of the general permit.  This staggering quantity mandates caution in 

regulating biosolids.   

 

At the same meeting, Ecology asserted that it lacks means to regulate pollutants other than the 

nine metals identified by the United States Environmental Protection Agency (EPA) in 40 CFR § 

503.13, and nitrogen.  As explained herein, this position is both inaccurate and fails to meet 

Ecology’s statutory duties to protect waters of the State.  Given inadequate information and 

 
1 The term “biosolids” in this letter refers to both biosolids and septage unless specified.  See RCW 70A.226.010(1).   
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reasonable risk of harm to the environment and human health, Ecology must take a precautionary 

approach, make a determination of significance, and prepare an environmental significance.  

While Mr. Kenney acknowledges that Ecology faces legislative direction to make beneficial use 

of biosolids in a manner that minimizes risk to public health and the environment, preparation of 

an environmental impact statement will allow the agency the time and information needed to 

balance these dual mandates.  Careful consideration of alternatives is essential before approving 

such an extensive, impactful, and risky program.   

 

A.  Biosolids Statutory and Regulatory Criteria 

 

The Department of Ecology is affirmatively responsible for ensuring that permitted activities, 

including land application of biosolids, protects waters of the State.  RCW 90.48.010 states in 

part that:  

 

It is declared to be the public policy of the state of Washington to maintain the 

highest possible standards to insure the purity of all waters of the state consistent 

with public health and public enjoyment thereof, the propagation and protection 

of wild life, birds, game, fish and other aquatic life, and the industrial 

development of the state, and to that end require the use of all known available 

and reasonable methods by industries and others to prevent and control the 

pollution of the waters of the state of Washington. Consistent with this policy, the 

state of Washington will exercise its powers, as fully and as effectively as 

possible, to retain and secure high quality for all waters of the state. 

 

As part of effectuating that policy, RCW 90.48.080 mandates that: 

 

It shall be unlawful for any person to throw, drain, run, or otherwise discharge 

into any of the waters of this state, or to cause, permit or suffer to be thrown, run, 

drained, allowed to seep or otherwise discharged into such waters any organic or 

inorganic matter that shall cause or tend to cause pollution of such waters 

according to the determination of the department, as provided for in this chapter. 

 

This provision is broad in scope, covering any mechanism by which “any organic or inorganic 

matter” pollutes groundwater or surface waters.  These broad provisions are reinforced by the 

State Environmental Policy Act, RCW 43.21C.020, which recognizes that “each person has a 

fundamental and inalienable right to a healthful environment,” and commands that it is the 

“continuing responsibility of the state of Washington and all agencies of the state to use all 

practicable means” to protect a safe, healthful, and productive environment.  SEPA further 

requires that “[t]he policies, regulations, and laws of the state of Washington shall be interpreted 

and administered in accordance with the policies set forth” in SEPA.  RCW 43.21C.030.   

 

With respect to biosolids specifically, RCW 70A.226.005(2) states:  

 

The legislature declares that a program shall be established to manage municipal 

sewage sludge and that the program shall, to the maximum extent possible, ensure 
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that municipal sewage sludge is reused as a beneficial commodity and is managed 

in a manner that minimizes risk to public health and the environment. 

 

This provision presents dual mandates that apply “to the maximum extent possible.”  While 

biosolids must be reused, Ecology may only authorize such reuse in a manner that minimizes 

environmental and health risk.  If Ecology cannot ensure that environmental and health risks are 

minimized, the agency may not permit biosolids application.   

 

Ecology implements RCW Chapter 70A.226 through the rules promulgated at WAC Chapter 

173-308.  The regulations detail testing requirements and concentration thresholds for certain 

pollutants, WAC 173-308-160, require pathogen and vector reduction, WAC 173-308-170 to -

180, require screening of manufactured inerts, WAC 173-308-205, and set agronomic rate of 

application, WAC 173-308-190, among other requirements.  Notably, WAC 173-308-190(6) 

provides that “[w]hen the potential for groundwater contamination due to biosolids application 

exists, the department may require groundwater monitoring or other conditions in accordance 

with the provisions of chapter 173-200 WAC. If it is determined that an enforcement criterion 

may be violated, an evaluation must be conducted to demonstrate compliance with the provisions 

of chapter 173-200 WAC.”  Finally, WAC 173-308-191 mandates that “[b]iosolids may not be 

applied to the land if they are likely to adversely affect a threatened or endangered species or its 

critical habitat.” 

 

While the biosolids regulations focus on specific pollutants, this does not mean that those are the 

only pollutants that are subject to regulation or that may cause contamination.  WAC 173-380-

030 confirms that “[b]iosolids facilities and sites where biosolids are applied to the land must 

comply with the requirements of chapter 90.48 RCW and chapters 173-200 and 173-201A 

WAC,” which are the Water Pollution Control statute and regulations protecting groundwater 

and surface water.  The regulations contain anti-degradation provisions which prohibiting 

contamination of waters of the State.  WAC 173-200-030; WAC 173-201A-300.  WAC 173-

201A-240 prohibits introduction of toxic substances to surface waters beyond background levels.   

 

The State law requirements are in addition to those imposed by the Federal Clean Water Act and 

implementing regulations.  40 CFR § 503.5 (“[n]othing in this part precludes a State or political 

subdivision thereof or interstate agency from imposing requirements for the use 

or disposal of sewage sludge more stringent than the requirements in this part or from imposing 

additional requirements for the use or disposal of sewage sludge.”).  Where there is land 

application within the confines of a wastewater treatment facility, a NPDES permit is required.  

40 CFR § 122.26(b)(14)(ix). 

 

B.  SEPA Procedural Requirements 

 

SEPA requires that Ecology prepare an environmental impact statement (EIS) for major actions 

having a probable significant, adverse environmental impact.  RCW 43.21C.031.  In order to 

determine whether an EIS is required, Ecology must prepare a threshold determination based on 

a rigorous review of direct, indirect, and cumulative effects of the proposal.  WAC 197-11-330. 

Impacts likely to be significant include impacts “to environmentally sensitive or special areas, 
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such as loss or destruction of historic, scientific, and cultural resources, parks, prime farmlands, 

wetlands, wild and scenic rivers, or wilderness,” impacts that “[a]dversely affect endangered or 

threatened species or their habitat,” actions that “[c]onflict with local, state, or federal laws or 

requirements for the protection of the environment” and those impacts that “involve unique and 

unknown risks to the environment, or may affect public health or safety.”  WAC 197-11-

330(3)(e).   

 

Ecology must make the threshold determination “based upon information reasonably sufficient 

to evaluate the environmental impact of a proposal,” and may require the applicant to submit 

more information or conduct independent further analysis if such reasonably sufficient 

information is not provided by the project proponent.  WAC 197-11-335.  The reasonably 

sufficient information requirement is ongoing.  The lead agency “shall withdraw” the 

determination of nonsignificance if “[t]here is significant new information indicating, or on, a 

proposal’s probable significant adverse environmental impacts” or “[t]he DNS was procured by 

misrepresentation or lack of material disclosure.”  WAC 197-11-340(3).   

 

While SEPA review may reference thresholds and requirements set forth in other statutes and 

regulations, SEPA compliance is an independent legal duty, and SEPA supplements existing 

authority.  Polygon Corp. v. Seattle, 90 Wash. 2d 59, 65, 578 P.2d 1309, 1313 (1978); Columbia 

Riverkeeper v. Port of Vancouver USA, 188 Wash. 2d 80, 95, 392 P.3d 1025, 1032 (2017). 

 

C.  The General Permit Fails to Protect Against Dangerous Chemicals  

 

The fundamental failing of the general permit is that, even though Ecology knows and 

recognizes that biosolids contain dangerous contaminants of emerging concern and 

microplastics, Ecology requires no testing or control for these substances whatsoever.  This is a 

very significant concern given the capacity of these substances to penetrate to groundwater and 

enter drinking water and surface waters.  There is also concern that biosolids directly applied or 

in compost will expose farmworkers.  Lack of adequate regulation of contaminants is a systemic 

concern which poses cumulative effects.  The issues referenced in this letter should be dealt with 

at the programmatic general permit level and not deferred until site specific review.   

 

Because the areas that produce the most biosolids tend to be the most populated and affluent 

urban areas in Washington, and the areas that receive biosolids tend to be less affluent, rural 

areas, the general permit raises serious environmental justice issues that Ecology has not 

evaluated.   

 

1. Public health and environmental risk 

 

The proposed general permit poses grave risk of contaminating both surface and groundwaters.  

Because biosolids derive from our collective waste stream, they contain concentrations of 

untreated chemicals from household and business use—everything we eat, drink, use for 

cleaning, and launder.  This means that biosolids inherently contains myriad harmful substances, 

including: dozens of different chemicals derived from detergents, fragrances, and 

pharmaceuticals, that are collectively referred to as “contaminants of emerging concern,” 
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including PFAS;2 polybrominated diphenyl ethers (PBDEs) and other dioxins;3 phthalates; and 

biological contaminants such as norovirus and the novel coronavirus.4  Many of these substances 

can cause significant short and long-term ecological and human health impacts at relatively low 

concentrations, raising significant public health and environmental risks.   

 

Contaminants of emerging concern and dioxins found in biosolids evade treatment in municipal 

wastewater treatment plants.  As such, they tend not to break down in soil, and can be 

transported by and to water.  According to at least one peer-reviewed study of runoff following 

biosolids application, contaminants in biosolids are transported by runoff and can enter surface 

waters in dangerous concentrations.5  Another peer-reviewed study states that “[r]ecent studies 

have demonstrated that the application of PFC contaminated biosolids can have important effects 

on local environments, ultimately leading to demonstrable human exposures,” notes that 

“relatively high transport from soils to surface and well water is possible,” and describes a case 

study in Alabama.6    

 

Contamination would contribute to an already dangerous level of pollution in many areas.  For 

example, the Nisqually River, Nisqually Reach, and McCallister Creek exceed water quality 

standards for fecal coliform, and water and sediments contain contaminants of emerging concern.  

According to a recent Seattle Times article summarizing an EPA study,  

 

The Nisqually estuary was more contaminated than expected with drugs, 

including cocaine, Cipro and Zantac. The source of the drugs there was unknown, 

the researchers reported. However, the Nisqually River, Nisqually Reach and 

McAllister Creek do not meet water-quality standards for fecal coliform. That 

makes leaking septic systems a possible source of the drugs.7  

 

 
2 These chemicals include perfluorinated chemicals (PFOS, PFOA); polychlorinated alkanes (PCAs), 

polychlorinated naphthalenes (PCNs); organotins (OTs), polybrominated diphenyl ethers (PBDEs), triclosan (TCS), 

triclocarban (TCC); benzothiazoles; antibiotics and pharmaceuticals; synthetic musks; bisphenol A, quaternary 

ammonium compounds (QACs), steroids; phthalate acid esters (PAEs) and polydimethylsiloxanes (PDMSs).  See 

Bradley O. Clarke, Stephen R. Smith, Review of ‘emerging’ organic contaminants in biosolids and assessment of 

international research priorities for the agricultural use of biosolids, Environment International, Volume 37, Issue 1, 

2011, Pages 226-247, ISSN 0160-4120, https://doi.org/10.1016/j.envint.2010.06.004; see also Kinney et al., 2006, 

Survey of organic wastewater contaminants in biosolids destined for land application. Environmental Science and 

Technology, Vol. 40, No. 23, pp. 7207-7215. 
3 Kim et al., 2017, Review of contamination of sewage sludge and amended soils by polybrominated diphenyl ethers 

based on meta-analysis. Environmental Pollution, Vol. 220 Part B, pp. 763-765 (finding consistent presence of 

PBDEs in biosolids in varying concentrations across 288 samples).   
4 Viau et al., 2011, Toward a Consensus View on the Infectious Risks Associated with Land Application of Sewage 

Sludge. Environmental Science and Technology, Vol. 45, Issue 13, pp. 5459–5469.   
5 Yang et al., 2012, Steroid hormone runoff from agricultural test plots applied with municipal biosolids. 

Environmental Science and Technology, Vol. 46, No. 5, pp. 2746-2754, doi:10.1021/es203896t.  
6 Lindstrom AB, Strynar MJ, Delinsky AD, Nakayama SF, McMillan L, Libelo EL, Neill M, Thomas L. Application 

of WWTP biosolids and resulting perfluorinated compound contamination of surface and well water in Decatur, 

Alabama, USA. Environ Sci Technol. 2011 Oct 1;45(19):8015-21. doi: 10.1021/es1039425. Epub 2011 Apr 22. 

PMID: 21513287.  
7 Seattle Times, Drugs found in Puget Sound salmon from tainted wastewater (Feb. 23, 2016).  Available at:  

https://www.seattletimes.com/seattle-news/environment/drugs-flooding-into-puget-sound-and-its-salmon/  

https://doi.org/10.1016/j.envint.2010.06.004
https://www.seattletimes.com/seattle-news/environment/drugs-flooding-into-puget-sound-and-its-salmon/
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If these chemicals are present in leaking septic effluent they are certainly also present in septage 

and biosolids.  When present in water and sediments, the chemicals make their way into salmon 

and cause adverse health effects and death.8  

 

Similarly, testing of sediment in outfall areas near the King County Elliott West CSO treatment 

plant has exceeded screening levels, including total PCBs, benzo(a)anthracene, benzo(a)pyrene, 

benzo(g,h,i)perylene, benzyl butyl phthalate, bis(2-ethylhexyl) phthalate, chrysene, 

dibenzo(a,h)anthracene, fluroanthene, indeno(1,2,3-c,d)pyrene, and mercury.9  Like leaking 

septic, overflow sewage likely presents many of the same threats as biosolids.      

 

One contaminant of particular concern is PFAS.  According to the Department of Health, Per- 

and polyfluoroalkyl substances (PFAS) are a family of chemicals used since the 1950s to 

manufacture stain-resistant, water-resistant, and non-stick products. PFAS are widely used as 

coatings in common consumer products such as food packaging, outdoor clothing, carpets, 

leather goods, ski and snowboard waxes, and more.  Ecology has recognized the risks posed by 

these chemicals, and has prioritized regulating them through a chemical action plan (CAP).   

 

Federal and State agencies increasingly recognize PFAS as widespread and a serious health risk.  

On February 22, 2021, the United Stated Environmental Protection Agency (EPA) made final 

determinations to regulate PFOS and PFOA in drinking water.  On April 27, 2021, Administrator 

Regan called for the creation of a new “EPA Council on PFAS” that is charged with building on 

the agency’s ongoing work to better understand and ultimately reduce the potential risks caused 

by these chemicals.  EPA has recognized that PFAS pose serious health risks that can no longer 

simply be ignored.   

 

Likewise, the State has acknowledged that PFAS are chemicals of serious public health concern 

that is likely present in biosolids and wastewater, highly mobile in water and soil, do not 

degrade, bioaccumulate in humans and other animals, and cause likely human health effects.   

 

Ecology’s website provides a fact sheet for PFAS, reading in part that:  

 

PFAS have become a serious public health concern across our country and 

state. Over time, some PFAS released from manufacturing sites, landfills, 

firefighting foam, and other products seep into surface soils. From there, 

PFAS leaches into groundwater and can contaminate drinking water. PFAS 

have also been found in rivers, lakes, fish, and wildlife. 

… 

PFAS do not break down easily and stay in the environment for a long time. As a 

result, PFAS are widely detected in air, soil, water, and food. Exposure can occur 

when someone uses certain products that contain PFAS, eats PFAS-contaminated 

food, or drinks PFAS-contaminated water. When ingested, some PFAS can build 

 
8 Seattle Times, Puget Sound salmon do drugs, which may hurt their survival (April 16, 2018).  Available at:  

https://www.seattletimes.com/seattle-news/puget-sound-salmon-do-drugs-which-may-hurt-their-survival/  
9 Fact Sheet for NPDES Permit WA0029181 West Point Wastewater Treatment Plant (WWTP) and Combined 

Sewer Overflow (CSO) System December 19, 2014. 

https://www.seattletimes.com/seattle-news/puget-sound-salmon-do-drugs-which-may-hurt-their-survival/


Biosolids Management Comment Letter 

July 12, 2021 

Page 7 of 13 

 

 

 

up in the body and, over time, these PFAS may increase to a level where health 

effects could occur. 

 

Studies in animals show that exposure to some PFAS can affect liver function, 

reproductive hormones, development of offspring, and mortality. 

 

Although nearly all of us are exposed to PFAS, their toxicity in humans is not 

completely understood. Experts investigating the effects on people have found 

probable links to immune system toxicity, high cholesterol, reproductive and 

developmental issues, endocrine system disruption, ulcerative colitis, thyroid 

issues, certain cancers, and pregnancy-induced hypertension. 10 

 

Media accounts and increasing science support these conclusions.11  The Ecology fact sheet for 

PFAS similarly acknowledges that Ecology is “concerned” because  

 

Certain PFAS are highly mobile in the environment, meaning they can 

contaminate groundwater. Some PFAS transform into highly persistent 

perfluorinated chemicals—no natural processes can break these substances down. 

Once in the environment, PFAS can contaminate water and bioaccumulate in 

wildlife. The drinking water supplies in several parts of Washington are 

contaminated with PFAS above Environmental Protection Agency's health 

advisory level. They are costly to filter out. 

 

Accordingly, the draft chemical action plan recognizes biosolids as potential sources of PFAS 

contamination to waters of the State, and calls for Ecology to, inter alia,  “[e]stablish biosolids 

and soil sample collection and handling methods for PFAS analysis,” “[a]ccredit Washington 

labs for EPA-validated analysis methods,” “[i]nvestigate land application sites where procedures 

mimic rates and practices under current state rule (Chapter 173-308 WAC15),” “[e]valuate 

realistic exposure pathways,” and “[e]valuate risk modeling using realistic input values.”   

 

For wastewater, the draft CAP recommends that “Ecology should evaluate PFAS in WWTP 

influent and effluent to better understand PFAS discharges in Washington state,” “Ecology 

should develop a study design to sample PFAS in three different types of plants,” “Ecology 

should consider additional monitoring requirements for WWTP dischargers…Based on this 

evaluation Ecology should require possible PFAS monitoring for some or all domestic and 

industrial WWTPs.” 

 

According to the draft CAP, the Legislature provided Ecology “$235,000 to conduct a WWTP 

sampling study by June 30, 2021. This includes costs for sample analysis, which can range from 

$1,000 to $1,500 per sample as well as project staff salaries.” 

 

 
10 https://ecology.wa.gov/Waste-Toxics/Reducing-toxic-chemicals/Addressing-priority-toxic-chemicals/PFAS 
11 See, e.g., https://www.nytimes.com/2020/09/23/parenting/pregnancy/pfas-toxins-

chemicals.html?searchResultPosition=1 “These Everyday Toxins May Be Hurting Pregnant Women and Their 

Babies” 

https://ecology.wa.gov/Waste-Toxics/Reducing-toxic-chemicals/Addressing-priority-toxic-chemicals/PFAS
https://www.nytimes.com/2020/09/23/parenting/pregnancy/pfas-toxins-chemicals.html?searchResultPosition=1
https://www.nytimes.com/2020/09/23/parenting/pregnancy/pfas-toxins-chemicals.html?searchResultPosition=1
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Despite a long record of Ecology recognizing the risks of PFAS, including those risks specific to 

wastewater treatment and biosolids land application, the draft general permit has no protections 

in place for PFAS which Ecology recognizes as a priority-toxic chemical.  The same is true for 

pharmaceuticals and other contaminants of emerging concern.  Lastly, pathogens deemed dead 

may actually be dormant.  When applied to land in sewage wastes, dormant pathogens can 

regenerate when spread on the soil, especially wet soil. 

 

There is also no meaningful discussion of contaminants beyond those specified in regulation in 

the draft general permit or associated documents, no disclosure of risk, and no indication that 

Ecology has seriously considered how to address PFAS, PBDE, and other contaminants.   

 

2. Proposed changes to the general permit and SEPA review 

 

Mr. Kenney acknowledges that Ecology has incomplete information and cannot fully know the 

contents of all biosolids.  However, these challenges are not a valid reason to ignore the presence 

of harmful contaminants.  Ecology has a duty to the public to protect waters of the State, and a 

duty under SEPA to obtain and consider all reasonable available information: “If information on 

significant adverse impacts essential to a reasoned choice among alternatives is not known, and 

the costs of obtaining it are not exorbitant, agencies shall obtain and include the information in 

their environmental documents.”  WAC 197-11-080(1).   

 

Ecology’s SEPA obligation requires the agency to consider environmental impacts of all 

contaminants likely present in biosolids, even if they are not specified under biosolids 

regulations.  Columbia Riverkeeper, 188 Wash. 2d at 95. 

 

Accordingly, Mr. Kenney requests that Ecology make the following changes to the general 

permit documentation and SEPA review to better protect the environment and public health:   

 

• Coordinate internally with Ecology staff working on the PFAS CAP, and coordinate and 

consult with the Washington Department of Health, the Washington Department of Fish 

and Wildlife, and Washington tribal governments.   

 

• Given the risk to groundwater and surface waters and limited testing conducted of 

biosolids available for a variety of contaminants, ban biosolids application on hydric soils 

and periodically inundated areas, impose greater buffers from surface waters, and require 

more distance to groundwater for all biosolids application.   

 

• In the SEPA analysis, identify information gaps and obtain information to fill those gaps 

to the maximum extent feasible.  To the extent information truly cannot be obtained, 

“indicate in the appropriate environmental documents its worst case analysis and the 

likelihood of occurrence.”  WAC 197-11-080(3)(b).   

 

• Disclose and discuss the progress on the WWTP sampling study referenced in the draft 

PFAS CAP, including the methodology and any initial results.  
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• Identify and discuss all other States (such as Maine) that monitor, test, and/or regulate 

PBDEs or PFAS and other chemicals in biosolids.  Explain the implications for this 

information on the Washington regulatory program.  

 

• Prior to making a threshold determination, specifically identify a list of contaminants of 

priority concern (including PBDEs and PFAS) and:  1) assess their likely prevalence in 

biosolids, 2) assess their probable human health and environmental impacts given the 

scale of application in Washington, 3) test biosolids from various WWTPs, 3) test 

groundwater and runoff at application sites.   

 

• Require as a condition of the general permit that WWTP operators test biosolids for 

PFAS and other contaminants of emerging concern and report to Ecology.  Ecology 

indicates that these tests are available for $1,000-$1,500, which is a reasonable cost to 

impose on the regulated entity given the risk to public health.  If entities profit from land 

application of biosolids, it is entirely appropriate and reasonable to pass through costs of 

testing to those companies to gather data.  Requiring testing would provide Ecology with 

a broad data set to effectively regulate PFAS and other chemicals.    

 

• Evaluate and disclose the extent to which biosolids application sites risk becoming 

contaminated over time in a manner that requires cleanup under State or Federal law 

(including the Model Toxics Cleanup Act, RCW 70A.305.010, et. seq., and the Resource 

Conservation and Recovery Act, 42 U.S.C. § 6901 et. seq.). 

In public meetings and comments on prior applications, the public has rightfully raised concerns 

regarding lack of testing and monitoring for PBDEs, PFAS and other chemicals in biosolids.  In 

general, Ecology has responded that it is not financially or technically feasible to test for PFAS 

because there is not a validated testing methodology, and that the more efficient method of 

regulating PFAS is “upstream” in consumer products.   

 

As an initial matter, many chemicals, such as PBDEs, phthalates, illegal drugs, and 

pharmaceuticals, are readily tested.  To fulfill its statutory mandates and duties to protect the 

public and environment, Ecology must sample biosolids for these contaminants.  Furthermore, as 

noted, Ecology has received funding to complete testing for PFAS associated with wastewater.  

This testing effort should be incorporated into permit review.  Ecology should also draw from 

ongoing testing and information gathering from drinking water regulation to inform 

environmental review of the biosolids program, in consultation with the Department of Health.12 

 

Mr. Kenney notes that other states require that WWTPs use an isotope dilution method like 

Method 537.1, ASTMD7979-19M, or CWA Method 1600 for PFAS analysis of biosolids in the 

interim and until EPA completes its work. Such methods are reliable for biosolids because they 

use an isotope-dilution method to measure sample extraction recoveries and correct for matrix 

 
12 https://www.doh.wa.gov/CommunityandEnvironment/DrinkingWater/RegulationandCompliance/RuleMaking  

https://www.doh.wa.gov/CommunityandEnvironment/DrinkingWater/RegulationandCompliance/RuleMaking
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suppression effects in the LCMSMS. Ecology should allow the use of these methods as do other 

states.   

 

Mr. Kenney also notes that PFAS is a nationally recognized concern on and around lands used 

for training by the Department of Defense.  In these locations, the DOD regularly tests water 

using EPA-approved methods for PFAS.  For example, testing has been underway for PFAS on 

Whidbey Island associated with the Naval training area since 2016.13  Water sampling at Joint 

Base Lewis McChord revealed elevated levels of PFAS in 2018, which required cessation of 

drinking water use to protect public safety.14  As such it is entirely possible for Ecology to test 

groundwater and surface water associated with biosolids applications sites.   

 

With respect to consumer product regulation, Mr. Kenney welcomes those efforts.  However, 

even if implemented immediately the benefits would be limited and long-term, given the 

prevalence of PFAS in widespread consumer products and the global nature of commerce.   

 

D.  The General Permit Fails to Protect Against Microplastics  

 

WAC 173-308-205(1) requires that “all biosolids…must be treated by a process such as physical 

screening or another method to significantly remove manufactured inerts prior to final 

disposition.”  Additionally, “biosolids (including septage) that are land applied…must contain 

less than one percent by volume recognizable manufactured inerts.”  WAC 173-308-205(4).   

 

Biosolids generally contain large volumes of small plastics, referred to as microplastics and 

nanoplastics.  A recent synthesis of literature focused on microplastics in biosolids, titled “An 

overview of microplastic and nanoplastic pollution in agroecosystems” (Ng et al. 2018),15 states 

that “polyethylene, plastic fibres, and polystyrene foam occupied up to 5% w/w in compost from 

mixed municipal solid waste for all size fractions between 420 μm and 25 mm; with around 0.5 

to 0.6% having sizes b2 mm.”  Prevailing agronomic rates in the United States suggest maximum 

potential rate of microplastic inputs from biosolid in the order of 0.5 to 3.2 t·ha−1·yr−1.  This 

unit measurement equates to 0.2 to 1.3 metric tons per acre per year of plastics present in 

biosolids (one hectare equals 2.471 acres).  Plastics are “manufactured inerts.”  Extensive study, 

widespread publicity dedicated to microplastic contamination in soils and waters, and the ability 

to eliminate microplastics if desired indicates that microplastics are “recognizable.”  WAC 173-

308-205(4). 

 

The general permit would authorize approximately 430,000 tons of biosolids land application 

over a five-year period.  Even a conservative estimate under which microplastics compose 2.5% 

of those biosolids would mean that 10,7050 tons of microplastics will be land applied under the 

 
13https://www.navfac.navy.mil/navfac_worldwide/pacific/fecs/northwest/about_us/northwest_documents/environme

ntal-restoration/pfas-groundwater-and-drinking-water-investigation/nswi_pfas.html; see also 

https://www.navfac.navy.mil/niris/SOUTHWEST/FALLON_NAS/N60495_000011.PDF (Naval Air Station 

Fallon);   
14 https://home.army.mil/lewis-mcchord/application/files/2015/6106/2504/CCR_2018_Lewis_DIGI_FINAL.pdf 
15 Ng et al., 2018, An overview of microplastic and nanoplastic pollution in agroecosystems. Science of the Total 

Environment, Vol. 627, pp. 1377-88.  

https://www.navfac.navy.mil/navfac_worldwide/pacific/fecs/northwest/about_us/northwest_documents/environmental-restoration/pfas-groundwater-and-drinking-water-investigation/nswi_pfas.html
https://www.navfac.navy.mil/navfac_worldwide/pacific/fecs/northwest/about_us/northwest_documents/environmental-restoration/pfas-groundwater-and-drinking-water-investigation/nswi_pfas.html
https://www.navfac.navy.mil/niris/SOUTHWEST/FALLON_NAS/N60495_000011.PDF
https://home.army.mil/lewis-mcchord/application/files/2015/6106/2504/CCR_2018_Lewis_DIGI_FINAL.pdf
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general permit.  Plastics take hundreds of years to break down:  “projections indicate that the 

lifetime of polyolefins on land is in the vicinity of hundreds of years.”16  This means that 

microplastics not dispersed into surface or groundwaters (with resulting harm to aquatic species), 

or ingested and adsorbed by grazing cattle, will bioaccumulate on site and quickly add up.  The 

plastics are harmful in their own right, and also can transport and degrade into a variety of 

contaminants.  The health effects of microplastics are believed to be detrimental but are still 

poorly understood.  According to Ng et al.:   

 

Classical soil ecotoxicological approaches use isolated organisms and standard 

substrates, with measures taken for survival, growth, reproduction and avoidance 

behaviour over a period of days and weeks. Such approaches may not capture the 

full impact of chemical additives in plastics that act as endocrine disruptors in 

addition to those which bioaccumulate, where long-term exposure at low doses 

may alter cell functions or cause DNA damage. Such damage manifests later in 

life or across generations as the damage accumulates.17 

 

The most recent studies of microplastics suggest that they are highly mobile in water.  Crossman 

et al. (2020) measured microplastics biosolids at various application sites, found high levels of 

contamination, and determined that 99 percent of the microplastics appeared to be transported by 

water over time.18   

 

In short, the proposed application would put cumulatively significant amounts of plastic onto 

application sites, that would likely enter surrounding waters and organisms and cause uncertain 

long-term impacts to the native ecosystem and human health.   

 

Despite these risks, the general permit does not specify any means by which to comply with the 

requirement to remove manufactured inerts.  As a result the general permit is deficient and must 

be conditioned to require rigorous screening for microplastics and nanoplastics.   

 

Accordingly, Mr. Kenney requests that Ecology make the following changes to the general 

permit documentation and SEPA review to better protect the environment and public health:   

 

• Identify and discuss all other jurisdictions that monitor, test, and/or regulate microplastics 

in biosolids.  Explain the implications for this information on the Washington regulatory 

program.  

 
16 Ng et al., 2018, An overview of microplastic and nanoplastic pollution in agroecosystems. Science of the Total 

Environment, Vol. 627, p. 1380.   
17 Id. at 1385.   
18 Crossman, Rachel R. Hurley, Martyn Futter, Luca Nizzetto, 

Transfer and transport of microplastics from biosolids to agricultural soils and the wider environment, 

Science of The Total Environment, Volume 724, 2020, 138334, ISSN 0048-9697, 

https://doi.org/10.1016/j.scitotenv.2020.138334  

(https://www.sciencedirect.com/science/article/pii/S0048969720318477) 

https://doi.org/10.1016/j.scitotenv.2020.138334
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• Identify mechanisms to remove microplastics from biosolids, and the viability of these 

methods.   

• In the SEPA analysis, identify information gaps and obtain information to fill those gaps 

to the maximum extent feasible.  To the extent information truly cannot be obtained, 

“indicate in the appropriate environmental documents its worst-case analysis and the 

likelihood of occurrence.”  WAC 197-11-080(3)(b).   

• Require as a condition of the general permit that WWTP operators remove microplastics 

from biosolids in accordance with WAC 173-308-205.   

• Ecology should test runoff and groundwater associated with select recent biosolids 

application sites after rain and report the results.   

As with PFAS, PBDEs, and contaminants of emerging concern, Ecology cannot fulfill its public 

statutory obligations by simply ignoring microplastics.  Mr. Kenney requests that Ecology take 

reasonable, affirmative steps to address this serious issue and comply with its statutory mandate 

to protect waters of the state.    

 

E. The General Permit Fails to Protect Threatened and Endangered Species 

 

Biosolids application is not allowed where the application is likely to adversely affect a 

threatened or endangered species or its critical habitat as listed under Title 232 WAC or section 4 

of the Endangered Species Act.  WAC 173-308-191.  Notably, the regulation prohibits any likely 

harm to threatened or endangered species or their critical habitat and does not allow for de 

minimus exceptions or mitigation measures.  This is a particularly significant issue for southern 

resident killer whales, which are top tier predators of salmon and marine life and thus 

bioaccumulate toxins.   

 

Issuance of the general permit without protections for protected species would not only 

potentially violate State law, it would also likely violate the Federal Endangered Species Act 

(ESA).  The ESA prohibits the “take” of species listed as threatened or endangered on the federal 

endangered species list.  16 U.S.C. § 1538(a)(1)(B).  The ESA defines “take” as “to harass, 

harm, pursue, hunt, shoot, wound, kill, trap, capture, or collect, or to attempt to engage in any 

such conduct.”  Id. § 1532(19).  By regulation, the National Marine Fisheries Service has defined 

“harm” to include “significant habitat modification or degradation which actually kills or injures 

fish or wildlife by significantly impairing essential behavioral patterns, including, breeding, 

spawning, rearing, migrating, feeding or sheltering.” 50 C.F.R. § 222.102; Babbitt v. Sweet 

Home Chapter, Communities for Great Ore., 515 U.S. 687 (1995).   

 

Under what is known as the “Strahan theory,” a governmental entity may be liable under the 

ESA for authorizing harm carried out by private third parties.  See Strahan v. Coxe, 127 F.3d 

155, 158, 163 (1st Cir. 1997) (state agency caused takings of the endangered right whale because 

it “licensed commercial fishing operations to use gillnets and lobster pots in specifically the 

manner that is likely to result in violation of [the ESA]”), cert. denied, 1998 U.S. LEXIS 7103 

(Nov. 2, 1998) (No. 97-1485); Defenders of Wildlife v. Administrator, Envtl. Protection Agency, 
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882 F.2d 1294, 1300-01 (8th Cir. 1989) (federal agency caused takes of the endangered black-

footed ferret through its “decision to register pesticides” even though other persons actually 

distributed or used the pesticides); Loggerhead Turtle v. Cty. Council of Volusia Cty., 148 F.3d 

1231, 1251 (11th Cir. 1998) (finding plaintiffs had standing where they alleged harm from 

county’s failure to regulate artificial beach lighting, which harmed turtles).   

 

An agency may receive authorization from the U.S. Fish and Wildlife Service and/or National 

Marine Fisheries Service to issue permits that cause harm to listed species, under ESA Section 

10.  See 16 U.S.C. § 1539(a)(2)(B). For example, Washington State Department of Natural 

Resources has an incidental take permit for authorization of forest practices that cause likely 

harm to listed species.  Ecology lacks such authorization for the biosolids program.      

 

The ESA authorizes citizen suits “to enjoin any person, including the United States and any other 

governmental instrumentality or agency (to the extent permitted by the eleventh amendment to 

the Constitution), who is alleged to be in violation of any provision” of the Act. 16 U.S.C. § 

1540(g)(1)(A).  Agency officials acting in their official capacity are not protected by the eleventh 

amendment, and so state agencies are functionally subject to suit.  Such suits may result in 

injunctive relief, civil penalties, and an award of costs and attorneys’ fees.    

 

In order to fully protect listed species and protect the State from liability, Mr. Kenney suggests 

that Ecology consult with the National Marine Fisheries Service and U.S. Fish and Wildlife 

Service to determine whether an incidental take permit and associated habitat conservation plan 

is required.   

 

F. SEPA Checklist Specific Comments 

 

The SEPA Checklist and associated threshold determination must fully disclose sufficient 

information to determine whether a proposal has probable significant adverse environmental 

impacts.  WAC 197-11-335.  The determination includes consideration of cumulative effects, 

WAC 197-11-330(3)(c), and may not weigh purported benefits of the proposal against the 

adverse impacts, WAC 197-11-330(5).  “Significant” means “a reasonable likelihood of more 

than a moderate adverse impact on environmental quality.”   

 

The general permit authorizes millions of pounds of land application of biosolids over a period 

of five years, which, as documented above, contain unknown amounts of dangerous chemicals 

and microplastics.  While Mr. Kenney recognizes that there would be phased SEPA review for 

individual projects, in order to be meaningful SEPA review must be carried out “at the earliest 

possible time to ensure that planning and decisions reflect environmental values, to avoid delays 

later in the process, and to seek to resolve potential problems.”  WAC 197-11-055(1).  Early 

review is particularly necessary here, where there are significant cumulative effects of biosolids 

application across the State, and the identified issues are common to all biosolids.  PFAS, 

contaminants of emerging concern, and microplastics exist in all biosolids, and are not site-

specific issues well suited for later phased review.  The programmatic phase is also the only 

meaningful opportunity to conduct environmental review of Class A “exceptional quality” 

biosolids, application of which is not subject to later SEPA review.   
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The general permit clearly creates “a reasonable likelihood of more than a moderate adverse 

impact on environmental quality,” and thus is significant and requires preparation of an 

environmental impact statement.  Because application of biosolids can reasonably be anticipated 

to contaminate both groundwater and surface waters across the State with chemicals already 

recognized by Ecology to pose a serious threat to human health, the proposal presents cumulative 

effects to wildlife, “unique and unknown risks to the environment,” and “may affect public 

health or safety.”  WAC 197-11-330(3).  

 

Ecology mainly points to data gaps as the explanation for why it cannot regulate acknowledged 

risks.  Under SEPA regulations, significance depends on context and intensity.  “The context 

may vary with the physical setting. Intensity depends on the magnitude and duration of an 

impact.”  WAC 197-11-794.  Here, PFAS are “forever chemicals,” so the duration of the impact 

is perpetuity.  Furthermore, “[t]he severity of an impact should be weighed along with the 

likelihood of its occurrence. An impact may be significant if its chance of occurrence is not 

great, but the resulting environmental impact would be severe if it occurred.”  The impacts of 

widespread biosolids application are undoubtedly severe, given the reasonable threat of harm to 

human health of PFAS, including, according to Ecology, “probable links to immune system 

toxicity, high cholesterol, reproductive and developmental issues, endocrine system disruption, 

ulcerative colitis, thyroid issues, certain cancers, and pregnancy-induced hypertension.”    

 

Preparation of a programmatic EIS is the statutorily mandated mechanism by which to address 

these data gaps and assess associated risks and impacts.  Rather than forge ahead in the face of 

admitted incomplete information, Ecology must carefully assess the likelihood and severity of 

impacts, reasonable alternatives, and the mechanism to mitigate them.   

 

In addition to the general request for a determination of significance and preparation of an EIS, 

Mr. Kenney raises the following specific concerns with the SEPA checklist:  

 

• ¶ 1.  The checklist improperly excludes consideration of population growth, when 

Washington is a quickly growing State.  The checklist should consider more recent 

population trends, including during the COVID pandemic.  

 

• ¶ 1.  The description of pollutants should distinguish between pollutants that are 

regulated, and pollutants more broadly, as this section appears to use the terms 

interchangeably.  The SEPA analysis must consider impacts of all pollutants reasonably 

likely to be contained in biosolids irrespective of their regulation.  The general statement 

that “Generally, pollutants in biosolids occur in very low concentrations, below the level 

where an adverse effect is expected” is inadequate.  This cursory analysis lumps all 

pollutants together and contains no useful information.   

 

As detailed above, high priority pollutants (including PBDEs and PFAS) should be 

identified, along with a discussion of their likely presence of the pollutants and risks to 
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the environment and human health.  The one summary sentence dedicated to a serious 

and complex systemic issue is clearly inadequate.   

 

• ¶ 1.  The citation to WAC 173-308-90003 should acknowledge that this is the minimum 

content of a land application plan, but not necessarily sufficient to protect groundwater or 

adequate to fulfill Ecology’s duties to protect groundwater.   

 

• ¶1.  The checklist states that “If the regulation of other pollutants becomes necessary 

during the course of the permit cycle, that is sufficient cause for Ecology to open the 

permit for modification.”  This statement lacks basis or thresholds, and is circular in that 

it states that if regulation is necessary then it is necessary.  In order to be meaningful, 

mitigation must include specific triggers, criteria, and regulatory responses as part of a 

robust adaptive management system with public involvement.  

 

• ¶ 2.  The general statements regarding “decades of science” are inadequate.  Citation 

must be provided.  Emphasis should be placed on recent science, rather than decades-old 

science, given the concerns regarding PFAS, microplastics and other more recently 

understood issues. 

 

• ¶ 2.  The purported benefits of biosolids are immaterial to the threshold determination.  

 

• ¶ 4.  The statement that “Parks, wilderness areas, and wild and scenic rivers are likely too 

remote to be desirable for the land application of non-EQ biosolids” is inaccurate.   

 

• ¶ 4.  Application of biosolids to hydric soils raises high probability of groundwater 

contamination, which must be analyzed.  As a mitigation measure, Mr. Kenney 

recommends barring biosolids applications from hydric soils and areas that are 

periodically inundated.   

 

• ¶ 6.  The analysis states that “[t]he permit itself will not increase demands on 

transportation or public services and utilities.”  This is the incorrect legal standard for 

SEPA review, which requires consideration of both direct and indirect effects.  Ecology 

must consider the full impacts of biosolids application over time, including emissions and 

traffic associated with application.   
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Thank you for your consideration of these comments.  Please contact me at 

wgolding@ziontzchestnut.com with any response to comments or follow up questions or 

concerns.   

 

Sincerely, 

 

ZIONTZ CHESTNUT 

 

 

 
 

 

 

Wyatt Golding 

Attorney for Ed Kenney 

mailto:wgolding@ziontzchestnut.com
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1. Introduction: microplastics and nanoplastics as emerging envi-
ronmental pollutants

Small plastic particles are ubiquitous throughout the environ-
ment, and cause considerable concern because micro (defined here
as 100 nm to 5 mm in size) and nano (b100 nm in one dimension)
sized particles are small enough to be taken up by many organisms
(EFSA Panel on Contaminants in the Food Chain, 2016) and raises
questions of potential bioaccumulation and biomagnification (see
glossary in Box 1). There is growing evidence that microplastics are
ingested by marine organisms, some evidence of translocation be-
yond the gut and fewer still evidence of transfer from one trophic
level to the next (Galloway et al., 2017; GESAMP, 2015; Rochman
et al., 2016). Nanoplastics are potentially more hazardous than
microplastics because they can permeate biological membranes
(Bouwmeester et al., 2015; EFSA Panel on Contaminants in the
Food Chain, 2016; Nel et al., 2009). Terrestrial studies on
microplastics ingestion are emerging for soil organisms (Huerta
Lwanga et al., 2016; Rodriguez-Seijo et al., 2017). Recently, Horton
et al. (2017) and Duis and Coors (2016) reviewed sources and fate
of microplastics in terrestrial environment, and we build upon their
work by exploring the extent to which plant and soil organisms in
agroecosystems could be impacted, from individual level up to eco-
system level.
Box 1
Glossary.

Bioaccumulation The process by which the amount of a substa
progressively because the rate of intake exce

Bioavailable Amount of a substance that an organism abs
chemical and biological processes.

Biomagnification Accumulation of a substance through a food
concentration increases at each trophic level

Cometabolism The degradation of a substance catalyzed by
substrate. The other substrate is used as the
organopollutants, such as DDT, by white rot
responsible for breaking down lignin in plant m

Home garden Traditional, small scale agroforestry systems
and shrubs where livestock are often raised.

Nanoplastic Plastic particles with one dimension between
Microplastic Plastic particles in the size range between 10
Annual microplastic
loading rate

The quantity of microplastic added per unit ar

Maximum or lifetime
loading

This is the maximum amount of a substance
biosolids application rate. In the case of bioso
heavy metals, thereby preventing further add
Leo Baekeland developed the world's first useful synthetic plastic in
1907 using formaldehyde and phenol (American Society of Chemistry
National Historic Chemical Landmarks, 1993), but little was produced
until around 1950s, when mass production of plastics begun and plas-
tics found use in increasing range of applications; between 1950 and
2015, global plastic waste is estimated to be 6300 million tonnes, 79%
of which has accumulated in landfills and other environmental com-
partments (Geyer et al., 2017). Based on the sources ofmicroplastic pol-
lution, agroecosystems are likely to be the most plastic-contaminated
terrestrial system outside of landfills, urban spaces (Nizzetto et al.,
2016) and beaches (Duis andCoors, 2016), and therefore they are excel-
lent systems to study the implications of exposure to microplastic and
nanoplastic. We will also include some findings from research on
macro-plastics thatwe believe are relevant to understanding the overall
effects of plastic pollution in agroecosystems.

In this synthesis, we present an overview of themultidisciplinary re-
search on microplastics and nanoplastics in agroecosystems. While the
relevant literature is vast, some aspects have fortunately been covered
by recent reviews, which we will briefly summarise. Here, we empha-
sise on the following. Firstly, we identify the sources and estimate
microplastics loading in agroecosystems, using reported estimates and
our own calculations. Secondly, we examine the likely mechanisms
and constraints underlying plastic degradation in soils and their dy-
namic behaviour. Thirdly, we report on the impact of these plastic
nce, in this case, plastic particles, in an organism increases
eds the rate of removal from the body.
orbs (across a physiological membrane) as a result of physical,

chain by transfer of residues from diet to body tissue. The tissue
in the food web when uptake exceeds removal.
an enzyme whose primary function is to react with another
primary carbon and energy source. For example, the breakdown of
fungus Phanerochaete chrysosporium is catalyzed by enzymes
aterial under normal conditions.

practiced in urban and rural areas, consisting of multipurpose trees

1 and 100 nm.
0 nm and 5 mm.
ea per year.

per unit area given regulatory limits, e.g. contaminant limited
lids, the limit is usually reached by a persistent contaminant such as
ition of biosolids to the land once this limit is reached.
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particles on soil organisms and plants. This present work will serve as a
synthesis of existing evidence as well as propose hypothetical implica-
tion at higher biological level of organisation built upon knowledge
about plastic debris of all sizes and the ecological role of model organ-
isms, such as earthworms. Finally, we propose approaches and consid-
erations to determine the effects of microplastic and nanoplastic
pollution.

2.Major sources ofmicroplastics and nanoplastics in agroecosytems

Microplastics and nanoplastics enter agroecosystems either as pri-
mary (manufactured) micro and nano materials (e.g. in waterborne
paints, medical applications, electronics, coatings, adhesives), or indi-
rectly as secondary microplastics and nanoplastics generated by the
breakdown of larger plastic debris (Duis and Coors, 2016; Koelmans
et al., 2015; Rillig, 2012). It was recently demonstrated that photo-
degradation of recovered marine microplastic debris (Gigault et al.,
2016) and 1-cm2-pieces of disposable polystyrene coffee cup lid
(Lambert and Wagner, 2016) generated nanoplastics. Direct sources in
agriculture include plastic mulch films and greenhouse materials and
soil conditioners (e.g. polyurethane foam and polystyrene flakes). Indi-
rect sources include general littering and the use of treated wastewater
and biosolids (Duis and Coors, 2016; Horton et al., 2017). Microplastic
and nanoplastic emissions per capita vary greatly between regions
due to population size, affluence, presence and efficacy of waste man-
agement practices (Nizzetto et al., 2016; Ziajahromi et al., 2016). Here,
we focus on plastics that end up in agroecosystems. Using existing
Box 2
An estimation of loading rates and total loadings for microplastic from bioso

In Australia, 1.5million tonnes of wet biosolidswere produced in 2015 (A
the biosolids used in agriculture and predicted to further increase in the fu
125 to 850 tonnes ofmicroplastics per million inhabitant (Nizzetto et al., 2
of microplastic could be applied to Australian agroecosystems each
44,000–300,000 and 63,000–430,000 tonnes of microplastics could b
tively. This estimate of between 2800 and 19,000 tonnes of microplast
a likely presence of between 9 and 63 kg of microplastics per tonne of d
2008) for the biosolids.
The application of biosolids in Australia is tightly regulated by state regula
(EPA-NSW, 1997). Loading rates are limited by plant available N supply
raise the level of contaminants in the soil above the accepted maximum a
on the time interval between applications. Combined, these results in the
rate to agricultural land in Australia to be around 250 dry t·ha−1. At 250 dr
ing of between 2.3 and 15.8 t·ha−1 incorporated into the top 75 to 100 m
A comparison of estimates of microplastic loadings through biosolid appli
The US regulations pertaining to biosolid application to agricultural land (i
(EU Directive 86/278/EEC, 1986). These limits on biosolid application rat
biosolid in the order of 0.5 to 3.2 t·ha−1·yr−1 in the US and from 0.045 to
limited biosolid application rate for the respective regions,wewould expec
Australia and Europe, while maximum (lifetime) microplastic loadings for
tions, calculations and uncertainties of the estimates for Box 2 are elabo
data and estimates, we have derived potential annual and maximum
plastic loadings in agroecosystems for Europe, USA and Australia, to il-
lustrate the potential scale of the plastic problem.

Globally, between 0.8 and 2.5million tonnes of microplastics – two-
thirds of which are due to synthetic fibres released during washing and
erosion of tyres while driving – are estimated to end up in oceans every
year (Boucher and Friot, 2017). Of the microplastics that pass through
wastewater treatment plants, some 95% of the microplastics are esti-
mated to be retained in biosolids (Ziajahromi et al., 2016). As both
treated wastewater and biosolids are used in agriculture for irrigation
and as fertiliser (Mohapatra et al., 2016; Nizzetto et al., 2016), the
microplastic loading on agricultural land is likely to be high. In Europe,
Nizzetto et al. (2016) estimated that some 63,000 to 430,000 tonnes
of microplastic enter agroecosystems annually through biosolids
alone, while estimates for North America ranged from 44,000 to
300,000 tonnes of microplastics annually. We use Australia as a case
study to further evaluate plastic particle loading rates per unit area
per year and maximum (lifetime) loading given our in-depth knowl-
edge of Australia's regulations on biosolids use. We estimate that be-
tween 2800 and 19,000 tonnes of microplastics are applied to
Australian agroecosystems each year through biosolids (Box 2 and sup-
plementary information, SI).

Besides biosolids, composts derived from non-source-separated res-
idential waste or mixed municipal solid waste, and source-separated
garden organic waste (to a lesser extent) are also sources of plastic pol-
lution in agroecosystems. The physical degradation of plastics from
these sources, abrasion and fragmentation due to mixing and transport,
lids in agricultural soils in Australia, EU and USA.

ustralian andNewZealand Biosolids Partnership, 2016),with 64%of
ture (Australian and NewZealand Biosolids Partnership, 2016). Using
016) as a basis, we estimate that between 2800 and 19,000 tonnes
year through biosolids alone; Nizzetto et al. (2016) estimated
e applied to North American and European agroecosystems respec-
ics in the 1.5 million wet tonnes of biosolids in Australia, equates to
ry biosolids, assuming a total solids content of 20% (Eldridge et al.,

tions which are largely derived from the NewSouthWales guidelines
and contaminant loading to ensure that biosolids applications do not
llowable contaminant level for agricultural soils. There are also limits
theoretical maximum ceiling (lifetime loading) for biosolid application
y t·ha−1, this would represent amaximum (lifetime)microplastic load-
m of soil.

cation
.e. USEPA 40 CFR 503, 1993) are less stringent than EU regulations
es would suggest maximum potential rate of microplastic inputs from
0.63 t·ha−1·yr−1 in Europe. Based on copper and zinc contaminants
t similarmaximummicroplastic loadings for agricultural land between
US farmland may be as high as 9 to 63 t·ha−1. Details for the regula-
rated in SI.



Fig. 1. Chemical structures of some important biodegradable polymers and examples of non-biodegradable polymers commonly contaminating soil.
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is also likely to produce secondary microplastics. Brinton (2005) found
that polyethylene, plastic fibres, and polystyrene foam occupied up to
5% w/w in compost from mixed municipal solid waste for all size frac-
tions between 420 μm and 25 mm; with around 0.5 to 0.6% having
sizes b2 mm. The quality and use of composts are regulated to varying
degrees across the globe. For example, Australian standard (AS4454,
2012) for compost, soil conditioners and mulches retailed to backyard
gardeners and farmers in Australia allows up to 0.5% dry matter w/w
rigid plastic and 0.05% dry matter w/w of light, flexible or film plastics.
This is equivalent to having up to 5 t·ha−1 of rigid plastic and
0.5 t·ha−1 of light plastic to a depth of 10 cm for a lifetime compost
loading of 1000 t·ha−1. Hence, the potential contamination of
agroecosystems by secondary microplastics and nanoplastics, could be
significant.

In the early 2000s, 0.7 million tonnes of mulch film was used annu-
ally worldwide in agriculture, with China being the largest user (~80%;
Espí et al., 2006). Plastic mulch film covers some 20 million hectares
of farmland in China (Liu et al., 2014). Plastic mulch films with thick-
nesses between 6 μmand20 μmarewidely used in intensive production
systems because of four perceived benefits:modification to soil temper-
atures, reduced evapotranspiration, better weed control, and reduced
soil blemish of the product. As plastic mulch is applied with each crop
cycle, soils become enriched with plastic residues that have been inten-
tionally or unintentionally left behind on the field by farmers
(Steinmetz et al., 2016). In the Xinjiang region of China, where plastic
mulch is extensively used, the film residue content in soils ranged
from 0 to 502 kg·ha−1 (mean 121.5 kg·ha−1), with the quantity
being positively correlated with the number of years under mulching
(Zhang et al., 2016).

3. Polymer degradation and dynamic behaviour of plastic particles
on land

Polymer degradation refers to a chemical change in the molecular
structure of the polymer that alters its properties. There exists an enor-
mous number of polymers that, depending on their chemical structure,
are rendered more or less susceptible to different types of degradation
processes.

The biodegradable polymers possess heteroatoms (O, N,
S) distributed along the polymer backbone that act as sites for hydro-
lytic or enzymatic reactions, leading to significant decreases in the
molecular weight of the polymer in a relatively short timeframe (days
to several years). These processes cause the structure of the polymer
to break down into lower molecular weight molecular fragments that
microbial cells can assimilate and subsequently mineralise to produce
CO2, H2O and biomass in aerobic environments (or CO2 and CH4 in an-
aerobic environments). Examples of biodegradable polymers include al-
iphatic polyesters such as polylactic acid, polycaprolactone and
polybutylenesuccinate, and natural biopolymers such as cellulose and
polyhydroxyalkanoates (Fig. 1).

Many of the commonly used polymers contaminating our environ-
ment, such as polyethylene (PE), polypropylene (PP), polystyrene
(PS), polyvinylchloride (PVC), possess a carbon backbone that is resis-
tant to hydrolytic and enzymatic degradation (Fig. 1). As such, microbes
are generally unable to assimilate and mineralise the polymers,
resulting in the environmental accumulation of these materials. Some
projections indicate that the lifetime of polyolefins on land is in the vi-
cinity of hundreds of years (Kyrikou andBriassoulis, 2007). The ultimate
degradation of these types of polymers in soil will involve severalmech-
anisms including (i) photo- and thermo-oxidative degradation and (ii)
some degree of biodegradation by microorganisms after a prolonged
period of environmental exposure and oxidation. Nguyen (2008), and
Singh and Sharma (2008) have authored thorough reviews on the gen-
eral topic of plastic degradation. The present article will therefore pro-
vide an overview of the degradation processes on land.

3.1. Photo- and thermally-initiated oxidative degradation

Commonpolymer contaminants in or on soil are susceptible to some
degree of photo- or thermo-oxidative degradation. The general mecha-
nism for abiotic oxidative degradation of polymers with a carbon back-
bone is given in Box 3. Oxidative degradation is triggered by free
radicals generated when the materials are exposed to ultraviolet or
thermal energy under aerobic condition. As these degradation processes
rely on the combination of radicals with oxygen, they will only occur
when plastic is at, or very near to, the soil surface. In the field, radicals
are most likely to form by (i) direct photolysis of C\\C and C\\H
bonds in the polymer, (ii) residual catalyst or chromophoric chain de-
fects present from synthesis, or (iii) as a result of other additives such
as photosensitisers (e.g. TiO2), pro-oxidants (usually salts of transition
metals including iron, nickel, cobalt and manganese), fillers, dyes and
pigments (Carlsson and Wiles, 1976; Gardette et al., 2013), which in



Table 1
General rules of thumb indicating the likely impact of certain polymer properties on sus-
ceptibility to biodegradation.

Property Impact on biodegradation Sample
format

Molecular weight Only low molecular weight compounds can be
assimilated by microbial cells and
enzymatically degraded. Carbon-chain
backbones do not biodegrade until the
molecular weight is b1000 g/mol (Potts et al.,
1973)

Molecular

Chemical structure
and morphology

Certain functional groups provide sites for
enzymatic cleavage (ester, ether, amide,
urethane) (Kawai, 2010)

Molecular

Branched structures are more difficult for
microbes to assimilate (Potts et al., 1973)

Molecular

Amorphous materials biodegrade faster than
crystalline ones (Reed and Gilding, 1981; Yoo
and Im, 1999)

Macro

Surface
hydrophobicity

Hydrophobic surfaces inhibit biofilm
formation, hydrophilic surfaces (water contact
angle 40–70°) promote it (Lee et al., 1998)

Surfaces of
thin films

Water absorption Bulk hydrophilicity and water absorption give
microbes access throughout the bulk material
(Göpferich, 1997)

Macro

Water absorption softens polymers, and softer
materials biodegrade faster than harder ones
(Foruzanmehr et al., 2015)

Macro

Surface roughness Microbes adhere to rougher surfaces more
easily than smooth ones (Wan et al., 2005)

Surfaces of
thin films

Box 3
General mechanisms for oxidative degradation of carbon-based polymers.

Initiation PH + X• → P• + XH [1]
Propagation P• + O2 → PO2• [2]

PO2• + PH → POOH+ P• [3]
Chain branching (autocatalytic) POOH → PO• + •OH [4]

PO• + PH → POH + P• [5]
HO• + PH → HOH + P• [6]
PO• → various chain scission reactions [7]

Termination P• + P• → P\\P or P\\H + P(\\H) [8]
PO2• + PO2• → inactive products [9]

PH designates the polymer, P• is a macroradical and X• is an unspecified radical (Hawkins, 1964; Nguyen, 2008). This is the general mechanism for
the oxidative degradation of polyolefins such as PE and PP and it is also applicable to other types of polymers with a carbon backbone.
The first step of the oxidation pathway begins by abstraction of hydrogen from the polymer to produce the macroradical species, P•,
regardless of how the radical is generated (Eq. (1); Hawkins, 1964). A chain reaction ensues in the propagation stage, involving combination
of the macro-radical with oxygen (Eq. (2)) to produce a peroxy polymer radical. The peroxy radical then abstracts hydrogen from another
polymer molecule to produce a molecule of hydroperoxide and a new macroradical (which subsequently undergoes reactions [2] and [3], and
so on). Eqs. (4–7) show the autocatalytic chain branching phase which increases the oxidation rate further. Here, the hydroperoxides formed
in the previous step decompose into radicals, which in turn abstract hydrogen from polymer molecules to generate more macroradicals.
Termination eventually occurs when radicals couple together or undergo disproportionation. The interested reader is referred to the following
articles for more specific details on the mechanisms of photo- and thermally-triggered oxidative degradation in PE (David et al., 1992;
Gardette et al., 2013), PP (Carlsson and Wiles, 1976), PS (Grassie and Weir, 1965), PVC (Palma and Carenza, 1970) and PET (Jabarin and
Lofgren, 1984).

1381E.-L. Ng et al. / Science of the Total Environment 627 (2018) 1377–1388
some cases may involve the production of singlet oxygen as a reactive
intermediate (Rabek and Rånby, 1975). The degree to which these oxi-
dative processes can occur is highly dependent on the environmental
conditions (e.g. UV exposure, temperature, soil composition, moisture,
oxygen); aswell as the chemical structure and crystallinity of the plastic
(with oxygen diffusion and degradation occurring more readily in
amorphous regions of the materials) (Nguyen, 2008).

At themacroscale, photo and thermally triggered oxidative degrada-
tion leads to the embrittlement, cracking andweakening of plasticswith
time. Thus the materials become more susceptible to fragmentation
when they are exposed to abrasive or mechanical forces, e.g. from
farm equipment, generating micro and nanoplastics. At the molecular
level, the polymer chemical structure changes due to a combination of
events including chain scission (decrease in polymermolecularweight),
crosslinking (increase inmolecular weight), branching (increase inmo-
lecular weight) and incorporation of oxygen containing functional
groups at the surface of the plastic particle, e.g. esters, ketones and alco-
hols,which also reduces the surface hydrophobicity of the plastic (Singh
and Sharma, 2008).

As plastic particles age in the environment, theirmovement through
the soil profile is expected. Earthworms (Huerta Lwanga et al., 2017;
Rillig et al., 2017) and collembola (Maaß et al., 2017) have been ob-
served to transport microplastics, and agricultural practices such as
ploughing, would also contribute to their vertical transport. This new
subsurface location would negate photo and thermal degradation,
which are crucial for reducing the size of polymers with carbon back-
bones like PE, PP, PS and PVC (as described above) before any substan-
tial biodegradation can occur. Furthermore, anaerobic conditions may
develop in deeper layers of the soil and inhibit oxidative degradation
processes (Thomas et al., 2012).

3.2. Biodegradation

After extensive initial photo- or thermo-oxidative degradation, bio-
degradation plays an important role in the ultimate fate of plastics in
soil. Biodegradation is the process of mineralisation of an organic mate-
rial by microorganisms to generate CO2 and H2O under aerobic condi-
tions, or CO2 and CH4 under anaerobic conditions (Mohan, 2011). The
molecular weight, chemical structure andmorphology, hydrophobicity,
water absorption, and surface roughness of plastic materials all have an
impact on their susceptibility to biodegradation (Table 1). Even lowmo-
lecular weight components of PE subjected to extensive pre-oxidation
in accelerated conditions (i.e. artificial weathering where UV light
and/or heat between 50 and 70 °C is applied) not reflected in the field,
can only be partly biodegraded (Thomas et al., 2012). The accelerated
weathering conditions certainly decrease the molecular weight of the
PE, a critical step towards achieving microbial degradation; however
themajority of the oxidised sample is still too high in molecular weight
to be mineralised (Table 1).

Although numerous organisms are recognised to biodegrade or par-
tially biodegrade even someof themost persistant types of plastics – e.g.
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certain bacteria (Huerta Lwanga et al., 2018; Yang et al., 2014; Yoshida
et al., 2016) and insect larvae (Bombelli et al., 2017), these specific or-
ganisms (such as the bacteria Ideonella sakaiensis isolated from recycling
site) and/or their hosts (such as the caterpillar of the moth Galleria
mellonella or larvae of Indian mealmoth Plodia interpunctella) may not
benaturally present in agroecosystems. Even if plastic-degrading organ-
isms are present in soils, such as the plastic-degrading bacteria
(Microbacterium awajiense, Rhodococcus jostii, Mycobacterium
vanbaalenii, Streptomyces fulvissimus, Bacillus simplex and Bacillus sp.,)
identified from earthworm's gut (Huerta Lwanga et al., 2018), less ener-
getically expensive carbon resources would be present in soils, there-
fore biodegradation of such plastic particles would be less likely to
become a relevant process, with cometabolism being a more likely sce-
nario. Cometabolism, which is the degradation of a compound in the
presence of another compound that is used as carbon source, has been
extensively studied for bioremediation of organic pollutant such
polyaromatic hydrocarbon, but its effectiveness in field is thus far lim-
ited and requires extensive and costly intervention (Ghosal et al., 2016).

3.3. Particle changes through biophysicochemical interactions at particle-
soil interface

During oxidative degradation, anionic or polar surface groups are
likely to be introduced on plastic particles, providing surfaces for further
interactionwith soil components. The interaction between plastic parti-
cles and soil components is a dynamic process involving a series of in-
terconnected physical-biological-chemical changes. As a result, the
physicochemical state of plastics in soils is likely to be highly dynamic.
lipi
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to unknowns. MP refers to microplastic or nanoplastic.
Moreover, plastics are typically a complexmixture of polymers, residual
monomers, catalysts and additives (Teuten et al., 2009), which affect
the plastic particle characteristics and behaviour, and therefore the in-
teractions of different plastics with soil organic and inorganic matter.

Consider the apparently simple two-way relationship between plas-
tic and an agrochemical (e.g. pesticide) present in the soil. Studies so far
indicate that there is a subtle interplay between environmental factors
and plastic composition that can affect the stability of both agrochemi-
cals and plastics commonly used in agriculture. Various pesticides' accu-
mulate and/or become stabilised on the surface of plastic mulch film
(Ramos et al., 2015), while other plastics treatedwith agrochemicals ac-
tually become more susceptible to photodegradation and embrittle-
ment than the corresponding clean plastics (Schettini et al., 2014).

Additionally, as degradation proceeds, smaller sized plastic particles
are generated. Studies on nanomaterials indicate that the smaller the
particle, the larger its surface-to-volume ratio and its reactivity, thus,
the more dynamic the behaviour of nanoparticles (P. Wang et al.,
2016; Wiesner et al., 2011). The fragmented microplastics released in
the casts of L. terrestris (Huerta Lwanga et al., 2016) are surrounded by
ecocoronas or biofilms comprising soil biota, and soil-derived organic
and inorganic macromolecules. These ecocoronas change the density,
surface charge, size and shape of micro or nanoplastic particles, and
may therefore also alter the mobility, degradation, bioavailability and
toxicity of the encapsulated plastic particles (Artham et al., 2009;
Galloway et al., 2017; Nel et al., 2009).

When considering nano-sized particles in soils, it is argued that the
prevalence of black carbon and natural carbonaceous nanoparticles in
soils would exceed that of manufactured nanomaterials (Koelmans
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et al., 2009). Using examples from Simpson and Hatcher (2004), there
would be between 520 and 2010 t·ha−1 of black carbon to 7.5 cm
depth for a Canadian Chernozem (5.2% total C) and German Mollisol
(1.9% total C) respectively. In comparison, our estimates of maximum
microplastic loading from biosolid use in agroecosystems in Box 2, as-
suming eventual 100% conversion into nano-sized particles, would cor-
respond to between 2.3 and 63 t·ha−1 of nanoplastics in soils. This
finding raises three questions: (1) what is the relative importance of
plastic as a host or carrier of organic and inorganic matter relative to
other carriers in the soil, such asmineral particles andnatural soil carbo-
naceous polymers, (2) howwill plastic interact with these soil carbona-
ceousmaterials, and (3) if soil biota and plants have historically evolved
within this environment, do these materials pose no threat or has the
biota developed mechanisms to live amidst these materials? These
also highlight the crucial task to quantify actual plastic loading and
their sizes in agroecosystems.

4. Response of soil biota to microplastic and nanoplastic pollution

4.1. Organismal-level response

It is reported by studies inmarine environment that microplastic in-
gestion is rarely lethal at environmentally relevant concentrations
(Galloway et al., 2017; Rochman et al., 2016). In earthworms, two out-
comes have been observed so far in controlled experiments: i) the or-
ganism survives, the microplastics may be fragmented further
internally, and plastic particles are transported in soil via defecation
and when the organism moves or, ii) the organism suffers weight loss,
and then dies at high exposure concentration (Fig. 2). In one study,
earthworms Lumbricus terrestris exposed to concentration of 28% PE
microplastics (w/w in dry plant litter) and above, experienced growth
inhibition (b1.4 mg weight gain compared to 10.3 mg weight gain in
control with no exposure to microplastic) and subsequently died
(8–25% compared to 0% in control with no exposure to microplastic)
even though their reproduction was unaffected (Huerta Lwanga et al.,
2016). These are high exposure concentrations that could occur under
contaminated land scenario. Another study using Eisenia fetida exposed
to 0.25 and 0.5% of PS microplastic (w/w in dry soil) showed no growth
inhibition, with growth inhibition only occurring at exposure concen-
trations N1% (Cao et al., 2017). In another study using Eisenia fetida, in-
flammation in the guts was observed when the earthworm is exposed
to concentration of 0.0125% PE microplastic (w/w in dry soil) and
above but this does not translate to any significant effects on survival,
reproduction and biomass at concentration up to 0.1% of PEmicroplastic
(w/w in dry soil) (Rodriguez-Seijo et al., 2017).

Studies on algae in the aquatic environment showed that
nanoplastics are adsorbed onto the cell wall of microalgae such as
Scenedesmus, Chlorella and Pseudokirchneriella subcapitata
(Bhattacharya et al., 2010; Nolte et al., 2017a), with binding mediated
by cell morphology (Bhattacharya et al., 2010), the particle's charge
and ionic strength of the medium (Nolte et al., 2017a; Nolte et al.,
2017b). These experiments, lasting for hours to a few days, indicated
these nanopolystyrenes were not lethal to the algae at concentrations
up to 100 mg·L−1. However, they did reveal that these nanoplastics
can lead to the physical inhibition of algal photosynthesis due to in-
creased water turbidity and light scattering, coverage of the algal cell
surface with microplastics, or immobilisation of algae at concentration
of around 1.5 mg·L−1 and above (Bhattacharya et al., 2010; Nolte
et al., 2017a). It remains to be explored if interferences from
nanoplastics in photosynthesis and induction of physiological stress re-
sponses can occur in soil-dwelling algae.

Despite their ecological importance, the exposure of soil filter
feeders such as some nematodes, rotifers and ciliates to microplastics
and nanoplastics have not yet been determined to our knowledge. Filter
feeders inmarine ecosystems have been shown to ingest microparticles
(Van Cauwenberghe and Janssen, 2014; Wright et al., 2013) while filter
feeders in freshwater ecosystems, Daphnia magma and Thamnocephalus
platyurus, have been shown to be sensitive to nanoplastics (Besseling
et al., 2014; Casado et al., 2013). Uptake by such organisms is deter-
mined by their ability to discriminate food and non-food, which de-
pends on a mixture of chemical (taste and olfaction) and physical
(size) mechanisms (Kiyama et al., 2012). Kiyama et al. (2012) demon-
strated that the nematode Caenorhabditis elegans on buffer solution
and agar plates take up PS microspheres of 0.5 and 1 μm, particularly
in the absence of food bacteria. Organisms with other feeding modes
are also susceptible to microplastic ingestion. Recently, Taylor et al.
(Taylor et al., 2016) found synthetic microfibers on and inside six out
of nine deep sea organisms from the phyla Cnidaria, Echinodermata
and Arthropoda with predatory and detritivorous feeding mechanisms.
As such, woodlice, snails, caecilians and other soil organisms with sim-
ilar feeding mechanisms would be subjects of interest in
agroecosystems.

Information about the bioavailability and bioaccumulation of
microplastics in soil organisms is generally lacking. Early investigations
indicate that mussels take up particles b10 μm and these particles were
translocated from gut to the circulatory system and retained there for
the duration of the testing period (48 days) (Browne et al., 2008). We
know that nanoplastics can enter cells, as fluorescent nanoplastic poly-
mers have been used as molecular probes for a wide range of biological
studieswithmammalian cells, for example tomeasure blood flow in tis-
sue and as tracers for phagocytic processes (see e.g. carboxylate-
modified microsphere F8888 by Invitrogen; Katz and Iarovici, 1990;
Rembaum and Dreyer, 1980). The translocation of a range of micropar-
ticles by mammalian gut into the lymphatic system have been demon-
strated in human (particle sizes 160nm– 150 μm), rabbits (100nm – 10
μm), dogs (3–100 μm) and rodents (10 nm – 40 μm) (see details in re-
view by Hussain et al., 2001). There is no experimental evidence of
nanoplastics being transferred from invertebrates to vertebrates in
soils; there is evidence of the transfer of microplastics from contami-
nated land to vertebrates, and potentially from earthworm to chicken.
In one study developed for homegardens, it was observed that chickens'
digestive tract became polluted with plastic particles (62.6 ± 49.5 par-
ticles per gizzard, 16.45% of which were b5 mm and 83.55% were
N5 mm; 11 ± 15.3 particles per crop, all of them macroplastics, no
microplastics were found in crops; Huerta Lwanga et al., 2017).

Understanding organismal-level response is the basis for toxicologi-
cal studies and risk assessments, and translating this response to popu-
lation and ecosystem-level consequences upon which policy and
decisions are often based, is a challenge. For the purpose of decision-
making, complementing the above individual endpoint measurements
with models could allow prediction of the pollutant burden over time
and translate the individual-level response to a population model
(Jager, 2016). For example, toxicokinetic and toxicodynamicmodels ex-
amine internal concentrations of a contaminant as function of uptake,
transformation, distribution and elimination, and the subsequent re-
sponse of the test organism (Rohr et al., 2016) could be applied to
well-studied earthworm, where there is a strong understanding of the
organism's biology.

4.2. Response of soil microbiome

The time and space scale formicrobes, given their relatively short life
history and small size, give us a chance to study processes thatwould be
difficult at field scale (Jessup et al., 2004) and allow us to capture the
emergent properties of a system which would be impossible with
individual-level trait studies. While no studies have specifically exam-
ined micro- and nano-sized plastic particle effects on soil microbiome,
an experimental study on plastic mulch residues provides some prelim-
inary indication of potentially usefulmeasures. In a pot trial experiment
with 67.5 and 337.5 kg·ha−1 plastic mulch residues (20 mm× 20 mm)
maintained at constant moisture content, soil microbial biomass, en-
zyme activities (dehydrogenase and fluorescein diacetate hydrolysis)
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and functional diversity (community level physiological profile) tended
to decrease with increasing concentrations of plastic mulch residue (J.
Wang et al., 2016). The concentration (67.5 kg·ha−1) used in this exper-
iment is environmentally relevant for soils with over 5 years of plastic
mulchfilm use (Zhang et al., 2016). Given the long-term use andmisuse
of plastic mulch in some agroecosystems, studying their soil
microbiome may provide insights into the long-term implications of
plastic pollution on land.
5. Response of plants to microplastic and nanoplastic pollution

5.1. Uptake of nanoplastic by plants

Uptake of microplastics by plants is not expected. The high molecu-
lar weight or large size of the plastic particles (Teuten et al., 2009) pre-
vents their penetration through the cellulose-rich plant cell wall. In
contrast to microplastics, nanoplastics indeed have been shown to
enter plant cells (Fig. 2). Bandmannet al. (2012)have demonstrated up-
take of 20 and 40 nm nanopolystyrene beads by tobacco BY-2 cells in
cell culture via endocytosis, while 100 nm beads were excluded. How-
ever, no studies have investigated whole plant, instead of plant cell cul-
ture, uptake of nanoplastics to the best of our knowledge.

Plant species vary in their uptake, translocation and accumulation of
contaminants due to a range of anatomical and physiological differ-
ences. Plant properties that are known to affect the uptake of organic
compounds include root properties (volume, density, surface area),
xylem properties (volume, surface area), transpiration, growth rate,
water and lipid fractions, plasmamembrane potential, tonoplast poten-
tial, cytoplasmpH and pHof vacuoles (Trapp, 2000). Characteristics and
permeability of the plant cell wall varies, but as a rule-of-thumb, parti-
cles b6 nm in one dimension may be able to permeate the cell wall
(Carpita et al., 1979).

Studies on plant uptake of engineered carbonaceous nanoparticles –
structurally dissimilar to plastics but they can be produced with similar
particle size, shape, surface functional groups to microplastics – may
shed light on the possible modes of nanoplastic interaction with plants
and bioavailability (see reviews by Ma et al., 2010; Rico et al., 2011; J.
Wang et al., 2016). In plants, such engineered carbon-based nanoparti-
cles are being targeted as molecular transporters to study plant cell bi-
ology, or deliver agrochemicals and biomolecules (Morales-Díaz et al.,
2017; J. Wang et al., 2016). Uptake of these carbon-based nanoparticles
has been documented in whole plants such as rice (Oryza sativa), maize
(Zea mays), soybean (Glycine max) and arabidopsis (Arabidopsis
thaliana) (Lin et al., 2009; Zhao et al., 2017). Based on the above studies,
the proposed pathways for entry of carbonaceous nanoparticles into
plants, depending on plant species and nanoparticle properties, include
endocytosis through the plasmodesmata; passage via ion transport
channels, carrier proteins or aquaporins; and also soil carbon or root ex-
udate mediated entry (Fig. 2).

There are no studies on translocation and storage of nanoplastics
in plants. However, the translocation of engineered carbon nanopar-
ticles in the size range of 40 to 70 nm to stem and/or leaf have been
demonstrated in rice using fullerene C70 (Lin et al., 2009) and soy-
bean, maize, rice and Arabidopsis using carbon nanotubes (Zhao
et al., 2017). There have not been any studies evaluating the
transgenerational transmission of nanoplastics. Transmission, has
been reported in rice using fullerene C70 mixed with natural organic
matter obtained from natural waters, which contains a mixture of
hydrophobic and hydrophilic acids and other soluble organic com-
pounds (Lin et al., 2009). The transport and fate of the engineered
carbon nanoparticle is strongly influenced by interaction with natu-
ral organic matter (Hyung and Kim, 2008), and therefore, the effect
of soil organic matter adsorption to nanoplastics should be explored
if we are to understand its effects on the fate of nanoplastics in soil
and plant.
5.2. Toxicity, stress and response of plants to nanoplastic

Similarly, there is no data on the toxicity of nanoplastics on plants.
Since the first studies reported plant cell uptake of engineered carbon-
based nanotubes and fullerenes (Lin et al., 2009; Liu et al., 2009), studies
on nanotubes and fullerenes indicate a range of positive, neutral and
negative effects in a range of edible crops (see reviews by Husen and
Siddiqi, 2014; Ma et al., 2010; Rico et al., 2011; J. Wang et al., 2016).
All four reviews presented a sum of six studies (with numerous over-
laps) on nanotubes and two studies on fullerene C60, with all crops
being grown under hydroponic and broth culture, except the studies
by Kole et al. (2013) who used sphagnum moss and Torre-Roche et al.
(2013) who used a mixed vermiculite-soil medium.

General observations on toxicity of carbon nanoparticles that may
have relevance to future studies using nanoplastics, are: (1) phytotoxic-
ity tests such as germination, root elongation and growth measures
across studies indicate that sensitivity depends on plant species and
the physicochemical properties of the engineered carbon nanoparticle;
(2) cell damage occurs through genotoxicity and cytotoxicity (Shen
et al., 2010; Tan et al., 2009); and (3) interactions between different
types of engineered carbon nanoparticle with pesticides can increase
or decrease the uptake of pesticides by different crops (Torre-Roche
et al., 2013).

Plant canmetabolize a range of pollutants, including polychlorinated
and polycyclic hydrocarbons (Sandermann Jr., 1992). During pollutant
metabolism, oxidative stress can result from a combination of (1) reac-
tive oxygen species generated during cytochrome P450 mediated oxi-
dation, and (2) glutathione depletion through gluthatione-S-
transferases catalyzed conjugation with pollutant (Scandalios, 2001).
Zhao et al. (2017) measured the uptake of 14C-labelled carbon nano-
tubes (2.25 ppm) in rice, maize, soybean and arabidopsis; and found
that biochemical parameters, such as antioxidant enzyme activities,
were more sensitive than physiological measures, such as pigment
and total protein contents. Biochemical parameters, therefore, may be
a good indicator of plant response to nanoplastics. Pollutants are often
stored as soluble and insoluble conjugates in various parts of the plants
rather than degraded (Sandermann Jr., 1992). As such, it is also neces-
sary to determine whether detoxification processes produce harmless
metabolites, or whether new toxins might be introduced into the food
chain. Estimates made using plant uptake models and quantities of
micropollutants in irrigation water, indicate that human exposure to
27 emerging micropollutants (including pharmaceuticals, fragrances,
flame retardants and plasticizers) range from b1 to N461 ng per person
per day through vegetable and fruit consumption (Calderón-Preciado
et al., 2011). Several of these chemicals are additives in plastic produc-
tion. We have, to maintain brevity in this overview, refrained from
discussing the residual monomers, catalysts and additives that are
part of plastic and need to be considered in future studies. Readers inter-
ested in thismatter are referred to reviews on biological effects of plastic
additives (Meeker et al., 2009; Oehlmann et al., 2009), or phthalate es-
ters occurrence and degradation in the environment (Gao and Wen,
2016; Staples et al., 1997).
6. From organismal to ecosystem-level responses

So far, studies on the ecological impact of plastic in soils aremostly at
organismal level, or on the soilmicrobiome. This approach is not unique
to soils, since a majority of impact studies in marine ecosystems have
demonstrated impacts only at suborganismal and organismal levels
(Browne et al., 2015). Clearly, more work needs to be done at higher bi-
ological organisation levels (Browne et al., 2015; Galloway et al., 2017;
Rochman et al., 2016). But impact studies at higher biological organisa-
tion are difficult. Browne et al. (2015) suggests that existing knowledge
of ecological linkages, where known, and populationmodels, where the
linkages are unknown, can be used to deduce such impact.
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There is evidence that water infiltration is correlated to earthworm
biomass and burrow length (Blouin et al., 2013), that is soil porosity is
linked to earthworm presence. Using the approach suggested by
Browne et al. (2015), one can then hypothesise that when earthworm
mortality is high as a result of high microplastic contamination, as per
reported by Huerta Lwanga et al. (2016) and discussed in Section 4.1,
soil porosity would be impacted. Currently, only one laboratory study
explored such ecological linkage. The study showed that L. terrestris
had lower biomass under the exposure of microplastics at 7%
microplastics (w/w in dry plant litter) while the burrows occurred in
significantly higher numbers and the burrow walls were denser com-
pared to the control without exposure to microplastics, however the
burrow length was similar across all treatments during the 14 day ex-
periment (Huerta Lwanga et al., 2017). These results indicate soil poros-
ity may increase as a result of earthworm-microplastic interaction but
further work is still necessary to validate their longer-term implications
for soil porosity. Additionally, microplastics may also have direct effect
on soil porosity, as both synthetic water-soluble and gel-forming poly-
mers are used as soil conditioners to improve water infiltration, water
retention and soil stabilisation (Bouranis et al., 1995).

In aquatic systems, microplastics have become a floating mobile
habitat for algae, bryozoans, dinoflagellates, isopods, marine worms
and microbes (Reisser et al., 2014). There is evidence that the ingestion
of plastic debris by seabirds is linked to dimethyl sulfide, a chemical cue
released byphytoplankton in response to foraging activity (Savoca et al.,
2016). Savoca and colleagues demonstrated experimentally that PE and
PP microplastics exposed in the ocean for three weeks produce di-
methyl sulfide. Themigration facilitated bymicroplastics can affect pop-
ulation and ecosystem dynamics. In soils, there is no lack of substrate
compared to openwater but plastic particles could serve similar habitat
functions. Collembola has been observed to use microplastics as a site
for oviposition (Maaß et al., 2017). Earthworm casts are naturally rich
ecosystems of microbes (Gómez-Brandón et al., 2011; Toyota and
Kimura, 2000) and casts enriched with plastic particles (Huerta
Lwanga et al., 2016)would be hostingmicrobiomes. Thesefindings sug-
gest that biofilms on plastic in soils could promote uptake by other or-
ganisms higher up in the food chain.
7. Considerations for assessing risks of microplastics and
nanoplastics in agroecosystems

7.1. Challenges and lessons from studies on plastic particles, engineered
nanoparticles and other persistent contaminants

Current methodologies used to extract, quantify and characterise
microplastics from water or sediment samples, would require adjust-
ment to enable equivalent information from soil samples; not to men-
tion the entire lack of nanoplastic isolation methods (Duis and Coors,
2016; EFSA Panel on Contaminants in the Food Chain, 2016; Syberg
et al., 2015). Soil is a heterogeneous mediumwhichmakes the isolation
or enrichment of plastic particles from it extremely challenging. The
presence of soil organic matter, sometimes stabilised by interaction
with soil minerals, complicates the removal of soil organic matter that
distort spectroscopic techniques for identification of plastic particles.
Recently, a method for extracting and quantifying the number, size
and mass of micro-sized low-density polyethylene and polypropylene
from soil using flotation and heating was published by Zhang et al.
(2018). Some similarities can be drawn from sediment studies, and ad-
aptation of recent procedures for the isolation ofmicroplastics from fine
sediments could potentially be used in the future to quantify micro and
nanoplastic loads in agricultural soils (Coppock et al., 2017). These al-
lows the identification of microplastics in soils, but more efficient and
faster techniques are required. In addition, standardisation of the units
of measurement in terms of weight, number and/or volume should be
prioritised to allow comparison of results from different experiments.
The representativeness of synthetic plastic particles used in many
experiments is questioned, since the aging of plastics in the environ-
ment alters their surface chemistry and behaviour. Rapid aging could
be simulated by subjecting plastics containing pro-oxidant additives to
artificial, accelerated weathering and abrasion, but we would still
need to relate the structure and chemical properties of the artificially
generated microplastic or nanoplastics with those isolated from field
samples. An alternative approach is the preparation of a range of stan-
dard testing materials aged in a set of selected soils with different
characteristics.

The adoption of high doses is often used in assessing effects of a pol-
lutant in laboratory studies to elicit toxicological endpoint and deter-
mine dose-response curves. However, studies on pesticides and other
endocrine-disrupting chemicals have shown that nonlinear or non-
sigmoidal dose-response relationships are common, such as the U-
shape or inverted U-shaped responses, (Clotfelter et al., 2004; Imfeld
andVuilleumier, 2012), and studies on nanoparticles indicated that par-
ticle surface area or particle number concentration may be more rele-
vant than mass-based dose metric for determining biological effects
for nanoparticles (Petersen et al., 2015). The range of doses could be
narrowed down through spatiotemporal data detailing the occurrence
of microplastic and nanoplastic debris in agroecosystems. This can be
achieved by prioritising data collection in agroecosystems that receive
recycled organic inputs or use plastic mulch.

Choosing the right subjects, variables and controls in the studies is
also challenging (Horton et al., 2017; Syberg et al., 2015). If the test or-
ganisms are already exposed to high background levels of the pollutant,
its lack of response compared to the treatment can bemerely an artifact
of the organism's prior exposure. Certain organisms are also more sen-
sitive; such as root crops (Eggen et al., 2013), or juvenile organisms in
early developmental stages (Clotfelter et al., 2004; Talsness et al.,
2009), and these should be prioritised in initial screenings. Interspecific
variation in susceptibility within a taxonomic group, intraspecific varia-
tions between age class, sexes and populations and ability to recover
must all be carefully considered. Beyond individual species, choosing
the right measures at the population and ecosystem level is also neces-
sary as other abiotic or biotic stressors may enhance the sensitivity of
the test organism or system to plastic pollution (Rohr et al., 2016).

Classical soil ecotoxicological approaches use isolated organisms and
standard substrates, with measures taken for survival, growth, repro-
duction and avoidance behaviour over a period of days and weeks.
Such approaches may not capture the full impact of chemical additives
in plastics that act as endocrine disruptors in addition to those which
bioaccumulate, where long-term exposure at low doses may alter cell
functions or cause DNA damage. Such damage manifests later in life or
across generations as the damage accumulates (Clotfelter et al., 2004).
The use of short-lived organisms is the norm and provides an opportu-
nity to study multigenerational effects of plastic pollution. However,
great care must be taken in any attempt to extrapolate laboratory stud-
ies to spatially and temporally relevant scales for processes, ecological
interactions and ecosystems.

7.2. Knowledge gaps and key research questions

This review highlights several major gaps in our understanding of
what happens to microplastics and nanoplastics in soils and their eco-
logical consequences. Some broad issues and key questions are briefly
summarised below.

1. Shortcomings in defining and standardising parameters for deter-
mining magnitude of microplastic and nanoplastic contamination
on land; e.g.

• What cost-efficient techniques can we use to detect, isolate, measure,
and identifymicroplastics and nanoplastics in soils, and in organisms?

• Can artificially generated micro and nanoplastics be used as suitable
models to gain an understanding of their potential ecotoxicity?
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2. Improve understanding of the dynamics and fate of microplastics
and nanoplastics in soils; e.g.

• What is the concentration of microplastics and nanoplastics in soils
from each major pollution source?

• Howdo the products of fragmented plastic particles behave in the soil
profile?

• Howdoes the interaction of plastic particles with agrochemicals affect
their behaviour?

3. Determine the bioavailability of plastic particles to plants and soil or-
ganisms; e.g.

• What are the features of plants and soil organisms that determine up-
take, the capacity to exclude, or the capacity to isolate or sequester
plastic particles internally?

4. Insufficient understanding of the consequences on plants and soil
biota; e.g.

• What are the physical, physiological, and biochemical impacts of plas-
tic residues – polymer, additives and their degradation products –
within plants or soil organisms?

• How do nanoplastics affect the microbiome in phyllosphere,
endosphere, spermosphere and rhizosphere of the plant?

• Do plastic pollution alter plant and soil biota response to other
existing agrochemical or environmental stressors?

• What is the impacts of plastic pollution on the capacity of the
agroecosystem to produce biomass?

8. Concluding remarks

Currently, considerable uncertainty exists because of the limited
number of studies that have been published regarding the impact of
microplastic and nanoplastic on most trophic levels in agroecosystems
– demonstrated evidence of effects and demonstrated evidence of no-
effects are equally few at this point in time. The existing regulations
based on heavy metal contaminants and available nitrogen for land ap-
plication of biosolids provide us with the possibility to estimate plastic
loading in some agroecosystems. We could then use these loading
rates to set up ecotoxicology experiments to determine if these loadings
would pose acceptable ecological risk and if not, at what loading con-
centration would there be a problem.

Based on themechanisms and constraints described above, the deg-
radation of plastics applied to land is expected to be limited within the
timescale of a human lifetime. As such, precautionary measures, even if
the cause and effect relationships are not established for
agroecosystems, may be warranted. Ultimately, many actions to miti-
gate microplastic and nanoplastic emissions on land will also benefit
the wider environment. They are also likely to be less costly in the
long-term and allow us to reap the benefits of plastics with much
lower plastic pollution on land and in water.
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A broad spectrum of organic chemicals is essential to modern society. Once discharged from industrial,
domestic and urban sources into the urban wastewater collection system they may transfer to the residual
solids during wastewater treatment and assessment of their significance and implications for beneficial
recycling of the treated sewage sludge biosolids is required. Research on organic contaminants (OCs) in
biosolids has been undertaken for over thirty years and the increasing body of evidence demonstrates that
the majority of compounds studied do not place human health at risk when biosolids are recycled to
farmland. However, there are 143,000 chemicals registered in the European Union for industrial use and all
could be potentially found in biosolids. Therefore, a literature review of ‘emerging’ OCs in biosolids has been
conducted for a selection of chemicals of potential concern for land application based upon human toxicity,
evidence of adverse effects on the environment and endocrine disruption.
To identify monitoring and research priorities the selected chemicals were ranked using an assessment matrix
approach. Compounds were evaluated based upon environmental persistence, human toxicity, evidence of
bioaccumulation in humans and the environment, evidence of ecotoxicity and the number and quality of studies
focussedon thecontaminant internationally. The identifiedchemicals of concernwere ranked indecreasingorder
of priority: perfluorinated chemicals (PFOS, PFOA); polychlorinated alkanes (PCAs), polychlorinated naphtha-
lenes (PCNs); organotins (OTs), polybrominated diphenyl ethers (PBDEs), triclosan (TCS), triclocarban (TCC);
benzothiazoles; antibiotics and pharmaceuticals; synthetic musks; bisphenol A, quaternary ammonium
compounds (QACs), steroids; phthalate acid esters (PAEs) and polydimethylsiloxanes (PDMSs).
A number of issues were identified and recommendations for the prioritisation of further research andmonitoring
of 'emerging' OCs for the agricultural use of biosolids are provided. In particular, a number of ‘emerging’OCs (PFOS,
PFOAandPCAs)were identified for priority attention that are environmentally persistent andpotentially toxicwith
unique chemical properties, or are present in large concentrations in sludge, that make it theoretically possible for
them to enter human and ecological food-chains from biosolids-amended soil.
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1. Introduction

The land application of biosolids (treated sewage sludge) is the
option favoured internationally for sludge management as it
contributes positively to recycling nutrients, soil properties and
fertility (CEC, 1986; CEC, 1991; US EPA, 1993; European Commission,
2010). Land application of biosolids is also likely to become an
increasingly essential aspect of sustainable nutrient management as
phosphorus resources become depleted (Steen, 1998).

Modern society depends on a large range of organic chemicals and
these may ultimately enter urban wastewater. Degradation and
attenuation during wastewater and sludge treatment remove signif-
icant amounts of organic contaminants (OCs). However, many OCs
have lipophilic properties and hence transfer to sewages sludge and
may be present in residual concentrations ranging from bng kg−1 to %
values in the dry solids depending on the initial amounts present,
their lipophilicity and the extent of destruction during wastewater
and sludge treatment.

Over the past thirty years a significant volume of research has been
completed on this topic. Particular attention has been given to selected
priority groups of persistent organic pollutants (POPs) such as
chlorinated dioxins/furans (PCDD/Fs), polychlorinated biphenyls
(PCBs) and polycyclic aromatic hydrocarbons (PAHs) (Wild et al.,
1991; Alcock et al., 1996; Stevens et al., 2001). The body of published
work on OCs in sludge covers: organochlorine pesticides (McIntyre
and Lester, 1984; Clarke et al., 2010), PCBs (Alcock and Jones, 1993;
Wilson et al., 1997), dioxin-like compounds (Sewart et al., 1995;
Stevens et al., 2001; Clarke et al., 2008a); and more recently:
chlorinated napthalenes (PCNs), PAHs, polychlorinated alkanes
(PCAs), synthetic musks (Stevens et al., 2003), oestrogens (Gomes et
al., 2009), organotin compounds (Voulvoulis et al., 2004; Voulvoulis
and Lester, 2006) and nonyl phenol (NP) (Sjöström et al., 2008). The
concentrations of ‘traditional’ POPs (eg PAHs, PCBs, PCDD/Fs) in sludge
have declined substantially due to effective source control (Wild et al.,
1990; Clarke et al., 2008a, 2010).

The ‘traditional’ POPswere considered as a risk to human health and
the environment from biosolids land application due to their persis-
tence, potential to bioaccumulate up foodwebs and toxicity (Chaney et
al., 1996). However, hydrophobic non-ionic OCs are tightly sorbed to
sludge and soil organic matter, thus reducing their bioavailablility to

microorganisms and for plant uptake, but this characteristic also
increases their persistence in soil (Alexander, 2000). Risk assessments
also found that entry into the human foodchain resulting from biosolids
land applicationwas negligible because plant uptake is minimal (Briggs
et al., 1982; O'Connor et al., 1990; Hundal et al., 2008), the strong
sorption to the soil matrix prevents groundwater contamination
(Wilson et al., 1996),while restrictions on surface application to pasture
for grazing and the promotion of biosolids incorporation reduces the
likelihood of OC accumulation by grazing animals. The assimilation of
the available international research through risk assessment in the
majority of studies concludes that the OCs examined do not pose a risk
to human health when land applying biosolids (Dean and Suess, 1985;
Jackson and Eduljee, 1994; Wild et al., 1994; Chaney et al., 1996;
Schowanek et al., 2004; Eriksen et al., 2009). Nevertheless, it is
recognised that continued vigilance is required to monitor and
determine the significance and implications of ‘emerging’ OCs for the
land application of biosolids.

The aim of this review is to identify research and monitoring
priorities for ‘emerging’ OCs in biosolids, and particularly identify
chemicals that may be potentially significant for agricultural use of
biosolids, requiring further assessment and investigation. A list of
compounds was selected and the available published information for
these chemicals was critically examined and reviewed. The OCs were
selected for evaluation on the basis that they exhibited one or more of
the following properties: environmental persistence, bioaccumula-
tion, toxicity or endocrine disruption. Research and monitoring
priorities for the ‘emerging’ OCs considered have been evaluated
using a matrix assessment approach to rank the chemicals of concern.
The assessment of OCs was based on the following criteria:

• persistence of the OC in soil;
• potential risks to the human foodchain from biosolids land
application;

• evidence of bioaccumulation in ecological receptors;
• evidence of ecotoxicity;
• the extent, quality and consistency of the research conducted.

The OCs selected for review were:

• antibiotics and pharmaceuticals
• benzothiazoles
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• bisphenol A
• organotins (OTs)
• polybrominated diphenyl ethers (PBDEs)
• polychlorinated alkanes (PCAs)
• polychlorinated naphthalenes (PCNs)
• polydimethylsiloxanes (PDMSs)
• perfluorochemicals (PFCs)
• phthalate acid esters (PAEs)
• quaternary ammonium compounds (QACs)
• steroids
• synthetics musks
• triclosan (TCS) and triclocarban (TCC).

Chemical properties and structure of the selected compounds or
class of compound are described in Table 1.

2. Review of emerging organic contaminants

2.1. Antibiotics and pharmaceuticals

The main transfer pathway for antibiotics and pharmaceuticals
used in human medicine to enter the environment is via wastewater
treatment plants (WWTPs). Antibiotics have been detected in sewage
effluents (Golet et al., 2002), ground and river water (Hirsch et al.,
1999; Golet et al., 2001; Kolpin et al., 2002), sewage sludge (Gobel et
al., 2005), as well as soil and manure (due to veterinary use) (Golet et
al., 2003). Studies on the fate of antibiotics and pharmaceuticals in
wastewater, surface water and biosolids are primarily motivated by
the question of whether antibiotics in the environment may
contribute to the spread of antibiotic resistant bacterial pathogens
(McArdell et al., 2003). However, concern regarding antibiotics and
pharmaceuticals is also driven by understanding the ecological conse-
quences of widespread environmental contamination and the possi-
ble entry of pharmaceuticals into the human foodchain (Daughton
and Ternes, 1999; Thiele-Bruhn, 2003).

The chemical properties of antibiotics and pharmaceuticals can
vary widely, however many contain a non-polar core with a polar
functional moiety (Thiele-Bruhn, 2003). The varying chemical
properties will influence the behaviour of the chemical through
wastewater treatment as well as the mobility, persistence and
bioavailability in the soil matrix. Antibiotics can be categorised into
the following groups:

• fluoroquinolone (FQ)
• sulfonamide (SA)
• penicillin (PE)
• cephalosporin (CE)
• nitroimidazole (NI)
• tetracycline (TC)
• macrolide (MA)

In a study of antibiotics in Swedish WWTP, the most commonly
detected antibiotics were: norfloxacin, ofloxacin, ciprofloxacin,
trimethoprim, sulfamethoozole and doxycycline. Norfloxacin, oflox-
acin, ciprofloxacin and doxycycline were the main antibiotics
detected in sludge at the low mg kg−1 dry weight (dw) range
(Lindberg et al., 2005). A mass balance study indicated that these
chemicals passed unchanged through the WWTP and concentrations
could be predicted based upon consumption and use data (Lindberg et
al., 2005). Similar concentrations (lowmg kg−1 dw) were reported in
a Swiss study that detected ciprofloxacin and norfloxacin in sewage
sludge (Golet et al., 2002). These compounds were also measured in
biosolids-amended soil 21 months after application in the μg kg−1 dw
range (Golet et al., 2003). The longer environmental persistence of
antibiotics in biosolids-amended soil is apparently in contrast to
aquatic environments, where degradation occurs in a matter of days
(Andreozzi et al., 2003), and could be explained by increased sorption

to the sludge/soil matrix reducing bioavailability for microbial
biodegradation (Alexander, 2000; Drillia et al., 2005; Williams and
Adamsen, 2006). Greenhouse plant uptake experiments have dem-
onstrated that certain compounds, such as carbamazepine and
sulfamethazine, can be translocated from the soil matrix and into
the aerial plant components (Dolliver et al., 2007; Winker et al.,
2010). However, the risk of human exposure via this pathway is
considered low and unlikely to exceed acceptable daily intakes
(Thiele-Bruhn, 2003; Boxall et al., 2006).

A recent Norwegian risk assessment (Eriksen et al., 2009) screened
pharmaceutical compounds in sludge against consumption, estimated
mass entering WWTP, human metabolism, biodegradation and
behaviour in WWTP. Of the 1400 pharmaceutical compounds
currently prescribed in Norway and screened in the risk assessment,
only 14 were identified for further detailed investigation. The
predicted environmental concentration (PEC) and the predicted no-
effect environmental concentration (PNEC) of these compounds are
presented in Table 2. The concentrations of drug substances in
agricultural soils amended with biosolids were estimated to be
b1 mg kg−1 dw and were significantly below the estimated soil PNEC
values. The overall conclusion was that drug substances in sewage
sludge constitute a low risk to the soil compartment (Eriksen et al.,
2009).

A survey of US biosolids found that, for 72 pharmaceuticals, two (viz.
ciprofloxacin, diphenhydramine) were found in all samples (n=84)
and eight were found in at least 80 of the biosolids samples analysed.
However, 15 pharmaceuticals were not found in any sample and 29
were present in fewer than three samples (US EPA, 2009). Many of the
compounds identified as priorities in the Norwegian biosolids risk
assessment were not included for analysis in the US biosolids survey.
However,maximumconcentrationsof tetracycline (range: 0.04–5.3 and
mean: 1.3 mg kg−1 dw) and ciprofloxacin (range: 0.08–41.0 andmean:
10.5 mg kg−1 dw)measured in the US survey (Table 3) were 12 and 24
times larger, respectively, than the amounts estimated in sludge for risk
assessmentby Eriksen et al. (2009). Nevertheless, applying these factors
to the Norwegian soilPEC for the drug compounds (Eriksen et al., 2009)
still results in a value that is well below the estimated soilPNEC.

The potential implications for human health of increased antibiotic
resistance in soil bacteria are clearly amatter of concern (Nwosu, 2001).
A large variety of soil-borne saprophytes including actinomycetes, fungi
and bacteria are capable of synthesizing antibiotics and resistance
develops in soil microbial communities to overcome the effects of
natural microbial antibiotics released into the soil. However, antibiotic
resistance levels may rise due to inputs of anthropogenic sources (eg
antibiotics in wastes from intensively reared livestock for instance).
These are apparently short-lived and return to the background level
once the selection pressure has been removed, through biodegradation
of the antibiotic, as there is no competitive advantage in maintaining
this characteristic, which is subsequently lost from the soil microbial
community (Sengeløv et al., 2003;Rysz andAlvarez, 2004). ThePanel on
Contaminants in the Norwegian Scientific Committee for Food Safety
(Eriksen et al., 2009) noted the fluoroquinolone antibiotic drug,
ciprofloxacin, could potentially lead to the development of antibacterial
resistance, due to its persistence and limited mobility in soil. However,
the risk assessment of biosolids application to agricultural land
indicated that it was unlikely that antibacterial resistance would be
promoted in treated effluent from WWTP, sewage sludge or amended
soil (Eriksen et al., 2009).

2.2. Benzothiazoles

The German Government has proposed limit values in biosolids for
two rubber vulcanising agents: 2-mercaptobenzothiazole (MBTthiazole)
and 2-hydroxybenzothiazole (OBT) (BMU, 2007). These chemicals,
referred to as accelerators, are used for the polymerisation of sulphur
with rubber (vulcanisation). They have been detected in wastewater in
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Table 1
Chemical structure and properties of ‘emerging’ organic contaminants.

Compound Chemical structure Chemical properties

Benzothiazoles
2-Mercaptobenzothiazole (MBTthiazole) CAS No: 149-30-4

Formula: C7H5NS2
Log KOW: 2.42
Vp: b0.0014 Pa (25 °C)
Half-life (soil): unknown
(US EPA, 1984)

2-Hydroxybenzothiazole (OBT) CAS No: 934-34-9
Formula: C7H5NOS
Log KOW: 1.76
Vp: 466 (25 °C)
Half life (soil): unknown
(Reddy and Quinn, 1997)

Bisphenol A CAS No: 56-35-9
Formula: C15H16O2

Log KOW: 3.40
Vp: 1.15×10−5-0.005 Pa (20 °C)
Half life (soil): days
Staples et al. (1998);
Oehlmann et al. (2008)

Organotin compounds
Tributyltin (TBT) oxide CAS No: 56-35-9

Formula: C24H54OSn2

Log KOW: 3.19–3.84
Vp: 1×10−3 Pa (20 °C)
Half life (soil): 70 days
IPCS (1990)

Phthalate acid esters
Di (2-ethylhexyl) phthalate CAS No: 84-74-2

Formula: C16H22O4

Log KOW: 4.31–4.79
Vp: 0.01 Pa (25 °C)
Half life (soil): 23–100 days
IPCS (1992)

Polybrominated diphenyl ethers (PBDEs) CAS No: varied
Formula: C12H(10−x,y)Brx,yO
Log KOW: 4.28–9.9
Vp: 3.85–13.3 Pa (20–25 °C)
Half life (soil): 4–20 years
IPCS (1994); Sellstrom et al. (2005);
Eljarrat et al. (2008)

Polychlorinated alkanes (PCAs) Numerous isomers with varying
degrees of chlorine substitution.

CAS No: varied
Formula: CxH(2x+2)−yCly

Short-chain PCAs–C10–13 Log KOW: varied
Medium-chain PCAs–C14–17 Vp: varied
Long-chain PCAs–C18–30 Half life (soil): unknown

Polychlorinated naphthalenes (PCNs) CAS No: varied
Formula: C12H(8− x,y)Clx,y
Log KOW: 6.42–10.11
Vp: 3×10−11–4.2×10−9 Pa
Half life (soil): unknown/persistent
IPCS (2001)

Polydimethylsiloxanes (PDMSs) CAS No: varied
Formula: Me3SiO(SiMe2O)nSiMe3;
n varies between 100 and N10,000
Log KOW: non-polar
Vp: variable
Half life (soil): 2–28 days
Griessbach and Lehmann (1999)

(continued on next page)
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Table 1 (continued)

Compound Chemical structure Chemical properties

Perfluorochemicals
Perfluorooctane sulphonate (PFOS) CAS No: no specific number

Formula: C8F17SO3
−

Log KOW: cannot be determined
Vp: 3.31×10−4 Pa (20 °C)
Half life (soil): unknown/persistent
OECD (2002)

Perfluorooctanoic acid (PFOA) CAS No: 335-67-1
Formula: C7F15COOH
Log KOW: unknown
Vp: unknown
Half life (soil): unknown/persistent

Quaternary ammonium compounds (QACs) Generalised structure of QACs. High variation
in substitution and therefore, chemical
properties
IPCS (1999)

R1-4 represent alkyl or aryl substituents

Steroids
17 α-ethinyloestradiol CAS No: 57-63-6

Formula: C20H24O2

Log KOW: 3.67
Vp: 6.0×10−9 Pa
Half life (soil): a few days
Ternes et al. (2002); Lai et al. (2002)

17 β-Oestradiol CAS No: 50-28-2
Formula: C18H24O2

Log KOW: 4.01
Vp: 3.0×10−8 Pa
Half life (soil): a few days
Ternes et al. (2002); Lai et al. (2002)

Oestriol CAS No: 5864-38-0
Formula: C18H24O2

Log KOW: 2.81
Vp: 9.0×10−13 Pa
Half life (soil): a few days
Ternes et al. (2002); Lai et al. (2002)

Oestrone CAS No: 53-16-7
Formula: C18H22O2

Log KOW: 3.13
Vp: 3.0×10−8 Pa
Half life (soil): a few days
Ternes et al. (2002); Lai et al. (2002)
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the low ng L−1 range (Kloepfer et al., 2004). Degradation rates are
reported in days and there are contradictory studies claiming that the
dominant removal mechanisms involved are biological (de Wever and
Verachtert, 1997) or chemical (Gaja and Knapp, 1998). These compounds
have a degree of aquatic toxicity and have also been employed as
fungicide, herbicide and anti-algal agents (de Wever and Verachtert,
1997). Not only are there no studies reporting the concentrations of
MBTthiazole or OBT in sludge, but there also few studies reporting their
environmental distribution (Spies et al., 1987). Only once empirical

measurements of MBTthiazole and OBT in sewage sludge have been
completedwill it be possible to assesswhether these chemicals pose a risk
to human health and/or the environment when land applying biosolids.

2.3. Bisphenol A

Bisphenol A (2,2-Bis-(4-hydroxyphenyl)propane) is a plasticiser
manufactured in high quantities and is used as a monomer for the
production of polycarbonate and epoxy resins, unsaturated polyester-

Table 2
Risk assessment evaluation concentrations (mg kg−1 dw) of selected pharmaceutical compounds in sludge-amended soil (Eriksen et al., 2009).

Therapeutical group Drug substance Predicted environmental concentration (PEC) Predicted no-effect
concentration (PNEC)

Agricultural soil (60 t ha−1) Park areas

Alimentary tract and metabolism Mesalazin 0.98 6.70 12
Ranitidin 0.04 0.30 5277

Blood and blood forming organs Dipyridamole 0.03 0.17 –

Cardiovascular system Sotalol 0.02 0.15 4095
Metoprolol 0.02 0.13 589
Losartan 0.03 0.23 –

Atorvastatin 0.05 0.34 11
Antibacterial drugs Tetracycline 0.01 0.08 8.8

Ciprofloxacin 0.04 0.29 26
Muscular–skeletal system Carisoprodol 0.10 0.68 24368
Nervous system Gabapentin 0.06 0.39 20460

Levetiracetam 0.02 0.12 –

Chlorprothixene 0.02 0.16 –

Respiratory organs Fexofenadine 0.03 0.17 –

Table 1 (continued)

Compound Chemical structure Chemical properties

Synthetic musks

AHTN (Tonalide™) CAS No: 1506-02-1
Formula: C18H26O
Log KOW: 5.7
Vp: 0.0682 Pa
Half life (soil): 180 days
Balk and Ford (1999a)

HHCB (Galaxolide™) CAS No: 1222-05-5
Formula: C18H26O
Log KOW: 5.9
Vp: 0.0727 Pa
Half life (soil): 180 days
Balk and Ford (1999a)

Triclosan (TCS) CAS No: 3380-34-5
Formula: C12H7Cl3O2

Log KOW: 4.8
Vp: 0.00069 Pa (25 °C)
Half life (soil): 266 days
NICNAS (2008); Topp et al. (2008)

Triclocarban (TCC) CAS No: 101-20-2
Formula: C13H9Cl3N2O
Log KOW: 3.5–4.2 (22.6 °C)
Vp: b100 Pa
Half life (soil): unknown
EC (2005); Snyder et al. (2010)
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Table 3
Concentrations (mg kg−1 dw) of ‘emerging’ organic contaminants in sewage sludge/biosolids.

Contaminant Country Year n Mean Min Max Reference

Antibiotics and pharmaceuticals
4-Epitetracylcine USA 2009 84 1.14 0.04 4.38 US EPA (2009)
Azithromycin USA 2009 84 0.83 0.008 5.21 US EPA (2009)
Carbamazepine USA 2009 84 0.14 0.009 6.03 US EPA (2009)
Cimetidine USA 2009 84 1.33 0.004 8.33 US EPA (2009)
Ciprofloxacin Germany 2002 2 2.35 2.27 2.42 Golet et al. (2002)

Sweden 2005 10 2.5 0.5 4.8 Lindberg et al. (2005)
USA 2009 84 10.5 0.075 40.8 US EPA (2009)

Diphenhydramine USA 2009 84 0.871 0.037 5.73 US EPA (2009)
Doxycycline Sweden 2005 10 1.4 bdl 1.5 Lindberg et al. (2005)

USA 2009 84 0.877 0.034 5.09 US EPA (2009)
Erthromycin (Total) USA 2009 84 0.036 0.002 0.18 US EPA (2009)
Fluoxetine USA 2009 84 0.245 0.010 3.13 US EPA (2009)
Miconazole USA 2009 84 1.239 0.007 9.21 US EPA (2009)
Norfloxacin Germany 2002 2 2.25 2.13 2.37 Golet et al. (2002)

Sweden 2005 10 1.51 0.1 4.2 Lindberg et al. (2005)
Ofloxacin Sweden 2005 10 0.73 b0.1 2.0 Lindberg et al. (2005)

USA 2009 84 8.573 0.025 58.10 US EPA (2009)
Tetracycline USA 2009 84 1.278 0.038 5.27 US EPA (2009)

Bisphenol A
Germany 2002 38 * 0.004 1.363 Fromme et al. (2002)
Germany 2002 18 * ∼40 ∼325 Meesters and Schroder (2002)
Australia 2007 4 0.089 0.004 0.158 Tan et al. (2007)
Greece 2007 1 0.62 * * Gatidou et al. (2007)
Greece 2008 1 0.03 * * Pothitou and Voutsa (2008)
Greece 2008 27 0.53 b0.56 1.75 Stasinakis et al. (2008)
China 2009 2 0.11 0.10 0.13 Nie et al. (2009)
Overall 91 0.28 0.004 ∼325

Organotins
Monobutyltin (MBTtin) Switzerland 1987 4 3.3 0.2 6 Mueller (1987)

Switzerland 1991 3 0.78 0.10 0.97 Fent et al. (1991)
Canada 1992 36 0.02 * * Chau et al. (1992)
Switzerland 1996 25 0.5 * * Fent (1996b)
France 2000 1 0.24 * * Bancon-Montigny et al. (2000)
UK 2004 40 0.71 * * Voulvoulis et al. (2004)
Overall 109 0.93 0.10 6

Dibutyltin (DBT) Switzerland 1987 4 5 0.7 7.5 Mueller (1987)
Switzerland 1987 4 0.98 0.41 1.24 Fent et al. (1991)
Canada 1991 3 0.04 * * Chau et al. (1992)
Switzerland 1992 36 1.5 * * Fent (1996b)
France 1996 25 0.08 * * Bancon-Montigny et al. (2000)
UK 2004 40 0.06 * * Voulvoulis et al. (2004)
Overall 112 1.28 0.41 7.5

Tributyltin (TBT) Switzerland 1987 4 3.5 0.3 6 Mueller (1987)
Switzerland 1991 3 0.99 0.28 1.51 Fent et al. (1991)
Canada 1992 36 0.1 * * Chau et al. (1992)
Switzerland 1996 25 1.1 * * Fent (1996b)
France 2000 1 0.05 * * Bancon-Montigny et al. (2000)
Switzerland 2004 24 0.15 0.02 0.65 Plagellat et al. (2004)
UK 2004 40 0.13 * * Voulvoulis et al. (2004)
Overall 133 0.86 0.02 6

Triphenyltin (TPhT) Switzerland 1987 4 2.3 b0.02 9 Mueller (1987)
Canada 1991 36 0.3 * * Chau et al. (1992)
Switzerland 1992 25 0.5 * * Fent (1996b)
France 1996 1 0.01 * * Bancon-Montigny et al. (2000)
Switzerland 2000 24 0.02 bdl 0.28 Plagellat et al. (2004)
Overall 90 0.63 b0.02 9

Phthalate acid esters (PAEs)
DEHP Canada 1989 6 65 3 176 Webber and Lesage (1989)

Germany 2002 15 ∼67 ∼28 ∼154 Fromme et al. (2002)
Canada 2003 20 2.7 b0.02 11 Bright and Healey (2003)
Finland 2003 13 95 28 122 Marttinen et al. (2003a)
Spain 2005 134 67 2 3514 Abad et al. (2005)
UK 2005 1 62 * * Gibson et al. (2005)
UK 2005 * 30 * * Oliver et al. (2005)
Denmark 2007 * 67 61 78 Roslev et al. (2007)
Australia 2007 5 11.2 0.26 45.1 Tan et al. (2007)
Australia 2008 14 17 2 44 Clarke et al. (2008b)
France 2009 10 72.1 * * Dargnat et al. (2009)
Spain 2009 4 159 13 345 Aparicio et al. (2009)
USA 2009 84 53 bdl 310 US EPA (2009)
Overall 306 58 b0.02 3514
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Table 3 (continued)

Contaminant Country Year n Mean Min Max Reference

Polybrominated diphenyl ethers (PBDEs)
BDE47 Sweden 1992 2 0.015 0.015 0.015 Nylund et al. (1992)

Sweden 1999 3 0.065 0.036 0.080 Sellstrom et al. (1999)
USA 2001 11 0.568 0.359 0.754 Hale et al. (2001)
Netherlands 2003 3 0.020 0.010 0.040 de Boer et al. (2003)
Spain 2004 6 0.037 0.002 0.050 Fabrellas et al. (2004)
Germany 2004 8 0.047 0.025 0.088 Hamm (2004)
USA 2004 1 0.757 * * (North, 2004)
Sweden 2006 50 0.049 0.007 0.100 Law et al. (2006)
Germany 2007 19 0.052 0.020 0.115 Knoth et al. (2007)
China 2007 31 0.005 0.0004 0.059 Wang et al. (2007)
Australia 2008 16 0.126 b0.001 0.410 Clarke et al. (2008c)
Kuwait 2008 21 0.002 0.0002 0.008 Gevao et al. (2008)
Antarctica 2008 2 0.776 0.132 1.420 Hale et al. (2008)
USA 2009 84 0.709 0.073 5.000 US EPA (2009)
USA 2010 15 0.161 0.128 0.238 Andrade et al. (2010)
Overall 272 0.226 0.0002 5.000

BDE99 Sweden 1992 2 0.019 0.019 0.019 Nylund et al. (1992)
Sweden 1999 3 0.085 0.056 0.100 Sellstrom et al. (1999)
USA 2001 11 0.661 0.391 1.157 Hale et al. (2001)
Netherlands 2003 3 0.021 0.011 0.038 de Boer et al. (2003)
Spain 2004 6 0.037 0.023 0.064 Fabrellas et al. (2004)
Germany 2004 8 0.070 0.037 0.127 Hamm (2004)
USA 2004 1 0.940 * * North (2004)
Sweden 2006 50 0.060 0.008 0.150 Law et al. (2006)
Germany 2007 39 0.057 0.024 0.124 Knoth et al. (2007)
China 2007 31 0.005 0.003 0.068 Wang et al. (2007)
Australia 2008 14 0.141 0.0004 0.400 Clarke et al. (2008c)
Kuwait 2008 21 0.005 0.0004 0.015 Gevao et al. (2008)
Antarctica 2008 2 0.735 0.200 1.270 Hale et al. (2008)
USA 2009 84 0.716 0.064 4.000 US EPA (2009)
USA 2010 15 0.169 0.128 0.245 Andrade et al. (2010)
Overall 290 0.248 0.0004 4.000

BDE209 Sweden 1999 3 0.220 0.170 0.270 Sellstrom et al. (1999)
USA 2001 11 1.370 0.085 4.890 Hale et al. (2001)
Netherlands 2003 3 0.096 0.009 0.190 de Boer et al. (2003)
Spain 2004 6 5.968 0.756 18.632 Fabrellas et al. (2004)
Germany 2004 8 0.326 0.100 0.639 Hamm (2004)
USA 2004 1 1.183 * * North (2004)
Sweden 2006 50 0.120 0.006 1.000 Law et al. (2006)
Germany 2007 39 0.442 0.113 1.339 Knoth et al. (2007)
China 2007 31 0.069 b0.001 1.109 Wang et al. (2007)
Australia 2008 14 0.705 0.003 3.780 Clarke et al. (2008c)
Kuwait 2008 21 0.182 0.005 1.596 Gevao et al. (2008)
Antarctica 2008 2 0.770 0.219 1.320 Hale et al. (2008)
USA 2009 84 2.180 0.150 17.000 US EPA (2009)
USA 2010 15 0.920 0.792 1.220 Andrade et al. (2010)
Overall 288 1.039 0.003 18.632

ΣPBDEs USA 2004 1 3.381 * * North (2004)
Germany 2007 39 0.555 0.142 2.491 Knoth et al. (2007)
China 2007 31 0.094 0.005 1.115 Wang et al. (2007)
Australia 2008 14 1.137 0.005 4.230 Clarke et al. (2008c)
Kuwait 2008 21 0.191 0.006 1.600 Gevao et al. (2008)
Antarctica 2008 2 2.664 0.637 4.690 Hale et al. (2008)
USA 2010 15 1.496 1.330 1.820 Andrade et al. (2010)
Overall 123 1.360 0.005 4.690

Polychlorinated alkanes (PCAs)
sPCA Germany 1995 2 56 47 65 Rieger and Ballschmiter (1995)

UK 2003 14 42 7 200 Stevens et al. (2003)
Overall 16 49 7 200

mPCA UK 2001 9 19.6 1.8 93 Nicholls et al. (2001)
UK 2003 14 1800 30 9700 Stevens et al. (2003)
Overall 23 910 1.8 9700

Polychlorinated napthalenes (PCNs)
Sweden 1992 2 0.005 0.003 0.006 Nylund et al. (1992)
UK 2003 14 0.083 0.050 0.190 Stevens et al. (2003)
China 2008 8 * 0.001 0.028 Guo et al. (2008)
Overall 24 0.044 0.001 0.190

Polydimethylsiloxanes (PDMSs)
Japan 1984 1 144 * * Watanabe et al. (1984)
USA 1997 12 1120 122 5155 Fendinger et al. (1997)
Overall 13 632 122 5155
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Table 3 (continued)

Contaminant Country Year n Mean Min Max Reference

Perfluorochemicals
PFOS USA 2001 12 0.58 0.06 3.12 3M Environmental Laboratory (2001)

USA 2006 * 0.100 0.081 0.160 Schultz et al. (2006)
USA 2006 10 0.031 b0.010 0.065 Sinclair and Kannan (2006)
USA 2007 8 0.073 0.008 0.110 Loganathan et al. (2007)
Denmark 2008 7 * 0.005 0.074 Bossi et al. (2008)
Overall 37 0.196 0.005 3.12

PFOA USA 2001 5 0.049 0.002 0.244 3M Environmental Laboratory (2001)
USA 2006 * b0.003 * * Schultz et al. (2006)
USA 2006 10 0.107 0.018 0.241 Sinclair and Kannan (2006)
USA 2007 8 0.068 0.0083 0.219 Loganathan et al. (2007)
Denmark 2008 7 * 0.001 0.020 Bossi et al. (2008)
Overall 30 0.075 0.001 0.244

Quaternary ammonium compounds (QACs)
DTDMAC Switzerland 1991 5 3670 2570 5870 Fernandez et al. (1996)

Switzerland 1992 5 960 730 1510 Fernandez et al. (1996)
Switzerland 1993 5 470 300 570 Fernandez et al. (1996)
Switzerland 1994 5 210 150 300 Fernandez et al. (1996)

Total QACs Austria 2007 6 * 22 103 MartÌnez-Carballo et al. (2007)
Overall 26 1328 22 5870

Steroids
Beta stigmastanol USA 2009 84 168 3.44 1330 US EPA (2009)
Campesterol USA 2009 84 101 2.84 524 US EPA (2009)
Cholestanol USA 2009 84 680 3.86 4590 US EPA (2009)
Cholesterol USA 2009 84 1129 2.34 5390 US EPA (2009)
Coprostanol USA 2009 84 4367 7.72 43700 US EPA (2009)
Epicoprostanol USA 2009 84 1703 0.87 6030 US EPA (2009)
Stigmasterol USA 2009 84 321 0.46 569 US EPA (2009)
17α-Ethinyloestradiol Germany 2002 4 0.005 b0.004 0.017 Ternes et al. (2002)

China 2009 2 * bdl bdl Nie et al. (2009)
USA 2009 84 * bdl 0.355 US EPA (2009)

17β-Oestradiol Germany 2002 4 0.020 0.005 0.049 Ternes et al. (2002)
China 2009 2 * bdl bdl Nie et al. (2009)
USA 2009 84 * bdl 0.355 US EPA (2009)

Oestriol China 2009 2 0.010 0.010 0.011 Nie et al. (2009)
USA 2009 84 * bdl 0.232 US EPA (2009)

Oestrone Germany 2002 4 0.027 b0.002 0.037 Ternes et al. (2002)
China 2009 2 0.016 0.011 0.022 Nie et al. (2009)
USA 2009 84 * bdl 0.965 US EPA (2009)

Synthetic musks
AHTN (tonalid) Switzerland 2000 12 1.54 0.74 4.16 Herren and Berset (2000)

Germany 2002 4 3.56 2.52 5.07 Heberer (2002)
Spain 2003 1 0.052 Llompart et al. (2003)
UK 2003 14 4.7 0.12 16 Stevens et al. (2003)
Switzerland 2004 16 7.3 2.5 11.2 Kupper et al. (2004)
China 2005 3 2.56 0.72 6.20 Zeng et al. (2005)
Hong Kong 2008 30 5.85 0.475 13.9 Shek et al. (2008)
Overall 80 3.65 0.12 16

HHCB (galaxolide) Switzerland 2000 12 4.85 2.29 12.16 Herren and Berset (2000)
Germany 2002 4 8.26 6.03 11.45 Heberer (2002)
Spain 2003 1 0.162 Llompart et al. (2003)
UK 2003 14 27 1.9 81 Stevens et al. (2003)
Switzerland 2004 16 20.3 7.4 36.0 Kupper et al. (2004)
China 2005 3 10.76 5.42 21.21 Zeng et al. (2005)
Hong Kong 2008 30 27.1 3.58 78.6 Shek et al. (2008)
Overall 80 14.06 1.9 81

Triclosan
USA 2002 10 4.55 0.53 15.6 McAvoy et al. (2002)
Germany 2003 20 * 0.40 8.80 Bester (2003)
Spain 2005 7 2.83 0.42 5.40 Morales et al. (2005)
Canada 2007 12 3.21 0.62 11.55 Chu and Metcalfe (2007)
Australia 2007 19 5.58 0.09 16.79 Ying and Kookana (2007)
Greece 2007 1 1.84 * * Gatidou et al. (2007)
Greece 2008 5 0.46 * * Pothitou and Voutsa (2008)
Greece 2008 27 3.21 0.19 9.85 Stasinakis et al. (2008)
USA 2009 4 1.87 0.09 7.06 Cha and Cupples (2009)
USA 2009 84 16.10 0.33 133 US EPA (2009)
Overall 189 4.41 0.09 133

Triclocarban
USA 2006 3 51 * * Heidler et al. (2006)
Canada 2007 12 4.17 2.17 5.97 Chu and Metcalfe (2007)
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styrene resins and flame retardants (Staples et al., 1998). The final
products are used as coatings on cans, as powder paints, as additives
in thermal paper, in dental fillings and as antioxidants in plastics
(Staples et al., 1998). Release into the environment is possible during
manufacturing processes and by leaching from final products
(Fromme et al., 2002). Bisphenol A has been shown to be weakly
oestrogenic and to possess some anti-androgenic activity (Sohoni and
Sumpter, 1998). However, the relative potency ranges are approxi-
mately 1×10−6 to 5×10−7 times less than 17β-oestradiol (Harris et
al., 1997). Based on in vitro receptor-interaction studies, the
oestrogenic activity was estimated to be 2×10−3 fold lower than
for oestradiol. Bisphenol A has been implicated as an endocrine
disrupting chemical and laboratory studies (using mice) indicate that
development problems can be associated with environmentally
relevant exposure (Newbold et al., 2009). The chemical structure of
bisphenol A is given in Table 1.

Bisphenol A is regularly detected in surface waters primarily
because it is continuously released into the environment (Heemken et
al., 2001; Fromme et al., 2002; Oehlmann et al., 2008) and not because
it is environmentally persistent (Dorn et al., 1987). While there is no
direct evidence to confirm a detrimental causal link from exposure to
bisphenol A (human or environmental) concern exists about this
compound due to reports of adverse reproductive and developmental
effects in wildlife that are possibly mediated via endocrine disruptive
pathways (Fürhacker et al., 2000; Vandenberg et al., 2007; Oehlmann
et al., 2008; Newbold et al., 2009).

Bisphenol A is widely used in households and industry, therefore,
it can be expected to be present in raw sewage (Fürhacker et al.,
2000). A German study identified that the paper industry was the
major contributor of bisphenol A in wastewater (Fürhacker et al.,
2000). WWTP mass balance studies have detected bisphenol A in raw
water, sewage sludge and effluents (Meesters and Schroder, 2002).
Significant reductions (up to 99%) during wastewater treatment have
been reported (Fürhacker et al., 2000; Tan et al., 2007) and
biodegradation is thought to be the principal removal mechanism
(Pothitou and Voutsa, 2008).

There is a large variation in reported bisphenol A concentrations in
sludges internationally, with values ranging from low μg kg−1 dw
(Fromme et al., 2002; Gatidou et al., 2007; Tan et al., 2007; Pothitou
and Voutsa, 2008; Nie et al., 2009) to mid mg kg−1 dw (Meesters and
Schroder, 2002). Bisphenol A is a bulk chemical manufactured in
similar quantities to phthalates acid esters (PAEs), however,
concentrations of bisphenol A are two orders of magnitude smaller
in sludge than PAEs. This suggests that bisphenol A is considerably
more degradable during wastewater and sludge treatment com-
pared to phthalates. Similarly, bisphenol A is reported to rapidly
dissipate in soil and has an estimated half-life of b3 days (Fent et al.,
2003). A study of the toxic effects of bisphenol A to soil isopods has been
reported, however, the concentrations used (10–300 mg kg−1 dw)
were far higher than environmentally relevant values and the toxicity
was associated with the delivery solvent rather than bisphenol A solely
(Lemos et al., 2009). Few studies have examined the ecotoxicological
effects of bisphenol A in soil and this requires further attention. Studies
are also required to more accurately determine the concentrations of
bisphenol A in sludge. Nevertheless, the concentrations of bisphenol A
reported in sludge are not high and, coupled with its rapid biodegra-
dation during wastewater treatment, this compound is unlikely to pose

an issue when land applying biosolids. Bisphenol A is under review for
possible identification as a European Water Framework Directive
(WFD) Priority Substance or Priority Hazardous Substance (PHS) to
control emission sources (EPCEU, 2008). While evidence is indicating
that bisphenol A is an endocrine disrupting chemical (Li et al., 2009;
Newbold et al., 2009) that can be found in the human body (Lee et al.,
2008), exposure primarily occurs in the domestic environment and via
direct ingestion (Vandenberg et al., 2007). Transfer to humans from
biosolids-amended soil, by contrast, is extremely unlikely since there is
little evidence that bisphenol A is environmentally persistent or
bioaccumulates via food-chain mediated pathways.

2.4. Organotins (OTs)

Organotin compounds (OTs) have been used since the 1960s for
industrial and agricultural purposes viz., polyvinyl chloride (PVC)
stabilisers, fungicides, bactericides, insecticides, industrial catalysts and
wood preservatives (Hoch, 2001). This includes the use of monobutyltin
(MBTtin) and dibutyltin (DBT) as heat and light stabilisers in PVC
processing, the use of tributyltin (TBT) in antifouling formulations and as
a general-purpose wood preservative, as well as the use of triphenyltins
(TPhT) in agriculture. The use of TBT as an antifouling agent for ship hulls
and as a general wood preservative has ceased in the UK and
internationally because of high toxicity in aquatic ecosystems (Alzieu,
1991; Fent, 1996a; Voulvoulis et al., 2004).

Mass balances for OTs inWWTPdemonstrate that they are effectively
removed during wastewater treatment and are concentrated in the
sludge. Reported removal rates of MBTtin, DBT and TBT are 95%, 84% and
86%, respectively (Voulvoulis et al., 2004). OT concentrations in
wastewater show diurnal fluctuations, however there is no explanation
for this apparent behaviour (Voulvoulis et al., 2004).

There is contradictory evidence from laboratory studies concerning
the biodegradation of TBT and TPhT by the activated sludge process. For
example, Stasinakis et al. (2005) showed these compounds were
degraded by biological wastewater treatment, whereas Voulvoulis and
Lester (2006) found minimal degradation. In a laboratory study, 50% of
TBT and 20% of TPhT applied to soil in biosolids remained in the soil after
2 months (Marcic et al., 2006). The biodegradability of OTs in soil is also
reported to decline with increasing substitution (Heroult et al., 2008).

The concentration of OT compounds in sewage sludge (Table 3) has
been reported from Switzerland (Mueller, 1987; Fent andMueller, 1991;
Fent, 1996b), Canada (Chau et al., 1992), France (Bancon-Montigny et al.,
2000) and the UK (Voulvoulis et al., 2004; Voulvoulis and Lester, 2006).
There is no consistent trend in the concentration data, however, values
for the main OTs rarely exceed 1 mg kg−1 dw in contemporary sludge
samples, which may reflect the declining use of these compounds
(Table 3).

2.5. Phthalate acid esters (PAEs)

Phthalate acid esters (PAEs) have been in use for over 50 years,
mainly in themanufacture of resins and plastics such as PVC (Fromme et
al., 2002). PAEs are also used in other non-PVC applications such as
paints, rubber products, adhesives and some cosmetics. PAEs soften
plastic resins without chemically binding with them and as a
consequence leach from plastic products into the surrounding environ-
ment. The PAE content of plastic generally ranges from 20 to 40%, but in

Table 3 (continued)

Contaminant Country Year n Mean Min Max Reference

Triclocarban USA 2007 5 19.3 7.5 25.9 Sapkota et al. (2007)
USA 2009 4 7.19 4.89 9.28 Cha and Cupples (2009)
USA 2009 84 39.43 0.19 441 US EPA (2009)
Overall 108 24.2 0.19 441

*No data; bdl — less than detection limit.
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some cases is as high as 55% (Fatoki and Vernon, 1990). The most
common PAE is di(2-ethylhexyl)phthalate (DEHP) and approximately
95% of DEHP production is directed towards plasticizer use, particularly
in PVC products such as tubing and medical device components. The
chemical structure and properties of DEHP are given in Table 1. Recently,
use ofDEHPhasdeclined to an extent, due to concerns that itmaydisrupt
endocrine systems, and the use of other phthalate plasticizers has
increased, in particular diisononyl phthalate (DINP) and diisodecyl
phthalate (DIDP),whichmay, in fact bemore environmentally persistent
(Cadogan, 2002). There is contradictory information published regarding
the impact and significance of phthalates for human health and the
environment. A recent Chinese study found that significant contamina-
tion of the aerial components of vegetable plants occurred from a plastic
based mulch with a DEHP concentration of 16.5% (Du et al., 2009). The
results of this study appear contrary to currently accepted models of
organic pollutants movement into plants (Briggs et al., 1982; Travis and
Arms, 1988) and other experimental investigations that show there is
minimal uptake of DEHP by crop plants (Schmitzer et al., 1988; Yin et al.,
2003). Given that Du et al. (2009) report that the DEHP concentration
was smaller in the roots of the plant it is possible that volatilisation or
direct contamination might have played a significant role in the
accumulation of DEHP in leaves and stems in this case. However,
evidence from biosolids-amended systems indicates theminimal uptake
of DEHP into plants (Aranda et al., 1989). In contrast to the apparent
uptake of DEHP by vegetables from plastic in direct contact with the soil
and crop, the sorption of DEHP onto the sludge matrix may thus control
its bioavailability preventing movement and transfer into crops.
Nevertheless, further research is warranted to clarify the bioavailability
of DEHP to plants andwhether contaminationof aerial plant components
can occur from contaminated soil. There is no reported evidence that
DEHP has a negative impact upon the soil ecosystem (Kirchmann et al.,
1991; Cartwright et al., 2000; Jensen et al., 2001).

PAEs are not environmentally persistent and are readily degraded
in soils and sewage sludge under both aerobic and anaerobic
conditions (Keyser et al., 1976; Walker et al., 1984; Shanker et al.,
1985; Group, 1986; Staples et al., 1997). They are readily metabolised
and do not accumulate in mammals even when fed artificially in diets
high in PAEs (Giam et al., 1984). Organisms ingesting high doses of
PAEs were quickly able to remove phthalate compounds from their
body tissues once the chemical was excluded from the feed (Giam et
al., 1984).

Only a relatively small number of international studies were found
reporting PAE concentrations in sewage sludge. It may be expected
that PAEs would increase in sewage sludge and the environment
generally in proportion to their use within society, however, there
is no evidence indicating that this is the case. The concentration
of PAEs in sludge is reported from Canada (Webber and Lesage,
1989; Bright and Healey, 2003), Germany (Fromme et al., 2002),
Finland (Marttinen et al., 2003a,b), Spain (Abad et al., 2005), the UK
(Gibson et al., 2005; Oliver et al., 2005), Australia (Tan et al., 2007;
Clarke et al., 2008b) and the USA (US EPA, 2009). A summary of DEHP
concentration data is compiled in Table 3.

Abad et al. (2005) reported the concentration of DEHP in Spanish
sewage sludge (n=139) over a number of years and for different
WWTPs (n=20). The concentration of DEHP was highly variable
ranging from 1.5 to 3513.8 mg kg−1 dw. DEHP concentrations varied
from 18.4→16.9→76.8→3513.8→157.4→11.4 mg kg−1 dw over a
two-year period at one WWTP demonstrating the high variability in
the DEHP content of sewage sludge. Nevertheless, the DEHP
concentration was typically between 10 and 50 mg kg−1 dw (Abad
et al., 2005) and was consistent with other survey data for DEHP in
sewage sludge (Marttinen et al., 2004; Bago et al., 2005; Gibson et al.,
2005; Oliver et al., 2005).

PAEs are well known to degrade during wastewater treatment and
degradation under both aerobic and anaerobic conditions increases
withwater solubility (Shelton et al., 1984; Ziogou et al., 1989; Jianlong

et al., 2000; Fauser et al., 2003; Marttinen et al., 2004; Amir et al.,
2005). PAEs characteristically have high log Kow values N4 and
therefore partition strongly to the sewage sludge during wastewater
treatment (Table 1). They are rapidly degraded by aerobic sludge
treatment processes, such as composting (Cheng et al., 2008; Pakou et
al., 2009), but reported removals by anaerobic digestion vary from
no observed anaerobic biodegradation up to 23–61% removal of DEHP
in digested sludge (Fountoulakis et al., 2006). Consequently DEHP is
typically present in sewage sludge from the low mg kg−1 to
b200 mg kg−1 dw range (Table 3).

2.6. Polybrominated diphenyl ethers (PBDEs)

PBDEs are a class of brominated fire retardants (BFRs) that were used
in plastics, textiles, electronic circuitry, and othermaterials. There are 209
PBDE congeners and they are numbered according to the IUPAC system
for PCBs (Ballscmitter and Zell, 1980). PBDEs were sold in three
commercial formulations; each named for the prominent homologue in
the mixture viz., pentaBDE (BDE 47, 99, 100, 153, 154), octaBDE (BDE
183), anddecaBDE(BDE209) (Sjödinet al., 1998).Despite thecommercial
formulation names each contains many BDE congeners (BSEF, 2005).
PBDEs have low vapour pressures (4.69×10−5−6.59×10−6 Pa) and are
highly lipophilic (log Kow values of 5.9–10) (IPCS, 1994; Braekevelt et al.,
2003). Due to the potential threat to human health and the environment,
PBDEs (specifically pentaBDE and octaBDE)were listed as United Nations
Environment Programme (UNEP) Persistent Organic Pollutants (POPs) in
2008 (UNEP, 2001; UNEP, 2009).

Assessment of health risks associated with human exposure and
accumulation of PBDEs is complicated and has not been adequately
characterized. However, the potential risks associated with exposure
to the most bioactive congeners (tri- to octa-BDE) include thyroid
hormone disruption, neuro-developmental defects and cancer. Sev-
eral studies have shown that PBDEs share similar general properties to
organo-halogenated compounds as in vivo exposure of rodents
resulted in reduction of serum total and free thyroid hormone
(thyroxine T4) levels (Darnerud et al., 2001; McDonald, 2002).
Altered thyroid hormone function, particularly during development,
is profound and has been hypothesized to lead to disrupted brain
development and permanent neurological damage (Legler and
Brouwer, 2003).

PBDEsare routinelydetected in sewage sludge in the lowmg kg−1 dw
range (Table 3) and values have been reported from Sweden (Nylund
et al., 1992; Sellstrom et al., 1999; Law et al., 2006), USA (de Carlo, 1979;
Hale et al., 2001; North, 2004), Germany (Knoth et al., 2007), The
Netherlands (de Boer et al., 2003), China (Wang et al., 2007), Australia
(Clarke et al., 2008c), Kuwait (Gevao et al., 2008) and Antarctica (Hale et
al., 2008).

Three congeners account for the majority of ΣPBDEs in sewage
sludge and include: BDE47, 99 (pentaBDE) and BDE209 (decaBDE);
the concentrations of these congeners are summarised in Table 3.
PBDE congeners representative of the pentaBDE (BDE47, 99, 100, 153,
154) formulations are often present at similar concentrations
regardless of the catchment type indicating domestic origin (Hale et
al., 2001; Hale et al., 2008). The primary congener of the decaBDE
formulation, BDE209, is consistently detected in the highest concen-
trations in sewage sludge and, in national surveys, its concentrations
are also highly variable, suggesting important industrial inputs
(Clarke et al., 2008c). Trace PBDE amounts (ng L−1) have also been
detected in treated effluent (de Boer et al., 2000; Hamm, 2004; North,
2004; Knoth et al., 2007) and recent studies have demonstrated this as
a point source of environmental PBDE contamination (Toms et al.,
2006; Toms et al., 2008). The contamination of sludges and effluents
with PBDEs could therefore have potential implications for disposal
and beneficial reuse strategies. However, action has been taken in
Europe to significantly restrict the use of pentaBDE and octaBDE and
the placing on the market of articles containing one or both of these
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substances taking effect from 15 August 2004 (EPCEU, 2003).
PentaBDE is also a WFD PHS (EPCEU, 2001). Therefore, emissions to
wastewater and presence in sludge are expected to decrease through
source controls thus reducing the significance of these compounds for
agricultural recycling of biosolids.

2.7. Polychlorinated alkanes (PCAs)

Technical mixtures of polychlorinated alkanes (PCAs), often
referred to as chlorinated paraffins (CPs), are a class of industrial
chemicals comprising of chlorinated straight-chain hydrocarbons.
They have been produced since the 1930s for use as extreme pressure
lubricant additives, plasticizers, flame retardants, and paint additives
(IPCS, 1996). World production of PCAs was estimated to be 300,000 t
in 1985 (IPCS, 1996) and a similar amount was produced in 2009
(Eurochlor, 2009). They are manufactured in the European Union,
North America, South Africa, Australia, India, China, Taiwan and Japan
(Eurochlor, 2009). Following their widespread and unrestricted use,
PCAs are now present in a range of environmental compartments
(Campbell and McConnell, 1980). They have been detected in human
milk (Thomas et al., 2006), environmental samples (Campbell and
McConnell, 1980; Bayen et al., 2006) and in air over the UK, including
remote regions (Peters et al., 2000). The International Agency for
Research into Cancer (IARC) has classified PCAs as Class 2B “possibly
carcinogenic to humans” (IARC, 1998).

PCAs are chlorinated linear chain alkanes with the general formula
CxH(2x+2)−yCly. They are produced from the n-alkane fractions derived
from petroleum distillation by chlorination, with the degree of
chlorination ranging between 30% and 72% by weight (IPCS, 1996).
They are divided into three groups: short-chain PCAs (noted as sPCAs
or SCCPs) comprising 10 to 13 carbon atoms, medium-chain PCAs
(mPCAs or MCCPs) comprising 14 to 17 carbon atoms and long-chain
PCAs (lPCAs or LCCPs) with 18 or more carbon atoms. PCAs are viscous
liquid or yellowish dense oils, except for some lPCAs (C20- to C30- with
a chlorine content of N70%)which are solid and are practically insoluble
inwater (IPCS, 1996). There aremanypossible positions for the chlorine
atoms and presence of chiral carbon atoms lead to a large number of
potential positional isomers, enantiomers and diastereoisomers. PCAs
therefore represent a difficult analytical problem because of the
complexity inherent in industrialmixtures. The total number of possible
congeners is unknown, but far exceeds 10,000 (Eljarrat and Barceló,
2006).

Reports of PCA concentrations in sewage sludge samples are very
limited in the literature (Table 3). In the early 1990s sPCAs were
measured in two German sludge samples from an industrial area, which
contained 65 and 47 mg kg−1 dw of sPCAs (Rieger and Ballschmiter,
1995). Concentrations of mPCAs in samples of digested sludge (n=9)
from the UK were in the range 1.8 to 93 mg kg−1dw (Nicholls et al.,
2001). In another UK survey (n=14), sPCAs and mPCAs concentrations
were between 7–200 mg kg−1 dw and 30–9700 mg kg−1 dw, respec-
tively (Stevens et al., 2003). Comparison of data from the limited amount
of information available is difficult.

sPCAs are an identified WFD PHS and are therefore subject to
controls that should ultimately lead to the cessation or phasing out of
discharges, emissions and losses to the environment (EPCEU, 2001).
Nevertheless, concentrations of PCAs reported in sludge remain
significantly higher than the regulated PCBs, which are typical-
lyb1 mg kg−1dw in sludge.

A preliminary human health exposure assessment, comparing the
ratio of the PCA contaminant concentration in biosolids to the
tolerable daily intake of 100 μg kg−1 day−1, demonstrated that PCAs
could potentially represent a risk to human health from worse case
exposure by the direct ingestion pathway for biosolids (IPCS, 1996).
The mean concentration in UK sludge was used for the calculations
(1800 mg kg−1dw from Stevens et al., 2003). Thus, the direct
ingestion of 100 mg day−1 of sludge (US EPA, 1997) by a child with

a body weight of 15 kg would contribute 12% of the child's tolerable
daily intake of PCAs. By contrast, a 15 kg child suffering from the pica
medical condition (deliberate ingestion of soil) is assumed to ingest
10 g of soil per day (US EPA, 1997) and would therefore be exposed to
514% of their tolerable daily exposure to PCAs. The concentrations of
PCAs in sewage sludge, evidence of accumulation in human and
environmental biota, as well as toxicity data indicate that further
research is necessary to assess the risk to human health and the
environment from the industrial use of this chemical group.

2.8. Polychlorinated naphthalenes (PCNs)

Technical mixtures of PCNs have been used since the early 1900s
as dielectric fluids, engine oil additives, electroplating masking
compounds, wood preservatives, lubricants, and for dye production
(Falandysz, 1998). The historical use of PCNs precedes PCBs, however
their applications are similar. They are also structurally similar and
have similar physico-chemical properties. There are 75 PCN con-
geners, substituted with one to eight chlorine atoms per naphthalene
molecule (Table 1). They were voluntarily phased out in the 1970s in
the USA, but global production of PCN mixtures was estimated to be
approximately 150,000 t in the 1990s (Falandysz, 1998).

PCNs are ubiquitous environmental contaminants sharing many of
the characteristics of UNEP POPs (Alcock and Jones, 1999): bioaccu-
mulation (Falandysz, 1998), toxicity (Blankenship et al., 2000), long-
range atmospheric transport (Harner et al., 1998) and environmental
persistence. Several PCN congeners exhibit dioxin-like toxicity and have
been assigned TEF values similar to the coplanar PCBs (Blankenship
et al., 2000; Villeneuve et al., 2000). There are three knownmain sources
of PCNs in the environment: technical PCN formulations, technical PCB
formulations, and thermal (e.g. combustion, roasting, metal reclama-
tion) and other processes (e.g. chloro-alkali industry) in the presence of
chlorine (Falandysz, 1998).

Very limited data on PCN concentrations in sludge was found in
the literature (Table 3), with reports from Sweden (Nylund et al.,
1992), the UK (Stevens et al., 2003) and recently, China (Guo et al.,
2008). In the early 1990s, the ΣPCN (9 congeners) concentration in
sewage sludge from Sweden ranged between 3.2 and 5.9 μg kg−1 dw
(Nylund et al., 1992). Slightly higher concentrations were reported in
the UK where the mean ΣPCN value was 83 μg kg−1 dw and range
was 50 to 190 μg kg−1 dw (Stevens et al., 2003). Total PCN
concentrations in sludge samples from eight Chinese WWTPs,
measured for N70 of the 75 PCN congeners, were between 1.48 and
21.21 μg kg−1 dw, and the ‘dioxin’ toxicity equivalence (TEQ) was in
the range 0.11–2.45 ng WHO05 kg−1dw (Guo et al., 2008). This
contribution of dioxin-like PCNs is not high when compared to
recently reported dioxin-like compound concentrations in English
and European sludges (Stevens et al., 2001).

2.9. Polydimethylsiloxanes (PDMSs)

Polydimethylsiloxanes (PDMSs) are man-made organosilicone
compounds that range from low molecular weight volatile materials
to high molecular weight polymeric substances (Fendinger et al.,
1997). They are widely used in industrial applications and consumer
products, such as textile treatments, household and personal care
products and antifoams for food processing orWWTP (Griessbach and
Lehmann, 1999). These applications all result in discharges to WWTP
and the potential to enter the environment as a component of
effluents and in sewage sludge (Fendinger et al., 1997). PDMSs have
been detected in environmental samples such as surface water,
sediments and fish tissue (Watanabe et al., 1984, 1988). PDMSs have
low ecological toxicity, which occurs at higher concentrations than
those observed in the environment (Hobbs et al., 1975), and are not
considered to pose an ecologically significant threat (Frye, 1988).
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PDMSs have a very lowwater solubility and are primarily removed
by sorption to solids during wastewater treatment (Varaprath et al.,
1996; Fendinger et al., 1997). At least 94% of PDMSs are unchanged
during wastewater treatment because of high chemical and thermal
stabilities (Watts et al., 1995; Fendinger et al., 1997). PDMSs are not
toxic to wastewater microbial communities and do not affect
treatment performance (Watts et al., 1995). PDMSs not removed on
the sludge solids are present in wastewater treatment effluent as a
component of the suspended solids (Fendinger et al., 1997) and this
accounts for their environmental distribution in sediments and
surface waters (Watanabe et al., 1988).

PDMSs degrade in the soil environment as a result of abiotic
processes rather than biodegradation, and have a half-life estimated
to range from 4 to 28 days (Carpenter et al., 1995; Lehmann and
Miller, 1996; Lehmann et al., 1998; Griessbach and Lehmann, 1999).
Increased soil moisture retards the degradation of PDMSs in soil
(Griessbach and Lehmann, 1999). Clays appear to be the component
responsible for catalysing oligomerization and hydrolysis reactions of
PDMSs in soil (Buch and Ingebrigtson, 1979; Xu et al., 1998). A
multiyear field dissipation study and laboratory studies, to evaluate
the persistence or degradation of PDMSs in biosolids-amended soils,
found that soil moisture was the factor controlling the persistence or
degradation of PDMSs and that there was no direct effect of biosolids
on PDMS persistence or degradation (Traina et al., 2002). As may be
expected, the half-life for PDMS determined under field conditions
(876 to 1443 days) was longer than that estimated in laboratory
studies and this was attributed to the higher moisture contents of the
field soils (Traina et al., 2002). PDMSs eventually mineralise in soil to
carbon dioxide and silicic acid (Stevens, 1998). A study examining the
ecotoxicity of PDMS found no effects on seed germination, seed
survival, plant yields or soil microorganisms (Tolle et al., 1995).

Few studies have reported the concentrations of PDMSs present in
sewage sludge (Table 3). The most comprehensive study available
(Fendinger et al., 1997) indicated PDMS concentrations in US sludges
were in the range 290 and 5155 mg kg−1 dw with a mean value of
1120 mg kg−1 dw. This is approaching a magnitude higher than the
concentration (144 mg kg−1 dw) reported in a Japanese sludge
(Watanabe et al., 1984). Further work would appear to be necessary
to determine the concentrations of PDMSs in sewage sludges
internationally.

2.10. Perfluorochemicals (PFCs)

Perfluorochemicals (PFCs) are a family of anthropogenic chemicals
that have been used since the late 1950s to make products resistant to
heat, oil, stains, grease and water. Common applications include non-
stick cookware, breathable membranes for clothing, stain-resistant
carpets and fabrics, components of fire fighting foam, surfactants and
other industrial applications (US EPA, 2008). They have been used in
many industry sectors, including the aerospace, automotive, building/
construction, chemical processing, electronics, semiconductors, and
textile industries (US EPA, 2008).

PFCs are persistent and widely dispersed in the environment
(Giesy and Kannan, 2001; Kannan et al., 2001). Accumulation of PFCs
has been detected in ocean animals, such as birds and mammals, and
in human tissues throughout the world (Olsen et al., 2003; Kannan
et al., 2004). The human and environmental toxicological response to
such exposure is not known, but could include endocrine disruption
(Lau et al., 2004).

The chemical structures of PFCs make them very resistant to
degradation in the environment; the carbon–fluorine bonds are
extremely strong and are stronger relative to other commonly used
halogens viz., bromine and chlorine. Consequently, perfluorocarbon
chainsdonot readily biodegrade andanybiodegradationmaybe limited
to attached hydrocarbon moieties. The two most common groups of
PFCs that are measured and detected in environmental matrices are:

• Perfluoroalkyl sulphonates (PFASs) — perfluorooctane sulphonate
(PFOS), perfluorohexane sulphonate (PFHxS), perfluorooctane
sulphonamide (PFOSA)

• Perfluoroalkyl carboxylates (PFACs) — perfluorooctanoic acid
(PFOA), perflurorononanoic acid (PFNA), perfluorodecanoic acid
(PFDA), perfluoroundecanoic acid (PFUnDA), perfluorododecanoic
acid (PFDoDA)

PFASs and PFACs are synthetic chemicals that do not occur
naturally in the environment (US EPA, 2008). They are employed as
a base chemical in the preparation of fluoropolymers and upon
degradation can release the environmentally persistent monomers
(Boulanger et al., 2005).

Directive 2006/122/EC (EPCEU, 2006) places restrictions on the
marketing and use of PFOS and there are also voluntary reductions on
PFOA although it is still manufactured. PFOS is also under review for
possible identification as a WFD Priority Substance or PHS (EPCEU,
2008). The EU is currently assessing PFOA and, whilst there are no
restrictions in place in the EU at present, a ban could be imposed in the
future. However, these substances have been extensively used in the
built environment and therefore could represent a significant, long-
term diffuse input into wastewater and sludge.

The earliest available report of PFCs in sewage sludge is a study of
sludges collected from six USA cities (3M Environmental Laboratory,
2001). PFOS and PFOAwere the most common PFCs present and were
detected in all samples analysed at the low μg kg−1 dw range
(Table 3). A sludge sample was tested from a WWTP serving a
fluorochemical manufacturer and this correlated with substantial
increases in PFOS (2980 μg kg−1 dw) and PFOA (173 μg kg−1 dw)
concentrations. This study demonstrated that PFCs, in particular PFOS
and PFOA, are likely to be present in sludge in Western countries
where PFCs are manufactured and used. Domestic sources are also
likely to be a major contributor of PFCs in sewage sludge.

Other studies in the USA (Schultz et al., 2006; Sinclair and Kannan,
2006; Loganathan et al., 2007) and Europe (Bossi et al., 2008) report
similar concentration ranges. No differences in PFC levels were
apparent in sludges from urban and rural WWTPs, however, major
seasonal variations in concentrations were observed (Loganathan et
al., 2007). Whilst PFCs have been investigated at WWTPs in other
countries (Alzaga and Bayona, 2004; Boulanger et al., 2005), sewage
sludge concentrations have mainly been reported in the US. This is
largely a consequence of the analytical difficulties associated with
quantification of PFCs in sewage sludge matrices.

Mass balance studies of PFCs at WWTP commonly report higher
mass loadings of PFOA and PFOS in WWTP effluent compared to raw
influent (Schultz et al., 2006; Sinclair and Kannan, 2006; Loganathan
et al., 2007). This suggests the degradation of other fluorinated
organic compounds (i.e. fluoropolymers) into PFOA and PFOS may
take place during wastewater treatment (Loganathan et al., 2007).

Field investigations have demonstrated that PFCs in sludge-
amended soil can be mobilised by rainfall (Gottschall et al., 2010).

2.11. Quaternary ammonium compounds (QACs)

Quaternary ammonium compounds (QACs) are cationic surfac-
tants. The molecules contain at least one hydrophobic hydrocarbon
alkyl chain linked to a positively charged nitrogen atom. The other
alkyl groups are typically short-chain substituents such as methyl or
benzyl groups. Cationic surfactants are positively charged in aqueous
solutions (Madsen et al., 2001; Ying, 2006). QACs are commonly used
in domestic products such as fabric softeners, hair conditioners and
other hair preparations. Other applications of cationic surfactants
include disinfectants and biocides, emulsifiers, wetting agents, and
processing additives. By volume, the most important cationic
surfactants in household products are the alkyl ester ammonium
salts that are used in fabric softeners (Madsen et al., 2001).
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Ditallow dimethyl ammonium chloride (DTDMAC) was the most
widely used active ingredient in fabric softeners. However DTDMAC is
toxic to aquatic organisms (Roghair et al., 1992; Versteeg et al., 1992)
and was therefore voluntarily phased out by industry following an
ecological risk assessment (van Leeuwen et al., 1992) in preference of
more biodegradable QACs, such as diethyl ester dimethyl ammonium
chloride (DEEDMAC) (Giolando et al., 1995). Fernandez et al. (1996)
monitored theDTDMACconcentrations in sewage sludge in Switzerland,
which declined from 3.67 g kg−1 dw in 1991 to 0.21 g kg−1 dw in 1994
due to its replacement with the alternative QACs.

Domestic use of QACs is the primary source of these compounds
entering WWTPs. Due to their positive charge, cationic surfactants
sorb strongly to the negatively charged surfaces of sludge, soil and
sediments (Madsen et al., 2001; Ying, 2006; Clara et al., 2007), and it is
estimated that ∼90% of QACs associatewith sludge duringwastewater
treatment (van Leeuwen et al., 1992). Removal of QACs in wastewater
treatment can also be attributed to biodegradation (Nishiyama et al.,
1995), where degradation rates are typically reported in days or hours
(Giolando et al., 1995; Sütterlin et al., 2008). WWTP discharges can
result in environmental contamination of marine sediments with
QACs (Li and Brownawell, 2009).

There are very few reports of QAC concentrations in sludge in the
scientific peer-reviewed literature (Table 3). A recent study from
Austria reported that the total QAC concentration was in the range 22 to
103 mg kg−1 dw (MartÌnez-Carballo et al., 2007), suggesting further
substantial reductions in QACs have taken place compared to earlierwork
addressing the impact of phasing out DTDMAC (Fernandez et al., 1996).

It has been controversially argued that QACs have biocidal properties
that may confer antibiotic resistance to bacteria (Gaze et al., 2005; Gaze,
2008). However, it is difficult to reconcile thisfirstly becauseQACs are not
disinfectants, but are in fact surfactants with low toxicity and ecotoxicity
(Giolando et al., 1995). Secondly, modern QAC formulations are designed
to rapidly biodegrade during wastewater treatment and anaerobic
digestion, and are almost completely removed by these processes
(Giolando et al., 1995). In soil QACs rapidly degrade with short half-lives
(17–40 d) (Giolando et al., 1995).

2.12. Steroids

Natural endogenous (17β-oestradiol, oestrone, oestriol) and syn-
thetic steroids (17α-ethinyloestradiol, mestranol) are excreted by
humans and WWTP effluent is the primary source of synthetic
steroids entering the environment (Snyder et al., 2001). Livestock
(particularly lactating cows) are also a major source of endogenous
oestrogen inputs to soil (Kolodziej et al., 2004). Over 99% of
oestrogenic activity in sewage effluents and surface waters may be
attributable to the presence of 17β-oestradiol (E2) and 17α-ethiny-
loestradiol (EE2) at concentrations in the ng L−1 range (Snyder et al.,
2001). Oestrogenic activity in WWTP effluents has resulted in
adverse effects on environmental biota (Jobling et al., 1998). Natural
and synthetic steroids are excreted from the human body as inactive
polar conjugates, but are present in sewage influent and effluent as free,
active steroids (Belfroid et al., 1999). Once released from the body
conjugated oestrogens undergo chemical or enzymatic dissociation in
bacterial sludge and re-form as active oestrogens (Belfroid et al., 1999;
Reddy et al., 2005).

Several investigations have examined the fate of oestrogens in
WWTPs, however, few studies have measured the concentrations of
oestrogenic compounds in sludge due to the analytical difficulties
involved (Gomes et al., 2004). The presence of ‘free’ oestrogens in
WWTP effluents and receiving waters is commonly reported (Shore et
al., 1993; Desbrow et al., 1998; Ternes et al., 1999b), demonstrating
that the conversion of oestrogen metabolites into active forms occurs
somewhere between the domestic discharge and WWTP outlet.
However, the degradation of all steroid-like compounds (natural and
synthetic) occurs rapidly and typically within a few days or less

(Ternes et al., 1999a; Korner et al., 2000; Layton et al., 2000;
Hashimoto and Murakami, 2009). Natural oestrogens biodegrade in
the order: 17β-oestradiol→oestrone→oestriol and at a faster rate
compared to synthetic mestranol and 17α-ethinyloestradiol (Ternes
et al., 1999a). Research at full-scale WWTPs indicates that operational
retention times may only allow partial degradation as concentrations
of oestrone measured in treated effluent are frequently increased
compared to the influent raw wastewater (Barontri et al., 2000).

Mass balance studies ofWWTPs consistently showhigh removal rates
of oestrogens during wastewater treatment, equivalent to: 64–99.9% for
17β-oestradiol, and 78–83% for oestrone and 17α-ethinyloestradiol
(Ternes et al., 1999b). While many studies do not distinguish between
degradation and sludge partitioning (Schlusener and Bester, 2008),
laboratory experiments indicate the high biodegradability of steroids
(Ternes et al., 1999a). Such laboratory studies indicate that degradation
processes contribute significantly to steroid removal (Ternes et al., 1999a).
The removal rate of the natural hormones 17β-oestradiol, oestrone and
17α-ethinyloestradiol during wastewater treatment was N90% and only
5% of the mass of oestrogens entering theWWTP was sorbed to the final
digested sewage sludge, indicating high biodegradability in the WWTP
(Andersen et al., 2003).

Few studies have reported steroid concentrations in sewage sludge
due to analytical difficulties, as well as high degradation rates. The
concentrations of oestrone (b2–37 μg kg−1 dw), 17β-oestradiol (5–
49 μg kg−1 dw), 17α-ethinyloestradiol (b4–17 μg kg−1 dw) andmes-
tranol (b2 μg kg−1 dw) were measured by Ternes et al. (2002) in
German sludges (Table 3). A recent survey of US sludges (n=84)
quantified 25 steroids (US EPA, 2009), but only three steroid
compounds (i.e., campesterol, cholestanol, and coprostanol) were
found (US EPA, 2009). 17α-ethinyloestradiol was not detected in any
sample andfivehormoneswere found in fewer than six samples. Other
oestrogenic steroids were not frequently detected and when detected
were in the low μg kg−1 dw concentration range (US EPA, 2009).

These low concentrations, combined with fast biodegradation
rates in WWTP mass balance and laboratory studies suggest that
steroids are unlikely to pose a risk to human health or the
environment when land applying biosolids.

2.13. Synthetic musks

Synthetic musks are inexpensive substitutes for natural musks and
have been used since the 1930s as fragrances in a variety of domestic
and industrial products viz., detergent, cosmetics, shampoo, perfume,
food and cigarette additives (Rimkus, 1999). Synthetic musks can be
broadly categorised into two groups: nitromusks and polycyclic
musks. Nitro musks were the first commonly used synthetic musks,
but their use was reduced in the 1950s due to evidence of toxicity to
humans and the environment (Tas et al., 1997). They were largely
replaced with the polycyclic musks, which account for approximately
85% of worldwide production, while nitro musks account for the
remaining 15% (Tas et al., 1997).

The most commonly used synthetic musks are:

• nitromusks — musk moskene (MM), musk tibetene (MT), musk
xylene (MX), musk ketone (MK) and musk ambrette (MA).

• polycyclic musks — Galaxolide™ (HHCB), Tonalide™ (AHTN),
Celestolide™ (ADBI), Phantolide™ (AHMI), Cashmeran™ (DPMI)
and Traseolide™ (ATII).

The majority of synthetic musk applications occur in the domestic
environment and are found in personal care products that will be
released into the sewer after use and, consequently, the principal
source of synthetic musks to the environment is thought to be
WWTP effluents and sludges (Rimkus, 1999). WWTP mass balance
studies indicate removal rates of between 83 and 91%, whereas

239B.O. Clarke, S.R. Smith / Environment International 37 (2011) 226–247



approximately 40% of AHTN and HHCB were eliminated during
anaerobic sludge digestion (Balk and Ford, 1999a). The concentrations
of synthetic musks in sewage sludge have been reported from
Switzerland (Herren and Berset, 2000), Germany (Heberer, 2002),
Spain (Llompart et al., 2003), UK (Stevens et al., 2003), China (Zeng et
al., 2005) and Hong Kong (Shek et al., 2008).

The nitromusks (MA,MX,MM, andMT)were generally not detected
in these studies and when present were found at low μg kg−1 dw
values. This is consistent with use patterns of nitromusks that have
largely been replaced by the polycyclic musks (Rimkus, 1999). MX is
currently under review for possible identification as a WFD Priority
Substance or PHS (EPCEU, 2008).

The polycyclic musks most frequently detected and at the highest
concentrations in sludge are HHCB (0.1–81 mg kg−1 dw) and AHTN
(0.03–16 mg kg−1 dw) (Table 3). Again, this is consistent with use
patterns as, together, HHCB and AHTN account for N95% of the market
shareof polycyclicmusks (Tas et al., 1997). CurrentGermanproposals are
to set biosolids limits for HHCB and AHTN of 10 mg kg−1 dw and 15 mg
kg–1 dw, respectively (BMU, 2007). Other polycyclicmusks (ADBI, DPMI)
are typically present in lower concentration ranges (b1 mg kg−1 dw).
The mean HHCB concentration in UK sewage sludges (27 mg kg−1 dw)
was larger than in other European sludges, such as Switzerland
(4.85 mg kg− 1 dw), Germany (8.26 mg kg− 1 dw) or Spain
(0.16 mg kg−1 dw). However, concentrations of HHCB measured in
sludge in China and Hong Kong are similar to the UK. Soil ecotoxicity
studies report a PNEC for HHCB and AHTN of 0.32 mg kg−1 dw
that incorporates a fifty fold safety factor and is based upon earthworm
and springtail no observable effects concentrations of 45 mg kg−1 dw
for both chemicals (Balk and Ford, 1999b). The concentrations of these
compounds found in biosolids are relatively high when compared to
other POPs and therefore, further investigation iswarranted to elucidate
their fate, behaviour, and persistence in biosolids-amended soils
(Stevens et al., 2003).

2.14. Triclosan and triclocarban

Triclosan (TCS; 5-chloro-2-[2,4-dichloro-phenoxy]-phenol) and
triclocarban (TCC; 3,4,4′-trichlorocarbanilide) are antimicrobial
agents widely used in personal care products such as shampoos,
soaps, deodorants, cosmetics, skin-care lotions and creams, mouth
rinses, and toothpastes. These domestic applications are likely to be

the major source of TCS and TCC to WWTPs (Bester, 2003). The
amount of TCS and TCC used in consumer products typically ranges
from 0.1 to 0.3% (w/w). At these levels they exhibit a broad-spectrum
activity against bacteria, molds and yeasts (McAvoy et al., 2002).

TCS and TCC are both relatively hydrophobic, with log KOW values
at neutral pH of 3.5–4.8 and 4.9, respectively (Halden and Paull, 2005;
Snyder et al., 2010). The octanol–water distribution of TCS, however,
depends on the pH of the environmental matrix that the compounds
are exposed to, since the hydroxyl groups (–OH) in the molecule are
capable of deprotonation allowing water solubility.

Mass balance studies at WWTP show the incomplete removal of
TCC and TCS during wastewater treatment (Heidler et al., 2006;
Sapkota et al., 2007). Therefore, TCS and TCC are released into the
environment in WWTP effluents and by land application of biosolids.
Consequently, they are regularly detected in surface waters receiving
WWTP inputs (Halden and Paull, 2004; Halden and Paull, 2005).
However, they can also be found upstream of WWTP discharges
indicating environmental persistence (Sapkota et al., 2007). Potential
environmental problems from the release of TCC and TCS fromWWTP
effluent in surface water include bioaccumulation in algae and
snails (Coogan et al., 2007; Coogan and La Point, 2008), algal growth
inhibiting effects (Yang et al., 2008) and endocrine disruption (Ahn
et al., 2008).

A mass balance for TCC at a WWTP showed that approximately
75% of the initial mass of TCC was recovered in sludge, with a
concentration of 51 mg kg−1 dw (Heidler and Halden, 2007). It is
commonly reported that TCS and TCC partition to sludge during
wastewater treatment (Ying and Kookana, 2007). Mass balance
studies indicate that losses of between 48 and 65% occur possibly
due to volatilization or biodegradation (Bester, 2003; Heidler and
Halden, 2007), but biodegradation is the more likely removal
mechanism (Ying and Kookana, 2007). Laboratory studies have also
confirmed the degradation of TCS (Federle et al., 2002; Stasinakis et
al., 2007). Biosolids were identified as a source of TCS in agricultural
soil contributing to the bioaccumulation of TCS in earthworm tissue
with bioaccumulation factors ranging from 0.05 to 27 (Kinney et al.,
2008). Furthermore, two recent studies have detected the movement
of several pharmaceuticals and personal care products from agricul-
tural areas amended with biosolids into tile drainage water (Lapen et
al., 2008) and runoff (Topp et al., 2008). Water run-off experiments
found that TCS leached only from surface applied biosolids and not

Fig. 1. Typical concentrations of selected ‘emerging’ organic contaminants in sewage sludge (mg kg−1 dw).
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from subsurface application. Therefore, land application practices for
biosolids in the UK are likely to prevent surface water contamination
from TCS or TCC, although a potential risk to groundwater by leaching
has been suggested (Topp et al., 2008).

Reports of TCS and TCC concentrations in activated sludges and
biosolids have been reported from the USA (McAvoy et al., 2002;
Heidler et al., 2006; Kinney et al., 2006; Sapkota et al., 2007; US EPA,
2009), Germany (Bester, 2003), Spain (Morales et al., 2005), Canada
(Chu and Metcalfe, 2007), Australia (Ying and Kookana, 2007) and
Greece (Gatidou et al., 2007; Pothitou and Voutsa, 2008; Stasinakis et
al., 2008). The ranges of concentrations reported for TCS and TCC are
0.5–16 mg kg−1 dw and 4–50 mg kg−1 dw, respectively (Table 3).
Recent biosolids surveys in the USA show that TCC and TCS are
routinely detected in biosolids and that the concentrations are higher
than previously reported (McAvoy et al., 2002; Heidler et al., 2006;
Kinney et al., 2006; Sapkota et al., 2007; US EPA, 2009).

3. Assessment and ranking of emerging contaminants

3.1. Typical concentrations of organic contaminants in sewage sludge

A summary of reported concentrations of the selected ‘emerging’
contaminants examined here is presented in Fig. 1. The concentra-
tions in Fig. 1 are presented on a logarithmic scale in descending order
of reported mean concentrations, ranging from PCAs (g kg−1 dw) to
PFCs (μg kg−1 dw). The concentrations of the industrial chemical
PCAs are much higher compared to contaminants from domestic
sources i.e., QACs, TCS. These concentrations suggest significant
industrial discharges of PCAs occur into the wastewater collection
system. Chemicals utilized in the domestic environment were in the
next ‘high-level’ concentration range (PAEs, QACs, TCC, synthetic
musks, TCS), followed by less commonly used industrial and domestic
chemicals (OTs, PBDEs, PCNs, PFCs).

3.2. Matrix assessment

Research and monitoring priorities were identified from an
assessment matrix consisting of five criteria applied to the selected
‘emerging’ contaminants (Table 4). These included:

• environmental persistence in soil environment (N6 months);
• potential for human health impacts resulting from the land
application biosolids;

• evidence or likelihood of bioaccumulation in humans or the
environment;

• evidence of ecotoxicity, and
• the quality of empirical data and trends on the contaminant in
biosolids internationally.

3.3. Assessment results

The ‘emerging’ contaminants were ranked in decreasing order of
priority as follows (maximum possible score of 11):

• perfluorinated chemicals (10)
• polychlorinated alkanes (9), polychlorinated naphthalenes (9)
• polybrominated diphenyl ethers (7), organotins (7), triclosan (7),
triclocarban (7)

• benzothiazoles (6)
• antibiotics and pharmaceuticals (5)
• synthetic musks (3)
• bisphenol A (2), quaternary ammonium compounds (2), steroids
(2)

• phthalate acid esters (1), polydimethylsiloxanes (1).

PFCs represent a potentially major environmental uncertainty.
They have been detected in human blood (Olsen et al., 2003) and
environmental samples (Giesy and Kannan, 2001) throughout the
world. They have a unique chemistry that facilitates a degree of water
solubility, which is not observed with other POPs. Thus, the barriers
that normally prevent human and ecological exposures to POPs in
biosolids-amended soil may not prevent movement of PFCs. For
example, increased water solubility raises the likelihood of exposure
through all pathways—water contamination, plant accumulation and
grazing animal accumulation (Chaney et al., 1996). Water contami-
nation and plant accumulation are considered to be the priority
pathways of concern, as grazing animal accumulation is not unique to
PFCs. Whilst measures are in place in Europe to restrict the major
exposure risks to PFOS (EPCEU, 2006), and could be extended to PFOA
in future, transfer to biosolids could continue to occur over a long
period due to the ubiquitous use of these substances within the built
environment.

PCAs and PCNs were both detected in recent surveys of UK biosolids
(Stevens et al., 2003). PCAswere found at relatively high concentrations
(mean concentration 1800 mg kg−1 dw), while PCNs were typically
less than 1 mg kg−1 dw. By comparing the concentrations of these

Table 4
Assessment matrix to determine research priorities for selected ‘emerging’ organic contaminants in sewage sludge with respect to their potential significance for agricultural
utilisation.

Emerging organic contaminant Persistent in soil
(N6 months)

Human food
chain

Ecological
bioaccumulation

Soil
ecotoxicity

Research quality Score

2 — yes 2 — possible 2 — yes 2 — yes
3 — lack of empirical data (/11)

1 — uncertain 1 — uncertain 1 — possible 1 — uncertain
2 — few reported studies

0 — no 0 — no 0 — no 0 — no
1 — a number of consistent studies
0 — many consistent studies

Antibiotics and pharmaceuticalsa 0 2 0 1 2 5
Benzothiazoles 1 1 0 1 3 6
Bisphenol A 0 0 0 0 2 2
Organotins 1 1 2 1 2 7
Phthalate acid esters (PAEs) 0 0 0 0 1 1
Polybrominated diphenyl ethers (PBDEs) 2 2 2 1 0 7
Polychlorinated alkanes (PCAs) 2 2 1 1 3 9
Polychlorinated naphthalenes (PCNs) 2 2 1 1 3 9
Polydimethylsiloxanes (PDMSs) 0 0 0 0 1 1
Perfluorochemicals (PFCs) 2 2 2 1 3 10
Quaternary ammonium compounds (QACs) 0 0 0 0 2 2
Steroids 0 0 0 0 2 2
Synthetic musks 1 0 1 0 1 3
Triclosan 1 0 2 2 2 7
Triclocarban 1 0 2 2 2 7

a The chemical properties of antibiotics and pharmaceuticals and subsequent behaviour in the environment can vary greatly. The scores are considered generally for antibiotics
and pharmaceuticals, certain exceptions such as carbamazepine may exhibit longer soil persistence.
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compounds to PCBs and PCDD/Fs it is apparent that PCAs warrant
further investigation, as the concentrations of PCAs are three orders of
magnitude higher than those of PCBs found in contemporary sewage
sludge. Also, there is mounting evidence that PCAs are accumulating in
the human population and the impact of these chemicals on human
health and the environment has not yet been explored (Nicholls et al.,
2001; Thomas et al., 2006). A preliminary human health exposure
assessment indicated that the concentrations of PCAs in sludge could be
harmful to human health through the direct ingestion exposure
pathway. The concentrations of PCNs are small in contrast and are
unlikely to pose a threat to human health or the environment at the
concentrations measured in sewage sludge internationally.

PBDEs have been the subject of increasing international research
(Clarke et al., 2008c). PBDE concentrations in biosolids may be similar
throughout the world, however, manufacturing can add significant
quantities of PBDEs to the burden derived from domestic sources
(Fabrellas et al., 2004). Furthermore, restrictions applied to the penta-
and octa-PBDE commercial formulations may increase demand and
consumption of the decaBDE formulation. The deca-formulation is the
source of BDE 209, the major congener detected in sludges
internationally and field studies have shown that this compound is
persistent in the environment (Eljarrat et al., 2008).

Antimicrobial agents TCS and TCC have received increasing research
attention internationally (Singer et al., 2002; Ying and Kookana, 2007)
and are capable of ecological toxicity (Yang et al., 2008) and
bioaccumulation in environmental biota (Kinney et al., 2008). However,
a recent risk assessment (Reiss et al., 2009) showed that TCSwas unlikely
to pose a significant problem for sensitive environmental compartments
from the agricultural use of biosolids. Nevertheless, field studies have
demonstrated that TCS and TCC may exhibit some environmental
persistence in biosolids-amended soil (Topp et al., 2008; Cha and
Cupples, 2009). The biodegradation of these compounds is reported in
laboratory (McAvoy et al., 2002) andWWTP studies (Ying and Kookana,
2007), but further evaluation of the persistence and toxicity of TCS and
TCC inbiosolids-amended soil is required. It is also important to recognise
that the primary route of human exposure to TCS and TCC will occur in
the domestic environment and not as a result of land applying biosolids.

Organotin compounds were present in small concentrations in
biosolids in the studies reported, but are potentially ecotoxic. There are
limited empirical biosolidsmeasurements internationally, so it is difficult
to draw definitive conclusions about typical biosolids concentrations.
Furthermore, they warrant further investigation to determine their
significance in biosolids-amended soil.

Limit values for benzothiazoles in sludge are proposed and under
consideration by the German Government. However, there are
insufficient data concerning these chemicals to make an informed
assessment of their potential significance. Nevertheless, benzothia-
zoles have not been detected in environmental media and laboratory
studies indicate that they are biodegradable (de Wever and
Verachtert, 1997; Gaja and Knapp, 1998). Therefore, it would appear
that there are no specific scientific grounds for regulating this group of
OCs in biosolids. Nevertheless, further research is required to
determine typical concentrations in sewage sludge, environmental
persistence, ecological toxicity and persistence in biosolids-amended
soil.

A recent risk assessment completed in Norway evaluated over 1400
pharmaceutical compounds based upon a tired approach where
chemicals were screened against consumption, volume wastewater of
influent, human metabolism, biodegradation and behaviour in WWTP
(Eriksen et al., 2009). Fourteen pharmaceuticals were identified for
further risk assessment investigation as the only compounds that
potentially may pose risk to human health or the environment. These
were: atorvastatin, carisoprodol, chlorprothixene, ciprofloxacin, dipyr-
idamole, fexofenadinesotalol, gabapentin, levetiracetam, losartan,
mesalazin, metoprolol, ranitidin and tetracycline. The estimated soil
concentrations of drug substances (PEC)were low (concentration range

0.01–1 mg kg−1 dw) and well below the estimated PNEC values.
Therefore Eriksen et al. (2009) concluded that drug substances in
sewage sludge constitute a low risk to the soil compartment.

The polycyclic musks are unlikely to pose a risk to human health
from land application of biosolids and the majority of human
exposure will occur in the domestic environment. The environmental
risk assessment of AHTN andHHCB indicates that these substances are
unlikely to pose a significant hazard to the ecosystem at the
concentrations likely to be found in biosolids-amended soil (Balk
and Ford, 1999a,1999b). Therefore, proposals for AHTN and HHCB
contaminant limits in biosolids appear unfounded. However, further
research is warranted to understand the ecological risk of polycyclic
musks with respect to fate, mobility and persistence given the
relatively high concentrations of these compounds detected in sludge.

Four high-volume production chemicals were included for
assessment and all were indicated as having a low research priority.
Concern has been raised over QACs due to potential development of
antibiotic resistance and endocrine disruption for bisphenol A and
phthalates. However, these chemicals are not environmentally
persistent, they biodegrade rapidly and humans are routinely exposed
to these compounds through more important pathways via dermal
and ingestion routes in the domestic environment. PDMS is another
high-volume production chemical that is not considered to pose a risk
to humans or the environment when land applying biosolids due to
low toxicity.

Steroid concentrations in sludge were only found in two
international studies. There are analytical difficulties thatmay prevent
the detection andmeasurement of this group of compounds, however,
they are also readily degradable and are therefore not present in
significant quantities in stabilised biosolids.

4. Conclusions

There are 50 million chemicals entered in the Chemical Abstracts
Registry and of these 143,000 chemicals are registered with the
European Chemicals Agency for industrial use (ECHA, 2009; Toussant,
2009). Once discharged from industrial, domestic and urban sources
into the urban wastewater collection system they may transfer to the
residual sewage sludge during wastewater treatment. Continued
vigilance is therefore required to monitor and determine the
significance and implications of ‘emerging’ OCs for the land
application of treated wastewater biosolids. The significance of a
selection of key contaminants for the agricultural use of biosolids was
examined here based upon persistence, human health impacts,
bioaccumulation, ecotoxicity and quality of published research for
the given chemicals. The concentrations of the 'emerging' OCs in
biosolids were also considered.

Two chemical classes warrant particular note. These are the PFCs
and PCAs. PFCs are an emerging environmental concern as they have
been detected in human blood (Olsen et al., 2003) and environmental
samples (Giesy and Kannan, 2001) throughout the world. They have a
unique chemistry for a chemical defined as a POP that facilitates a
degree of water solubility, and therefore, there is an increased
likelihood of exposure through all pathways (water contamination,
plant accumulation and grazing animal accumulation) compared to
other POPs (Chaney et al., 1996). PCAs were found at relatively high
concentrations in sludge (mean concentration 1800 mg kg−1 dw).
Comparison of the concentrations of these compounds to PCBs and
PCDD/Fs shows that the PCA content in sludge is three orders of
magnitude higher than PCB values for instance, and signals the
importance of further investigations into the significance of PCAs in
biosolids for land application.

Recycling biosolids on land is recognised internationally as the
most sustainable option for managing the residual sludge from urban
wastewater treatment and most risk assessments demonstrate that
this practice does not place human health at risk from the OCs studied.
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However, continued vigilance in assessing the significance and
implications of ‘emerging’ OCs in sludge is necessary to support and
ensure the long-term sustainability and security of the beneficial
agricultural route for biosolids management. The research and
monitoring priorities for 'emerging' OCs in sludge we have identified
and discussed here would further contribute to the technical evidence
base to protect human health and the environment when sewage
sludge biosolids are recycled in agriculture as soil improvers and
fertilisers.
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1.0 APPLICABILITY 
 

This Standard Operating Procedure (SOP) ADDENDUM applies to all programs in the Maine 
Department of Environmental Protection’s (MEDEP) Division of Remediation (DR). It is also 
applicable to all parties that may submit data that will be used by the DEP/DR. 

 
This SOP ADDENDUM is not a rule and is not intended to have the force of law, nor does it 
create or affect any legal rights of any individual, all of which are determined by applicable 
statutes and law. This SOP does not supersede statutes or rules. 

 

 
2.0 PURPOSE 

 
The purpose of this document is to describe the MEDEP/DRs requirements for the development 
of a Sampling and Analysis Plan (SAP) with specific requirements for the sampling of compounds 
related to Per- and Polyfluoroalkyl Substances (PFASs), including 
Perfluorooctanoic acid (PFOA) and Perfluorooctane sulfonate (PFOS). 

 
Prior to conducting any investigative field work, routine monitoring, post closure sampling or any 
data gathering/sample collection project, a SAP will be developed that outlines the goals of the 
activity and methodology to achieve that goal. A well-developed SAP that is reviewed by all 
field team members will assure that the goals are obtainable, the methodology is consistent, 
and the data generated will meet the Data Quality Objectives (DQOs) for the project. 

 
Given the ubiquitous nature of PFAS compounds, the low detection levels that are generally 
requested, and the different methodologies for which these compounds are tested, additional 
requirements regarding sampling methodology, equipment, and analysis for PFAS compounds 
should be included as part of the sampling plan and during the sampling event. This document 
outlines those specific requirements to be included in a PFAS sampling plan and during 
sampling. 

 

 
3.0 GUIDELINES AND PROCEDURES 

 

3.1 INTRODUCTION 
 
A sampling and analysis plan, regardless of whether sampling for PFAS compounds or other 
potential contaminants, should include all the elements in SOP RWM-DR-014 – Development of 
a Sampling and Analysis Plan. Although not required to be included in the SAP, (as outlined in 
SOP RWM-DR-014), an assessment of the existing data should be conducted, a site 
reconnaissance completed, a conceptual site model developed, and data quality objectives 
determined as part of planning to assure the SAP will meet the goals of the sampling. 

 
The SAP itself should include the goal of the sampling, end use of data, data quality objectives, 
schedule, sampling methodology, sampling locations, media to be sampled, analytical 
parameters, and QA/QC samples. Additionally, a site specific health and safety plan may be 
necessary (see SOP-DR-014) depending on the scope of the sampling event. For example, 
collection of samples in a large or moving water body, or as part of large sampling effort 
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involving drilling rigs and/or excavation equipment would require a health and safety plan; 
residential well sampling would likely not. 

 

 
 
 
3.2 SAMPLING METHODOLOGY/EQUIPMENT 

 
A description of the sampling methodology will be included in the SAP. Generally, reference to 
an appropriate SOP for the sample methodology will be sufficient. The Division has developed 
multiple SOPs for sample collection of most media; please refer to the Division of Remediation’s 
Quality Assurance Plan - Attachment B – Data Collection SOPs for a list of all data collection 
standard operating procedures. 

 

 
3.2.1 Sampling Methodology 

 
Sampling for PFAS will follow the standard procedures as outlined in the specific sampling 
method SOPs. In addition, the following task must be included in the SAP and field staff must 
perform the task as described below to prevent contamination of the sample: 

 
“Prior to sampling each location the sample handler must wash their hands and 
don nitrile gloves. PFAS contamination during sample collection can occur from 
several common sources, including food packaging and certain foods and 
beverages. Proper hand washing and wearing nitrile gloves will help to minimize 
this type of accidental contamination of the samples.” 

 
It should be noted that samples collected for PFAS analysis do not have to be headspace free. 

 

 
3.2.2 Sampling Equipment/Supplies/Personal Protective Equipment (PPE) 

 
The low detection limits required for PFAS water analysis and their common occurrence in 
frequently used items warrant attention to equipment and PPE used for sampling. A sampling 
equipment list for PFAS projects should follow the material guidelines in Table 1 of Attachment 
A, avoiding use of LDPE and any Teflon-lined equipment or tubing. If field decontamination of 
non-disposable equipment is necessary, washing with an approved soap solution, rinsing with 
DI water and then a rinse with laboratory-supplied PFAS-free water is recommended. New 
nitrile gloves should be used between locations and activities. Other recommended clothing and 
PPE requirements are noted in Table 1 of Attachment A. 

 

 
3.3 Media Sampled/Analytical Parameters 

 
A chart outlining the media collected and sample analysis methodology will be included in the 
SAP. 

 
PFOA and PFOS are the typical potential contaminants of concern (COCs) at PFAS sites, 
although laboratory reporting lists may include 12 to 26 PFAS compounds depending upon 
method and laboratory. An additional analysis that may be warranted is the sum of all PFAS 
present, either by total extractable fluorinated compounds (TOP analysis) or evaluation of total 
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fluorine by a method such as proton induced gamma-ray emission (PIGE). Both of these 
techniques can be followed by analysis of specific compounds, to assess the presence of 
precursors in environmental media that are not captured by the compound specific methods. 

 
Parameters will be identified by either laboratory analysis methodology number, or generally 
accepted name of analysis. Given the different methods currently available for sampling PFAS, 
there must be a clear understanding between the project manager and the laboratory providing 
the analysis as to what the media sampled, test methodology, and detection levels will be. 

 
Table 1 provides several current methods with their associated media: 

 

 
TABLE 1 

Media/Analytical Methodology 
 

MEDIA LABORATORY 
METHOD 

HOLD TIME*/ 
PRESERVATION 

ANALYSIS 
TIME 

Reporting 
List 

Drinking Water** USEPA Method 
537 

14 days to 
extraction/Trizma*** 

28 days 
after 

extraction 

Method 
specific 

Groundwater Modified Method 
537 

14 days to 
extraction/<6°C 

28 days 
after 

extraction 

DEP 
Minibid list 

**** 
Surface Water Modified Method 

537 
14 days to 

extraction/<6°C 
28 days 

after 
extraction 

DEP 
Minibid list 

**** 
Soil/Sediment/sludge Modified Method 

537 
14 days to 

extraction/<6°C 
28 days 

after 
extraction 

DEP 
Minibid list 

**** 
Other (vegetation…) Modified 

Method 
537 

Lab specific Lab specific DEP 
Minibid list 

**** 
Water or Soil TOP or other 

total fluorinated 
analysis 

Lab specific/<6°C Lab specific Method 
specific 

* Hold times may vary with contracted laboratory 

** USEPA 537 is the only certified method for drinking water 

*** Trizma needed for samples that may contain residual chlorine from treated water sources 

*** Longer reporting lists may vary between laboratories, generally the DEP mini-bid list can be 

used for comparison to other selected laboratories 

Other methods may be appropriate based on the data quality objectives of the sampling project. 

The contracted analytical laboratory must be Maine certified to perform any method for which 
Maine provides certification. The contract lab must be able to accommodate the sample load 
and perform the analyses within holding times. The contract lab must be able to achieve PQLs, 
for all analyses, which are below the associated regulatory guideline value. 



SOP No. RWM-DR-014-ADDENDUM 
Effective Date: 03/20/2019 

Page 5 of 6 

 

 
 

 
Deviations can be made from the laboratory method on a site or event specific basis, based on 
the goals of the sampling, end use of the data, and the data quality objectives. Rationale for 
deviations from these methods should be described in the SAP and/or the final report. 

 
As with all parameters, containers, preservation, and holding times will be as recommended by 
the laboratory providing analytical services. Special or out of the ordinary containers or 
preservation should be noted in the SAP. 

 
3.4 FIELD QC SAMPLES 

 
Sample collection for PFAS analysis does not require specific field QC samples outside the 
normal requirements. 

 
General recommendations for all sampling include one aqueous field blank, per field event, to 
be analyzed for PFASs to determine if water samples have been contaminated by sources 
unrelated to the project area, and to assess the overall field procedures. An equipment blank 
may be needed if non-dedicated equipment is used. The field blank is typically one bottle of 
PFAS-free water supplied by the laboratory, which is uncapped and poured to a second bottle. 
For multi-day events, one blank per day should be considered. If non-disposable equipment is 
used a PFAS-free water equipment blank is warranted to check field decontamination 
procedures. 

 

 
4.0 PFAS SPECIFIC TEMPLATE 

 
In the instances of a PFAS only sampling event, in which samples are being collected from a 
project which has a history of sampling for other analytes and a well-developed conceptual site 
model and/or an SAP already exists, a PFAS sampling specific template has been developed 
which provides the general requirements of a sampling plan. This template can be found in 
Attachment A of this Addendum. 

 

 
5.0 REPORT GENERATION 

 
As stated in SOP RWM-DR-014, A Sampling Event Trip Report (SETR) will be developed for 
every sampling event (see MEDEP/DR SOP# RWM-DR-013). The staff person responsible for 
developing the SETR will be stated in the SAP. Data obtained as part of the SAP will be 
assessed in the final report for which the data has been collected. 
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1.1  INTRODUCTION 

 
The introduction will state the objectives of the sampling plan which include: 

•  Goals of the sampling plan; 
•  End use of data. 

 

 
2.0 BACKGROUND INFORMATION 

 
A BRIEF explanation of the background of the Site and/or conceptual site model (CSM) and 
reason for sampling for PFAS will be presented. 

 

 
3.0 SITE SPECIFIC HEALTH AND SAFETY PLAN 

 
If determined necessary, a Site Specific Health and Safety plan (HASP) will be developed and 
attached. 

 

 
4.1  SAMPLING METHODOLOGY/ EQUIPMENT 

 
A description of the sampling methodology will be included in the SAP. In instances where a 
MEDEP/DR SOP is available, reference to SOPs by either name or document number is 
sufficient. 

 
Currently, the MEDEP/DR QAP has SOPs for the following sample collection tasks which may be 
pertinent to PFAS sampling: 

 

•  001-Water-Sample-Colllection-From-Water-Supply-Wells; 
•  002-Groundwater-for-Site-Investigation; 
•  003-Low-Flow-Groundwater-Sampling; 
•  004-surface-water-sediment; 
•  006-soil-sampling; 
•  010-Container-Sampling; 
•  015-Incremental-sample-methodology; 
•  023-Pore-Water-Sampling. 

 
Other SOPs may be utilized on a project specific basis if MEDEP/DR does not have a current 
SOP for sampling a particular media or situation. Prior Department approval is necessary. 

 
Prior to sampling each location the sample handler must wash their hands and don nitrile gloves. 
PFAS contamination during sample collection can occur from a number of common sources, 
including food packaging and certain foods and beverages. Proper hand washing and wearing 
nitrile gloves will help to minimize this type of accidental contamination of the samples. 

 
Some sampling equipment, field supplies, field clothing and personal protective equipment are 
prohibited when sampling for PFAS. T able 1 outlines the prohibited items. This table must be 
included in the SOP and field staff informed as to what equipment is allowed. 
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Table 1: Summary of Prohibited and Acceptable Items for Use in PFAS Sampling 
 

Prohibited Items Acceptable Items 
Field Equipment 

Teflon® containing materials. Aluminum foil. High-density polyethylene (HDPE) and 
stainless steel materials 

Storage of samples in containers made of 
LDPE 
materials 

Acetate direct push liners 

Teflon® tubing Silicon or HDPE tubing 
Waterproof field books. Water resistant 
sample bottle labels. 

Loose paper (non-waterproof). Paper sample 
labels covered with clear packing tape. 

Plastic clipboards, binders, or spiral hard 
cover 
notebooks 

Aluminum or Masonite field clipboards 

 Sharpies®, pens 
Post-It Notes  
Chemical (blue) ice packs Regular ice 
Excel Purity Paste 
TFW Multipurpose Thread Sealant 
Vibra-Tite Thread Sealant 

Gasoils NT Non-PTFE Thread Sealant 
Bentonite 

Equipment with Viton Components (need to 
be 
evaluated on a case by case basis, Viton 
contains 
PTFE, but may be acceptable if used in 
gaskets or O - rings 
that are sealed away and will not come into 
contact with sample or sampling equipment.) 

 

 
 
 
 
 
 
 
 
 

Field Clothing and PPE 
New clothing or water resistant, waterproof, 
or stain treated clothing, clothing laundered 
with fabric softeners, clothing containing 
Gore-TexTM 

Well-laundered clothing, defined as clothing 
that has been washed 6 or more times after 
purchase, made of synthetic or natural fibers 
(preferable cotton) 

Clothing laundered using fabric softener No fabric softener 
Boots containing Gore-TexTM Boots made with polyurethane and PVC 

 

 
 
 

Reflective safety vests, Tyvek®, Cotton 
Clothing, 
synthetic under clothing, body braces 

No cosmetics, moisturizers, hand cream, or 
other 
related products as part of personal 
cleaning/showering routine on the morning of 
sampling 

Sunscreens - Alba Organics Natural 
Sunscreen, Yes To Cucumbers, Aubrey 
Organics, Jason Natural Sun Block, Kiss my 
face, Baby sunscreens that are “free” or 
“natural” 
Insect Repellents - Jason Natural Quit 
Bugging Me, Repel Lemon Eucalyptus Insect 
repellant, Herbal Armor, California Baby 
Natural Bug Spray, BabyGanics 
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 Sunscreen and insect repellant - Avon 

Skin So Soft Bug Guard Plus – SPF 30 
Lotion 

Sample Containers 
LDPE, glass containers or passive diffusion 
bags. 

HDPE (any media) or polypropylene (only for 
EPA Method 537 samples) 

Teflon®-lined caps Lined or unlined HDPE or polypropylene 
caps 

Rain Events 
Waterproof or resistant rain gear Polyurethane, vinyl, wax or rubber-coated 

rain gear. Gazebo tent that is only touched or 
moved prior to and following sampling 
activities 

Equipment Decontamination 
Decon 90 Alconox® and/or Liquinox® 
Water from an on-site well Potable water from municipal drinking water 

supply (if tested as PFAS-free) 
Food Considerations 

All food and drink, with exceptions noted on 
the right 

Bottled water and hydration drinks (i.e. 
Gatorade® and Powerade®) to be brought 
and consumed only in the staging area 

 
 

It is recommended that all water samples will be collected using dedicated or disposable 
sampling equipment where possible. Any re-usable equipment, such as plumbing fittings, that 
may be needed in certain cases to obtain a sample from the pressure tank tap, should be 
deconned using Alconox/Liquinox soap and rinsed with DI or PFAS-free water prior to use and 
between locations. 

 

 
5.0 Sample Locations 

 
A map showing planned sampling locations will be included in the sampling plan. If locations 
are not pre - determined, the method that samples will be chosen and collected (field 
observations, random, etc.) will be outlined in the SAP. Field or laboratory compositing 
procedures will also be described, if applicable. 

 
This section should also indicate sampling collection priority and order, to assure that the most 
important samples are obtained, and that sampling is generally done from low areas of 
contamination to higher levels of contamination. It is recommended that critical samples be 
collected in duplicate. 

 

 
6.0 Media Sampled 

 
A chart outlining the media collected and sample analysis will be included in the SAP. Table 2 
provides several current methods with their associated media: 
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TABLE 2 
Media/Analytical Methodology 

 

 
MEDIA LABORATORY 

METHOD 
HOLD TIME*/ 
PRESERVATION 

ANALYSIS 
TIME 

Reporting 
List 

Drinking Water USEPA Method 
537 

14 days to 
extraction/Trizma** 

28 days after 
extraction 

Method 
specific 

Groundwater Modified Method 
537 

14 days to 
extraction/<6°C 

28 days after 
extraction 

DEP Minibid 
list *** 

Surface Water Modified Method 
537 

14 days to 
extraction/<6°C 

28 days after 
extraction 

DEP Minibid 
list *** 

Soil/Sediment/ 
Sludge 

Modified Method 
537 

14 days to 
extraction/<6°C 

28 days after 
extraction 

DEP Minibid 
list *** 

Other 
(vegetation…) 

537 Modified Lab specific Lab specific DEP Minibid 
list *** 

Water or Soil TOP or other total 
fluorinated 
analysis 

Lab specific/<6°C Lab specific Method 
specific 

* Hold times may vary with contracted laboratory, listed times from Vista Analytical Inc. 

** Trizma needed for samples that may contain residual chlorine from treated water sources 

*** Longer reporting lists may vary between laboratories, generally the DEP mini-bid list can 

be used for  comparison to other selected laboratories 

 
Other methods may be appropriate based on the data quality objectives of the sampling 
project. 

 
The contracted analytical laboratory must be Maine certified to perform any method for 
which Maine provides certification. The contract lab must be able to accommodate the 
sample load and perform the analyses within holding times. The contract lab must be 
able to achieve PQLs, for all analyses, which are below the associated regulatory 
guideline value. 

 
Containers, preservation, and holding times will be as recommended by the laboratory 
providing analytical services. Special or out of the ordinary containers or preservation 
should be noted in the SAP. 

 

 
7.0 FIELD QC SAMPLES 

 
The specific needs for QC samples for the project will be outlined. General requirements 
for PFAS sampling events include one aqueous field blank, per field event, to be tested 
for PFASs to determine if water samples have been contaminated by sources unrelated 
to the project area, and to assess the overall field procedures. The field blank is typically 
one bottle of PFAS-free water supplied by the laboratory, which is uncapped and poured 
to a second bottle. An equipment blank should be collected if non-dedicated equipment is 
used. For multi-day events, one blank per day should be considered, and for large events 
one blank per 10 or 20 samples is warranted, depending upon the project requirements. 
All blanks should be collected with laboratory supplied PFAS-free water. A source-water 
blank is handled like a trip blank, and assesses the laboratory supplied water and sample 
containers. This blank may be warranted depending on DEP experience with the 
laboratory or sensitivity of the project. 
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Additionally, any QC samples that will be collected in the field that are required as part of 
laboratory QC requirements and to allow data validation will be outlined. 

 

 
4.9 REPORT GENERATION 

 
A Sampling Event Trip Report (SETR) will be developed for every sampling event (See 
MEDEP/DR SOP# RWM-DR-013). Staff person responsible for developing the SETR will 
be stated. 



 

ATTACHMENT 2 
 
 

          LABORATORIES APPROVED BY DEP FOR PFAS ANALYSIS 
 

 
 
 

Alpha Analytical 
72 Center Street, Suite 3, Brewer, ME 04412 

Contact name: Stephen Knollmeyer 
Email address: sknollmeyer@alphalab.com 
Phone: (603) 498‐7213 

222 International Drive, Suite 155, Portsmouth, NH 03801 
Contact name: Melissa Gulli 
Email address: mgulli@alphalab.com 
Phone: (603) 319‐5010 

ALS Environmental 
1317 South 13th Avenue, Kelso, WA 98626 

Contact name: Howard Boorse 
Email address: Howard.Boorse@alsglobal.com 
Phone: (360) 577‐7222 

Eurofins Lancaster 
2425 New Holland Pike, Lancaster, PA 17601 

Contact name: Jane Huber 
Email address: JaneHuber@EurofinsUS.com 
Phone: (717) 209‐1438 

Eurofins TestAmerica Laboratories, Inc 
880 Riverside Parkway, West Sacramento, CA 95605 

Contact name: Debby Wilson 
Email name: Debby.Wilson@testamericainc.com 
Phone: (949) 260‐3228 

SGS AXYS 
2045 Mills Road West, Sidney, British Columbia, Canada V8L 5X2 

Contact name: Nicholas Corso 
Email address: nicholas.corso@sgs.com 
Phone: (250) 655‐5800 

SGS North America, Inc 
4405 Vineland Road, Orlando, FL 32811 

Contact name: Geoffrey Pellechia 
Email address: Geoffrey.pellechia@sgs.com 
Phone: (508) 630‐4940 

Vista Analytical Laboratory, Inc 
1104 Windfield Way, El Dorado Hills, CA 95762 

Contact name: Jennifer Miller 
Email address: jmiller@vista‐analytical.com 
Phone: (916) 673‐1520 
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H I G H L I G H T S

• Microplastic (MP) concentrations of up
to 1.4 × 104 MP kg−1 were found in bio-
solids.

• Storage of biosolids should be explored
as a method for reducing biosolids' MP
content.

• Some MP fibers are retained in soils,
while fragments are predominantly
exported.

• N99% of MPs applied from biosolids
were likely exported to the aquatic en-
vironment.

• Biosolids application legislation may
need revisions to incorporate MP
management.
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BetweenApril to November of 2017,microplastics (MPs)were analysed in biosolids from two separate suppliers,
and in the soils of three agricultural fields to which they were applied, in Ontario, Canada. Soils of a control site
with no history of biosolid application were also examined. High MP concentrations of between 8.7 × 103 MP
kg−1 and 1.4 × 104 MP kg−1 were found in biosolids samples. Lower MP concentrations observed in Provider 2
biosolids may be due to storage, settling and supernatant removal prior to applications. Annual MP additions
to agricultural soils across Ontariowere estimated at between 4.1 × 1011 and 1.3 × 1012 particles. Allfields receiv-
ing biosolids had higher soil pre-treatmentMP concentrations than the control. The field with the greatest num-
ber of previous biosolid treatments had the highest pre-treatment soil MP concentrations; suggesting some MP
retention in soils between applications. Immediately following biosolids applications, two fields demonstrated
significant increases in soil MP concentrations, with preferential retention of MP fibers over fragments observed,
while a reduction in soil MP concentrationswere observed in the third. Surprisingly, only onefield demonstrated
a net gain in soil MPs over the course of the study. At all three fields, N99% of MPs applied in biosolids in 2017
were unaccounted for. The study suggests that despite adhering to applicable legislation, biosolids applications
at all sites likely result in high rates ofMP export. This study is thefirst to trackMP transport through soils follow-
ing their application in biosolids, and contributes to filling current knowledge gaps regarding export of MPs to
aquatic systems from the terrestrial environment.
© 2020 The Authors. Published by Elsevier B.V. This is an open access article under the CC BY-NC-ND license (http://
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Keywords:
Microplastics
Soil
Agriculture
Biosolids
Management
Export
Aquatic

Science of the Total Environment 724 (2020) 138334

⁎ Corresponding author.
E-mail address: jhc@uwindsor.ca (J. Crossman).

1 These authors contributed equally.

https://doi.org/10.1016/j.scitotenv.2020.138334
0048-9697/© 2020 The Authors. Published by Elsevier B.V. This is an open access article under the CC BY-NC-ND license (http://creativecommons.org/licenses/by-nc-nd/4.0/).

Contents lists available at ScienceDirect

Science of the Total Environment

j ourna l homepage: www.e lsev ie r .com/ locate /sc i totenv

http://crossmark.crossref.org/dialog/?doi=10.1016/j.scitotenv.2020.138334&domain=pdf
http://creativecommons.org/licenses/by-nc-nd/4.0/
http://creativecommons.org/licenses/by-nc-nd/4.0/
https://doi.org/10.1016/j.scitotenv.2020.138334
mailto:jhc@uwindsor.ca
https://doi.org/10.1016/j.scitotenv.2020.138334
http://creativecommons.org/licenses/by-nc-nd/4.0/
http://www.sciencedirect.com/science/journal/
www.elsevier.com/locate/scitotenv


1. Introduction

Plastic items with a longest dimension smaller than 5 mm are de-
fined as microplastics (MPs) and include both intentionally
manufactured particles (primary MPs) and those originating from the
breakdown of larger macroplastics (secondary MPs). Although second-
ary MPs are more common in the environment, primary MPs have
gained the greatest public attention, and been the target of most legisla-
tion and management (Rochman et al., 2015; Xanthos and Walker,
2017). Due to their ubiquitous presence in environmental matrices
and potential interaction with biota, MPs have emerged as a serious
global concern.

While the generation of MPs is largely terrestrial, their transmission
to the aquatic environment is believed to be driven primarily by urban
surface runoff and wastewater discharge (Galafassi et al., 2019). Large
volumes of MPs can be removed, however, when stormwater runoff, in-
dustrial effluent and household drainage pass through wastewater
treatment plants (WWTP) (Carr et al., 2016). Despite this, MP concen-
trations in lakes and oceans continue to rise; there are an estimated
2.69 × 105 tons of MPs in the ocean (Xanthos and Walker, 2017), and
an average of 4.30 × 104 MP km−2 in the surface waters of the Lauren-
tian Great Lakes (Eriksen et al., 2013).

Once removed from wastewater, MPs culminate in biosolids; a
nutrient-rich semi-solid waste product, created during the wastewater
treatment process. In many countries, biosolids are applied to agricul-
tural lands as a soil amending agent and fertilizer (Nizzetto et al.,
2016a). It has been calculated that each year farmed soils in North
America may receive to up to 300,000 tonnes of MPs through biosolid
applications (Nizzetto et al., 2016a), however very little is known
about their fate and transport through the terrestrial environment
(Nizzetto et al., 2016a; Rocha-Santos and Duarte, 2015; Rillig, 2012;
Ng et al., 2018; de SouzaMachado et al., 2018). Specifically, no empirical
information is available onwhether subsequent to biosolids application,
the soils act as anMP source to rivers and lakes, withMPsmoving later-
ally towards watercourses; or whether soils act as a sink, with down-
ward vertical movement dominating. Under repeated biosolids
applications, some MPs may be retained in soils, which could result in
significant MP accumulation over time (Brodhagen et al., 2017;
Corradini et al., 2019), although MP retention has not yet been quanti-
fied.While the notion of a soil MP ‘store’might be desirable for reducing
transfer of MPs to aquatic systems, the permanence of such a store and
its impacts on plant growth, soil biota and overall soil health are largely
unknown.

Through the analysis of 1300 soil samples collected before, during
and after biosolids applications from three cultivated fields and from
one control site in 2017 (Fig. 1), in addition to samples of the biosolids
applied, we aimed to quantify the spatial and temporal variability in
MP fate and transport through agricultural soils in Ontario, Canada.
Key objectives were to 1) identify MPs in biosolids applied to agricul-
tural soils; 2) quantify impacts of biosolid applications on the MP con-
tent of agricultural soils; and 3) to identify biosolids management
strategies to reduce MP inputs to agricultural soils.

2. Methods

2.1. Site description

Four agricultural fields in Ontario, Canada, were studied. Three ac-
tive treatment sites were sampled (Field 1, Field 2 and Field 3) where
biosolids had been previously applied between 2012 and 2016, and
where applications were planned for 2017. A fourth control field with
nohistory of biosolids usewas selectedwithin the same region. Proxim-
ity was important for minimizing between-site variability in exposure
to airborne MP contamination. All sites were located proximal to tribu-
taries which drained into large economically important waterbodies

(Lake Simcoe and Lake Scugog) and were situated in sandy loam soils
(Fig. 1).

Field 1 (10.24 ha) and Field 3 (34.4 ha) were treated with biosolids
from the same supplier (Provider 1) whereas biosolids applied to Field
2 (26.1 ha) were supplied by a separate haulage company (Provider
2). Although the two providers obtained biosolids from different
WWTPs, all treatment plants had separate stormwater and sanitary sys-
tems and served similar sized cities (≈140,000 people). There are, how-
ever, notable differences in biosolid treatment and storage methods
between WWTPs. The WWTP supplying Provider 1 anaerobically di-
gests solids in mixing tanks, whereas the WWTP supplying Provider 2
uses an additional aeration pre-treatment process to promote bacterial
breakdown. Provider 1 transports biosolids directly from the WWTP to
the fields on the day of application and incinerates waste from fall to
spring when biosolids spreading is prohibited. Provider 2 collects bio-
solids from a centralized facility, used year-round by theWWTP for bio-
solid storage and settling (Albert, 2013), where the top liquid
supernatant is syphoned off and returned to the WWTP for additional
treatment. Thus, Provider 2 uses only the thicker portion of the settled
biosolids for land applications.

In Ontario, biosolids may be either surface applied or injected into
the soils, although restrictions exist as to time and conditions of use
(Ontario Nutrient Management Act, 2002). Permitted application rates
vary depending on soil saturation levels, season, proximity to water-
course and slope. Opportunities to apply biosolids were limited in
early 2017 by heavy and frequent rainfall, resulting in soil saturation.
Soil conditions improved sufficiently by April 27th for treatment to pro-
ceed at Field 3, where Provider 1 applied biosolids to the surface using
precision methods with a tanker and hose, simultaneously applying
and ploughing biosolids into the top soil layer. At the other two treat-
ment sites, conditions were unfavorable for surface application until
May 23rd (Field 2, Provider 2) and June 13th (Field 1, Provider 1), by
which time crops had already been planted, precluding post-
application ploughing. At all sites, heavy rainfall events combined with
high runoff volumes were observed shortly after application. Applica-
tion rates and total amounts of biosolids applied are summarized in
Table 1.

2.2. Sample collection

A cylindrical stainless steel corer, 5x8cm was used to extract soil
samples from three depths; 0–5 cm, 5–10 cm and 10–15 cm. Soil sam-
ples were not taken below 15 cm due to heavy soil compaction at all
sites at this depth, making MP transport below this level unlikely. The
5 cm corer was chosen to minimize soil compaction during sampling.
Samples from each profile depthwere separatelywrapped in aluminum
foil on site, and frozen until analysis. Soil samples were taken before,
during and after biosolid application (Table S1). Following biosolids ap-
plication, soil samples were taken monthly and following heavy rainfall
events. Coring locations were selected according to observed field char-
acteristics. Fields 2 and 3 had relatively steep slopes and a clear ridge
and furrow pattern. At these fields, on each collection date 11 cores
were taken across a transect at each profile depth (between two ridges
and furrows), and four additional cores collected at each profile depth
across ridges and furrows at the highest and lowest points of the field.
Field 1 and the control site were predominantly flat, with less variable
microtopography (i.e., no ridge or furrow patterns). In these fields, 14
soil cores were taken at each depth on each collection date. Locations
of soil cores in these fields were randomly selected, although the exis-
tence of dense alfalfa crops in Field 1 restricted sampling to the southern
field perimeter. Biosolid samples were also collected directly from the
trucks and hoses during application. Three to five liters of biosolids
were collected during each event and stored in a fridge prior to analysis.

Due to highly localized precipitation patterns and biosolids applica-
tion times, sampling dates did not necessarily coincide at all sites. Pre-
cipitation was monitored using electronic tipping bucket rain gauges
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installed in Fields 1 and 2. At the Control site and Field 3, established
meteorological stations were used which were located within close
proximity.

As with any field study, there remain limitations to the numbers of
samples which can be collected. For example, fewer samples were
taken from Field 3 due to limited site access. Every effort was made
however to obtain a representative sample of the soil landscape, with
over 1300 cores collected across the four fields. Through taking such a
large number of samples, we incorporated variance in soil MP content
across a range of soil depths, slope, ridges, furrows and general

patchiness in soil matrices. This is the first MP study conducted within
the soil environment at such a large spatial and temporal scale.

2.3. Analytical methods

At the University of Windsor, Ontario, soil samples were defrosted
and 10 cm3 selected for analysis from each core. This volume was
weighed, and then placed in an oven at 65 °C until dry (with aminimum
drying duration of 24 h). During drying, samples were covered with foil
lids, with small holes inserted, tominimize likelihood of contamination.

Fig. 1. Study sites, Ontario, Canada. Soils data derived from Soil Landscape of Canada Working Group (2010). Only approximate field locations are provided to ensure landowner
anonymity.

Table 1
Biosolid application rates, and total amounts of MPs applied.

Site Distance
to water

Area
(ha)

Biosolids
provider

Biosolids
application
ratea

(m3 ha−1)

Application
method

Total
biosolids
applied
(m3)

Biosolids dry
weight
MP concentration
(MP
kg−1)

Biosolids dry
weight MP
mass
(mg kg−1)

Biosolids wet
weight MP
content
(MP L−1)

Total number
of
MPs applied
to
field

Field
1

b150 m 10.24 1 78 Surface 799 11,469.4 Min: 1180 686 5.48 × 108

N150 m N/A 1 N/A Max: 1276
Field
2

b150 m 3.79 2 75 Surface 3183.2 8678 Min: 626 275 8.74 × 108

N150 m 22.39 2 130 Max: 654
Field
3

b150 m 3.67 1 74 Surface with post-application
ploughing

4258.7 14,407 Min: 471 884 3.77 × 109

N150 m 30.67 1 130 Max: 536

a Biosolid application rates for Field 1 and 3were supplied by Provider 1. Application rates for Field 2werederived from regulatory guidelines (Ontario NutrientManagement Act, 2002).
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Soil dry weights were calculated, and a composite sample for each field
and sampling event created by combining dry samples from the same
depth; resulting in 3 dried soil samples for each site sample date; vis,
a 0–5 cm, 5–10 cm and 10–15 cm sample. Total volumes of biosolids
sampled at each field were measured in a volumetric flask. Samples
were poured into aluminum trays, covered, oven dried at 65 °C and
then weighed. Temperatures were maintained ≤65 °C at all times to
minimize plastic degradation. Finally, all dried samples were wrapped
in aluminum foil, inserted in paper sampling bags, and shipped to the
Norwegian Institute forWater Research (NIVA) for separation and iden-
tification of MPs.

As MPs in this study are encased in organic matrices (soils and bio-
solids), several processing steps are required for extraction including or-
ganicmatter digestion, density separation,microscopic selection of MPs
and identification of polymer types. All samples were first treated to re-
move organic matter using Fenton's reagent for digestion, following
Hurley et al. (2018). MPs were then isolated from the sediment matrix
through a series of density separations (SI). Following extraction, MPs
were first visually identified using a Nikon SMZ 745T stereomicroscope
at 20–40× magnification. Larger microplastics N300 μm, excluding fi-
bers, were analysed on an Agilent Cary 630 single bounce ATR-FTIR.
All smaller particles and fibers were analysed on a PerkinElmer Spot-
light 400 μFT-IR. Spectra were compared to several libraries: including
the Agilent Polymer and Elastomer, Oring and Seal ATR, PerkinElmer
ATR Polymer, and BASEMAN libraries (Primpke et al., 2018). The a, b
and c axis of each identified particle was recorded and used to establish
particle volume, to facilitate a mass-based conversion between particle
counts and particle masses. A detailed methodological description is
provided in SI, including quality assurance and control (QA/QC) mea-
sures. Raw MP data are reported in Tables S5 and S6.

2.4. Contamination control

Throughout the study, care was taken to minimize MP contamina-
tion. During sample collection and drying, only glass ormetal containers
and instruments were used. Containers and instruments were pre-
washed with millipore water. Samples were covered where possible
using aluminum foil or glass. At NIVA, sample processing and analysis
was performed using a series of QA/QC measures, including measures
to limit contamination, and the use of controls (SI), both positive
(spiked matrix samples) and negative (blanks). The positive controls
confirmed high extraction efficiencies for different particle types (PE
beads: 97.3%±4.67%; PVC fragments: 92.7%±6.17%; Car tyre particles:
88.2% ± 5.75%; PET fibers: 80.0% ± 9.53%). For negative controls, only
cellulosic particles were observed in biosolid samples, although viscose
fibers were identified in soil samples. As viscose fibers represent b3% of
MP types found within the soil samples, they were excluded from the
dataset to account for a possible lab contamination source.

2.5. Data analysis

Three replicates of each composite soil sample were analysed, with
dry weights between 19.3 and 30.8 g. The size, type (fragment/fiber),
and polymer of each MP was recorded. Concentrations of MPs kg−1 in
dried biosolid or soil were calculated by dividing the number of MPs
in the replicate by the dried weight of the sample analysed. MP concen-
tration L−1 of biosolid was calculated by dividing the number of MPs in
the sample by the volume of sample analysed. Average MP concentra-
tions and standard errors were calculated for the three replicates.
Changes in MP distribution were calculated as the difference in MP
soil concentrations at each soil depth between the baseline (before bio-
solid application) and date of sampling. MP accumulation was calcu-
lated as the sum of observed changes in MP distribution (positive and
negative) over all soil depths, across the study period.

3. Results and discussion

3.1. Microplastics in biosolids

Microplasticswere found in all biosolid samples (Fig. 2, Table 1). The
highest dry andwetweight concentrationswere found in biosolids sup-
plied by Provider 1, applied to Field 1 (11,469 MP kg−1 or 686 MP l−1)
and Field 3 (14,407MP kg−1 or 884MP L−1). The lowest concentrations
were found in biosolids supplied by Provider 2, and applied to Field 2
(8678 MP kg-1 or 275 MP L−1), and were significantly lower than
those applied to Field 3 (p b 0.01). This range of concentrations is similar
to those reported elsewhere (Primpke et al., 2018). Total numbers of
microplastics applied to the fields ranged between 5.5 × 108 and
3.8 × 109 (Table 1).

The lower MP concentrations in biosolids from Provider 2 may be a
result of several factors. First is the possibility of a difference in initial
MP inputs to WWTPs; although treatment plants serve similar popula-
tion sizes and have separate stormwater and sanitary systems. Second
is the potential for differences in MP removal efficiency, i.e., the
WWTP supplying Provider 2 may release more MPs in effluent and re-
tain less in biosolids. High spatial and temporal variability in removal ef-
ficiency has been reported previously, e.g. between 54 and 91% MP
removal efficiency was reported over 5 days in a Turkish WWTP
(Gündoğdu et al., 2018) compared to a much more consistent 97–99%
efficiency observed over a 13 day period in Canada (Gies et al., 2018).
While this could partially explain the two-fold differences in biosolid
MP concentrations measured in this study, short term variability in re-
moval efficiency would likely have a minimal impact on biosolid MP
concentrations, as biosolids are created from cumulative contributions
from effluent flow over time. The third possibility is the difference in
storage mechanisms; whereby Provider 2 used biosolids only after
long-term storage and settling, and Provider 1 used materials directly
from theWWTP. This settling process, in which the liquid fraction is sy-
phoned off for re-treatment, equates to a form of density separation. As
many plastic polymers are less dense than water (Nizzetto et al.,
2016b), it is likely that MPs would be removed from biosolids during
this process. The results indicate that long-term storage could be a pos-
sible mechanism for biosolid MP concentration reduction, and further
research is therefore required to isolate the mechanisms causing vari-
ability in biosolids' MP concentrations between sources.

Several of the polymers identified in biosolidswere found to be com-
mon between sources (Fig. 3, Table S2); polyethylenewas found in sim-
ilarly high concentrations in all samples from both providers, ranging
from 4772 MP kg−1 (Provider 1) to 3926 MP kg−1 (Provider 2). Poly-
propylene, acrylics and polyesters were also found in high concentra-
tions in all biosolids samples. Concentrations of other plastics common
to all samples e.g. silicone, polyurethane, and ethyl-vinyl acetate were
significantly lower in biosolids from Provider 2, at less than 30MP
kg−1, compared to up to 870MP kg−1 in biosolids from Provider 1. Fur-
thermore, some plastic polymers found within Provider 1 biosolids
samples at over 100MP kg−1 were entirely absent in biosolids from

Fig. 2.MP concentrations in biosolids observed during 2017. Total samples analysed=11.
Error bars represent ± 1 Standard Error.
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Provider 2, including polycarbonate, polybutylene terephthalate, ethyl-
ene propylene rubber (EPR) and fluoroelastomers. These differences
may again be due to the storage and density separationmethods of Pro-
vider 2; since several of these polymers have a density less than or close
to that ofwater, they are likely tohave been preferentially removed dur-
ing the settling process prior to application. Differences could also result
from contrasting industrial inputs to the WWTPs, with Provider 1 re-
ceiving inputs from the automotive industry, andmanufacturers ofmin-
ing and railway equipment, steel fabrication and rubber products; and
Provider 2 receiving inputs from manufacturers of motor vehicle parts,
plastics, cement and concrete products.

All biosolids applied to Fields 1, 2 and 3 contained a similar domi-
nance of fragments over fibers, with fragment content ranging from be-
tween 63% (Field 1) and 73% (Fields 2 and 3). This supports existing
observations of preferential release of fibers in WWTP effluent waters
(Sutton et al., 2016) and retention of fragments in biosolids
(Weithmann et al., 2018).

3.2. Microplastics in soils

Soil MP concentrations prior to biosolid application were signifi-
cantly different, both between depths and between sites (Fig. 4). Soils
at Field 3 contained the highest number of MPs before application (av-
erage 541 MP kg−1), with the control having the lowest (average 4 MP
kg−1). Biosolids were previously applied in 2013 and 2015 to Field 3,
but only on one prior occasion on Fields 1 and 2; and there was no re-
cord of applications at the control site. High residual MP levels at Field
3, both in terms of MP numbers and MPmass (Table S3) may therefore
represent accumulation of MPs from previous applications. Such accu-
mulations have been hypothesized through laboratory experiments
(Zubris and Richards, 2005) although not previously empirically ob-
served in the environment.

Similar to the biosolids, high proportions and high concentrations of
polypropylene, polyethylene, polyesters and acrylic were found in soils
at all treated sites (Table S4). Soils also contained some of the polymers
which were unique to individual biosolids providers. For example, poly
butylene terephthalate (PBT) was found only in biosolids and soils from

Provider 1, and polyvinyl chloride acetate (PVCA)was foundonly in bio-
solids and soils from Provider 2. The similarity in MP polymer types be-
tween individual biosolid sources and the soils to which they were
applied indicates direct transfer and retention of plastic polymers be-
tween biosolids and agricultural soils. Much higher proportions of poly-
ester MP fibers were found in soils (41–45%) (Fig. S1) than in original
biosolid applications (8–21%). The higher dominance of polyesterMP fi-
bers in all soil sites, including the control, compared to biosolids, indi-
cates that polyester MPs from an alternate source, e.g. atmospheric
deposition, are preferentially retained in the soil profile.

Following biosolids applications, an immediate increase in soil MP
concentrationwas observed at both Field 1 and Field 2 (Fig. 5), whereas
no increasewas seen in Field 3, despite thehigherMP concentration and
quantity of biosolids applied at this site. At Field 1, elevated soil MP con-
centrations persisted throughout the study period, amounting to a net
increase of 41% compared to pre-treatment concentrations (Table 2); al-
though after 2 months the majority of the increase was limited to the
bottom 10–15 cm, in contrast to the upper soil layer (0–5 cm) that
displayed a partial loss ofMPs during this period. Biosolids were applied
to this field via surface spreading on established crops, with no subse-
quent ploughing; and the initial MP accumulation in upper soil layers,
followed by its decline and sustained accumulation in deeper layers is
consistent with a downward movement of MPs. Unique polymers
found both in the biosolids and soil profile indicate that MPs found in
Field 1 originate from Provider 1 (Table S4).

In Field 2 biosolids applications were also surface spread without
ploughing, subsequent to crop planting. Initial MP enrichment in
upper soil layers was also observed here for seven weeks. Beyond this
timeframe, a net loss of MPs compared to the pre-application phase
was observed from the top layer. Unlike Field 1, however, this loss
was notmatched by concomitantMP increases in lower layers, suggest-
ing limited MP infiltration, followed by removal during runoff events.
Throughout the study period, a net loss of 30% MPs was observed
throughout the soil profile at this site (Table 2). In Field 3 the sustained
MP losses of 45%, and absence of unique MPs matching Provider 1 bio-
solids, suggests that the majority of MPs from biosolids were removed
during early surface flushing events following application. Field 3 was
the only field where biosolids were applied with ploughing and prior
to crop establishment. High rainfall following biosolids application
may account for the lack of MP accumulation during 2017. Considering
the high historical MP accumulation in soils in Field 3, however, it ap-
pears that such flushing is not a common occurrence at this site.

As between 5.5 × 108 and 3.8 × 109 MPs were applied through bio-
solids to each site during the study period, this small net increase, and
large net reductions in soil MP concentrations indicate that between
99% (Field 1) and N102% (Fields 2 and 3) of theMPs applied in biosolids
were unaccounted for during soil sampling, and were likely ultimately
exported from the soils, where N100% indicates that both biosolids
and existing baselineMPswere removed. Surprisingly, net soil MP accu-
mulationwas lowest where the highest biosolidMP concentrations and
volumes were applied (Field 3; Table 2), indicating that the response of
soil MP concentrations to applications through biosolids is not solely

Fig. 3. Common types of plastics found in all biosolids from both providers applied to different fields.

Fig. 4. TotalMP concentrations in soils prior to 2017 biosolid application. Error Bars=±1
standard error.
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driven by the quantity ofmaterial used, but is influenced by a number of
factors which affect subsequent MPmobilization within the soil. For in-
stance, there is significant negative correlation between soil MP reten-
tion and soil wet density (Fig. 6). Fields 1 and 2 which retained MPs at
deeper layers (Fig. 5), and which lost fewer MPs throughout the study
period (Table 2) had significantly lower soil density than Field 3;
which demonstrated no retention of MPs. The soil density is associated
with its hydraulic properties. With higher density, and by association,
fewer void spaces, MPs in Field 3 may have been subject to greater
losses from surface runoff (Zemke et al., 2019) particularly during the
unusually high rainfall events of 2017,with accumulation demonstrated
in much drier years (Fig. 7). Applications of biosolids at Field 3 also oc-
curred much earlier in the year (April) which likely increased the MPs
exposure to these high rainfall amounts and saturated soils.

Precipitation in April to June was more than double that in July; thus
in Fields 1 and 2 where biosolids were applied later in the season,
they were exposed to less rainfall, lower soil saturation, and were
more easily able to move vertically through the soil profile. Pre-
establishment of crops (Fields 1 and 2) could also facilitate vertical
transport through bioturbation (Horton andDixon, 2017) and preferen-
tial flow pathways enhanced by root growth; as it has been suggested
thatMPmovement through soils could be impacted by soil macropores,
strength of the soil matrix, accumulation within organic matter, and
movement by soil biota (Rillig et al., 2017).

In all fields an increase in the proportion of MP fragments, a key
characteristic of biosolids used, was noted either during or shortly fol-
lowing applications; although in Field 2 the increase was not observed
until a fullmonth after treatment (Fig. 8). Increases in fragments ranged

Fig. 5. Change in distribution of microplastics over time by soil depth. The change in distribution is calculated as MP numbers counted in soils prior to biosolids applications, subtracted
from those identified after its application. Negative values indicate a reduction inMPs compared to the baseline; positive values indicate an increase. Note the larger scale axis for Field 1.

Table 2
Net change in average soilMP concentrations calculated between samples taken before and after spring applications of biosolids in 2017, including % relative error calculated across sample
replicates and depth, measured as site average MP concentration divided by total range of MP concentrations.

Site MP concentration (MP kg−1) Net change

Before application After MP kg−1 % increase

Field 1
18
±22.2%

25
±20.8%

7
±43%

41
Min: 24%
Max 59%

Field 2
187
±53.1%

130
±23.1%

−56
±76%

−30
Min: −7%
Max: −53%

Field 3
541
±56.4%

298
±39.1%

−244
±95%

−45
Min: −2%
Max: −88%
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from 4% (Fields 1 and 2) to 10% in Field 3. In Field 3 the increase was
seen only during the application event itself, in comparison to Field 1
where the increase was sustained for several months. The eventual de-
cline in proportion of fragments and increase in fibers in two of the
three application sites might indicate that fragments from biosolids
are preferentially transported out of the soil matrix, while fibers are
retained. Previous studies on agricultural soils observed a high propor-
tion of fibers, and suggested possible retention (e.g., Corradini et al.,
2019; Zubris and Richards, 2005) due to entanglement within the ma-
trix (Horton and Dixon, 2017).This study is the first empirical assess-
ment of MP fragment and fiber transfer between biosolids and soils
which is able to support this theory.

3.3. Wider implications

Total annual biosolid applications to agricultural land in Ontario,
Canada (Central Lake Ontario Conservation Authority, 2007) have
been estimated at 1.5 × 106 m3. Using upper and lower biosolids MP
concentrations from this study (Table 1), annual MP additions to agri-
cultural soils in Ontario through biosolids use are between 4.1 × 1011

and 1.3 × 1012 particles (Fig. 9). Such high MP application rates,

combined with the minimal capacity of soils to store MPs, as observed
in this study, demonstrate the need for a targeted program for the pro-
tection of agricultural soils and thewider environment. For instance, re-
sults indicate that the long-term storage of biosolids and syphoning of
supernatant liquid may be a relatively simple step which could reduce
biosolid MP content and the quantities of MPs introduced to the
environment.

4. Conclusion

This study reinforces the hypothesis that biosolids are a significant
source of MPs to agrosystems, since up to 3.8 × 109 of MPswere applied
to a singlefield in 2017. Differentmeasuresmay need to be conceived to
reduce MP inputs to agricultural soils treated with biosolids. Recently
announced policies in many parts of the world, including Canada, to re-
strict single use plastics, along with existing regulations banning use of
polymeric microbeads in cosmetics and personal care products will
likely indirectly reduce the loads of MPs entering WWTPs, and thus re-
duce concentrations in sludge and biosolids. It is clear, however, that fi-
bers, originating from laundry of synthetic clothes, will be unaffected by
such legislation. In addition, revision of existing legislation surrounding
biosolidsmanagementwill be required to incorporateMPmanagement,
as results show that large numbers ofMPswere lost from some sites fol-
lowing biosolid applications, despite adhering to all applicable regula-
tions (e.g. use of Nutrient Management Plans). Meteorological
conditions, soil characteristics, vegetative cover and timing of applica-
tions all impacted MP soil retention, and new legislation should be im-
plemented to incorporate these factors and minimize transfer of MPs
to watercourses.

Due to the current paucity of data on MP removal during different
wastewater treatment steps and the near complete lack ofMPmeasure-
ments in agricultural soils, additional research is clearly needed to an-
swer pressing questions. For instance, might heavy rainfall during
spring alter agricultural soils from acting as an MP store, to an MP
source? Can biosolid application subsequent to crop establishment re-
duce transmission of MPs into watercourses? What proportion of MPs
are removed from biosolids through storage and filtering of surfactant

Fig. 6. Total change in microplastic distribution across all depths throughout the study
period, by soil density. Error Bars = ±1 standard error.

Fig. 7. A) total monthly precipitation (mm) at each field site during study period; arrows indicate locations and dates of biosolids application. B) Comparison of monthly precipitation
amounts received at Site 3 between 2017 study period and average conditions over preceding 5 years (2012–2016) (ECCC, 2019).
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liquids? Importantly, thresholds for ecological impact of MPs on soil
biota have not yet been identified, meaning that currently an ecological
risk assessment cannot be conducted on the results from this study. This
study indicates that establishing a framework of estimating exposure to

MPs in soil, a crucial step in any risk assessment, will require dealing
with highly dynamic and complex processes. Additional research is
therefore required as to whether the observed long-term accumulation
of MP fibers in soils on plant growth and soil biota could pose a risk to

Fig. 8.Percentage of soilMPparticles identifiedas fragments throughout the soil profile at active biosolid treatment sites (control site not included due to lownumbers of particles). Arrows
indicate dates of biosolid application.

Fig. 9. Total number of microplastics applied to Ontario agricultural soils, calculated using annual biosolid application volumes (Central Lake Ontario Conservation Authority, 2007),
farmland area (Ontario Ministry of Natural Resources, 2002) and observed average biosolid MP concentrations as quantified within this study.
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agricultural sustainability. Researchers urgently need to address these
uncertainties in order to enable effective management of terrestrial
and aquatic MP pollution.
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