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Simple Summary: Pesticides have been linked to an increased risk of developing childhood
leukemia, yet their impact on survival remains unclear. This study examines whether
reported use of pesticides at home before and after birth influences five-year survival in
children with acute lymphoblastic leukemia. Our data showed that exposure to pesticides
during pregnancy, particularly rodenticides, was linked to a higher risk of death after
accounting for other prognostic factors. These findings highlight the need to examine
preventable environmental factors that may affect childhood leukemia outcomes, with the
goal of improving survival.

Abstract: Background: Exposure to pesticides has been associated with an increased risk of
developing childhood leukemia. However, the impact of pesticides on childhood leukemia
survival has not been examined. We investigated the associations between residential
pesticide use during key developmental periods and 5-year survival in children treated for
acute lymphoblastic leukemia (ALL). Methods: Residential use of insecticides, herbicides,
rodenticides, and flea control products from preconception up to 12 months prior to
diagnosis and sociodemographic characteristics were collected via parental interview
among 837 children diagnosed with ALL between 1995 and 2008 in California, USA. Data
on clinical features were abstracted from medical records. Vital status was obtained through
linkage to the National Death Index (NDI) up to 2020. Cox proportional hazards regression
models were used to estimate hazard ratios (HRs), adjusting for sociodemographic factors
and clinical risk group. Results: A total of 108 children with ALL (~13%) died within 5 years
of diagnosis. Exposure to any pesticides pre- and/or postnatally was slightly higher among
deceased compared to alive children (95.4% vs. 91.5%; p = 0.23), while use of rodenticides
was significantly higher in children who died (25.0%) vs. those who survived (15.5%;
p = 0.02). In fully adjusted models, exposure to rodenticides was associated with an
increased risk of mortality (HR 1.70; 95% confidence interval (CI) 1.08–2.64; p = 0.02),
especially when the child was exposed during pregnancy (HR 1.90; 95% CI 1.15–3.16;
p = 0.01) and possibly 12 months before diagnosis (HR 1.60; 95% CI 0.98–2.61; p = 0.06).
Increased hazards of death were also observed with other types of pesticides during
pregnancy, but those associations were not statistically significant. Conclusions: This study
is the first to report reduced survival among children with ALL previously exposed to
rodenticides, particularly during pregnancy, underscoring the need to further evaluate
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mechanisms by which environmental exposures during key developmental stages may
later impact cancer outcomes.

Keywords: childhood acute lymphoblastic leukemia; survival; residential pesticides;
rodenticides; developmental periods; pregnancy

1. Introduction
In industrialized countries, leukemia stands as the most prevalent malignancy in

children, representing 25% of all pediatric cancers. Among its various subtypes, acute
lymphoblastic leukemia (ALL) is the dominant contributor, encompassing 78% of all
childhood leukemia cases [1]. Despite its relative prevalence, leukemia in children remains
a rare disease, with an incidence of 39 cases per million, peaking between the ages of 2 and
5, and exhibiting heightened rates among the Latinx population in the United States [1–3].
Childhood leukemia originates from genetic disruptions, often beginning in utero with
oncogenic fusion proteins, followed by additional hits postnatally [2].

Pesticides—used to control unwanted plants, insects, and animals—expose children
through ingestion, inhalation, and skin contact from home use, agricultural drift, and
contaminated food. Chronic low-level pesticide exposure, particularly from residential and
occupational sources during pregnancy, is linked to higher childhood leukemia risk [4–10].

Environmental chemicals may also contribute to cancer initiation and progression via
DNA damage, oxidative stress, and immune reactions [2,11,12]. A metanalysis showed
that children from lower socioeconomic backgrounds experience a survival gap compared
to those from higher socioeconomic backgrounds [13]. Racial disparities also persist, with
higher mortality rates among Latinx and Black patients, attributed to factors like genetics,
language barriers, and treatment responses [14,15].

Prognostic factors such as socioeconomic status (SES), race, and ethnicity are inter-
linked with environmental exposures [16], but little is known about the potential indepen-
dent impact of chemicals on cancer survival. Few studies have examined the link between
environmental exposures during perinatal development and pediatric leukemia survival. A
Spanish study found maternal smoking during pregnancy and postnatally increased mor-
tality 4-fold, adverse events 8-fold, and treatment-related mortality 14-fold [17]. Data from
the California Childhood Leukemia Study (CCLS) showed that paternal preconception
smoking and passive smoke exposure reduced 5-year overall survival [18]. Poor perceived
air quality and fine particulate matter levels were also associated with lower survival in
childhood ALL, lymphomas, and other cancers [19–22]. The impact of pesticides has been
investigated for cancer survival in adults but not children [23,24].

This study leverages data from the CCLS, a case–control study designed to investigate
environmental and genetic risk factors for childhood leukemia [18]. We aim to evaluate
whether pre- and postnatal residential pesticide exposures influence survival outcomes in
children diagnosed with ALL in California.

2. Materials and Methods
The CCLS is a case–control study that includes incident cases of childhood leukemia

from hospitals across California and matched population-based controls; cases enrolled
from 1995 to 2008 were evaluated in this study. Patients with childhood leukemia were
enrolled around the time of diagnosis at 17 hospitals if they were younger than 14 years
old at diagnosis, had an English or Spanish-speaking parent, lived in one of the study
counties at diagnosis, and had no previous cancer. Interviews with a parent, primar-
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ily mothers, used a structured questionnaire to collect information on residential use of
12 types of pesticides (yes/no) during three critical developmental periods, including three
months before conception, pregnancy, and postnatally (until the child turned three or was
diagnosed, whatever occurred first), as well as within a year of the interview following
the leukemia diagnosis. The process of extracting sociodemographic data, leukemia type,
and vital status through medical record abstraction, clinician validation, and probabilistic
linkage to electronic death certificate data was described in a previous study [18]. Of the
837 consenting ALL cases with completed interviews, 108 were linked to death records,
with 5 deaths due to external causes.

The primary exposure of interest was pesticide use. Based on their intended pest
targets, the 12 pesticide types were grouped into four broad categories: insecticides for
controlling various household and lawn insects (5 types), herbicides for targeting various
unwanted plants (2 types), flea control for managing fleas on pets and in living areas
(4 types), and rodenticides for controlling rodents (1 type). The total number of pesti-
cide types were also categorized into three exposure levels—low (0–2 types), medium
(3–4 types), and high (5–12 types)—based on the tertile distribution.

The outcome evaluated was 5-year survival from all causes except external causes.
The nonparametric Kaplan–Meier estimator was used to estimate the survival func-
tion and survival curves by pesticide exposure group. A directed acyclic graph (DAG)
(Figure S1) identified covariates and their relationships with exposure and outcome. Back-
ward elimination further refined the model, excluding birth weight and household depen-
dents due to minimal impact on risk estimates (<10%). The goodness-of-fit tests using
Bayesian Information Criterion (BIC) values for the models with and without these co-
variates are provided in the Supplemental Materials (Table S1). Cox proportional hazards
regression was used to estimate hazard ratios (HRs) and 95% confidence intervals (CIs),
adjusting for birth year, parental highest education attained (dichotomized—high school
or lower vs. some college or more), annual household income (six categories), race and
ethnicity (five categories), and National Cancer Institute (NCI) risk group for ALL (categor-
ical: “standard”, defined as age > 1 year and age < 10 years and WBC < 50,000/µL; “high”,
defined as age ≥ 10 years or age > 1 year and age < 10 years and WBC ≥ 50,000/µL; and
“infant”, defined as age < 1 year) [25]. Adjusted Cox models were run with and without
SES variables to assess their potential impact on survival outcomes.

Stratified analyses by breastfeeding duration and race and ethnicity were conducted
to explore potential effect modification. Breastfeeding duration was considered due to
its known influence on early immune development [26], while race and ethnicity were
analyzed to account for potential sociodemographic disparities in health outcomes [15,27].
Heterogeneity in HRs for pesticide groups across critical developmental periods was tested
using log-rank tests. Log-likelihood ratio tests were used to assess the goodness-of-fit and
effect modification by breastfeeding and race and ethnicity. Analyses were performed
in the R environment, version 4.3.1 (16 June 2023) [28]. All tests were two-sided, and
p-values < 0.05 were considered statistically significant.

This study was approved by the Institutional Review Boards at the University of
California, Berkeley, and the California Department of Public Health.

3. Results
3.1. Population Characteristics

Among 837 children with ALL, 47% were Latinx, 35% were non-Latinx Whites, and
the remainder were either Asian/Pacific Islander, Black, or of unknown origin. A total of
131 (16%) children came from households with an income below $15,000, and 129 (15%)
children lived in households with more than six dependents. Additionally, 36% of parents
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had a high school education or less. As presented in Table 1, children who died were more
likely to have high-risk ALL, to be diagnosed before the age of one year, and belong to
families with low educational attainment and low annual income. Racial disparities were
evident, with non-Latinx Black children exhibiting the highest percentage of deceased,
followed by Latinx children. There was a suggestion that children who were not breastfed
were more likely to die compared to those who were breastfed. The distributions of sex
(assigned at birth), number of dependents in the household, birthweight, and gestational
age were similar between children who survived and those who did not. Overall, Latinx
households and those with low annual income and low education attainment were less
likely to use pesticides (Table S2).

Table 1. Characteristics of 837 children with acute lymphoblastic leukemia both overall and stratified
by 5-year survival status at the end of 2020—the California Childhood Leukemia Study.

Characteristics Overall
n = 837

Alive
n = 729

Deceased
n = 108

n (%) n (%) n (%)

Sex (assigned at birth)
Female 366 (43.7) 324 (44.4) 42 (38.9)
Male 471 (56.3) 405 (55.6) 66 (61.1)

Race and Ethnicity
Latinx 396 (47.3) 340 (46.6) 56 (51.9)
Non-Latinx White 295 (35.2) 272 (37.3) 23 (21.3)
Non-Latinx Asian/Pacific Islander 73 (8.7) 61 (8.4) 12 (11.1)
Non-Latinx Black 24 (2.9) 16 (2.2) 8 (7.4)
Other/Unknown 49 (5.9)

Birth Years
1982–1989 64 (7.6) 48 (6.6) 16 (14.8)
1990–1999 509 (60.8) 442 (60.6) 67 (62.1)
2000–2014 264 (31.5) 239 (32.8) 25 (23.1)

Household Annual Income (USD)
<15,000 131 (15.7) 112 (15.4) 19 (17.6)
15,000–29,999 149 (17.8) 123 (16.9) 26 (24.1)
30,000–44,999 130 (15.5) 112 (15.4) 18 (16.7)
45,000–59,999 122 (14.6) 102 (14.0) 20 (18.5)
60,000–74,999 63 (7.5) 57 (7.8) 6 (5.5)
75,000+ 242 (28.9) 223 (30.6) 19 (17.6)

Number of Dependents in the Household
1–3 184 (22.0) 155 (21.2) 29 (26.9)
4–5 524 (62.6) 459 (63.0) 65 (60.1)
6+ 129 (15.4) 115 (15.8) 14 (13.0)

Highest Parental Education Attained
High School or Lower 303 (36.2) 260 (35.7) 43 (39.8)
Some College or More 533 (63.7) 468 (64.2) 65 (60.2)
Unknown 1 (0.1)

Age at Diagnosis (years)
<1 27 (3.2) 13 (1.8) 14 (13.0)
1–2 195 (23.3) 175 (24.0) 20 (18.5)
3–6 391 (46.7) 360 (49.4) 31 (28.7)
7–9 103 (12.3) 86 (11.8) 17 (15.7)
10–14 121 (14.5) 95 (13.0) 26 (24.1)
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Table 1. Cont.

Characteristics Overall
n = 837

Alive
n = 729

Deceased
n = 108

NCI Risk Group
Standard 561 (67.0) 509 (69.8) 52 (48.1)
High 226 (27.0) 186 (25.5) 40 (37.0)
Infant 26 (3.1) 12 (1.7) 14 (13.0)
Unknown 24 (2.9)

Birthweight (grams)
<2500 39 (4.7) 34 (4.7) 5 (4.6)
2500–4000 663 (79.2) 580 (79.6) 83 (76.9)
>4000 135 (16.1) 115 (15.8) 20 (18.5)

Gestational Age (weeks)
<36 45 (5.4) 36 (4.9) 9 (8.3)
36–41 608 (72.6) 535 (73.4) 73 (67.6)
41+ 175 (20.9) 149 (20.4) 26 (24.1)
Unknown 9 (1.1)

Breastfeeding
No 138 (16.5) 114 (15.6) 24 (22.2)
Yes 663 (79.2) 585 (80.2) 78 (72.2)
Unknown 36 (4.3)

Breastfeeding Duration (months)
6 or Less 520 (62.1) 450 (61.7) 70 (64.8)
More than 6 281 (33.6) 249 (34.2) 32 (29.6)
Unknown 36 (4.3)

Percentages may not amount to 100% due to rounding. Abbreviations: USD—United States Dollar; NCI—National
Cancer Institute.

3.2. Bivariate Analyses

About 92% of all children with ALL were exposed to at least one pesticide type pre-
and/or postnatally. The use of pesticides tended to be correlated across different periods.
Rodenticide exposure, for instance, showed strong correlations between preconception and
pregnancy (correlation coefficient r = 0.82) and between pregnancy and postnatal periods
(r = 0.78), suggesting consistent use over time (Figure S2). Conversely, correlations between
different pesticide categories were generally low, indicating distinct patterns of use.

Bivariate analysis showed no significant difference in survival between children ever
exposed to pesticides and those never exposed (p = 0.23, Table 2). However, survival was
lower in children exposed to rodenticides, with 25% exposed among the deceased compared
to 15.5% among survivors (p = 0.02). Exposure to rodenticides pre- and postnatally was
associated with lower survival rates (80–83%) compared to unexposed children (85–90%) or
those exposed to other pesticides (Table S3). The Kaplan–Meier curves showed a statistically
significant decrease in 5-year survival in the group exposed to rodenticides at any time
(p = 0.015; Figure 1) and during pregnancy (p = 0.022; Figure 2).
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Table 2. Residential pesticides and 5-year survival in childhood acute lymphoblastic leukemia: Cox
proportional hazards models without and with adjustments for socioeconomic status.

Exposure Alive
n = 729

Deceased
n = 108

Model 1—Without SES
Adjustment *

Model 2—With SES
Adjustment **

n (%) n (%) p-Value HR (95% CI) p-Value HR (95% CI) p-Value

Any Pesticides
No 62 (8.5) 5 (4.6) Ref. Ref.
Yes 667 (91.5) 103 (95.4) 0.23 2.06 (0.83–5.11) 0.1 2.22 (0.89–5.54) 0.09

Number of Types Used
0–2 (Low) 327 (44.9) 40 (37.0) Ref. Ref.
3–4 (Medium) 226 (31.0) 42 (38.9) 1.67 (1.07–2.59) 0.02 1.77 (1.14–2.77) 0.01
5–12 (High) 176 (24.1) 26 (24.1) 0.17 1.47 (0.88–2.44) 0.14 1.56 (0.93–2.62) 0.09

Insecticides
No 110 (15.0) 15 (13.9) Ref. Ref.
Yes 619 (84.9) 93 (86.1) 0.86 1.10 (0.63–1.91) 0.7 1.15 (0.66–2.00) 0.6

Herbicides
No 362 (49.7) 54 (50.0) Ref. Ref.
Yes 367 (50.3) 54 (50.0) 1 1.16 (0.78–1.72) 0.5 1.31 (0.87–1.98) 0.2

Flea Control
No 419 (57.5) 64 (59.3) Ref. Ref.
Yes 310 (42.5) 44 (40.7) 0.8 1.16 (0.72–1.57) 0.8 1.04 (0.70–1.54) 0.8

Rodenticides
No 614 (84.2) 81 (75.0) Ref. Ref.
Yes 113 (15.5) 27 (25.0) 0.02 1.75 (1.13–2.72) 0.01 1.69 (1.08–2.64) 0.02
Unknown (n = 2)

Percentages may not amount to 100% due to rounding. Abbreviations: HR—hazards ratio; CI—confidence
interval; Ref—reference; SES—socioeconomic status. * Adjusted for age at diagnosis, race and ethnicity, and NCI
risk group status. ** Adjusted for age at diagnosis, race and ethnicity, NCI risk group status, highest parental
education attained, and household income.
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during pregnancy.

3.3. Multivariate Analyses

Table 2 shows the HRs for 5-year survival of childhood ALL in relation to pesticide
exposure at any time, with adjustment for age at diagnosis, race and ethnicity, and NCI
risk group (Model 1) and additional adjustment for SES, including parental education and
annual household income (Model 2). A two-fold increased risk of mortality was associated
with overall exposure to any pesticides in both models but did not reach statistical signifi-
cance (p = 0.09). Increased risk of mortality was associated with exposure to rodenticides in
Model 1 (HR 1.75; 95% CI: 1.13–2.72) and Model 2 (HR 1.69; 95% CI: 1.08–2.64). There was
no clear dose–response relationship when examining the number of pesticide types used.

In fully adjusted Cox proportional hazards models examining childhood ALL sur-
vival by pesticide exposure during various developmental periods (Table 3), statisti-
cally significant increased risks of mortality were seen with exposure to any pesticide
during pregnancy (HR 1.6; 95% CI 1.05–2.42), mostly driven by rodenticides (HR 1.91;
95% CI 1.15–3.16) and possibly insecticides and herbicides that conferred 45 to 50% in-
creased risks of mortality, although falling short of statistical significance. Additionally,
data suggested that children exposed to rodenticides 12 months prior to the interview
had a 60% increased risk of mortality (p = 0.06). No significant differences were ob-
served for other pesticide categories across different developmental periods. Adjust-
ing for highly correlated variables challenged model robustness. Sensitivity analysis
adjusting across different time windows yielded consistent trends with the primary find-
ings on rodenticide exposure during pregnancy compared to those unexposed (HR 3.12;
95% CI 1.01–9.65) (Table S4). Similarly, rodenticide exposure during pregnancy yielded an
HR of 1.74 (95% CI 1.02–2.99) compared to those who were unexposed, after adjusting for
other pesticide use during pregnancy (Table S5).



Cancers 2025, 17, 978 8 of 16

Table 3. Residential pesticides and 5-year survival in childhood acute lymphoblastic leukemia: Cox
proportional hazards models * by periods of exposure.

Exposures

Preconception Pregnancy Postnatally 12 Months Before
Interview

HR
(95% CI) p-Value HR

(95% CI) p-Value HR
(95% CI) p-Value HR

(95% CI) p-Value

Any Pesticides
No Ref. Ref. Ref. Ref.

Yes 1.02
(0.68–1.52) >0.90 1.60

(1.05–2.42) 0.03 0.84
(0.53–1.35) 0.5 1.35

(0.87–2.09) 0.2

Insecticides
No Ref. Ref. Ref. Ref.

Yes 1.00
(0.67–1.48) >0.90 1.45

(0.96–2.17) 0.08 0.81
(0.53–1.25) 0.3 1.13

(0.75–1.71) 0.6

Herbicides
No Ref. Ref. Ref. Ref.

Yes 1.22
(0.79–1.88) 0.4 1.50

(0.98–2.29) 0.06 1.10
(0.73–1.65) 0.7 1.26

(0.84–1.90) 0.3

Flea Control
No Ref. Ref. Ref. Ref.

Yes 0.90
(0.57–1.43) 0.7 1.05

(0.68–1.64) 0.8 0.83
(0.55–1.26) 0.4 1.11

(0.74–1.68) 0.6

Rodenticides
No Ref. Ref. Ref. Ref.

Yes 1.49
(0.85–2.63) 0.2 1.91

(1.15–3.16) 0.01 1.46
(0.91–2.33) 0.1 1.60

(0.98–2.61) 0.06

Abbreviations: HR—hazards ratio; CI—confidence interval; Ref—reference. * Adjusted for age at diagnosis, race
and ethnicity, highest parental education attained, household income, and NCI risk group status.

3.4. Effect Modification

Stratified analyses by racial and ethnic group showed that rodenticide expo-
sure was associated with poorer survival among non-Latinx White children (HR 3.35;
95% CI 1.42–7.88), while a weaker association was observed in Latinx children (HR 1.66;
95% CI 0.91–3.01) (Table 4). No significant associations were seen in other racial/ethnic
groups. Formal testing for effect modification confirmed that survival varied by race and
ethnicity (p for interaction = 0.02).

Table 4. Residential pesticides and 5-year survival in childhood acute lymphoblastic leukemia: Cox
proportional hazards models * by race and ethnicity.

Exposure Non-Latinx White Latinx
Non-Latinx

Black + Asian +
Others

Interaction
p-Value

HR (95%CI)
n Total/n Deaths p-Value HR (95% CI)

n Total/n Deaths p-Value HR (95% CI)
n Total/n Deaths p-Value

Insecticides
1.02 (0.24–4.41)

>0.90
1.41 (0.69–2.9)

0.3
0.70 (0.22–2.26)

0.6 0.8265/21 317/47 130/25

Herbicides
1.00 (0.41–2.45)

0.9
0.54 (0.88–2.68)

0.1
1.40 (0.59–3.28)

0.4 0.8197/15 141/23 83/16
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Table 4. Cont.

Exposure Non-Latinx White Latinx
Non-Latinx

Black + Asian +
Others

Interaction
p-Value

HR (95%CI)
n Total/n Deaths p-Value HR (95% CI)

n Total/n Deaths p-Value HR (95% CI)
n Total/n Deaths p-Value

Flea Control
0.83 (0.36–1.90)

0.7
1.55 (0.91–2.64)

0.1
0.55 (0.22–1.39)

0.2 0.09164/12 145/26 45/6

Rodenticides
3.35 (1.42–7.88)

0.005
1.66 (0.91–3.01)

0.1
0.45 (0.10–1.93)

0.3 0.0246/9 73/16 21/2

Abbreviations: HR—hazards ratio; CI—confidence interval. * Adjusted for age at diagnosis, race and ethnicity,
highest parental education attained, household income, and NCI risk group status.

Stratified analyses by breastfeeding duration suggested that children exposed to
insecticides and who were not breastfed or breastfed for 6 months or less had a higher risk
of dying (HR 1.83; 95% CI 0.82–4.08) compared to those unexposed. In contrast, among
children breastfed for more than 6 months, insecticide exposure was not associated with
increased mortality risk (HR 0.82; 95% CI 0.31–2.12). Formal tests for effect modification,
however, did not reach statistical significance (p for interaction = 0.11) (Table S6).

4. Discussion
4.1. Key Findings

Our study, based on comprehensive interview data from Californian families, suggests
a significant association between exposure to any residential pesticides during pregnancy
and lower survival in children with ALL, after adjusting for clinical and sociodemographic
factors. This association was mostly driven by exposure to rodenticides, and to a lesser
extent insecticides and herbicides. These findings emphasize the vulnerability of pesticide-
exposed patients, highlighting the impact of exposure prior to diagnosis.

To our knowledge, no other childhood cancer study has investigated the relationship
between pesticide exposure and survival. Data among adults are also scarce. A 2019
French study examined lymphoma patients with occupational pesticide exposure and
found reduced response to immunochemotherapy and lower survival [23]. Another study
of Hodgkin’s lymphoma patients residing near agricultural fields in California observed
no significant association between environmental pesticide exposure and survival [24]. The
lack of convergence among adult studies may be due to differences in routes and levels of
exposure to agricultural pesticides.

We examined pesticide exposures during key developmental periods and their effects
on leukemia survival rates in children. The pregnancy period was particularly impactful,
as mortality was associated with exposure to both any pesticide category and rodenticides.
Sensitivity analyses adjusting for collinearity indicated that rodenticide exposure during
pregnancy significantly increased the hazard of mortality, highlighting pregnancy as a
critical period. Other pesticides showed no significant associations with mortality across
different time windows.

In general, the results from Models 1 and 2 (Table 2) were similar, showing little impact
from social factors. To account for the additional confounding effects of healthcare access
and financial burden on treatment outcomes, we ran sensitivity analyses adjusting for
hospital site and number of household dependents, which did not substantially alter the
observed association between rodenticide exposure and poor survival.

Latinx households and those with lower income and education levels reported using
fewer pesticides than other groups (Table S2), which may reflect differences in household
practices, access to pesticide products, or awareness of risks associated with pests. Stratified
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analyses indicated differences in the association between pesticide exposure and survival,
particularly for rodenticide exposure among non-Latinx White children, possibly due to the
disproportionately large number of exposed individuals in this group (Table S1). Smaller
sample sizes for racial and ethnic groups limit the robustness of these findings, emphasizing
the need to further examine socioeconomic disparities and conduct larger-scale studies [13,
16,27,29]. In addition, interview data are somewhat limited in characterizing the levels of
exposure to pesticides with precision, therefore limiting the interpretation of our results
showing no overall dose–response relationship with survival.

Building on evidence linking short breastfeeding duration to childhood leukemia
risk [26,30–33], our data suggest higher pesticide-related survival risks in children breastfed
for less than six months. Though interaction tests were not significant, this warrants
further study on immune modulators’ roles in cancer relapse and survival, particularly in
mitigating the adverse survival effects associated with rodenticide exposure.

4.2. Biological Effects of Pesticides

Population studies have consistently linked residential pesticide exposure to an el-
evated risk of developing childhood leukemia, emphasizing both in utero and postnatal
exposures [6,34–36]. Like other leukemogenic agents, such as etoposide, benzene metabo-
lites, and lack of bioflavonoids, certain pesticides exert toxicity through oxidative stress
and mitochondrial dysfunction. These processes can induce DNA breaks, potentially
leading to chromosomal rearrangements (duplications, deletions, and translocations) if
not properly repaired [37]. The initial impact often occurs in utero, giving rise to onco-
genic fusion proteins. Subsequent insults, determining disease latency, occur post-birth
and may involve genetic, epigenetic, or immune factors (e.g., delayed infection-mediated
immune deregulation) [2]. Studies suggest that pesticides like organophosphates, carba-
mates, and pyrethroids—commonly present in insecticides and herbicides—can impair
leukocyte function by inducing apoptosis, arresting the cell cycle, and disrupting immune
cell functions [38]. Distinct patterns in chromosomal aberrations, cytologic features, and
peripheral blood and bone marrow indices (similar to those found in patients with sec-
ondary leukemia typically induced by radiation or chemotherapy) have been documented
in adult patients with acute myeloblastic leukemia who have been exposed to pesticides
(n = 21) vs. those not exposed (n = 40) [39]. The authors suggested that pesticide exposure
may worsen leukemia prognosis and survival by triggering harder-to-treat cytogenetic and
clinical subtypes. Overall, epidemiological and biological data support the role of certain
pesticides in both the development and prognosis of leukemias.

4.3. Rodenticides: Prevalence and Potential Health Risks

Household and agricultural rodenticide use is common, resulting in over 8000 calls
to poison centers in 2021 [40]. Most commonly, these calls are related to ingestion, either
intentional or unintentional. It is uncertain how often or to what degree incidental small
exposures not prompting calls occur. Rodenticides are used in bait stations and have
a low risk of volatilization [41,42] that minimizes the likelihood of exposures of acute
significance, but undocumented low-dose exposures may occur relatively commonly in
the process of opening, moving, or disposing of bait stations. We could not identify any
biomonitoring studies examining this kind of low-dose exposure. In addition, there have
been many reported cases of illegally imported chemicals used as rodenticides, such as
tetramethylenedisulfotetramine and aldicarb, with entirely different mechanisms of action,
causing acute illness in the U.S. [43,44]. The degree to which these factors support the
biologic plausibility of our findings is uncertain.
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Rodenticides include non-anticoagulants like bromethalin, a neurotoxic compound
that disrupts oxidative phosphorylation, leading to cytotoxic edema, though human expo-
sure reports suggest it is found in sub-lethal concentrations with no clear dose–response
threshold [45,46]. They also contain anticoagulants like brodifacoum, a potent second-
generation “super warfarin” that inhibits vitamin K recycling and disrupts blood clot-
ting [47]. It was found in d-Con, the primary rodent-control product used by participants in
our study, at a concentration of 0.005% until 2015, when the EPA banned its residential use.
However, brodifacoum remains widely used in professional and agricultural settings [48].
Brodifacoum inhibits vitamin K epoxide reductase (VKOR), disrupting the vitamin K cycle,
reducing clotting factor synthesis, and prolonging coagulation times [49–51]. Known for its
high affinity and prolonged elimination half-life, brodifacoum causes acute poisonings with
symptoms resembling fatal leukemia [52]. Our study emphasizes the need to investigate
rodenticide exposures’ mechanism of effects on leukemia survival, focusing on hematologic
and non-hematologic mechanisms tied to vitamin K inhibition [53].

4.4. Limitations and Strengths

Our study leveraged existing data on pesticide exposure during key developmental
periods from a case-control study, though reliance on self-reported questionnaires may
introduce recall bias influenced by parents’ perceptions or societal pressures. However,
73% of ALL cases were diagnosed under the age of 6, likely improving recall accuracy,
supported by consistent data across periods, including the reliable 12-month period prior
to the interview. High correlation between exposure periods limits our ability to draw
definitive conclusions on the relative contributions of prenatal vs. postnatal exposure.
While deceased children were not excluded, parents of 50 children who passed away
shortly after enrollment did not complete the interview. The survival rate (87%) aligned
with national averages (1995–2015) [30,54], and demographic data from the birth registry
for these deceased children who did not complete the interview were comparable to the
other cases included, supporting representativeness. However, potential differences in
neighborhood income between interviewed and non-interviewed families raise concerns
about selection bias. Despite adjustments for key sociodemographic factors in our analysis,
residual confounding SES factors cannot be ruled out. The causal diagram indicated no
need for additional adjustments beyond income, education, and race and ethnicity, and
the additional adjustment for hospital sites did not change the results. However, our data
did not capture detailed information on access to specialized healthcare, type of medical
insurance, or treatment-related factors such as financial resources, drug availability, and
access to novel therapies, all of which may influence survival outcomes. Variability in
these factors, including timely administration of conventional treatments and management
of therapy-related complications, could contribute to disparities in survival [55]. Finally,
the limited number of exposed cases, coupled with high correlation of exposure across
time periods, constrain the statistical power of our findings and make it challenging
to disentangle the independent effect of exposure during a specific time period driving
the association.

This study demonstrates key strengths in accounting for potential confounders, largely
due to the rich sociodemographic and pesticide exposure data from the CCLS interviews,
which provided insights into records of linkage studies, thus enhancing the rigor of
our analyses.
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5. Conclusions
Our study, featuring detailed data collection and attention to confounders, sug-

gests associations between pesticide exposure—especially for use of rodenticides during
pregnancy—and reduced childhood ALL survival. Future studies should aim for more
direct exposure assessment methods, larger sample sizes, and a more comprehensive evalu-
ation of leukemia prognosis, including molecular subtypes of ALL and treatment response.
By situating our work within the broader context of the impact of environmental exposures
on the pediatric cancer continuum from etiology to short- and long-term outcomes, we
contribute to the growing body of knowledge on the impact of chemical exposures on
childhood leukemia prognosis. This study stands as an initial step towards understanding
the effects of pesticide exposure during key developmental stages on the survival out-
comes of children with leukemia, urging further research to enhance survival outcomes by
addressing preventable environmental factors.
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Abstract
Human influences on natural environments are now ubiquitous but manifest in multiple and unique ways depending on

local environments and communities. Attempts to control, or mediate, local pests to residences or to agriculture can impart
important negative consequences on systems. Secondary exposure to anticoagulant rodenticides (ARs) can cause numerous
adverse effects on wild carnivores including death. Few studies have quantified AR prevalence, investigated their pathway of
exposure, or associations with specific location types in the northeastern U.S. We hypothesized that ARs would be found in the
mesocarnivore community throughout Pennsylvania and have the greatest detection rate in highly urbanized or agricultural
landscapes. From 2019 through early 2022, we collected carcasses to obtain liver samples (n = 265) from three species of
carnivores: bobcats (Lynx rufus (Schreber, 1777)), fishers (Pekania pennanti (Erxleben, 1777)), and river otters (Lontra canadensis
(Schreber, 1777)). We used generalized linear models to test for differences in AR detection rates among species and spatial
scales including the six Pennsylvania Game Commission regions and 23 wildlife management units. We detected ARs in all
species (44.2% collectively), but detection rates differed among species. Our study is the first to document ARs within North
American river otters.

Key words: anticoagulant rodenticides, development, Lontra canadensis (Schreber, 1777), Lynx rufus (Schreber, 1777), Pekania
pennanti (Erxleben, 1777), river otter

Introduction
Rodents have been perceived as a threat to human health

and livelihood for millennia (Van den Brink et al. 2018). Over
the last century, various compounds have been developed
to reduce rodent populations, especially those near humans.
The most used compounds are anticoagulant rodenticides
(ARs), which are further categorized as either first generation
(FGAR) or second generation (SGAR) (Rattner et al. 2014), with
second-generation compounds developed after resistance to
the first generation was identified in some rodents (Jacob and
Buckle 2018). In general, second-generation ARs are more po-
tent, longer acting, and more likely to accumulate in tissues
than first-generation ARs (Erickson and Urban 2004; Rattner
et al. 2014; Elliott et al. 2016), with tissue liver half-lives of up
to 350 days (Eason et al. 2002; Fisher et al. 2003; Horak et al.
2018).

Anticoagulant rodenticides inhibit vitamin K epoxide re-
ductase, the enzyme responsible for maintaining adequate
vitamin K levels (Watt et al. 2005; Rattner et al. 2014).
In 2008, to prevent poisoning of non-target wildlife, chil-
dren, and domestic animals, the U.S. Environmental Pro-
tection Agency (EPA) restricted use of SGARs to agricul-
tural contexts and licensed professionals (e.g., commercial

exterminators) (Erickson and Urban 2004; Memmott et al.
2017). Products containing the two most toxic compounds,
brodifacoum and difethialone, were still available to the
public until 2015 (Murray 2017), and the remaining stock-
piles of products containing these two compounds may
be available for use for decades to come. Moreover, other
second-generation ARs remain readily available (e.g., in hard-
ware or farm supply stores), with widespread exposure to
these compounds detected in wildlife around the world.
The persistence and toxicity of second-generation ARs ren-
der these compounds of particular concern for biomag-
nification (elevated concentrations) in predators (Horak et
al. 2018; López-Perea et al. 2019; Fernandez-de-Simon et
al. 2022). Many carnivores readily scavenge carcasses they
find on the landscape. Rodents, either recently deceased
or suffering rodenticide intoxication, could be encountered,
consumed, and provide secondary exposure to carnivores.
Notably, Riley and co-workers (Riley et al. 2003) reported
acute toxicity from AR exposure as the second leading
cause of mortality in coyotes (Canis latrans Say, 1823) over
a 9-year period in the Santa Monica Mountains National
Recreation Area (bordering Los Angeles, California, United
States).
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The concentrations of ARs that evoke mortality are both
poorly understood and apparently highly variable within and
among species (Quinn 2019). For example, lethal concentra-
tions from liver samples were found to be as low as 0.17 μg/g
for the caracal ((Caracal caracal (Schreber, 1776)); Serieys et al.
2019), yet in another wild felid (bobcat (Lynx rufus (Schreber,
1777))) individuals with liver concentrations of up to 5.81 μg/g
lived for several years (Serieys et al. 2015). A growing area of
concern is the sublethal effect of chronic exposure to ARs,
which may influence immune function and behavior, poten-
tially affecting an animal’s ability to respond to external stim-
uli (such as predators), thereby putting them at increased risk
of mortality beyond the effects of AR intoxication (Serieys et
al. 2018a, 2018b). In laboratory studies, sublethal exposure
to ARs produced upwards of 70% mortality when combined
with other stressors (Jaques 1959). In a long-term field study
of bobcats, secondary AR exposure (at ≥0.05 μg/g wet weight
in liver) was associated with severe infestation of notoedric
mange (an ectoparasitic disease) (Riley et al. 2007; Serieys et
al. 2015). Likewise, a negative association between AR expo-
sure and body condition has been observed in weasels and
stoats (Elmeros et al. 2011). Thompson et al. (Thompson et al.
2014) indicated a negative association between AR exposure
and fisher survival in California. In studies of humans, dogs,
and sheep, the reproductive consequences of AR exposure
have included abortions, fetal toxicosis, congenital deformi-
ties, and decreased sperm counts (Ginsberg and Hirsh 1989;
Robinson et al. 2005; Murray 2017). Although data are lim-
ited, Serieys et al. (2015) documented that AR residues trans-
fer from mother to offspring in bobcats. In sum, AR exposure
may pose an important challenge for individual fitness and
population viability; large-scale analyses evaluating the ex-
plicit effects of ARs to populations are difficult to design and
execute.

Rodenticide exposure in carnivorous species is widespread
where it has been investigated (Riley et al. 2003, 2007;
McMillin et al. 2008; Gabriel et al. 2012; Serieys et al. 2015;
Rudd et al. 2018; Wiens et al. 2019). The spatial variation in
type and extent of exposure, and in the potential for repeated
exposure, has been associated with human-dominated land-
scapes (i.e., commercial, residential, and agricultural areas)
because these areas have the highest use of ARs (Cypher et
al. 2014). High AR concentrations have been reported in rel-
atively rural and isolated locations when there are activities
(e.g., illegal cannabis growing on public lands) where humans
deploy large numbers of ARs to control rodents (Gabriel et al.
2012, 2015). Such activities may confound or obfuscate the
general patterns associated with AR exposure in wildlife. Nev-
ertheless, on average individual carnivores that live in these
areas should have the greatest likelihood of exposure and
to any adverse effects of ARs (Hindmarch and Elliott 2018;
Serieys et al. 2019). Researchers have shown that some car-
nivorans like kit foxes (Vulpes macrotis Merriam, 1888) may
encounter first generation compounds in one habitat type
(e.g., undeveloped or agricultural settings) and encounter
second-generation compounds in residential or industrial ar-
eas (Cypher et al. 2014). Moreover, ARs have been increasingly
detected in aquatic or semi-aquatic animals, including some
species of freshwater fish, invertebrates, and raptors that

forage in aquatic systems (e.g., Bald Eagles (Haliaeetus leuco-
cephalus (Linnaeus, 1766))) (Regnery et al. 2020; Niedringhaus
et al. 2021). The sources of ARs in these systems are also trace-
able to urban areas (Regnery et al. 2020).

The northeastern United States supports the highest rural
human population densities in the United States, leading to
a high degree of human–wildland interface. Eastern forests
have relatively high rates of private ownership, which could
allow for large and consistent use of ARs with little oversight
(L’Roe and Allred 2013). The amount of land cover devoted
to agriculture and human populations is large compared to
other regions of the United States (Drummond and Loveland
2010; Homer et al. 2020). As a result, carnivorans in the North-
east are likely at high risk of AR exposure. Fishers (Pekania
pennanti (Erxleben, 1777)) and bobcats are terrestrial preda-
tors of conservation and management interest across North
America (Powell 1993; Lovallo and Anderson 1996; Powell et
al. 2017). Fishers were reintroduced into Pennsylvania (PA)
in the late 1990s and have apparently stable or increasing
populations across much of the state (Lewis et al. 2012) (Sup-
plementary Fig. S1). Fishers readily scavenge carcasses and
are prolific predators of rodents. Bobcats may also scavenge,
but are more associated with urban, suburban, and human-
modified landscapes than fishers (Lovallo and Anderson 1996;
McNeil et al. 2017; Powell et al. 2017). Aquatic and semi-
aquatic species have also been identified to have exposure to
ARs (Serieys et al. 2019; Niedringhaus et al. 2021); nonethe-
less, investigations into the exposure of aquatic mammalian
species are seldom undertaken. River otters (Lontra canaden-
sis (Schreber, 1777)), like fishers, are classified in the family
Mustelidae, and are semi-aquatic. They, too, will readily scav-
enge for food in both aquatic and terrestrial environs. Yet
river otters primarily prey on fish and aquatic invertebrate
species (Liers 1951; Day et al. 2015). Their aquatic habitat
and dietary differences provide an important contrast to fish-
ers and bobcats that are indicative of the relative availability
of ARs across the landscape. Examining differences in expo-
sure among these three species provides an important test of
whether ARs are ubiquitous, confined to specific landcover
or habitat types, or a product of the relative life histories and
food web of the species.

Here we use fishers, bobcats, and river otters to investigate
spatial and inter-specific variation of AR exposure across PA.
This set of species represents an important contrast between
life histories and major land-use differences that could in-
form the extent and pathways by which carnivores are be-
ing exposed to ARs. These three species are also highly regu-
lated and routinely monitored in PA. Yet, prior to this study,
there was no baseline data on AR exposure in these species
that could inform or refute the potential roles that ARs may
play in their population status or trends. We hypothesized
that AR detection would be observable based on differences
in habitat use, as indexed by landcover types, and differences
in foraging strategy and diets across species. We predicted
that fishers would have the highest exposure to ARs followed
by bobcats, then river otters. We based this prediction on the
observation that fishers occupy terrestrial environments that
may be near agricultural or developed areas in Pennsylvania.
We expected bobcats to have a reduced exposure because, al-
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though they exist in similar habitat as fishers, we hypothesize
that they scavenge dead or dying rodents at a reduced rate
compared to fishers. Finally, we expected river otters to have
the lowest exposure rates because of their use of aquatic food
sources, where exposure to ARs would be diminished com-
pared to terrestrial food sources near agricultural or human
development. We also evaluated the hypothesis that AR expo-
sure would be highest for all species in areas with the high-
est total amount of land use dedicated to agriculture or hu-
man development (urbanization). Finally, because long-lived
animals should have the most opportunity to encounter ARs,
we hypothesized that the oldest animals, of all three species,
would have the highest rate of exposure.

Materials and methods

Sample collection
We collected carcasses from mesocarnivores from sev-

eral sources across PA from autumn 2019 through March
2022. Liver samples from 2019 were obtained from carcasses
housed in freezers at Pennsylvania Game Commission (PGC)
regional offices in PA that had been previously collected as
illegal or accidental harvests, nuisance animals, or vehicu-
lar collisions. In some instances, these samples had no spe-
cific corresponding date or location of collection but were
included for analysis to provide a general background es-
timate of prevalence across the state. Starting in winter of
2020, we worked cooperatively with licensed PA trappers to
collect liver samples from recently legally harvested bob-
cats, fishers, and river otters, and continued to opportunis-
tically collect carcasses and liver samples. The collection of
carcasses was coordinated by PGC staff with field support
from Wildlife Futures Program personnel. Our design and in-
tent were to gather equal numbers of carcasses from each
species in the six PGC regions and to obtain similar numbers
from as many wildlife management units (n = 23; wildlife
management units) as possible. Because samples could only
be collected through cooperation with local trappers and re-
gional staff, we could not fully control the numbers or species
that came from each wildlife management unit or region of
the state. As a result, spatial variation in population num-
bers (e.g., fishers; Supplementary Fig. S1) and trapping ef-
fort led to unequal spatial representation in our data. Both
PGC regions and wildlife management units are combina-
tions of ecological, geopolitical, and within-agency adminis-
trative units that function to manage wildlife (e.g., allocate
license numbers or regulations). Ideally, our study and anal-
yses would focus on the smallest spatial scales that were bio-
logically relevant to the species of research, but wildlife man-
agement units are the smallest extent that trappers were re-
quired to report their harvested animals. From each carcass,
we removed the liver and placed a roughly 100 g portion in
a sterile, plastic bag (Whirl-pak™, The Aristotle Corporation,
Stamford, CT) that was frozen within 2 h. For each speci-
men, we recorded the species, sex (if determinable), relative
age (juvenile, adult), location of collection to the county or
wildlife management units level, and manner of death (e.g.,
roadkill, legal trapping, etc.). Where possible, we extracted

one canine tooth that we submitted to Matson’s Laboratory
(135 Wooden Shoe Lane, Manhattan, MT 59741, USA) for age
estimation (Arthur et al. 1992). For each carcass, we created a
unique identifier based on the species, date, and location of
collection to match AR data to environmental data.

No live animals were handled by the researchers for this
work.

Lab analysis
Liver samples were screened for first- and second-

generation ARs: brodifacoum, bromadiolone, chlorophaci-
none, coumachlor, coumafuryl, dicoumarol, difenacoum,
difethialone, diphacinone, pindone, and warfarin at the
Pennsylvania Animal Diagnostic Laboratory System (PADLS)
Toxicology Laboratory at New Bolton Center (Kennett Square,
PA). A published QuEChERS extraction (short for quick, easy,
cheap, effective, rugged, and safe) and high-performance liq-
uid chromatography (HPLC) method (Vudathala et al. 2010)
was used for the analysis of the livers. We established the
method detection limit by using 1 g of liver which was spiked
at 0, 0.01, 0.05, and 0.500 μg/g on a wet mass basis. One gram
of liver was then homogenized with 4 mL of acetonitrile and
centrifuged to form a soft pellet. The organic layer was trans-
ferred to a clean test tube containing 0.03 g PSA (primary–
secondary amine), 0.10 g florisil adsorbent, 0.175 g MgSO4,
and 0.05 g basic alumina. An additional 0.050 g of C18 sor-
bent was used to obtain a clean sample suitable for analysis.
The tubes were vortexed for 15 s, allowed to rest for 5 min,
and then centrifuged at approximately 438 g for 5 min. The
supernatant was then transferred to a clean test tube and re-
duced to dryness under a stream of nitrogen using a warm
(60 ± 5 ◦C) water bath. The residue was dissolved in 0.50 mL
of ion pair diluent and then vortexed. The solution was mi-
crofuged through a 0.22-micron SpinX filter and the clear fil-
trate was transferred into an autosampler vial fitted with a
high recovery vial for analysis.

Anticoagulant rodenticide detection and quantification
was performed using a Shimadzu (Kyoto, Japan) HPLC sys-
tem, consisting of a CBM-20 A controller, SIL-20AC autosam-
pler, AC-20AT pump, SPD-M20A diode array detector, RF-
10AXL fluorescence detector, and a Betasil reverse phase C18
column 150 × 4.6 mm, 5 μm particle size (Thermo Electron
Corporation). We conducted all HPLC analyses using 0.03 M
tetrabutylammonium hydroxide (TBA) buffer (adjusted to pH
7 with o-phosphoric acid/methanol, 25:75, v/v) as solvent A
and methanol as solvent B at a flow rate of 0.6 mL/min in
a gradient run. We set the gradient at 30% B for 10 min fol-
lowed by gradient to 80% B in 4.5 min, and increasing to 90%
B in the next 0.5 min. We washed the column with 90% B
for 5 min followed by equilibration to initial conditions for 4
min. The fluorescence detector was set at 280 nm excitation
and 410 nm emission. We monitored the diode array detec-
tor from 240 to 340 nm, with quantification done at 325 nm.
We confirmed our results in the abovementioned conditions
and with solvents at a slightly different gradient. The gradient
consisted of 30% B for 7 min, a gradient to 75% B in the next
3 min, increasing to 80% B in the next 11 min, then holding
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Fig. 1. Pennsylvania Game Commission regions (thick black lines) and wildlife management units (thin black lines) with color
background depicting eight broad land cover types across Pennsylvania. The spatial data used for the regional and unit lines
were accessed through the Pennsylvania Spatial Data Access (PASDA 2022; https://www.pasda.psu.edu/) and cover types were
downloaded through LandFire (2022) (https://landfire.gov/). All spatial layers were projected using Lambert Conformal Conic
coordinate system and the North American Datum (NAD) 1983.

it for 5 min followed by equilibration to starting conditions
for the next 4 min (Vudathala et al. 2010).

We used fluorescence detection to monitor for brodi-
facoum, bromadiolone, coumafuryl, difenacoum, and war-
farin; UV spectra monitored for the presence of chlorpha-
cinone, difethialone, and diphacinone. Each compound had
an established limit of quantification (LOQ), which varied
by compound as follows: brodifacoum (0.010 μg/g), bromadi-
olone (0.025 μg/g), chlorophacinone (0.050 μg/g), coumachlor
(0.100 μg/g), coumafuryl (0.100 μg/g), dicoumarol (0.100 μg/g),
difenacoum (0.010 μg/g), difethialone (0.050 μg/g), dipha-
cinone (0.050 μg/g), pindone (0.100 μg/g), and warfarin
(0.100 μg/g). Positive results below the LOQ were recorded
as trace amounts. At or above the LOQ, numerical concen-
trations were recorded in parts per million (ppm), which is
equivalent to micrograms per gram (μg/g), on a wet weight
basis. For our analyses, we report any amount that was de-
tectable, even those below LOQ, as a positive detection.

Statistical analysis
For most analyses, we used individual exposure rather than

population-level exposure to assess patterns of AR distribu-
tion and detection. We included in our analysis all detected

ARs (trace or quantifiable amounts) to estimate exposure.
Where appropriate, we report concentration amounts in μg/g
on a wet weight basis for samples that were above trace level.
Using Statistical Application Software (SAS; Cary NC), we fit
generalized linear models with a binomial distribution to
determine if there were differences in detection proportion
among the three species. Further, we examined if there were
differences in AR detection among PGC regions (Fig. 1) and
then we examined both an additive and interactive model us-
ing both species and region. We obtained data on landcover
for the year 2020 from the Landfire website (landfire.gov)
and used the “ENV_LF” categorization of these data (Fig. 1).
This classification system places all land within PA as being
forest, herbaceous, water, barren, developed, shrub, agricul-
ture, or sparse. For our analyses, we considered the propor-
tion of land in each PGC region and wildlife management
units that were classified as developed and agricultural. We
also added the values of the developed and agricultural land
together to provide a metric that included those two land
classes that we hypothesized were associated with rodenti-
cide availability and ultimately detection in wild carnivore
populations. For both PGC region and wildlife management
units, we obtained shapefiles delineating borders from Penn-
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Table 1. Number of samples with detectable anticoagulant rodenticide concentrations by compound types
and the percentage of samples detected above the minimum detectable amount and (% of quantifiable com-
pounds >0.1 μg/g on a wet weight basis) for those with quantifiable levels, their mean concentration (Mean
Conc), and the minimum and maximum quantifiable concentrations (range) observed for all detections for three
species of carnivores (bobcats (Lynx rufus), fishers (Pekania pennanti), and river otter (Lontra canadensis)) in Pennsyl-
vania from 2019 to 2022.

Compound Detections Percent > trace (percent > 0.1 μg/g) Mean conc (μg/g) Range

Warfarin 2 1.6% (0.0%) – 0–0

Coumafuryl 0 0.0% (0.0%) – 0–0

Diphacinone 59 47.9% (52.0%) 0.2 0.05–0.78

Pindone 0 0.00% (0.0%) – 0–0

Brodifacoum 27 21.9% (16%) 0.05 0.01–0.25

Difenacoum 2 1.6% (0.0%) – 0–0

Bromadiolone 8 6.5% (15.3%) 0.07 0.03–0.28

Chlorophacinone 8 6.5% (0.0%) – 0–0

Difethialone 7 5.7% (1.0%) 0.16 0.16

Dicoumarol 10 8.1% (75.0%) 0.54 0.1–1.78

Coumachlor 0 0.0% (0.0%) – 0–0

Note: Mean concentrations and standard deviations are not reported for compounds only detected at trace levels, below the method’s limits of
quantification.

sylvania Spatial Data Access (https://www.pasda.psu.edu/). For
both wildlife management units and PGC region, we used
the “Zonal Histogram” tool in ArcGIS Pro version 9.1 (ESRI
Co, Redlands CA, USA) to quantify the total proportion of
landcover types within each respective geographic unit. Fi-
nally, for each region, we calculated the proportion of AR de-
tections across all three carnivore species and then for each
species individually. For wildlife management units, we cal-
culated the proportion of detections for all three species com-
bined but could not do so for each species individually be-
cause we had insufficient data across all units.

Using generalized linear models, we tested for a positive
relationship between the proportion of a land unit that was
developed or agricultural, and finally a combination of de-
veloped and agricultural lands per region or wildlife manage-
ment units and the proportion of samples where we detected
ARs in those respective spatial units. At the regional scale, we
evaluated AR detection across all three species in addition to
each species individually. We recognized that the combined
metric would be correlated to either, or both, developed and
agricultural lands, but our intention was to evaluate whether
the proportion of either developed or agricultural lands bet-
ter explained patterns of AR detections for any species more
robustly than a single cumulative metric. For these analyses,
we used a gamma distribution and a log-link transformation.
Finally, we evaluated whether the age of the animals was re-
lated to AR detections by using generalized linear models to
test for a relationship between AR detection and age of the
animals.

Results
We collected and generated AR results from 265 livers from

three carnivore species in Pennsylvania. Most (65%) were col-
lected from carcasses legally harvested by trappers. Mistak-
enly killed or illegally killed animals accounted for 16.6% of

all carcasses, followed by road-killed animals (12.8%) and the
remainder (5.6%) were killed or collected without documen-
tation. We collected 105 (39.6%) river otters, 97 (36.6%) fish-
ers, and 63 (23.7%) bobcats. We detected ARs at both trace
and quantifiable levels in all three species examined. Across
species, the total trace detection rate was 44.2%, whereas
17.4% had quantifiable levels of ARs. Of the 11 compounds
for which we tested, only three were not detected in any
liver sample (coumafuryl, pindone, and coumachlor) (Table
1). Diphacinone and brodifacoum were the most detected AR
compounds across all species at both trace and quantifiable
levels (Table 1). Bromadiolone and dicoumarol were detected
at modest levels compared to other compounds. Thirteen in-
dividuals were found to have >2 compounds at quantifiable
levels and 33 had a single quantifiable compound. One an-
imal had trace levels of four different compounds, five had
three, and 11 had two; all other trace detections were posi-
tive for one compound (Table 1).

Dicoumarol was found in the highest quantifiable concen-
trations (0.53 μg/g ± 0.82 SD) (Table 2). Generally, there was
high variation among the concentrations found across indi-
viduals and species for both the numbers and types of com-
pounds found. Species differences existed within the data at
regional and wildlife management units levels. Statewide,
species differences were detected (χ2

[2] = 61.86, P < 0.0001)
and fishers had the highest exposure across the state with
70% of all fishers testing positive for at least one compound
(Table 2). Bobcats had the second highest AR detection, fol-
lowed by river otters (Table 2). Nearly half of all bobcats tested
showed at least trace AR levels, whereas 17% of otters were
exposed to ARs (Table 2). Evaluating regional differences in
exposure to ARs across all species indicated high variation
across regions (Table 3). We also had high variation in the
numbers of samples we received from each region, with the
Southeast providing 8 and the Northeast providing 79 sam-
ples, respectively. These differences may be attributed to dif-
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Table 2. Total number of samples (Total), samples with any positive anticoagulant roden-
ticide detections (Detections), the percentage detection within species (Percent detected),
and % of all detections (Percent species) pooled across species (n = 117) by species (bob-
cats (Lynx rufus), fishers (Pekania pennanti), and river otter (Lontra canadensis)) for samples
collected in Pennsylvania from 2019 to 2022.

Species Total Detections Percent detected Percent species

Bobcat 63 31 49.21% 26.50%

Fisher 97 68 70.10% 58.12%

River otter 105 18 17.14% 15.38%

Table 3. Total number of samples (Total) and positive anticoagulant rodenticide detec-
tions (Detections), and the percentage of samples with detections for each species (bob-
cats (Lynx rufus), fishers (Pekania pennanti), and river otter (Lontra canadensis)) and region
sampled in Pennsylvania from 2019 to 2022.

Region Species Total Detections Percent detected

North Central Bobcat 16 8 50.0

Fisher 11 9 81.8

River otter 8 1 12.5

35 18 51.4

North East Bobcat 14 8 57.1

Fisher 23 18 78.3

River otter 42 6 14.3

79 32 40.5

North West Bobcat 4 2 50.0

Fisher 22 12 54.5

River otter 18 3 16.7

44 17 38.6

South Central Bobcat 10 4 40.0

Fisher 11 8 72.7

River otter 0 0 •
21 12 57.1

South East Bobcat 1 1 100.0

Fisher 4 4 100.0

River otter 3 2 66.7

8 7 87.5

South West Bobcat 7 3 42.9

Fisher 6 4 66.7

River otter 4 0 0.0

17 7 41.2

Unknown Bobcat 11 5 45.5

Fisher 20 13 65.0

River otter 30 6 20.0

61 24 39.3

Total 265 117 44.2

ferences in species representations or simply due to random
chance or collection effort. Nevertheless, regional differences
did not provide a significant descriptor of detection (χ2

[6] =
10.36, P < 0.11). When we included both species and region
in an additive model, we found a similar pattern where re-
gion had little explanatory power. Additionally, an interac-
tive model did not converge because the data were too scant.

On average, the SE region had the highest exposure of AR
detection (mean = 87.5%) across all samples and species.

Regional landcover analyses
The regional analyses revealed that all regions are domi-

nated by forested land cover (62% ± 12%). The SE region has
the highest proportion of developed and agricultural land
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Fig. 2. Regionally explicit relationships between anticoagulant rodenticide detections for bobcats (Lynx rufus), fishers (Pekania
pennanti), and river otter (Lontra canadensis) in Pennsylvania from 2019 to 2022.

(21% and 17%, respectively). The SW region has the second
highest proportion of developed lands (12%), whereas the
Southcentral region has the second highest proportion of
agricultural lands (16.9%) (Fig. 2).

There was a positive relationship between AR detections,
using all species, and the proportion of land that was devel-
oped or agricultural (β = 2.15 ± 0.53, χ2

[1] = 6.41, P = 0.011).
Additionally, a similar pattern emerged when we considered
individual species and used either proportion of land that was
developed or agricultural as individual explanatory variables
(Table S1). The lone exception was that fishers did not exhibit
a positive relationship between AR detection and any land-
cover metric we tested (Fig. 3; Supplemental Table S1). For
each species, the region with the highest proportion of devel-
oped or agricultural land had the highest AR detection rates
(Supplemental Fig. S2). The SE region, which has the greatest
development and human population densities, is associated
with higher proportions of AR exposure regardless of which
dependent metrics we examined.

Wildlife managment unit analyses
For the wildllife management unit analyses, we confined

the analyses to AR detection across all species because we had
insufficient data to perform these analyses for each species
individually. Using the wildlife management unit-based val-
ues, we found that there was a positive relationship between
the total detections per wildlife management units and the
average concentration of ARs found (β = 7.58 ± 0.13, χ2

[1]

= 6.8, P = 0.0089). Generally, the distribution of land cover
we found in the regional analyses was recapitulated in the
wildlife management units analyses, but with greater repli-

cation at a finer scale. The wildlife management units in the
Southeast (around Philadelphia) and Southwest (around Pitts-
burgh) have the highest proportion of developed and agri-
cultural lands. Northern Wildlife Management Units have
relatively undeveloped land and more tree cover. We found
strong associations with developed or agricultural lands (β =
−2.394 ± 0.1, χ2

[1] = 8.4, P = 0.0038). The highest rates of de-
tection were found in the Southeast and Southwest Wildlife
Management Units (Fig. 3) In contrast, several wildlife man-
agement units with relatively low amounts of developed or
agricultural lands had relatively high proportions of AR ex-
posure across species, especially fishers.

Age analysis
We were able to estimate ages for 113 (42%) carcasses. Ages

for the others could not be estimated either because the head
was not present or because we could not extract a tooth.
Across all three species, ages ranged from young of the year
to 8 years. Of the individuals that had age data, 79% were 2
years or younger (Supplementary Table S2). With respect to
species, 17 (73%) of bobcats, 32 (91%) of fishers, and 41 (74%)
of otters were 2 years or younger. The oldest bobcats (n = 2)
were 6 years old; a single fisher was 5 years old, and three
otters were estimated to be 8 years old (Supplementary Table
S2).

Age, across species, was not an important determinant of
the probability that an animal would have any type of AR de-
tection (β = 0.127 ± 0.009, χ2

[1] = 1.98, P = 0.15). This result
appears to be explained by species effects because only otters
and bobcats were older than 5 years, and none of those ani-
mals tested positive for quantifiable levels of ARs. Only one
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Fig. 3. Relationships between anticoagulant rodenticide detections for all detections for all species in Pennsylvania from 2019
to 2022.

fisher and one otter older than 4 years tested positive for ARs.
When we tested models with both species and age effects,
age was found to be unimportant (χ2

[1] = 0.17, P = 0.67). We
tested additional models for age considering the individual
species, but all failed to show significant results relative to
patterns of age and AR exposure.

Discussion
Our study indicates that AR exposure among mesocarni-

vores is relatively common in Pennsylvania and that they
are most detected in areas with high human development.
Nevertheless, ARs appear to be present, and to some degree
common, in even less human-dominated landscapes. ARs ap-
peared in every species we examined. Our study appears to be
the first to take multi-species mesocarnivore approach across
a large geographic region. Pennsylvania is among the largest
states in the NE United States, which provided us a unique
ability to assess ARs within and across regions of different
human population densities and land uses. Though our study
supports other studies of exposure to ARs within carnivores,
it is distinctive in comparing relative rates of exposure among
similar sized carnivores with different life histories. Conse-
quently, our study is the first to explicitly test hypotheses
about mechanisms of exposure at broad scales. Additionally,
our study provides a valuable baseline for AR exposure for
three species of mesocarnivores in Pennsylvania. This base-
line may be used to assess population trends in mesocarni-
vores and to build upon our understanding of the health and
influence of habitats in which these and other species occur.

We found ARs across all six PGC regions of Pennsylvania
and in all three species of carnivores we examined. Fishers

were significantly more likely to be exposed to ARs regard-
less of region compared to bobcat and river otter. Bobcats had
relatively higher rates of exposure compared to otters but
lower than fishers (Table 2). Detection rates of ARs for fishers
in Pennsylvania (70%) were similar, though modestly lower,
to those in California (79%) (Gabriel et al. 2012). Yet, detec-
tion rates for fishers in Pennsylvania were nearly 30% lower
than those detected in Vermont and New Hampshire (97%,
n = 45) (Buckley et al. 2023). Based on liver samples, Penn-
sylvania bobcats also had lower rates of AR exposure (49%)
compared to bobcats in Southern California (89%) (Serieys et
al. 2015). Bobcats in southern California may live in proxim-
ity to higher human densities than across Pennsylvania. For
example, AR exposure rates were also very high for a study
of San Joaquin kit foxes (86%, n = 30) near Bakersfield, CA
(McMillin et al. 2008). Had we acquired more samples from
animals near urban areas, our results may have been simi-
lar. Critically, the studies in California, were based on long-
term intensive studies of individual populations where an-
imals were tracked and individual mortalities were investi-
gated. Our study focused on animals we could sample coin-
cidentally due to death from other means across the state.
Such differences in study approach and intensity may con-
tribute to differences in detection rates that we cannot ac-
count for nor quantify. The differences among studies, there-
fore, should not be taken as a conclusion about relative levels
of ARs within those systems.

Importantly, we demonstrate that river otters, along with
terrestrial mesocarnivores, were exposed to ARs in the east-
ern US, although the pathways that lead to exposure may be
different or less prevalent than in fishers or bobcats. We have
shown a single otter exposure above the method detection
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limit for the compound brodifacoum (at 0.01 μg/g), which
has not been previously documented in the primary litera-
ture. Other otter species and semi-aquatic mammal and bird
species are known to be exposed in other systems and our
study appears to confirm the presence of ARs in aquatic sys-
tems in Pennsylvania and likely throughout the Northeast-
ern United States (Ruiz-Suárez et al. 2016; Serieys et al. 2019;
Niedringhaus et al. 2021). In keeping with our general under-
standing of how carnivores are exposed to ARs, the highest
rates of exposure in PA occurred in areas with relatively high
rates of human development and agriculture, areas where ro-
denticides should have the highest use and highest likelihood
for contact with wildlife species. We found that at the broad
regional scales there were not differences in exposure rates
for any species or for all species combined. We did see such
differences at the level of the WMU and it indicates that even
though exposure rates are high near cities and agriculture,
there were still high rates of exposure in some portion of vir-
tually every region.

We hypothesized fishers would have the highest rates of
exposure compared to the other carnivores we tested be-
cause they are the species most likely to scavenge and prey
upon AR-exposed rodents (Gabriel et al. 2012; Gabriel et al.
2015). Bobcats are less likely to scavenge in terrestrial sys-
tems but could conceivably capture sick or AR-weakened ro-
dents. Nevertheless, because fishers would scavenge and eat
these affected rodents, we expect them to have higher rates
of exposure compared to bobcats. Otters forage and live in
aquatic systems where less is understood about AR detec-
tion and exposure in mammals. Even so, having relatively
low human development does not indicate rodenticides are
absent from aquatic or terrestrial ecosystems. In our study,
regions or wildlife management Units with high forest or
non-developed areas still showed carnivore exposure to ARs,
and this is likely due to the relative abundance of hous-
ing and agriculture throughout PA. More detailed informa-
tion about carnivore home ranges, use of areas near hous-
ing, and sources of ARs is required to fully understand the
mechanisms by which they are encountering, presumably,
AR-exposed rodents or being exposed directly. Some ARs are
flavored (e.g., bacon or cheese) such that they could be attrac-
tive to carnivores and consumed directly if they are not used
appropriately. The relatively low rates, and concentrations,
of exposure in otters could represent a modest AR signal in
the aquatic systems (e.g., invertebrates and fish) or could rep-
resent exposure from terrestrial systems that ultimately find
their way into the aquatic ecosystem. Like fishers, otters are
mustelids that will scavenge carcasses, and AR-exposed ro-
dents that wash downstream from terrestrial systems could
be consumed. Large cities may also liberally use rodenticide
within sewer systems, which could directly introduce ARs
into the aquatic system (Regnery et al. 2020). All mechanisms
are possible, or even likely, and the presence of ARs in otters
cannot exclude any of these.

During our study, we collected more otter carcasses than
we predicted and relatively fewer bobcats and fishers. We
may have received relatively high numbers of otter samples
because otters are inadvertently killed in beaver sets (n = 29
for this study) during the PA trapping season, and because all

legal otter harvests (n = 70) must be reported to local game
wardens to obtain a Convention on International Trade in En-
dangered Species (CITES) permit. Both circumstances provide
additional contact with PGC wardens and increase the prob-
ability of obtaining samples. Though we did not expect that
otters would have high rates of detection, the relatively large
numbers of samples from otters do provide an important ex-
amination of their rate of exposure to ARs that has not pre-
viously been documented. The PGC also must issue a CITES
tag for all legally harvested bobcats; however, the method
for obtaining tags for bobcats is different from otters and
does not place trappers in contact with game wardens under
typical legal harvests where trappers simply self-report their
harvest. Additionally, the species is less likely to be mistak-
enly killed in traps set for other species (n = 2 for this study).
Permitted fisher and bobcat trappers are limited to one of
each species per person per season and some trappers were
reluctant to relinquish them for study (especially when we re-
quested the head). For all three species, legal trapping occurs
only in select portions of the state, and not the same por-
tions for all species, because stable or increasing populations
do not occur in all parts of the state. Consequently, there is
some bias associated with where legally harvested samples
come from with respect to regions and wildlife management
units. Fewer animals live in regions without harvest, so there
are also fewer opportunities to collect specimens from those
regions even through other types of mortalities (e.g., vehic-
ular collisions). At finer spatial scales (wildlife management
units or county), more samples are needed to fully address
the prevalence of ARs within the carnivore community and
within individual species (see Table 3). Undoubtedly, spatial
results based on only a few specimens may paint an incom-
plete picture of actual exposure rates. Future studies should
attempt to address issues relative to sample sizes.

We found no strong association between exposure rates
and age in the animals we tested. These results are also
somewhat contingent on sample size, as we had relatively
few animals that were over 2 years old (Supplementary Ta-
ble S2). The lack of older animals in our sample may in-
dicate that there are few animals in the older age cohorts
or that older animals are inherently more wary and so less
likely to be trapped. Alternatively, or in addition, the lack
of old animals in our samples may be related to another is-
sue. ARs at sublethal doses may negatively affect behavior,
impair the decision-making of animals, or make them more
risk-prone. Such behavioral effects from ARs could there-
fore make them more likely to be trapped, hit by cars, or
to seek food closer to urban areas where they will be con-
sidered a nuisance (López-Perea et al. 2019). Young animals
may also share many of these same characteristics, making
them more prone to being trapped or killed, accidentally
killed, or less effective predators causing them to rely on scav-
enging or killing less evasive prey (e.g., AR-exposed rodents).
Thus, our estimates may be biased toward animals that have
been exposed to ARs. Overcoming this limitation would re-
quire a non-biased sampling approach. This would involve
some form of randomly killing mesocarnivores in the wild,
which is not a method that is likely to be used for recover-
ing these relatively elusive and highly managed carnivores
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(Keller 2021). Smaller, though more intensive, studies on any
of these species could provide more information on exposure
and related risks to individuals based on AR exposure. In gen-
eral, we think that to the degree our sample is biased toward
animals that are exposed, the magnitude of the bias is sim-
ilar across regions. Consequently, the patterns of exposure
across PA, and other geographic regions, and the associations
to development and agriculture (human population density)
are likely robust. More generally, our results fit within our
general understanding of where ARs should have the high-
est contact with wildlife and for which species we predicted
a priori should be most exposed.

The exact routes of AR exposure, concentrations in the liver
associated with fatalities, and sub-lethal effects on wildlife
are still largely unknown. Some animals with high body bur-
dens of ARs may appear relatively healthy, whereas others
with relatively low concentrations suffered internal bleed-
ing and ultimately death (Gabriel et al. 2015; Sainsbury et
al. 2018). Trace levels of ARs could represent relatively long-
ago exposures or relatively small recent ingestions. Addition-
ally, presence of multiple ARs could be the result of one or
multiple exposures. Clearly, minor differences exist among
data types, but all show similar patterns of exposure across
species, regions of PA, and underlying ecological drivers (e.g.,
association with human development).

Evidence of rodenticide exposure in mesocarnivores is an
expected finding in areas of high development such as much
of PA (Gabriel et al. 2015; Lohr 2018; López-Perea et al. 2019;
Cooke et al. 2022). How sublethal exposures affect individu-
als and populations is still unknown and needs further study
(Quinn 2019). Here we have provided a baseline estimate of
exposure, which may be used as a comparison for future stud-
ies. In particular, if populations of these carnivores change,
then examination of the rates and levels of exposure over
time could indirectly implicate or exclude ARs as a mecha-
nism leading to those changes. We assume that ARs have been
prevalent in the northeastern United States for at least 50
years. During that time, fishers and otters have been reintro-
duced to PA and both have shown relatively rapid expansion
and population increases (Keller 2021). In particular, fishers
seem to continue to thrive and expand into more urban land-
scapes, which would not be expected if ARs were strongly
limiting populations. We cannot estimate how rodenticides
may have reduced or minimized this apparent rate of growth
and expansion, but ARs appear not to have prevented growth
of the populations for any of the species we studied. Coinci-
dentally, regions within PA having relatively low populations
of fishers, bobcats, and otters (Keller 2021) also have rela-
tively high rates of AR exposure. Nevertheless, those regions
also have less productive habitats for all three species and
ARs are confounding the absence of habitat that also occurs
within those areas. Cross-regional examination of both AR
exposure rates and changes in populations may further elu-
cidate the possibility that these compounds have affected car-
nivore populations in PA and the eastern US. Future research
concerning all three species could focus on diversifying sam-
pling efforts outside of only harvested individuals and ensur-
ing samples are evenly distributed throughout all regions and
wildlife management units of the state. Sampling size could

be increased to eliminate potential bias due to age, spatial
scale, and cause of mortality. These steps may result in a more
accurate estimation of detection levels throughout the state,
their sources relative to carnivores, and their ultimate effect
on populations. Research identifying point source, although
challenging, will be beneficial to the resource. Research spe-
cific to river otters could focus on environmental sampling,
including water, soil, and prey items such as fish, inverte-
brates, reptiles, and amphibians. Future monitoring for ex-
posure to ARs in all three species could suggest changes in
the abundance of rodenticides in these three species but may
also serve as sentinels for other species of carnivores, raptors,
or ecosystems in general.

Acknowledgements
We are grateful for a grant from the Pennsylvania Depart-
ment of Conservation and Natural Resources for this work
(PI: Ellis). We appreciate the participation of many Pennsylva-
nia trappers that worked with us to provide samples for this
study and to the Pennsylvania Trappers Associations that sup-
ported and made their constituents aware of the study. We
acknowledge the support of Pennsylvania Game Commission
regional and Harrisburg staff that helped to organize, coordi-
nate, and process samples in the field. We particularly thank
Wildlife Futures Wildlife Health Technicians Lane Potts, Ash-
ley McDowell, Lauren Maxwell, Ian Gereg, Matthew Shaub,
and Luke Scherer for their diligence in collecting carcasses
and working with trappers. We thank Jakub Klobut in the
PADLS New Bolton Center Toxicology Laboratory for perform-
ing the liver analyses and Sabrina Greening, postdoctoral re-
searcher with the Wildlife Futures Program, for providing
comments to early drafts of this manuscript.

Article information

History dates
Received: 8 July 2023
Accepted: 19 October 2023
Accepted manuscript online: 30 November 2023
Version of record online: 29 February 2024

Copyright
© 2024 Authors Frair, Miller, Murphy, Ellis, and the Penn-
sylvania Game Commission. This work is licensed under a
Creative Commons Attribution 4.0 International License (CC
BY 4.0), which permits unrestricted use, distribution, and re-
production in any medium, provided the original author(s)
and source are credited.

Data availability
Data generated or analyzed during this study are available
from the corresponding author upon reasonable request.

Author information

Author ORCIDs
Aaron Facka https://orcid.org/0000-0001-8466-4653
Jacqueline Frair https://orcid.org/0000-0002-8055-2213

C
an

. J
. Z

oo
l. 

D
ow

nl
oa

de
d 

fr
om

 c
dn

sc
ie

nc
ep

ub
.c

om
 b

y 
65

.5
9.

18
0.

24
2 

on
 1

1/
06

/2
5

http://dx.doi.org/10.1139/cjz-2023-0131
https://creativecommons.org/licenses/by/4.0/deed.en_GB
https://orcid.org/0000-0001-8466-4653
https://orcid.org/0000-0002-8055-2213


Canadian Science Publishing

Can. J. Zool. 102: 443–454 (2024) | dx.doi.org/10.1139/cjz-2023-0131 453

Thomas Keller https://orcid.org/0009-0002-4666-8711
Erica Miller https://orcid.org/0000-0002-1049-6228
Lisa Murphy https://orcid.org/0000-0002-2053-6676
Julie C. Ellis https://orcid.org/0009-0003-6659-645X

Author notes
Current affiliation and address for Aaron Facka is Wildlands
Network, 2501 East 20th, Farmington, NM 87401, USA.

Author contributions
Conceptualization: AF, JF, LM, JCE
Data curation: EM
Formal analysis: AF, LM, JCE
Funding acquisition: AF, JF, EM, JCE, LM
Investigation: AF, EM, JCE, TK
Methodology: AF, EM, LM, JCE
Project administration: AF, TK, JCE
Supervision: TK
Writing – original draft: AF, JCE
Writing – review & editing: AF, JF, TK, EM, LM, JCE

Competing interests
We have no competing interests to declare.

Supplementary material
Supplementary data are available with the article at https:
//doi.org/10.1139/cjz-2023-0131.

References
Arthur, S.M., Cross, R.A., Paragi, T.F., and Krohn, W.B. 1992. Precision and

utility of cementum annuli for estimating ages of fishers. Wildl. Soc.
Bull. (1973–2006), 20(4): 402–405.

Buckley, J.Y., Cottrell, W., Needle, D., Royar, K., Tate, P., and Whittier, C.
2023. High prevalence of anticoagulant rodenticide exposure in New
England Fishers (Pekania pennanti). Environ. Monit. Assess. 195(11):
1348. doi:10.1007/s10661-023-11919-x. PMID: 37857759.

Cooke, R., Whiteley, P., Jin, Y., Death, C., Weston, M.A., Carter, N., and
White, J.G. 2022. Widespread exposure of powerful owls to second-
generation anticoagulant rodenticides in Australia spans an urban
to agricultural and forest landscape. Sci. Total Environ. 819: 153024.
doi:10.1016/j.scitotenv.2022.153024. PMID: 35026248.

Cypher, B., McMillin, S., Westall, T., Job, C.V.H., Hosea, R., Finlayson, B.,
and Kelly, E. 2014. Rodenticide exposure among endangered kit foxes
relative to habitat use in an urban landscape. Cities Environ. 7(1).

Day, C.C., Westover, M.D., and McMillan, B.R. 2015. Seasonal diet of the
northern river otter (Lontra canadensis): what drives prey selection?
Can. J. Zool. 93(3): 197–205. doi:10.1139/cjz-2014-0218.

Drummond, M.A., and Loveland, T.R. 2010. Land-use pressure and a tran-
sition to forest-cover loss in the eastern United States. BioScience,
60(4): 286–298. doi:10.1525/bio.2010.60.4.7.

Eason, C.T., Murphy, E.C., Wright, G.R., and Spurr, E.B. 2002. Assessment
of risks of brodifacoum to non-target birds and mammals in New
Zealand. Ecotoxicology, 11(1): 35–48. doi:10.1023/A:1013793029831.
PMID: 11898799.

Elliott, J.E., Rattner, B.A., Shore, R.F., and Van Den Brink, N.W. 2016. Pay-
ing the pipers: mitigating the impact of anticoagulant rodenticides
on predators and scavengers. BioScience, 66(5): 401–407. doi:10.1093/
biosci/biw028.

Elmeros, M., Christensen, T.K., and Lassen, P. 2011. Concentrations of
anticoagulant rodenticides in stoats Mustela erminea and weasels
Mustela nivalis from Denmark. Sci. Total Environ. 409(12): 2373–
2378. doi:10.1016/j.scitotenv.2011.03.006. PMID: 21477845.

Erickson, W., and Urban, D. 2004. Potential risks of nine rodenticides to
birds and nontarget mammals: a comparative approach. US Environ-
mental Protection Agency, Office of pesticides programs environmen-
tal fate and effects division.

Fernandez-de-Simon, J., Díaz-Ruiz, F., Jareño, D., Domínguez, J.C., Lima-
Barbero, J.F., de Diego, N., et al. 2022. Weasel exposure to the
anticoagulant rodenticide bromadiolone in agrarian landscapes of
southwestern Europe. Sci. Total Environ. 838: 155914. doi:10.1016/
j.scitotenv.2022.155914. PMID: 35569667.

Fisher, P., O’Connor, C., Wright, G., and Eason, C. 2003. Persistence of
four anticoagulant rodenticides in the livers of laboratory rats. DOC
Sci. Intern. Ser. 139: 1–19.

Gabriel, M.W., Woods, L.W., Poppenga, R., Sweitzer, R.A., Thompson, C.,
Matthews, S.M., et al. 2012. Anticoagulant rodenticides on our public
and community lands: spatial distribution of exposure and poisoning
of a rare forest carnivore. PLoS ONE, 7(7): e40163. doi:10.1371/journal.
pone.0040163. PMID: 22808110.

Gabriel, M.W., Woods, L.W., Wengert, G.M., Stephenson, N., Higley, J.M.,
Thompson, C., et al. 2015. Patterns of natural and human-caused mor-
tality factors of a rare forest carnivore, the Fisher (Pekania pennanti)
in California. PLoS ONE, 10(11): e0140640. doi:10.1371/journal.pone.
0140640. PMID: 26536481.

Ginsberg, J.S., and Hirsh, J. 1989. Anticoagulants during pregnancy.
Annu. Rev. Med. 40(1): 79–86. doi:10.1146/annurev.me.40.020189.
000455. PMID: 2658763.

Hindmarch, S., and Elliott, J.E. 2018. Ecological factors driving uptake of
anticoagulant rodenticides in predators (abstract). Proc. Vertebr. Pest
Conf. 28. doi:10.5070/V42811049.

Homer, C., Dewitz, J., Jin, S., Xian, G., Costello, C., Danielson, P., et al.
2020. Conterminous United States land cover change patterns 2001–
2016 from the 2016 national land cover database. ISPRS J. Pho-
togramm. Remote Sens. 162: 184–199. doi:10.1016/j.isprsjprs.2020.
02.019. PMID: 35746921.

Horak, K.E., Fisher, P.M., and Hopkins, B. 2018. Pharmacokinetics of anti-
coagulant rodenticides in target and non-target organisms. In Antico-
agulant rodenticides and wildlife: emerging topics in ecotoxicology.
Vol. 5. Edited by N. van den Brink, J. Elliott, R. Shore and B. Rattner.
Springer, Cham. pp. 87–108. doi:10.1007/978-3-319-64377-9_4.

Jacob, J., and Buckle, A. 2018. Use of anticoagulant rodenticides in dif-
ferent applications around the world. In Anticoagulant rodenticides
and wildlife: emerging topics in ecotoxicology. Vol. 5. Edited by N. van
den Brink, J. Elliott, R. Shore and B. Rattner. Springer, Cham. pp.
11–43. doi:10.1007/978-3-319-64377-9_2.

Jaques, L. 1959. Dicoumarol drugs and the problem of haemorrhage. Can.
Med. Assoc. J. 81(10): 848. PMID: 14406795.

Keller, T. 2021. Furbearer population and harvest monitoring. Pennsyl-
vania Game Commission.

L’Roe, A.W., and Allred, S.B. 2013. Thriving or surviving? Forester re-
sponses to private forestland parcelization in New York State. Small-
Scale For. 12: 353–376. doi:10.1007/s11842-012-9216-0.

LandFire. 2022. Existing vegetation type layer, LANDFIRE 2.0.0, U.S.
Department of the Interior, Geological Survey, and U.S. Depart-
ment of Agriculture. Available from http://www.landfire/viewer [ac-
cessed 5 June 2022].

Lewis, J.C., Powell, R.A., and Zielinski, W.J. 2012. Carnivore translocations
and conservation: insights from population models and field data for
fishers (Martes pennanti). PLoS ONE, 7(3): e32726. doi:10.1371/journal.
pone.0032726. PMID: 22479336.

Liers, E.E. 1951. Notes on the river otter (Lutra canadensis). J. Mammal.
32(1): 1–9. doi:10.2307/1375406.

Lohr, M.T. 2018. Anticoagulant rodenticide exposure in an Australian
predatory bird increases with proximity to developed habitat. Sci. To-
tal Environ. 643: 134–144. doi:10.1016/j.scitotenv.2018.06.207. PMID:
29936157.

López-Perea, J.J., Camarero, P.R., Sánchez-Barbudo, I.S., and Mateo, R.
2019. Urbanization and cattle density are determinants in the ex-
posure to anticoagulant rodenticides of non-target wildlife. Environ.
Pollut. 244: 801–808. doi:10.1016/j.envpol.2018.10.101.

Lovallo, M.J., and Anderson, E.M. 1996. Bobcat (Lynx rufus) home range
size and habitat use in northwest Wisconsin. Am. Midl. Natural. 135:
241–252. doi:10.2307/2426706.

McMillin, S.C., Hosea, R.C., Finlayson, B.F., Cypher, B.L., and Mekebri, A.
2008. Anticoagulant rodenticide exposure in an urban population of

C
an

. J
. Z

oo
l. 

D
ow

nl
oa

de
d 

fr
om

 c
dn

sc
ie

nc
ep

ub
.c

om
 b

y 
65

.5
9.

18
0.

24
2 

on
 1

1/
06

/2
5

http://dx.doi.org/10.1139/cjz-2023-0131
https://orcid.org/0009-0002-4666-8711
https://orcid.org/0000-0002-1049-6228
https://orcid.org/0000-0002-2053-6676
https://orcid.org/0009-0003-6659-645X
https://doi.org/10.1139/cjz-2023-0131
http://dx.doi.org/10.1007/s10661-023-11919-x
https://pubmed.ncbi.nlm.nih.gov/37857759
http://dx.doi.org/10.1016/j.scitotenv.2022.153024
https://pubmed.ncbi.nlm.nih.gov/35026248
http://dx.doi.org/10.1139/cjz-2014-0218
http://dx.doi.org/10.1525/bio.2010.60.4.7
http://dx.doi.org/10.1023/A:1013793029831
https://pubmed.ncbi.nlm.nih.gov/11898799
http://dx.doi.org/10.1093/biosci/biw028
http://dx.doi.org/10.1016/j.scitotenv.2011.03.006
https://pubmed.ncbi.nlm.nih.gov/21477845
http://dx.doi.org/10.1016/j.scitotenv.2022.155914
https://pubmed.ncbi.nlm.nih.gov/35569667
http://dx.doi.org/10.1371/journal.pone.0040163
https://pubmed.ncbi.nlm.nih.gov/22808110
http://dx.doi.org/10.1371/journal.pone.0140640
https://pubmed.ncbi.nlm.nih.gov/26536481
http://dx.doi.org/10.1146/annurev.me.40.020189.000455
https://pubmed.ncbi.nlm.nih.gov/2658763
http://dx.doi.org/10.5070/V42811049
http://dx.doi.org/10.1016/j.isprsjprs.2020.02.019
https://pubmed.ncbi.nlm.nih.gov/35746921
http://dx.doi.org/10.1007/978-3-319-64377-9_4
http://dx.doi.org/10.1007/978-3-319-64377-9_2
https://pubmed.ncbi.nlm.nih.gov/14406795
http://dx.doi.org/10.1007/s11842-012-9216-0
http://www.landfire/viewer
http://dx.doi.org/10.1371/journal.pone.0032726
https://pubmed.ncbi.nlm.nih.gov/22479336
http://dx.doi.org/10.2307/1375406
http://dx.doi.org/10.1016/j.scitotenv.2018.06.207
https://pubmed.ncbi.nlm.nih.gov/29936157
http://dx.doi.org/10.1016/j.envpol.2018.10.101
http://dx.doi.org/10.2307/2426706


Canadian Science Publishing

454 Can. J. Zool. 102: 443–454 (2024) | dx.doi.org/10.1139/cjz-2023-0131

the San Joaquin kit fox. In Proceedings of the 23rd Vertebrate Pest
Conference, San Diego, CA, 17–20 March. Edited by R.M. Timm and
M.B. Madon. University of California, Davis. pp. 163–165.

McNeil, D.J., Nicks, C.A., Wester, J.C., and Larkin, J.L. 2017. Diets of
Fishers (Pekania pennanti) and evidence of intraspecific consumption
in Pennsylvania. Am. Midl. Natural. 177(2): 200–210. doi:10.1674/
0003-0031-177.2.200.

Memmott, K., Murray, M., and Rutberg, A. 2017. Use of anticoagulant ro-
denticides by pest management professionals in Massachusetts, USA.
Ecotoxicology, 26: 90–96. doi:10.1007/s10646-016-1744-5.

Murray, M. 2017. Anticoagulant rodenticide exposure and toxicosis in
four species of birds of prey in Massachusetts, USA, 2012–2016, in
relation to use of rodenticides by pest management professionals.
Ecotoxicology, 26: 1041–1050. doi:10.1007/s10646-017-1832-1.

Niedringhaus, K.D., Nemeth, N.M., Gibbs, S., Zimmerman, J., Shender,
L., Slankard, K., et al. 2021. Anticoagulant rodenticide exposure and
toxicosis in bald eagles (Haliaeetus leucocephalus) and golden eagles
(Aquila chrysaetos) in the United States. PLoS ONE, 16(4): e0246134.
doi:10.1371/journal.pone.0246134.

PASDA (Pennsylvania Spatial Data Access). 2022. Available from https:
//www.pasda.psu.edu/ [accessed 5 June 2022].

Powell, R., Facka, A., Gabriel, M., Gilbert, J., Higley, J., Lapoint, S., and
Thompson, C. 2017. The fisher as a model organism. Biology and con-
servation of wild musteloids. Edited by D. McDonald, L.A. Harrington
and C. Newman. Oxford Press, Oxford. pp. 278–291.

Powell, R.A. 1993. The Fisher: ecology, behavior and life history. Univer-
sity of Minnesota Press, Minneapolis, MN.

Quinn, N. 2019. Assessing individual and population-level effects of an-
ticoagulant rodenticides on wildlife. Hum. Wildl. Interact. 13(2):.
doi:10.26077/y9tj-ew86.

Rattner, B.A., Lazarus, R.S., Elliott, J.E., Shore, R.F., and van den Brink, N.
2014. Adverse outcome pathway and risks of anticoagulant rodenti-
cides to predatory wildlife. Environ. Sci. Technol. 48(15): 8433–8445.
doi:10.1021/es501740n.

Regnery, J., Schulz, R.S., Parrhysius, P., Bachtin, J., Brinke, M., Schäfer, S.,
et al. 2020. Heavy rainfall provokes anticoagulant rodenticides’ re-
lease from baited sewer systems and outdoor surfaces into receiving
streams. Sci. Total Environ. 740: 139905. doi:10.1016/j.scitotenv.2020.
139905.

Riley, S.P., Bromley, C., Poppenga, R.H., Uzal, F.A., Whited, L., and Sauva-
jot, R.M. 2007. Anticoagulant exposure and notoedric mange in bob-
cats and mountain lions in urban southern California. J. Wildl. Man-
age. 71(6): 1874–1884. doi:10.2193/2005-615.

Riley, S.P., Sauvajot, R.M., Fuller, T.K., York, E.C., Kamradt, D.A., Bromley,
C., and Wayne, R.K. 2003. Effects of urbanization and habitat frag-
mentation on bobcats and coyotes in southern California. Conserv.
Biol. 17(2): 566–576. doi:10.1046/j.1523-1739.2003.01458.x.

Robinson, M.H., Twigg, L.E., Wheeler, S.H., and Martin, G.R. 2005. Effect
of the anticoagulant, pindone, on the breeding performance and sur-
vival of merino sheep, Ovis aries. Comp. Biochem. Physiol. A Mol.
Integr. Physiol. 140(3): 465–473. doi:10.1016/j.cbpc.2004.11.011.

Rudd, J.L., McMillin, S.C., Kenyon, M.W., Clifford, D.L., and Pop-
penga, R.H. 2018. Prevalence of first and second-generation
anticoagulant rodenticide exposure in California mountain
lions (Puma concolor). Proc. Vertebr. Pest Conf. 28. doi:10.5070/
V42811046.

Ruiz-Suárez, N., Melero, Y., Giela, A., Henríquez-Hernández, L.A., Sharp,
E., Boada, L.D., et al. 2016. Rate of exposure of a sentinel species,
invasive American mink (Neovison vison) in Scotland, to anticoagu-
lant rodenticides. Sci. Total Environ. 569: 1013–1021. doi:10.1016/j.
scitotenv.2016.06.109.

Sainsbury, K.A., Shore, R.F., Schofield, H., Croose, E., Gloria, M., Sleep,
D., et al. 2018. Long-term increase in secondary exposure to an-
ticoagulant rodenticides in European polecats Mustela putorius in
Great Britain. Environ. Poll. 236: 689–698. doi:10.1016/j.envpol.2018.
02.004.

Serieys, L.E., Lea, A., Epeldegui, M., Foley, J., Moriarty, J.G., Riley, S.P.,
et al. 2018a. Widespread anticoagulant poison exposure is linked
with immune dysregulation and severe notoedric mange in urban
bobcats. In Proceedings of the Vertebrate Pest Conference. Vol. 28.
doi:10.5070/V42811047.

Serieys, L.E., Lea, A.J., Epeldegui, M., Armenta, T.C., Moriarty, J., Vande-
Woude, S., et al. 2018b. Urbanization and anticoagulant poisons pro-
mote immune dysfunction in bobcats. Proc. R Soc. Lond. B Biol. Sci.
285(1871): 20172533. doi:10.1098/rspb.2017.2533.

Serieys, L.E., Bishop, J., Okes, N., Broadfield, J., Winterton, D.J., Poppenga,
R.H., et al. 2019. Widespread anticoagulant poison exposure in preda-
tors in a rapidly growing South African city. Sci. Total Environ. 666:
581–590. doi:10.1016/j.scitotenv.2019.02.122.

Serieys, L.E.K., Armenta, T.C., Moriarty, J.G., Boydston, E.E., Lyren, L.M.,
Poppenga, R.H., et al. 2015. Anticoagulant rodenticides in urban
bobcats: exposure, risk factors and potential effects based on a
16-year study. Ecotoxicology, 24(4): 844–862. doi:10.1007/
s10646-015-1429-5.

Thompson, C., Sweitzer, R., Gabriel, M., Purcell, K., Barrett, R., and Pop-
penga, R. 2014. Impacts of rodenticide and insecticide toxicants from
marijuana cultivation sites on fisher survival rates in the Sierra Na-
tional Forest, California. Conserv. Lett. 7(2): 91–102. doi:10.1111/conl.
12038.

Van den Brink, N.W., Elliott, J.E., Shore, R.F., and Rattner, B.A. 2018. An-
ticoagulant rodenticides and wildlife. Springer.

Vudathala, D., Cummings, M., and Murphy, L. 2010. Analysis of multi-
ple anticoagulant rodenticides in animal blood and liver tissue us-
ing principles of QuEChERS method. J. Anal. Toxicol. 34(5): 273–279.
doi:10.1093/jat/34.5.273.

Watt, B.E., Proudfoot, A.T., Bradberry, S.M., and Vale, J.A. 2005. An-
ticoagulant rodenticides. Toxicol. Rev. 24(4): 259–269. doi:10.2165/
00139709-200524040-00005.

Wiens, J.D., Dilione, K.E., Eagles-Smith, C.A., Herring, G., Lesmeister, D.B.,
Gabriel, M.W., et al. 2019. Anticoagulant rodenticides in Strix owls in-
dicate widespread exposure in west coast forests. Biol. Conserv. 238:
108238. doi:10.1016/j.biocon.2019.108238.

C
an

. J
. Z

oo
l. 

D
ow

nl
oa

de
d 

fr
om

 c
dn

sc
ie

nc
ep

ub
.c

om
 b

y 
65

.5
9.

18
0.

24
2 

on
 1

1/
06

/2
5

http://dx.doi.org/10.1139/cjz-2023-0131
http://dx.doi.org/10.1674/0003-0031-177.2.200
http://dx.doi.org/10.1007/s10646-016-1744-5
http://dx.doi.org/10.1007/s10646-017-1832-1
http://dx.doi.org/10.1371/journal.pone.0246134
https://www.pasda.psu.edu/
http://dx.doi.org/10.26077/y9tj-ew86
http://dx.doi.org/10.1021/es501740n
http://dx.doi.org/10.1016/j.scitotenv.2020.139905
http://dx.doi.org/10.2193/2005-615
http://dx.doi.org/10.1046/j.1523-1739.2003.01458.x
http://dx.doi.org/10.1016/j.cbpc.2004.11.011
http://dx.doi.org/10.5070/V42811046
http://dx.doi.org/10.1016/j.scitotenv.2016.06.109
http://dx.doi.org/10.1016/j.envpol.2018.02.004
http://dx.doi.org/10.5070/V42811047
http://dx.doi.org/10.1098/rspb.2017.2533
http://dx.doi.org/10.1016/j.scitotenv.2019.02.122
http://dx.doi.org/10.1007/s10646-015-1429-5
http://dx.doi.org/10.1111/conl.12038
http://dx.doi.org/10.1093/jat/34.5.273
http://dx.doi.org/10.2165/00139709-200524040-00005
http://dx.doi.org/10.1016/j.biocon.2019.108238


 

From: Mourad Gabriel <mgabriel@iercecology.org>  
Sent: Thursday, November 6, 2025 9:30 AM 
To: lowensvi@icloud.com; Jonathan Evans <JEvans@biologicaldiversity.org> 
Subject: Re: Letter to DPR 
 
Hello Lisa and Jonathan, I needed to run this by the other PIs on this project and see if all of 
the ducks were in a row. What could be added is below.. Is this helpful? 
 
"Current data from investigations into the exposure to ARs in barred owls in Northern California 
demonstrate continued exposure to anticoagulant rodenticides throughout that landscape. 
Specifically, Second Generation AR (SGAR) are still being detected in barred owls, varying in 
age (1-10+years) throughout the Northern California landscape. Specifically, SGAR makes up 
the majority of exposures, 36% of over 700 owls collected and tested from 2018-2024."  
 
This was presented by IERC at the North Coast Wildlife Society Science Conference in 2024. 
 
Mourad W. Gabriel, MS, PhD 
Co-Director & Co-Founder 
mgabriel@IERCecology.org 
Office: (707) 668-4030 
Work Cell: (707) 866-1971 
 

 
A 501(c)3 Non-Profit Scientific Research Organization 
Dedicated to Conservation Since 2004 
Minority and Woman Founded 
www.IERCecology.org 
 
Physical Address   
239 Railroad Ave, Blue Lake, CA 95525             
Mailing Address 
PO Box  52, Blue Lake, CA 95525 



Environmental Pollution 311 (2022) 119925

Available online 18 August 2022
0269-7491/Published by Elsevier Ltd. This is an open access article under the CC BY license (http://creativecommons.org/licenses/by/4.0/).

Collateral damage: Anticoagulant rodenticides pose threats to 
California condors☆ 

Garth Herring a, Collin A. Eagles-Smith a,*, Rachel Wolstenholme b,c, Alacia Welch b, 
Chris West d, Barnett A. Rattner e 

a U.S. Geological Survey, Forest and Rangeland Ecosystem Science Center, Corvallis, OR, 97331, USA 
b Pinnacles National Park, Paicines, CA, 95043, USA 
c Current: National Park Service, Interior Regions 8, 9, 10, & 12, San Francisco, CA, 94104, USA 
d Yurok Tribe Wildlife Department, Klamath, CA, 95548, USA 
e U.S. Geological Survey, Eastern Ecological Science Center, Beltsville, MD, 20705, USA   

A R T I C L E  I N F O   

Keywords: 
Anticoagulant rodenticides 
Avian scavengers 
Blood clotting 
Brodifacoum 
Bromadiolone 
Survival toxicosis 
Turkey vulture 

A B S T R A C T   

Anticoagulant rodenticides (ARs) are widespread environmental contaminants that pose risks to scavenging birds 
because they routinely occur within their prey and can cause secondary poisoning. However, little is known 
about AR exposure in one of the rarest avian scavengers in the world, the California condor (Gymnogyps cal
ifornianus). We assessed AR exposure in California condors and surrogate turkey vultures (Cathartes aura) to 
gauge potential hazard to a proposed future condor flock by determining how application rate and environ
mental factors influence exposure. Additionally, we examined whether ARs might be correlated with prolonged 
blood clotting time and potential mortality in condors. Only second-generation ARs (SGARs) were detected, and 
exposure was detected in all condor flocks. Liver AR residues were detected in 42% of the condors (27 of 65) and 
93% of the turkey vultures (66 of 71). Although concentrations were generally low (<10 ng/g ww), 48% of the 
California condors and 64% of the turkey vultures exposed to ARs exceeded the 5% probability of exhibiting 
signs of toxicosis (>20 ng/g ww), and 10% and 13% exceeded the 20% probability of exhibiting signs toxicosis 
(>80 ng/g ww). There was evidence of prolonged blood clotting time in 16% of the free-flying condors. For 
condors, there was a relationship between the interaction of AR exposure index (legal use across regions where 
condors existed) and precipitation, and the probability of detecting ARs in liver. Exposure to ARs may complicate 
recovery efforts of condor populations within their current range and in the soon to be established northern 
California experimental population. Continued monitoring of AR exposure using plasma blood clotting assays 
and residue analysis would allow for an improved understanding of their hazard to condors, particularly if paired 
with recent movement data that could elucidate exposure sources on the landscape occupied by this endangered 
species.   

1. Introduction 

Anticoagulant rodenticides (ARs; first- and second-generation ro
denticides; hereafter FGAR and SGAR) have been used for decades to 
manage rodent pest populations, but can pose physiological risks to 
raptors and scavenging birds through secondary poisoning (Rattner 
et al., 2014a; Elliott et al., 2016; Hong et al., 2019) because they 
accumulate in their prey (e.g., Rattus; Elliott et al., 2014; Poessel et al., 
2015; Geduhn et al., 2016). Secondary poisoning of birds can produce a 

range of deleterious physiological effects (e.g., anemia, hemorrhage, 
pallor of mucus membranes, depressed mentation and weakness), 
including direct mortality (Kelly et al., 2014a; Rattner et al., 2014a; 
Elliott et al., 2016; Hong et al., 2019; Rattner and Harvey, 2021). The 
widespread legal application of ARs, coupled with potential off-label 
illegal use, are the principal sources to wildlife (Gabriel et al., 2012; 
Elliott et al., 2014; Rattner et al., 2014b; Series et al., 2015). 

Raptor exposure to ARs is globally widespread. A recent review 
(Elliott et al., 2016) found that average AR incidence (percentage of bird 
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livers with at least one detectable SGAR) was 63% across 14 published 
studies (n = 2565 raptors) in nine countries. Within North America, 
SGARs are among the most frequent and abundantly used AR group 
(Murray, 2017; Quinn et al., 2019; Niedringhaus et al., 2020) and are 
routinely detected in wildlife because of their longer half-lives (Erickson 
and Urban, 2004; Herring et al., 2017). Birds that consume 
SGAR-poisoned animals have a higher likelihood of secondary poisoning 
and bioaccumulation compared to those exposed to first-generation ARs 
because of differences in AR toxicity and bioaccumulative potential 
(Murray, 2011; Thomas et al., 2011; Kelly et al., 2014b). Additional 
studies have shown that the degree of scavenging in raptors and other 
avian scavengers is positively correlated with AR exposure and mortality 
(Hughes et al., 2013; Hong et al., 2019). 

The occurrence of ARs within raptor and avian scavenger food chains 
increases the likelihood of non-target AR exposure and potential adverse 
effects in those birds. The California condor (Gymnogyps californianus), a 
federally endangered scavenger, is one such species that is routinely 
exposed to contaminants through their food base (e.g., Pb; see Church 
et al., 2006; Finkelstein et al., 2012; Kelly et al., 2014a). California 
condors may consume ARs because they forage on agricultural pests and 
mammalian predators that have been exposed to ARs by primary or 
secondary routes, similar to other large facultative and obligate scav
engers (e.g., golden eagle Aquila chrysaetos, turkey vulture Cathartes 
aura; Langford et al., 2013; Kelly et al., 2014b). With a global population 
of approximately 334 individuals, any additional physiological stressors 
could adversely affect their population. Therefore, identifying and un
derstanding external factors that influence condor mortality or impair
ment are important for effective management of the current population, 
evaluating potential new release sites, and developing effective public 
outreach to protect the population. 

We evaluated AR exposure in California condors across their current 
range in the central/southern California and Arizona flocks, as well as in 
a surrogate avian scavenger (turkey vultures Carthartes aura) in both 
existing condor range and at the future condor release site designated by 
the Northern California Condor Restoration Program. We determined 
AR exposure by sampling liver (long-term exposure: months) from 
deceased condors, blood (recent exposure: days – weeks) from free- 
ranging live condors, and liver and blood samples from surrogate 
turkey vultures. We then examined how legal AR application and 
environmental factors (e.g., precipitation) influenced variability in 
condor AR exposure and liver tissue concentrations, and whether ARs 
may be related to condor mortalities. We also assessed potential condor 
physiological responses to AR exposure, through common biomarker 
responses, prothrombin time (PT) and Russell’s viper venom time 
(RVVT), to detect coagulopathy. These biomarkers can be used to 
demonstrate both the physiological response to ARs and as an indication 
of AR exposure (Rattner et al., 2014b; Rattner et al., 2015; Hindmarch 
et al., 2019). 

2. Methods and study area 

2.1. Quantify plasma and liver AR exposure in live and deceased 
California Condors throughout their current foraging range 

California condors are captured on a semi-annual (typically 2–3 
times) basis at Pinnacles National Park (PINN; Fig. S1) and undergo 
regular blood sampling to check health indices and measure exposure to 
environmental contaminants, particularly lead (Pb). During 2017–2018, 
a subset of blood samples was collected for AR analysis (n = 44) and 
blood clotting time biomarkers by venipuncture of the tarsal vein. 
Samples for AR analysis were stored in ethylenediaminetetraacetic acid 
(EDTA) blood tubes, and samples for clotting time biomarker testing 
were collected in citrated blood tubes; tubes were stored on ice and 
centrifuged at the end of the day (15 min at 2500 g) and plasma fractions 
were pipetted into individual cryovials (see Rattner et al., 2015) for 
details). The EDTA and the citrated plasma samples were frozen at 

− 20 ◦C and shipped on dry ice within one day to the laboratory where 
they were stored at − 80 ◦C. Condor liver samples (n = 65) from 2006 to 
2018 that had been collected as part of the necropsy of deceased condors 
were requested from research laboratories that were holding samples. 
Deceased condors were from the PINN/Ventana Wilderness Society (n =
24), southern California (n = 33), and Arizona flocks (n = 8). All liver 
samples were kept at − 80 ◦C until AR analysis. Additional citrated blood 
plasma samples (n = 10) were collected under the above protocols from 
captive condors at the Oregon Zoo to serve as reference coagulation 
samples by Oregon Zoo staff in 2018. All condor field protocols were 
covered by endangered species permit TE157291-1 and approved Na
tional Park Service Institutional Animal Care and Use Permit 
PWR-PINN-Condor-2016.A3, and turkey vultures sampling occurred 
under state (California: 010619, SC-4741; Oregon: 052-17, 094-19) and 
Federal permits (MB28361A-0, 09379, 21417) and an approved Insti
tutional Animal Care and Use Permits (Protocol 08/09.W.89.A, 
2017-001). 

2.2. Quantify plasma and liver AR exposure in Turkey vultures within the 
potential foraging range of northern California Condors 

To gain insight into potential condor AR exposure within current 
condor range as well as potential risk to the future northern California 
flock (Fig. S1), we collected turkey vultures (n = 71) as surrogates 
within the current California condor range near Pinnacles National Park 
(n = 16) and in northern California (n = 20) and southern Oregon (n =
35) using a 12-gauge shotgun and steel shot in 2018 and 2019. This 
approach allowed us to compare the concentrations and types of ARs to 
which condors and surrogate scavengers were exposed within the same 
spatial/temporal period. We collected whole blood (n = 48) from each 
sacrificed vulture using 20-25-gauge heparinized needles by cardiac 
puncture. Blood was centrifuged immediately after sampling (15 min at 
2500 g), and plasma fractions were pipetted into individual cryovials. 
All vulture carcasses and plasma were frozen on dry ice in the field and 
held in a − 20 ◦C freezer until being transferred to either a − 20 ◦C or 
− 80 ◦C laboratory freezer (carcasses and plasma respectively). We uti
lized additional live turkey vulture plasma samples (n = 23) collected 
between 2009 − 2013 (stored at − 80 ◦C) by the Yurok Tribe Wildlife 
Department (see West et al., 2017 for collection details, Fig. S1). 

2.3. Tissue sampling and rodenticide analysis 

For both condors and turkey vultures, we examined the frequency of 
AR exposure based on detecting at least one AR in the liver and or blood 
plasma (Rattner et al., 2014a; Gabriel et al., 2018). Liver tissue from 
each condor or vulture was excised and homogenized in liquid nitrogen 
using a cryomill (SPEX SamplePrep, Metuchen, New Jersey), and an 
approximately 5 g aliquot was used for quantitative AR analysis. With 
long term frozen storage, moisture often sublimates from biological 
tissues, resulting in variable % moisture content. This can influence 
contaminant concentrations when analysis and reporting are done on a 
wet weight (ww) basis. We addressed this issue by freeze-drying a 
subsample of each liver sample to determine moisture content. Final 
liver AR concentrations were adjusted from ww to dry weight (dw) using 
the individual percent moisture content. To facilitate comparisons of 
liver AR concentrations data published in ww, we approximated liver 
fresh ww concentrations by back calculating ww concentrations using a 
fresh liver moisture content derived from turkey vultures (mean = 69.9 
± 0.5%, n = 71). Liver tissue aliquots and plasma of condors and vul
tures were analyzed by the Texas A&M Veterinary Medical Diagnostics 
Laboratory (College Station, Texas) for quantification of eight ARs, 
including 4 first-generation ARs (chlorophacinone, coumatetralyl, 
diphacinone, warfarin), and 4 second-generation ARs (brodifacoum, 
bromadiolone, difenacoum, difethialone). Rodenticides were quantified 
by high-performance liquid chromatography-tandem mass spectrometry 
using an Agilent 1200 series C and 6400 triple quad system (Series et al., 
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2015). Plasma samples (~1 ml) were analyzed for ARs on a ww basis. 
Quality control blanks all reported zero ARs detected, analytical spike 
recovery averaged 107.7 ± 6.0% (n = 8), and the limit of quantification 
(LOQ) across all ARs averaged 5.1 ± 0.1 ng/g ww for liver and 2.1 ± 0.4 
ng/g ww for plasma and limit of detection (LOD) was between 0.5 and 
1.0 ng/g ww for liver and 0.2–0.4 ng/g ww in plasma. If an AR was 
detected in a sample, but below the LOQ and ≥ the limit of detection 
(LOD; the lowest concentration in a sample that could be detected but 
not necessarily quantified as an exact concentration), we used the re
ported concentration rather than a ½ LOD which is commonly used but 
has no statistical underpinning (Zoffoli et al., 2013). Across all birds, 
only SGARs were detected, and as such, the molecular weights were 
generally similar and summing ARs is less problematic than if we had 
detected both FGARs and SGARs, which have vastly different molecular 
weights, toxic potencies and tissue half-lives (Horak et al., 2018; Rattner 
and Harvey, 2021). In all subsequent analyses, we summed SGARs 
(ΣSGAR) to simplify interpretation. 

Physiological Biomarkers in California Condors and Surrogate Obli
gate Avian Scavengers. 

Prothrombin time and RVVT of citrated California condor plasma 
samples (n = 47) were used to evaluate evidence of physiological 
response to potential AR exposure. Thrombin clotting time (TCT) was 
used as an indicator of fibrinogen concentration in plasma samples. 
Fibrinogen formation is insensitive to deficiency of vitamin K-dependent 
clotting factors caused by ARs, but its deficiency resulting from 
improper blood sample collection can prolong clotting time and 
confound AR toxicity studies (Rattner et al., 2010). Thus, it is important 
to verify that fibrinogen concentration is adequate to promote clot for
mation (~75 mg/dL). Reagents, conduct, and performance of these as
says in various species of raptors has been previously described (e.g., 
(Rattner et al., 2011; Rattner et al., 2015; Hindmarch et al., 2019). The 
mechanical clot endpoint in these assays was determined using a Start4 
fibrometer (Diagnostica Stago Inc., Parsippany, NJ). Nearly all samples 
were assayed in duplicate (a few [see summaries below] had inadequate 
volume and were assayed as a single determination), and values were 
averaged. 

For the TCT assay, condor samples were run over a two-day period. 
Of the 47 samples assayed, 46 produced clots, and of those analyzed in 
duplicate (n = 44), the average coefficient of variation (CV) ± standard 
deviation (SD) was 4.1 ± 6.0%. Nine aliquots derived from a pool of 
citrated chicken plasma were assayed at various intervals during the 
two-day period to verify assay performance and yielded an average CV 
± SD of 2.0 ± 1.8%. For the RVVT assay, there was adequate sample 
volume for analysis of 46 of the 47 samples and they were analyzed in a 
single day. Of the 42 condor samples assayed in duplicate, the average 
CV ± SD was 0.7 ± 0.6%. Seven aliquots derived from a pool of citrated 
chicken plasma were assayed for RVVT at various intervals and yielded a 
CV ± SD of 0.7 ± 0.9%. For the PT assay, there was adequate sample 
volume for analysis of 46 of the 47 samples and they were analyzed in 
single day. Of the 42 condor samples assayed in duplicate, the CV ± SD 
was 2.4 ± 3.0%. Seven aliquots derived from a pool of citrated chicken 
plasma were assayed for PT at various intervals and yielded a CV ± SD of 
2.6 ± 1.4%. 

2.4. Landscape analysis 

To understand the potential influence of landscape variables on 
condor AR exposure and concentrations, we used ArcMap 10.4.1 (ESRI, 
Redlands, California, USA) to quantify precipitation and SGAR use 
(application rates) associated with the region in which a condor either 
was found deceased or was using prior to mortality. We restricted the 
time frame for the spatial analysis of each condor to the one-year period 
immediately prior to death. We selected this time frame because it 
represents a plausible approximation of when AR exposure would have 
occurred based on their half-lives in liver (Erickson and Urban, 2004; 
Herring et al., 2017). We did not assess the influence of landscape factors 

on AR exposure and concentrations for condors in Arizona because there 
are no available AR application data of adequate spatial resolution. 
Some deceased condors (70%) were not equipped with Global System 
for Mobile Communications (GSM)/Global Positioning System (GPS) 
transmitters, precluding us from utilizing individual level movement 
data for each bird. Rather, we used all available location data from other 
condors within the flock from which the deceased condor was associated 
during the one-year period prior to its death. We utilized data from 
Movebank (www.movebank.com) to understand spatial movement 
patterns for each condor in the central and southern California flocks. 
We determined the proportion of location detections per county relative 
to the total number of location detections for all GSM/GPS transmitted 
condors across the one-year period. We verified the viability of estimates 
of the percent of time spent in each county through correlation between 
estimates from all condor movement data and instances where we had 
actual data from individual condors (F1,6.80 = 104.38, P < 0.0001, R2 =

0.37). 
We developed an index of potential condor AR exposure based on 

both county level AR application rates and the proportion of time condor 
flocks spent in each county (hereafter AR exposure index). This was 
accomplished employing legal county-specific data on pesticide use 
(California Department of Pesticide Regulation, 2020) to estimate total 
AR application rates within each county for the year prior to each 
condors’ death. We selected only those ARs that condors were exposed 
to as determined by our liver exposure data (i.e., brodifacoum, broma
diolone, and difethialone; see Results). For each county, total active 
ingredient (kg) of all ARs applied were summed across the year prior to 
mortality and adjusted for the area of the county (i.e., weighted 
average). 

Rodent control is one of the primary drivers of AR use (Rattner et al., 
2014a; Elliott et al., 2016). As a result, AR use fluctuates with rodent 
population cycles (Luque-Larena et al., 2013; Lopez-Perea and Mateo, 
2018). Additionally, precipitation is a major factor influencing rodent 
populations (Brown and Heske, 1990; Meserve et al., 2003; Gillespie 
et al., 2008), so we used county-specific precipitation measurements for 
the rainy season (Oct–April) prior to each condors’ death as a proxy for 
potential changes in county level rodent populations, which may have 
influenced AR application (both legal and illegal). Total county level 
precipitation was calculated from the PRISM Climate Group (2020). 
Total precipitation (mm) for each county were summed across each 
rainy season and adjusted to account for the proportion of time each 
condor flock spent in that county. 

3. Statistical analysis 

3.1. AR exposure 

We evaluated factors influencing condor and vulture AR exposure 
using species-specific logistic regression models. Each bird’s classifica
tion as “exposed” (at least one quantifiable AR detected) or “unexposed” 
(failure to detect ARs in liver) was used as the response variable. We 
then tested the probability of various factors influencing AR exposure 
using a logistic regression model with sex, region, and year of death as 
independent variables. For condors, we also included the AR exposure 
index and rainy season precipitation prior to the condor’s death, along 
with the interaction between AR exposure index and precipitation to 
determine if precipitation influenced the relationship between AR 
exposure in condors and AR exposure index. We did not include an AR 
exposure index or precipitation in vulture models because no location 
data existed to define the spatial area covered by vultures. Regions for 
condor analysis were aligned with condor flocks and are based on GSM/ 
GPS telemetry movement data (Southern California flock: Kern, Los 
Angeles, Santa Barbara, Tulare, and Ventura counties; Central California 
flock: Monterey, San Benito, and San Luis Obispo counties). Turkey 
vulture regions were associated with collection sites (Pinnacles National 
Park, northern California, and southern Oregon). We combined the 

G. Herring et al.                                                                                                                                                                                                                                 

http://www.movebank.com


Environmental Pollution 311 (2022) 119925

4

Pinnacles and Ventana flocks for analysis because of their propensity to 
move and feed together on the landscape (Bakker et al., 2017). Year was 
not included in vulture model because we did not sample vultures in 
each region every year. 

To evaluate the factors influencing condor and vulture AR concen
trations in birds with quantifiable AR concentrations, we used species- 
specific linear mixed-effects models. Liver AR concentration (ΣSGAR 
ng/g dw) was the response variable, with AR exposure index, precipi
tation, sex, region, and year of death as independent variables, and an 
AR exposure index × precipitation interaction. We included sampling 
site as a random effect in the turkey vulture models to avoid con
founding effects associated with sampling multiple birds from the same 
location, whereas condor samples were considered independent because 
of the spatial and temporal differences in deaths. 

3.2. Influence of AR exposure on condor cause of death 

To assess if ARs influenced the probability of condors dying from a 
specific cause, we used cause-of-death determinations determined by 
necropsy by the California Condor Recovery Program and the U.S. Fish 
and Wildlife Service National Forensics Laboratory (see Viner et al., 
2020 for details). Most condor mortalities were the result of either Pb 
poisoning (67%) or a range of other causes that were not numerous 
enough to be analyzed individually (4%–7% per cause of death). 
Therefore, we combined data for other causes of death (e.g., drowning, 
electrocution, entanglement, trauma) in a single category, thereby cat
egorizing cause-of-death as either (1) “Pb toxicosis”, or (2) “other cau
ses”. We then tested whether ARs influenced the probably of death via 
Pb toxicosis or other causes using a logistic regression model with liver 
ΣSGAR concentration (ng/g dw) and sex as independent variables. We 
included a liver ΣSGAR × sex interaction to determine if sex influenced 
the relationship between ΣSGAR concentrations and cause-of-death. 
Across all models we natural log-transformed all ΣSGAR, AR exposure 
index, and precipitation data to improve normality of the residuals and 
homogenize the variance structure. 

3.3. AR biomarker response 

To evaluate physiological responses to AR concentrations, we used 
general linear-mixed effects models to contrast fibrinogen concentra
tions, PT and RVVT in free-flying condors versus captive condors. We 
included condor ID as a random effect to avoid confounding effects 
associated with sampling the same condor on multiple occasions. For 
free-flying condors, we considered AR exposure to be indicated by 
physiological response values outside the upper extremes for control 
condors, following the general guidelines that prolongation of pro
thrombin times by two standard deviations above the arithmetic mean is 
suggestive of AR exposure (Shlosberg and Booth, 2006; Hindmarch 
et al., 2019). 

4. Results 

In this study, only second-generation AR compounds were detected. 
There were no AR detections in the 44 California condor plasma sam
ples, but SGARs were present in 10% (5/48) of turkey vulture plasma 
samples (Table 1). Of the five turkey vultures with detectable SGARs in 
plasma, only one had a concentration above the limit of quantification 
(3.40 ng/g ww), whereas the other four had trace levels (<1.40 ng/g 
ww; Table 1). All five of these vulture plasma samples contained bro
difacoum, and one also contained bromadiolone, and another contained 
difethialone. In contrast to blood plasma, SGARs were detected in liver 
of 42% (27/65) of the condors and 93% (66/71) of the turkey vultures 
(Table 1). Liver ΣSGAR concentrations ranged from 4.0 to 466.7 ng/g 
dw (estimated ww range 1.2–135.5 ng/g) in condors and 3.4–932.8 ng/ 
g dw (estimated ww range 0.9–287.8 ng/g) in vultures (Table 1). The 
geometric mean (± standard error) liver ΣSGAR concentrations were 

57.4 ± 16.1 ng/g dw (estimated ww 17.3 ± 4.8 ng/g) in condors and 
81.5 ± 13.1 ng/g dw (estimated ww 24.5 ± 3.9 ng/g) in vultures 
(Table 1). Of the condor livers with detectable concentrations of SGARS, 
56% had brodifacoum, 30% had bromadiolone, and 4% had difethi
alone. Four detectable SGARs were measured in turkey vulture livers – 
97% had brodifacoum, 45% had bromadiolone, 17% had difethialone, 
and 3% had difenacoum. Of the California condors and turkey vultures 
that had detectable concentrations of ARs, 48% and 64%, respectively, 
exceeded the 5% probability of exhibiting signs of toxicosis (>20 ng/g 
ww (Thomas et al., 2011);), and 10% and 13%, respectfully, exceeded 
the 20% probability of exhibiting signs of toxicosis (>80 ng/g ww; 
Thomas et al., 2011). 

4.1. Variables influencing AR exposure 

There was a significant interaction between the AR exposure index 
and precipitation (χ2

1 = 4.91, P = 0.03; Fig. 1), indicating that the 
relationship between the likelihood of condor exposure to SGARS and 
AR exposure index was influenced by precipitation. However, the 
probability of detecting SGARs in condor livers was neither related to 
sex (χ2

1 = 0.18, P = 0.67), flock (χ2
2 = 3.21, P = 0.07), nor death year (χ2

1 
= 1.53, P = 0.22). To facilitate interpretation of the interaction on the 
probability of condors having detectable concentrations of SGARs in 
their livers, we plotted the conditional slope coefficients for the effect of 
AR exposure index on the probability of condors having detectable 
concentrations of ARs across the range of the precipitation. This illus
trates that the magnitude and direction of the relationship between AR 
exposure index and the probability of condors having detectable con
centrations of SGARs changes depending upon the amount of precipi
tation. With very low precipitation (<150 mm) the effect of AR exposure 
index on the probability of detecting SGARs in condor livers is 
marginally negative, and as rainfall increase that relationship is neutral, 
but with elevated rainfall (>460 mm), that relationship becomes posi
tive (Fig. 1). Turkey vulture AR concentrations did not differ among 
regions (χ2

2 = 0.35, P = 0.84) nor by sex (χ2
1 = 0.56, P = 0.45). 

4.2. Variables influencing AR concentrations 

California condor liver ΣSGAR concentrations were positively 
correlated with year of death (F1,12 = 4.77, P = 0.05 (Fig. 2), but were 
not correlated with the AR exposure index (F1,12 = 0.85, P = 0.38), 
precipitation (F1,12 = 1.04, P = 0.33), region (F1,12 = 0.04, P = 0.85), sex 
(F1,12 = 3.83, P = 0.07), nor the AR exposure index × precipitation 
interaction (F1,11 = 0.00, P = 0.97). Turkey vulture liver ΣSGAR con
centrations were not influenced by region (F2,1.79 = 6.46, P = 0.15) or 
sex (F1,59.06 = 0.52, P = 0.47). 

4.3. Influence of AR exposure on condor cause of death 

Liver ΣSGAR concentrations were positively associated with the 
likelihood of Pb toxicosis being the proximate cause of condor death (χ2

1 
= 3.92, P = 0.05) and probability of condors succumbing to Pb toxicosis 
with increasing ΣSGAR concentrations was higher in female than male 
condors (χ2

1 = 4.58, P = 0.03). However, the 95% confidence intervals 
for both the ΣSGAR and sex odds ratios overlapped 1 slightly (odds =
2.49 [0.88–7.02] and 11.96 [0.94–151.77], respectively) indicating 
uncertainty around the effects likely due our limited sample size. Geo
metric mean ΣSGARs were on average 2.3-fold higher in condors that 
died of lead poisoning than condors that died of other causes (78.3 
versus 34.5 ng/g dw, respectively). 

4.4. AR biomarker response 

Fibrinogen concentrations were 29% higher (F1,35.77 = 5.21, P =
0.03) in captive condors than in free-flying condors (F1,35.19 = 4.82, P =
0.03; Fig. 3A), but there were no differences in prothrombin time or 
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Table 1 
Second-generation anticoagulant rodenticide (SGAR) residues in plasma (ng/g ww) and liver (ng/g ww unless specified) of California condors and turkey vultures. Condor samples were collected as part of ongoing health 
monitoring or from deceased condors (liver) throughout the current free-flying condor range with the United States (Arizona = AZ, Pinnacles NP/Ventana Wildlife Society = PINN/VWS, southern California = SCAL). 
Turkey vultures were sampled as a surrogate for condors within the current range of condors near Pinnacles National Park (PINN) or in northern California (NCA) and southern Oregon (SOR). Values below the limit of 
quantification are reported as “trace” and ND refers to not detected.  

Species Region Tissue n Overall SGAR 
detection frequency 
% 

Brodifacoum Bromadiolone Difethialone Difenacoum Geomean ΣSGARs 
(ng/g dw) 

Geomean ΣSGARs 
(ng/g ww) 

% 
Positivea 

Geomean 
(range) 

% 
Positive 

Geomean 
(range) 

% 
Positive 

Geomean 
(range) 

% 
Positive 

Geomean 
(range) 

California 
condor 

All Plasma 44 0 ND – ND – ND – ND – – – 
Liver 65 42 56 16.3 

(4.2–117.8) 
30 11.2 

(1.2–79.0) 
4 89.1 ND – 57.4 17.3 

AZ Liver 8 25 100 7.7 (4.2–14.0) ND – ND – ND – 25.5 7.7 
PINN/ 
VWS 

Liver 24 50 33 12.1 
(8.0–27.0) 

50 12.8 
(3.3–79.0) 

ND – ND – 53.0 16.0 

SCAL Liver 33 39 69 22.1 
(5.6–117.8) 

15 7.5 (1.2–47.4) 8 89.1 ND – 70.8 21.3 

Turkey 
vulture 

All Plasma 48 10 80 trace 20 1.9 (trace-1.9 20 1.4 (trace- 
1.4) 

ND –  3.4 

NCA Plasma 23 0 0 – ND – ND – ND – – – 
PINN Plasma 14 56 44 trace 11 trace 11 trace ND – – 1.7 
SOR Plasma 11 0 0 – ND – ND – ND – – – 
All Liver 71 93 97 19.2 (trace- 

252.6) 
45 9.1 

(1.3–119.9) 
17 6.3 

(1.5–60.1) 
3 3.0 (trace- 

12.7) 
81.5 24.5 

NCA Liver 20 95 95 6.6 (trace- 
43.7) 

50 8.2 (2.3–54.5) ND – ND – 37.7 11.4 

PINN Liver 16 94 93 42.1 
(4.4–252.6) 

53 63.4 
(4.7–119.9) 

20 10.3 
(2.0–60.1) 

7 12.7 152.9 46.1 

SOR Liver 35 91 100 24.8 
(1.8–167.4) 

38 6.1 (1.3–33.9) 25 5.3 
(1.5–12.1) 

3 trace 95.4 28.8  

a % Positive is the proportion of samples that tested positive for a specific AR divided by the total number of samples positive for ARs. 
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Russell’s viper venom time between captive and free-flying condors 
(F1,40.67 = 1.88, P = 0.17) and (F1,40 = 0.09, P = 0.76), respectively 
(Fig. 3B and C). However, 16% and 9% of the free-flying condors had 
prothrombin time and Russell’s viper venom times, respectively, that 
exceeded the captive bird mean values by two standard deviations 
(Fig. 3B), suggestive of anticoagulant exposure and effect in those birds 
(Hindmarch et al., 2019; Shlosberg and Booth, 2006). 

5. Discussion 

This is among the first and most widespread assessments of 

Fig. 1. Conditional effects of precipitation (mm) on the estimated coefficient of 
AR exposure index on the probability of California condors (Gymnogyps cal
ifornianus) having detectable concentrations of SGARs in their livers after ac
counting for year of death, location, and sex. Shaded areas indicate the 95% 
confidence intervals around the estimated coefficient. The horizontal dashed 
line indicates a zero-coefficient value. 

Fig. 2. Partial residual plot of California condor (Gymnogyps californianus) 
ΣSGARs (ng/g dw) and year of California condor death, accounting for the AR 
exposure index, precipitation, region, and sex. Dashed lines indicate the 95% 
confidence interval. 

Fig. 3. Fibrinogen concentrations (mg/dL; A), and clotting assay results for 
prothrombin time (PT; B), and Russell’s viper venom (RVVT; C) for captive and 
free-flying California condors (Gymnogyps californianus). Results are model- 
derived least-squares means ± standard error. Open circles represent individ
ual data points. Dashed line in fibrinogen figure represents the concentration 
that readily promotes clot formation (~75 mg/dL). 
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anticoagulant rodenticide exposure in California condors, detailing the 
incidence rate of exposure as well as some potential factors that influ
ence its probability and residue concentrations in liver. We also found 
potential evidence of adverse physiological effects associated with AR 
exposure in free-flying condors. We found wide-ranging exposure in 
California condors, with residues varying 117-fold, and 25%–50% of 
birds from all current condor flocks within the United States (central and 
southern California, Arizona) being exposed. Forty-two percent of the 
condors and 93% of surrogate vultures contained quantifiable levels of 
SGARs in their livers. Although concentrations were generally low (<10 
ng/g ww), 48% of the exposed California condors and 64% of the 
exposed turkey vultures exceeded the 5% probability of exhibiting signs 
of toxicosis (>20 ng/g ww; derived from research in other more abun
dant species of raptors (Thomas et al., 2011). Furthermore, 10% and 
13% for condors and vultures, respectively, exceeded the 20% proba
bility of exhibiting signs of toxicosis (>80 ng/g ww). As such, there was 
some evidence of delayed blood clotting in 16% of the free-flying con
dors. Notably, we also found that the probability of AR exposure in 
condors increased with greater SGAR application rates, mediated by 
precipitation, and liver ΣSGAR concentrations increased across the 
period of the study. Lastly, initial evidence suggests increased liver 
ΣSGAR concentrations were also associated with a higher probability of 
Pb toxicosis as the primary source of condor mortality, indicating that 
exposure to these two contaminants may be correlated or that there may 
be an unknown additive or synergistic effect on physiology between the 
two contaminants. 

Different tissues are indicative of a range of AR exposure time frames 
in birds, with plasma generally reflecting more recent exposure (weeks) 
and liver residues reflect longer term exposure (up to a year; (Horak 
et al., 2018; Murray, 2020). We found no evidence of recent AR exposure 
in condors based on blood plasma concentrations. However, liver sam
ples from deceased condors indicated considerable AR accumulation, 
either from chronic low-level exposure or from infrequent acute expo
sures. These findings highlight some of the challenges of monitoring AR 
exposure in wild birds. Importantly, other indices of exposure may help 
evaluate the prevalence of AR impairment. For example, we detected 
that 16% and 9% of the free-flying condors had prothrombin times and 
Russell’s viper venom times respectively outside the upper extreme 
value of captive condors, possibly indicating recent AR exposure and 
illustrating the utility of using plasma samples for examining potential 
physiological effects of ARs. Similarly, we only detected ARs in 10% of 
the turkey vulture plasma samples, but 93% of their liver samples were 
positive for ARs. Future efforts to monitor ARs in condors may require a 
hybrid approach where clotting assays could be used to assess potential 
recent exposure (Shlosberg and Booth, 2006; Hindmarch et al., 2019) 
with liver tissue from deceased condors providing a more robust un
derstanding of specific long term AR exposure. 

Benchmark probabilities serve as a valuable tool in assessing risk 
associated with AR exposure when species specific data do not exist 
(Rattner et al., 2014a; Herring et al., 2017). Although, none of the 
vultures died from AR toxicosis and only one condor death in this study 
was directly attributed to AR exposure, California condors and turkey 
vultures exceeded the 20% probability of exhibiting signs of toxicosis in 
10% and 13%, respectively, of liver samples with quantifiable ΣSGAR 
residues. In the case of the single condor mortality, the ΣAR concen
tration was 19 ng/g ww, and the ARs detected included the most potent 
brodifacoum (Erickson and Urban, 2004; Herring et al., 2017). Notably, 
48% of the condors that had detectable concentrations of liver ARs 
exceeded the quantity observed in the condor that succumbed to AR 
toxicosis. This illustrates well-known inter-individual differences in 
sensitivity, with many factors affecting onset of toxicosis (Rattner and 
Harvey, 2021). Although the concentrations associated with the 20% 
probability of exhibiting signs of toxicosis (80 ng/g ww (Thomas et al., 
2011); may be considerably below liver concentrations observed in 
laboratory studies of birds (e.g., 550–2100 ng/g ww; Newton et al., 
1990; Gray et al., 1994; Rattner et al., 2020), they may reflect 

concentrations associated with the more stressful and challenging ex
periences of wild birds (Rattner et al., 2020) or differences in toxicity 
associated with chronic low-level exposure (Rattner and Harvey, 2021). 
Importantly, the Thomas et al. benchmark probabilities of exhibiting 
signs of toxicosis need to be used judiciously (Thomas et al., 2011). 
These benchmarks simply indicate that there is a specific probability 
that signs of exhibiting toxicosis “may” begin at that concentration, and 
that we should expect species to vary greatly in their sensitivity to 
SGARs (Thomas et al., 2011). 

Second generation ARs are the most common form of ARs detected in 
raptors and avian scavengers (Murray, 2011; Thomas et al., 2011; Kelly 
et al., 2014b; Elliott et al., 2016) because they are more frequently used 
than FGARs (Murray, 2011: Rattner et al., 2014a; Elliott et al., 2016) and 
have longer half-lives (Erickson and Urban, 2004; Herring et al., 2017). 
As such, we only detected SGARs in California condors and turkey vul
tures, suggesting SGARs may be used ubiquitously throughout the study 
area. Correspondingly, we found an interactive relationship between 
precipitation and the AR exposure index (brodifacoum, bromadiolone, 
difenacoum) within 12-months prior to the condor’s death, and the 
probability that condor livers would contain at least one detectable 
SGAR. This relationship indicates that the probability of detecting 
SGARs in condor livers is influenced by SGAR availability, but that 
relationship is mediated by precipitation. Although the exact mecha
nisms behind this relationship are not entirely understood, it seems 
plausible that varying levels of precipitation may regulate small 
mammal populations (Brown and Heske, 1990; Meserve et al., 2003; 
Gillespie et al., 2008), potentially influencing the movement of SGARs 
through condor food webs. Although the specific sources and locations 
of AR exposure in condors and vultures are unclear, the use of SGARs in 
the urban/rural interface has been demonstrated as an important 
exposure source for other taxa (e.g., non-migratory mammalian species 
(Nogeire et al., 2015; Poessel et al., 2015; Series et al., 2015; Lohr, 
2018). Illegal use of ARs in the growing of marijuana is also a possible 
source (Gabriel et al., 2012; Franklin et al., 2018; Gabriel et al., 2018), in 
addition to the off label use of ARs by the public purchased through farm 
supply stores and online sales where sales are not tracked (Quinn et al., 
2019). The relationship between legal applications of SGARs and 
exposure suggest illegal sources of ARs may play a smaller, more 
localized role in condor exposure to ARs. 

Migration and vast foraging ranges of birds like condors can further 
complicate determinations of the geographic origin of AR exposure. This 
is particularly the case when measuring exposure using liver because AR 
concentrations can spike immediately after acute and substantial 
exposure (Horak et al., 2018) or accumulate over months of chronic 
low-level exposure (Rattner et al., 2014a; Herring et al., 2017). As a 
result, AR concentrations in liver may reflect cumulative exposure from 
areas substantially removed from the sampling location (Kirk and 
Mossman, 1998). Subsequently, turkey vulture AR exposure could occur 
locally, on their wintering grounds, or during migration. The monthly 
home ranges of California condors can span 25–90 km2 (Rivers et al., 
2014) and on average they travel 70 km per day (Hall et al., 2021). 
Despite this, the probability that deceased condor livers had detectable 
concentrations of ARs was related to the ΣSGAR cumulative annual 
application rate and precipitation within the specific regions utilized 
during the year prior to their death. This suggests that future condor 
releases and establishment of new managed flocks, such as in northern 
California, could benefit from assessing the agricultural application 
rates. Data from surrogate turkey vultures sampled in northern Cali
fornia and southern Oregon suggest that there is a high likelihood that 
condors will be exposed to ARs; however, legal application of ARs is 
considerably lower in northern California than compared to the areas of 
where condors currently exist (California Department of Pesticide 
Regulation, 2020). 

Use of ARs in the state of California are under some of the strictest 
environmental regulations in the United States (London et al., 2008; 
Quinn et al., 2019). Yet even with additional regulations applied by the 
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California Department of Pesticide Regulation in July of 2014 to mini
mize non-target exposure in wildlife (Quinn et al., 2019), ΣSGAR con
centrations in condor liver increased concurrent with increasing legal 
ΣSGAR application. In fact, geometric mean ΣSGARs increased by 
2.5-fold in condor liver since the 2014 pesticide restrictions. Impor
tantly, during that timeframe, SGAR application rates increased 1.2-fold 
(California Department of Pesticide Regulation, 2020). A new law (As
sembly Bill 1788) was enacted in September of 2020 to further reduce 
use of SGARs in California, and future monitoring will be helpful in 
determining the effectiveness of this mitigation effort. However, as with 
the ban of Pb-based ammunition in California for hunting and shooting 
of pest species in 2019 (Assembly Bill 711), the success of this new law 
depends on effective enforcement and potential human component of 
disregarding regulations/laws. 

Lead toxicosis is one of the leading causes of death in California 
condors and is the primary limiting factor for their population recovery 
(Finkelstein et al., 2012). However, the probability of a condor dying of 
Pb toxicosis increased with higher ΣSGAR concentrations in liver, 
although there was some uncertainty around the magnitude of the ef
fect. The mechanisms responsible for this are unclear, but contaminant 
mixtures can influence an individual’s susceptibility to deleterious ef
fects of certain compounds (Heys et al., 2016; Rattner and Harvey, 
2021). For instance, binary mixtures of heavy metals have been found to 
increase mortality rates in sentinel species (e.g., Daphnia magna; Le 
et al., 2013; Vandenbrouck et al., 2009) and have interactive effects on 
hormone profiles in birds (e.g., common raven Corvus corax; Herring 
et al., 2018). Thus, AR exposure may reduce the overall health of birds 
such that additional stressors such as Pb poisoning result in their death. 
Alternatively, AR exposure may merely be correlated with Pb exposure 
in the wild because consumed mammals such as shot coyotes (Canis 
latrans) and ground squirrels (Spermophilus spp.) potentially contain 
both AR residues and Pb fragments. Both coyotes and ground squirrels 
occur in condor diets (Collins et al., 1999; Finkelstein et al., 2020) and 
are routinely poisoned with ARs (Poessel et al., 2015; Vyas et al., 2017) 
and shot with Pb-based ammunition (Stauber et al., 2010; Herring et al., 
2016). A third explanation for this relationship could be that with 
increased Pb exposure, condors become anemic due to inhibition of 
enzymes involved in hematopoiesis (Finkelstein et al., 2012), coincident 
AR exposure with coagulopathic consequences could result in increased 
blood loss, exacerbating effects of Pb toxicosis. It is important to note 
that the causes and outcomes of this interaction between AR exposure 
and Pb toxicosis are still speculative, but indicate the importance of 
more definitive studies to elucidate these mechanisms. 

6. Conclusions 

Management and recovery of California condors is dependent on 
understanding risks to individuals, flocks, and the overall population. 
Anticoagulant rodenticide exposure appears to be common in all current 
condor flocks within the United States and there is potential for exposure 
in the future free-flying flock in northern California. While the under
standing of AR exposure in condors is largely limited to liver tissue 
residues from deceased condors, continued monitoring of exposure 
using blood clotting assays is one means of detecting AR exposure in 
plasma (Hindmarch et al., 2019; Rattner and Harvey, 2021) at a much 
reduced cost relative to high-performance liquid 
chromatography-tandem mass spectrometry although the time frame for 
AR exposure would be very recent (<1 week; Rattner et al., 2014b; 
Rattner et al., 2020). Plasma samples collected antemortem or post
mortem may help confirm suspected cases of AR toxicosis and mortality 
(Murray, 2020) and improve our understanding of recent AR exposure 
moving forward with condor recovery efforts. Further elucidating where 
on the landscape condors are being exposed to ARs would also help in 
developing plans for mitigate exposure. 
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ABSTRACT 
Pesticide use is pervasive and the exposure of non-target wildlife has been well documented over the past half-century. 
Among pesticides, anticoagulant rodenticides (AR) have emerged as a particularly important threat in forests of the 
western United States, with exposure and mortality reported for several species of conservation concern. To further 
quantify this threat, we collected specimens of Barred Owls (Strix varia) and Barred Owl x Spotted Owl hybrids from 
the Klamath and Cascade Mountains and Sierra Nevada in California, USA to use as indicator species for environmental 
contamination with AR and to infer exposure of closely related and ecologically similar Northern and California Spotted 
Owls (S. occidentalis caurina, and S. o. occidentalis, respectively). We tested 115 Barred Owl and 12 Barred Owl x Spotted 
Owl hybrid livers for 8 AR compounds and found high rates of exposure (62%) across our study area, and greater than 
previous studies in the Pacific Northwest. In addition, we sampled 7 ovaries from 7 females and 100% tested positive 
for AR. Female Barred Owls were more likely than males to be exposed (78% and 50%, respectively). Unlike previous 
studies, we found no clear link between illegal cannabis cultivation and AR exposure. However, Barred Owls sampled in 
proximity to the wildland–urban interface (WUI) were more likely to be exposed to AR. Though the exact source (e.g., 
cannabis cultivation or application around human dwellings) and location are unknown, the association of AR exposure 
with the WUI was supported from GPS data from Barred Owls, Northern and California Spotted Owls, and hybrids using 
the WUI for foraging. The high rate of AR exposure in Barred Owls and hybrids provides mounting evidence of an addi-
tional stressor that ARs may pose to Spotted Owls—including the first evidence for California Spotted Owls—and fauna 
native to western forest ecosystems. 

Keywords: Barred Owl, brodifacoum, environmental contamination, pesticides, Spotted Owl, Strix varia, Strix 
occidentalis, wildland–urban interface 

LAY SUMMARY 

• Anticoagulant rodenticides have emerged as an important threat in forests of the western United States, and it is vital 
to understand how and where wildlife is exposed. 

• As indicator species for Spotted Owl exposure, we screened 115 Barred Owls and 12 Barred Owl x Spotted Owl hybrids, 
collected from northern California, USA for 8 anticoagulant rodenticides. 

• 62% of owl specimens (72 Barred and 7 hybrid) were exposed to anticoagulant rodenticides, in particular to the 
acutely toxic, second-generation class. 

• Females and owls sampled close to the wildland–urban interface were more likely to be exposed to anticoagulant 
rodenticides. 

• GPS-tagged Barred and Spotted Owls commonly foraged in the wildland–urban interface, suggesting Spotted Owls 
are also likely at risk of exposure. 

• The high rate of AR exposure in Barred Owls and hybrids provides mounting evidence of an additional threat to 
Spotted Owls. 

Copyright © American Ornithological Society 2021. All rights reserved. For permissions, e-mail: journals.permissions@oup.com. 
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Las altas tasas de exposición a rodenticidas anticoagulantes en Strix occidentalis occidentalis se asocian 
con la interfaz urbano-silvestre 

RESUMEN 
El uso de plaguicidas es generalizado y la exposición no deseada de la vida silvestre ha sido bien documentada du-
rante el último medio siglo. Entre los pesticidas, los raticidas anticoagulantes (RA) han surgido como una amenaza 
particularmente importante en los bosques del oeste de los Estados Unidos, con exposición y mortalidad reportadas 
para varias especies de interés para la conservación. Para una cuantificación más extensa de esta amenaza, recolectamos 
especímenes de Strix varia y de híbridos de S. varia x S. occidentalis de las montañas Klamath y Cascade y de la Sierra 
Nevada en California, EEUU, para usarlas como especies indicadoras de contaminación ambiental con RA y para inferir la 
exposición de S. o. caurina y de S. o. occidentalis, dos especies estrechamente relacionados y ecológicamente similares. 
Evaluamos los hígados de 115 individuos de Strix varia y de 12 híbridos de S. varia x S. occidentalis para 8 componentes de 
los RA y encontramos altas tasas de exposición (62%) a lo largo del área de estudio, y mayores tasas que la de los estudios 
previos del noroeste del Pacífico. Además, tomamos muestras de 7 ovarios de 7 hembras y el 100% dio positivo para RA. 
Las hembras de S. varia tuvieron más probabilidad de estar expuestas que los machos (78% y 50%, respectivamente). 
A diferencia de estudios anteriores, no encontramos un vínculo claro entre el cultivo ilegal de cannabis y la exposición a 
RA. Sin embargo, los individuos de S. varia muestreados en las proximidades de la interfaz urbano-silvestre (IUS) tuvieron 
más probabilidades de estar expuestos a RA. Aunque se desconoce la fuente (e.g., el cultivo de cannabis o la aplicación 
alrededor de las viviendas humanas) y la ubicación exacta, la asociación entre la exposición a RA con la IUS se basó en 
datos de GPS de S. varia, S. o. caurina, S. o. occidentalis e híbridos que utilizan la IUS para buscar alimento. La alta tasa de 
exposición a RA en S. varia y en los híbridos proporciona evidencia creciente de que los RA pueden representar un factor 
de estrés adicional para S. occidentalis—incluyendo la primera evidencia para S. o. occidentalis—y la fauna nativa de los 
ecosistemas forestales del oeste. 

Palabras clave: brodifacoum, cannabis, contaminación ambiental, interfaz urbano-silvestre, pesticidas, Strix 
occidentalis, Strix varia 

INTRODUCTION 

Pesticide use is pervasive with an estimated 2.5 billion 
kilograms applied globally each year (Alavanja 2010). 
Te exposure of non-target wildlife to pesticides has 
been well documented over the past half-century (Grier 
1982, Peakall and Kif 1988), with anticoagulant rodenti-
cide (AR) identifed as a particularly widespread and im-
portant conservation issue (Stone et  al. 1999, Erickson 
and Urban 2004). Tough exposure to AR may result in 
direct mortality, lesser-understood sub-lethal exposure 
can also have subtle detrimental efects on non-target 
wildlife (Riley et  al. 2007, Tomas et  al. 2011, Serieys 
et  al. 2018). Most accounts of wildlife exposure to AR 
compounds have occurred in urban or agricultural set-
tings, where the use of rodenticides is frequently per-
mitted for the beneft of human health and mitigation 
of agricultural damage (Erickson and Urban 2004). 
However, exposure to AR in remote forest settings is in-
creasingly being reported in the western United States, 
where multiple species of conservation concern have 
documented cases of exposure and mortality (Gabriel 
et  al. 2012, 2018, Tompson et  al. 2014, Franklin et  al. 
2018, Wiens et al. 2019). Non-target avian and mamma-
lian predators are particularly vulnerable to secondary 
AR exposure through the consumption of prey that has 
ingested rodenticide baits (Stone et  al. 1999, Erickson 
and Urban 2004). Poisoned rodents may be easier prey, 
because internal hemorrhaging greatly reduces joint 
mobility, causes lethargy, and reduces escape responses 

(Brakes and Smith 2005). Mitigating the threat of ARs 
to non-target wildlife in these forested settings requires 
understanding which species are exposed, as well as 
where and how exposure occurs. 

Within the past decade, exposure of non-target wildlife 
to AR has been documented via an unexpected route: illegal 
cannabis cultivation in remote forests in the western U.S. 
(hereafter “western forests”; Gabriel et al. 2012, Wengert 
et al. 2018). Growers use ARs, in addition to other pesti-
cides, to prevent rodent damage to cannabis plants, grow-
site infrastructure, and food caches (Gabriel et  al. 2012, 
Tompson et al. 2017). Hundreds of illegal cannabis culti-
vation sites have been found and eradicated in the foothills 
and mid-elevation slopes of the southern Sierra Nevada 
and the Klamath/Cascade Mountains, and an average of 
4.5 kg (enough to kill ~22,000 rats from an LD50 of 0.27 mg 
kg–1; Erickson and Urban 2004) of AR are found per site 
(Wengert et al. 2018). Tese sites are often located far from 
other human developments and roads in remote parts of 
the forests where detection is unlikely (Tompson et  al. 
2017). However, another source of AR exposure in non-
target forest wildlife is from more expected applications 
around human structures and dwellings located in or near 
forested settings in what is known as the wildland–urban 
interface (WUI; Radelof et  al. 2005), defned as where 
houses meet or are intermixed with undeveloped wildland 
vegetation. In addition to habitat conversion, exposure of 
non-target wildlife to ARs is an emerging conservation 
challenge for wildlife living in close proximity to the WUI 
(Riley et al. 2007, Serieys et al. 2018). 
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Whether the exposure is occurring via cannabis culti-
vation or human communities, exposure to AR in western 
forests appears to threaten multiple species of conservation 
concern. For example, high rates of AR exposure have been 
reported in dead or dying Pacifc Fishers (Pekania pennanti) 
in coastal California and the southern Sierra Nevada (85%, 
n = 101; Gabriel et al. 2012, 2015, Tompson et al. 2014) 
and in Northern Spotted Owls (Strix occidentalis caurina) 
found dead in coastal California (70%, n = 10; Gabriel et al. 
2018). Given the lethal and potential sub-lethal efects of 
AR, exposure to these pesticides may exacerbate, or even 
be among the causes of, long-term population declines 
of both Northern Spotted Owls (Dugger et al. 2016) and 
California Spotted Owls (S.  o.  occidentalis; Tempel et  al. 
2013, 2014, Conner et al. 2016) when combined with other 
key stressors including megafres (Jones et al. 2016), his-
toric habitat loss (Dugger et  al. 2016), and competition 
with invasive species (Long and Wolfe 2019, Wood et al. 
2020a). However, given the status of species of conser-
vation concern for both Spotted Owl subspecies, testing 
Spotted Owls for AR exposure with large sample sizes of 
liver or blood sampling is difcult and not practical (e.g., 
obtaining permits). 

To characterize Spotted Owls’ risk of AR exposure, we 
used Barred Owls (S. varia) as indicator species (Caro and 
O’doherty 1999) for the presence of AR within the southern 
Klamath and Cascade Mountains and the Sierra Nevada 
in northern California. Barred Owls are a closely related 
and ecologically similar relative of Spotted Owls (Gutiérrez 
et al. 2007, Wiens et al. 2014) and were frst documented 
within the range of the Northern Spotted Owl in the 
1960s (Livezey 2009) and the core range of the California 
Spotted Owl in the early 2000s (Dark et al. 1998). Barred 
Owls compete with congeneric Spotted Owls where they 
occur sympatrically, and there is strong evidence they are 
one of the causes of declines in Spotted Owl populations 
(Wiens et al. 2014, Long and Wolfe 2019). Previous work 
has reported high rates of AR exposure in Barred Owls in 
Oregon and Washington (48%, n = 40; Wiens et al. 2019), 
and in coastal California (40%, n = 84; Gabriel et al. 2018). 
Barred Owls are likely a reasonable, if not conservative, 
indicator species for AR exposure in Spotted Owls due to 
a complete overlap in diet and habitat with Barred Owls 
being less focused on rodent prey than Spotted Owls 
(Wiens et al. 2014). 

In this study, we leveraged biological samples collected 
as part of an experimental Barred Owl removal study in 
both the Klamath/Cascades and the Sierra Nevada, which 
ofered a rare opportunity to collect a large sample size at 
a regional scale. Tis large sample size allowed us to as-
sess AR exposure across a gradient of conditions likely to 
infuence AR prevalence in the environment, including 
human density and cannabis cultivation. Furthermore, 

this is the frst study to assess AR exposure in California 
Spotted Owls through the use of Barred Owls as an indi-
cator species. Because the most useful viable method of 
testing AR exposure requires the recovery of intact liver 
tissue from a freshly dead carcass, the collected Barred 
Owls are a unique opportunity to understand the extent 
to which both Northern and California Spotted Owls are 
potentially exposed to ARs within the two sub-regions of 
our study area. We also GPS-tagged Barred Owls and both 
Northern and California Spotted Owls to assess the extent 
to which foraging activities occurred in areas character-
ized by elevated AR exposure in lethally removed Barred 
Owls. Finally, we tested the potential of in-utero transfer 
of AR in Strix owls by screening ovaries of AR-positive 
Barred Owls. 

We hypothesized that exposure to AR in forest pred-
ators, such as Barred Owls and Barred Owl x Spotted Owl 
hybrids (hereafter “hybrids”), is infuenced by biological 
factors, such as age and sex, and environmental factors, 
such as proximity to human communities and the inten-
sity of cannabis cultivation. To test these hypotheses, we 
quantifed the exposure of Barred Owls and hybrids to a 
suite of AR compounds and evaluated the degree to which 
exposure was associated with a suite of biological and en-
vironmental factors. We predicted higher exposure rates 
in hybrids, assuming hybrids would have similar foraging 
behavior to Spotted Owls, which have a dietary niche 
more focused on rodents than that of Barred Owls (Wiens 
et al. 2014). We predicted that younger and female Barred 
Owls would have higher rates of AR exposure as a result 
of larger dispersal movements (Greenwood 1980). We also 
predicted that owls exposed to ARs would be in worse 
physical condition than owls not exposed to ARs, given 
the potentially deleterious efects of sub-lethal exposure 
to AR. Among environmental factors, we predicted that 
Barred Owls collected in areas more likely to be used for 
cannabis cultivation or closer in distance to either known 
cultivation sites or the WUI, would have greater exposure 
to AR. Tus, in addition to characterizing the prevalence 
of AR in Strix owls in two new regions, we aimed to eluci-
date how behavior and human land use patterns infuence 
AR exposure. 

METHODS 

Study Area 
We collected Barred Owls and hybrids from the southern 
Klamath and Cascade Mountains and from the Sierra 
Nevada in northern California (Figure 1) on National 
Forest lands, national park lands, and private commercial 
timberlands primarily owned by Sierra Pacifc Industries. 
Tere was considerable variation in climate, elevation, top-
ography, and vegetation, though both sub-regions were 
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FIGURE 1.  Locations of Barred Owls and Barred Owl x Spotted Owl hybrids collected from 2018 and 2019 and screened for anticoag-
ulant rodenticides. Insets at the left show both the Klamath/Cascade and Sierra Nevada sub-regions in California, USA. 

predominantly composed of mixed coniferous forest, dom-
inated by ponderosa pine (Pinus ponderosa), sugar pine 
(P.  lambertiana), incense cedar (Calocedrus decurrens), 
Douglas fr (Pseudotsuga menziesii), and white fr (Abies 
concolor). Neither the U.S. Forest Service (S.C. Sawyer, per-
sonal communication) nor Sierra Pacifc Industries (B.P. 
Dotters, personal communication) use ARs on lands they 
manage within our study area. However, there are houses 
in WUIs adjacent to lands where owls were collected, and 
it is not known whether ARs are used in these areas. 

Tissue Collection and AR Screening 
We lured territorial Barred Owls and hybrids by broad-
casting digitally recorded Barred Owl vocalizations and 
collected them with a 12-gauge shotgun following methods 
described by Diller et al. (2014). We collected Barred Owls 
and hybrids under federal and state Scientifc Collecting 
Permits (United States Fish and Wildlife Service permits 
MB24592D-0, MB53229B-0 and California Department of 
Fish and Wildlife permits SC-002114, SC-11963). We froze 
owls immediately after collecting them and stored the spe-
cimens in a –20°C freezer until we delivered them to the 
Museum of Vertebrate Zoology (University of California, 

Berkeley), where we extracted livers and ovaries. We 
were careful to avoid contamination between the two or-
gans by separating them immediately after they were re-
moved from the abdominal cavity and placing them in 
separate containers. We thawed all specimens for a similar 
amount of time to extract tissues, and we left no specimen 
thawed for over 24 hours. We shipped tissue samples to 
the California Animal Health and Food Safety Laboratory 
System (CAHFS; University of California, Davis) where 
they were screened for 8 commonly used ARs: warfarin, 
diphacinone, chlorophacinone, coumachlor, brodifacoum, 
bromadiolone, difethialone, and difenacoum. Te frst 
4 belong within less-acutely toxic frst-generation ARs 
(FGAR); the latter 4 are more acutely toxic second-
generation ARs (SGAR) that were created in the 1970s 
due to rodents developing resistance to frst-generation 
ARs (FGARs; Buckle et al. 1994). High-performance liquid 
chromatography-tandem mass spectrometry was used to 
screen tissue samples for AR exposure (whether or not any 
ARs were detected) and to quantify the concentration of 
ARs detected (Marek and Koskinen 2007). We classifed 
AR exposure in livers and ovaries using the limit of de-
tection (LOD), which allowed us to detect the presence of 
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AR in any sample with a concentration above 0.005 μg g–1 

wet weight (ww). We quantifed AR concentrations in liver 
and ovary samples using the limit of quantifcation (LOQ), 
which was 0.050 μg g–1 ww for brodifacoum and 0.020 μg g–1 

ww for all other ARs in owl livers, and 0.200 μg g–1 ww for 
all ARs in owl ovaries (Riley et al. 2007). Any sample above 
these LOQs could have concentrations quantifed. Tese 
concentrations all fall below the 0.1  μg g–1 ww threshold 
for mortality rate of 10% of individuals previously reported 
in Barred Owls (Tomas et al. 2011). When samples had 
concentrations greater than the LOD and below the LOQ, 
we designated those individuals as having “trace” exposure. 

Calculating Biological Variables 
We identifed owls in the feld as Barred Owls or hybrids 
based on both plumage and territorial vocalizations. 
Individuals with vertical barring on the breast feathers 
and horizontal barring around the nape that produced 
distinct 2-phrase, 8-note calls (Odom and Mennill 2010) 
were identifed as pure Barred Owls. Individuals with bars 
and spots on their breast feathers and that produced terri-
torial calls that were not distinctly Spotted Owl or Barred 
Owl calls were identifed as hybrids (Hamer et  al. 1994). 
We classifed age as either adult (≥3 yr), sub-adult (1–2 yr), 
or juvenile (0 yr), based on adults having wider terminal 
bands than sub-adults on all fight feathers, and juven-
iles lacking most or all body contour feathers (Mazur and 
James 2020, J.  D. Wiens, personal communication). We 
determined sex by examining gonads in the lab, and we 
assessed body condition by characterizing the amount of 
subcutaneous fat content into four categorical values, with 
no fat being our baseline (“0”), slight fat (“1”), moderate 
fat (“2”), and heavy fat (“3”). Because fat reserves in owls 
change throughout the year (Massemin et al. 1997, DeLong 
2006), we obtained a corrected fat index by calculating the 
residuals of a linear regression of fat against the month of 
the year (Supplemental Material Figure S1). 

Calculating Environmental Variables 
We assigned owls that were collected north of the Pit 
River to the Klamath/Cascade sub-region, and owls sam-
pled south of this river to the Sierra Nevada sub-region 
(Figure 1). We used this designation to diferentiate Barred 
Owls collected within the range of the Northern Spotted 
Owl (Klamath/Cascade) or of the California Spotted Owl 
(Sierra Nevada; Barrowclough et al. 2005). We calculated 
remaining environmental variables within 2,000 ha cir-
cular bufers around collection locations that approxi-
mated Barred Owl home range size in the region that we 
measured using GPS-tagged individuals in a previous study 
(see Wood et al. 2020a). We used a combination of law en-
forcement databases (IERC 2019) to calculate the number 
of known cannabis cultivation sites detected from 2004 to 

2019 within the circular bufers. We also related AR ex-
posure to a measure of the probability of illegal cannabis 
cultivation within the bufers, estimated from a maximum 
entropy (MaxEnt) model (G. M.  Wengert personal com-
munication) parameterized with variables indicative of the 
suitability of growing cannabis on California’s public and 
private lands. Te important variables in this predictive 
model included elevation, slope, precipitation, canopy 
cover, stand age, and distances to disturbance, freshwater, 
roads, and private lands, and used a resolution of 90 m for 
individual cells. From the MaxEnt model, we obtained an 
averaged index of cannabis cultivation suitability (ranging 
from 0 to 1)  for each bufer to assess whether owls were 
more likely to be exposed in areas with more suitable con-
ditions for cannabis cultivation. 

Additionally, we calculated the distance of each Barred 
Owl removal location to the WUI based on 2010 census 
data (Radelof et al. 2005, http://silvis.forest.wisc.edu/data/ 
wui-change/), where owls that occurred within the WUI 
were assigned a distance of 0 km. Both intermix (where 
housing and vegetation intermingle) and interface (where 
housing occurs in the vicinity of contiguous wildland 
vegetation) components of the WUI spatial dataset were 
used. Four thresholds are defned in the WUI data pro-
vided by Radelof et al. (2005) based on the level of housing 
density: high, moderate, low, and very low. We chose to 
use the low density WUI threshold requiring at least 6.17 
housing units km–2 because of concordance we observed 
with this threshold and buildings visible in a building foot-
print spatial layer developed from Microsoft (https://www. 
microsoft.com/en-us/maps/building-footprints). Finally, 
we calculated landownership as the proportion of the cir-
cular bufers that were composed of National Forest lands. 
Descriptive statistics of the environmental variables is 
listed in Supplemental Material Table S1. 

Characterizing Barred and Spotted Owl Foraging 
Activities 
To characterize the distribution of Barred Owl foraging 
locations relative to environmental factors related to AR 
exposure (in this case WUIs, see below), we GPS-tagged 
7 Barred Owls and 3 hybrids between May and August of 
2017 and 2018 in the northern Sierra Nevada. We used 
visual and vocal lures to attract Barred Owls and hybrids 
and captured them with dho-gaza nets, and applied Argos-
enabled GPS backpack tags (Lotek Wireless, Newmarket, 
Ontario, Canada). We programmed tags to record 4–6 
nighttime locations per week between April and August, 
and then to record 1 location per week between September 
and March. 

We also used locations from 24 GPS-tagged Northern 
Spotted Owls and 106 California Spotted Owls to char-
acterize their use of areas associated with elevated AR 
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exposure in Barred Owls—and thus the potential for 
Northern and California Spotted Owl exposure rates to 
mirror Barred Owl rates. Northern Spotted Owl locations 
were collected in the Klamath Mountains between March 
and August of 2017, and California Spotted Owl locations 
were collected in the Sierra Nevada between May and 
August of 2015 through 2020 as part of previous studies 
(Jones et al. 2016, Atuo et al. 2018, Kramer et al. 2020). We 
used vocal lures to locate Spotted Owls and captured them 
either by hand-grab, pan-trap, or snare-poles, and applied 
GPS backpack tags (Lotek Pinpoint VHF 120, Newmarket, 
Ontario, Canada). Spotted Owl tags were programmed 
to record 5 hourly nocturnal locations per night between 
March and August. From these data, we calculated the 
mean proportion of locations that occurred within the 
WUI for both Northern and California Spotted Owls, as 
well as the proportion of individuals of each subspecies 
with at least one location in the WUI. We assumed the 
majority of these locations were primarily foraging loca-
tions as owls are nocturnal predators, but we acknowledge 
that other behaviors such as territory defense, resting, 
and returns to roosts and nests may be included in these 
locations. 

Additionally, we calculated the proportion of all known 
Northern Spotted Owl activity centers and all California 
Spotted Owl activity centers in the Sierra Nevada whose 
home ranges at least partially overlapped with the WUI 
to assess the risk of Spotted Owl exposure to ARs via the 
possibility of foraging in the WUI. We used 2.1 km radius 
home ranges for Northern Spotted Owls and 1.6 km ra-
dius home ranges for California Spotted Owls (Wiens et al. 
2014, Blakey et al. 2019). Activity centers were defned as 
nest locations or geometric centers of daytime roost loca-
tions and were obtained from the California Department 
of Fish and Wildlife (https://www.wildlife.ca.gov/Data/ 
CNDDB/Spotted-Owl-Info). We also used both Northern 
and California Spotted Owl designated ranges (USFWS 
2017) to calculate the proportion of WUI within each 
Spotted Owl subspecies’ range (only including the Sierra 
Nevada for California Spotted Owls). 

Statistical Analysis 
We used a set of generalized linear models (McCullagh and 
Nelder 1989) within an information-theoretic framework 
(Burnham and Anderson 2002) to test for associations be-
tween AR exposure and biological and environmental fac-
tors. Because most exposures were at the trace level, we 
modeled exposure as a binomial response (exposed = 1 and 
not exposed  =  0). Biological factors consisted of species 
(pure Barred Owl versus hybrid), age, sex, and the index 
of body condition. Juvenile and un-aged owls were omitted 
from the generalized linear model because of small sample 
sizes. Environmental factors consisted of sub-region, 

proximity to the WUI, number of known cannabis culti-
vation sites within home ranges, the average index of pre-
dictive cultivation for each Barred Owl home range from 
the MaxEnt model, and landownership. 

We used a multi-stage secondary candidate strategy to 
select top-ranked models (Morin et al. 2020). First, we ran 
all combinations of biological models and all combinations 
of environmental models separately. We then identifed 
supported models as those within 5 AICc (second-order 
Akaike Information Criterion corrected for small sample 
sizes) of the most supported model for each set of models. 
Second, we combined and evaluated support for vari-
ables in the top models from both the biological and en-
vironmental sets. In both model-selecting stages, models 
with uninformative variables (e.g., confdence intervals of 
variables overlap with zero) were not considered (Leroux 
2019). We used the package MuMIn in R Studio 1.3.1073 
(R Core Development Team 2017) for these analyses. 

We also conducted a general Getis Ord-General G high/ 
low cluster analysis (Getis and Ord 1992) to assess the de-
gree to which AR exposure was more clustered than ex-
pected at random, less clustered than expected at random, 
or randomly distributed. We ran separate analyses for owls 
collected in the Klamath/Cascade sub-region and those 
collected in the northern Sierra Nevada (where the ma-
jority of Sierra Nevada removals were conducted), and 
only used locations for where owls were exposed, real-
izing that mates could be non-exposed. To reduce poten-
tial biases associated with sampling multiple owls from the 
same territory, owls collected within 2.52 km (the radius 
of a 2,000 ha Barred Owl home range in the region; Wood 
et al. 2020a) of other owls were combined to single points 
based on the geometric centers of the points. We also con-
ducted a Moran’s I spatial autocorrelation analysis with the 
same condensed points to assess the degree of concord-
ance between diferent clustering procedures. All spatial 
analyses were conducted using ArcMap 10.6.1 (ESRI Inc., 
Redlands, California, USA). 

RESULTS 

Barred Owl Collections and Liver Analysis 
We screened 127 livers (115 Barred Owls and 12 hybrids) 
for ARs (Figure 1), of which 62% (79 of 127, 72 Barred 
Owls, and 7 hybrids) tested positive for at least one AR. 
Brodifacoum and bromadiolone were the only two ARs de-
tected, with 97% (77 of 79) of exposed individuals having 
exposure to brodifacoum, 15% (12 of 79) to bromadiolone, 
and 13% (10 of 79)  to both. Eighty-seven percent of the 
AR exposures were at the “trace” level (below quantif-
cation limits), with 13% (seven females, and two males) 
having quantifable concentrations of AR. Seven of those 
samples had quantifable concentrations of brodifacoum 
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TABLE 1. Generalized linear modeling results from our fnal 
stage of model selection used to examine variability in Barred 
Owls and Barred Owl x Spotted Owl hybrids exposure to anti-
coagulant rodenticides in northern California in 2018 and 2019. 
Model covariates include sex and proximity to the wildland– 
urban interface (WUI). k is the number of parameters, and wi is 
Akaike’s weight. Results for initial modeling steps are provided in 
Supplemental Material Tables S2 and S3 

aModel k ΔAIC c wi 

Sex + WUI 3 0.00 0.869 
Sex 2 3.95 0.121 
WUI 2 9.28 0.008 
Intercept only 1 11.94 0.002 

aAkaike’s information criterion corrected for sample size (AIC ) of 
top model was 139.5. 

c 

(median  =  0.084  μg g–1 ww, SD  =  0.033, min  =  0.050, 
max  =  0.150) and three had quantifable concentrations 
of bromadiolone (median = 0.150 μg g–1 ww, SD = 0.102, 
min = 0.120, max = 0.310). A total of 7 ovaries were tested 
for AR contamination and 100% were positive at trace levels 
(6 contained brodifacoum, 3 contained bromadiolone, and 
2 contained both), and all ovaries were from females whose 
livers also tested positive for the same ARs. 

Factors Associated with AR Exposure 
After excluding 4 juveniles (because of small sample sizes), 
5 un-aged owls, and 2 owls lacking fat scores, 116 individ-
uals (107 Barred Owls and 9 hybrids) were used to conduct 
the generalized linear model to predict AR exposure. No 
pairwise combination of variables were highly correlated 
(all Pearson’s r’s < 0.6), although distance to WUI and can-
nabis cultivation suitability were moderately and negatively 
correlated (r = –0.42, P < 0.01) – suggesting that cannabis 
cultivation was more likely to occur near the WUI. Te 
highest ranked model in the biological-only modeling step 
contained only sex; all other biological variables occurred 
in models within 5 AIC c but they were considered unin-
formative as the 95% confdence intervals overlapped zero 
and not considered further (Supplemental Material Table 
S2). Te highest ranked model in the environmental-only 
modeling step contained only distance to WUI; all other 
environmental variables occurred in models within 5 AIC c 
of the top model but they were considered uninformative 
as the 95% confdence intervals (95% CI) overlapped zero 
and not considered further (Supplemental Material Table 
S3). In our second (i.e. combined) modeling step, the top 
model contained sex and distance to WUI (wi =  0.869; 
Table 1). Based on this model, females (78%) were more 
likely to be exposed to ARs than males (50%; β = –1.448, 
95% CI: –2.391 to –0.590; Figure 2). In addition, the prob-
ability of AR exposure declined with distance from the WUI 
(β = –0.146, 95% CI: –0.271 to –0.029) – in other words, 
Barred Owls sampled near the WUI were more likely to 
be exposed (Figure 2). Based on this modeling process, 

FIGURE 2.  Predicted probability of Barred Owls and Barred Owl 
x Spotted Owl hybrids being exposed to anticoagulant rodenti-
cides (AR) in northern California in 2018 and 2019 plotted against 
the distance from the wildland–urban interface (WUI; Radeloff 
et al. 2005). The predicted probability of AR exposure is shown as 
the solid lines, whereas the 95% confidence intervals are shaded 
in gray. Colored dots at the top and bottom of the figure repre-
sent the raw data of individual owls that were exposed to AR (top) 
and not exposed to AR (bottom). 

there was little support for an association between AR ex-
posure and known grow sites, the predictive index for the 
suitability of cannabis cultivation, age, species (purebred 
versus hybrid), body condition, or landownership. 

We detected little evidence for clustering among loca-
tions where Barred Owls were exposed to AR in either the 
Klamath/Cascade Mountains or the Sierra Nevada. Tis 
was the case based on both the Getis Ord-General G high/ 
low cluster analysis (Klamath/Cascade P =  0.27, Sierra 
Nevada P =  0.83), and the Moran’s I  analysis (Klamath/ 
Cascade P = 0.39, Sierra Nevada P = 0.58), which indicates 
that AR was randomly distributed across space in both 
sub-regions (without considering other environmental 
variables). 

Distribution of GPS-Tagged Owl Locations Relative to 
the WUI 
We tracked the 7 GPS-tagged Barred Owls and 3 hybrids 
for an average of 229  days (range: 52–392), obtaining an 
average of 40 foraging locations (range: 15–72) per indi-
vidual. An average of 2% of Barred Owl and hybrid GPS 
locations (range: 0–18) occurred within the WUI, and 
50% of tagged individuals had at least 1 foraging location 
within the WUI (Figure 3). We tracked the 24 GPS-tagged 
Northern Spotted Owls for an average of 65 days (range: 
29–79) and obtained an average of 228 foraging locations 
per individual (range: 94–276). Among Northern Spotted 
Owls, an average of 2% of GPS locations occurred within 
the WUI (range: 0–43) and 33% had at least one foraging lo-
cation within the WUI (Figure 3). We tracked the 106 GPS-
tagged California Spotted Owls for an average of 58 days 
(range: 4–161) and obtained an average of 132 foraging 
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FIGURE 3. Locations and summary statistics of GPS-tagged Barred Owls (n =  10), Northern Spotted Owls (n =  24), and California 
Spotted Owls (n = 106) in relation to the wildland–urban interface (WUI) in the Klamath/Cascade Mountains and Sierra Nevada in 
northern California, USA. Dark blue dots on the California map represent GPS-tagged Northern Spotted Owls, red dots represent Barred 
Owls and hybrids, and light blue dots represent California Spotted Owls. Different color shades in the inset maps represent the GPS 
locations of individual owls. 

locations per individual (range: 9–348). Among California 
Spotted Owls, an average of 2% of GPS locations occurred 
within the WUI (range: 0–219) and 22% of tagged indi-
viduals had at least one foraging location within the WUI 
(Figure 3). Based on all known Northern and California 
Spotted Owl activity centers in the Sierra Nevada, 35% 
(range: 0.001–1363 ha) and 28% (range: 0.003–751 ha) of 
individual home ranges overlapped at least partially with 
the WUI, respectively. However, only 4.3% and 11.9% of 
Northern and California Spotted Owl ranges overlapped 
with the WUI, respectively. 

DISCUSSION 

A high proportion of Barred Owls and hybrids were ex-
posed to AR in both the Klamath/Cascade Mountains and 
the Sierra Nevada, with exposure being widespread and 
no evidence for spatial clustering among AR-positive indi-
viduals (Figure 1). Females were more likely to be exposed 
than males and tended to have higher quantifable concen-
trations of AR. Tis is of conservation concern, because we 

documented, for the frst time, AR-positive ovaries and a 
potential for in-utero transfer of AR in Strix owls. AR ex-
posure was not clearly linked to illegal cannabis cultivation, 
but Barred Owls sampled in proximity to the WUI were 
more likely to be exposed to ARs. Te exposure of such a 
high proportion of Barred Owls, an apex forest predator, 
signifes that AR is a pervasive toxicant in western forest 
ecosystems and contributes to mounting evidence of poten-
tial AR exposure in Northern Spotted Owls—and the frst 
potential evidence in California Spotted Owls. Although 
our sample of hybrids was small, we found similar rates of 
AR exposure between pure Barred Owls and hybrids, sug-
gesting that Barred Owls may serve as reasonable indicator 
species for AR environmental contamination and to infer 
exposure in Spotted Owls. Further support of Barred Owls 
as reasonable indicator species for Spotted Owl exposure 
to ARs is provided by the similar use of WUIs by GPS-
tagged Barred Owls and Northern and California Spotted 
Owls. Tus, our study supports previous work showing 
widespread AR exposure in predators inhabiting remote 
western forests (Gabriel et al. 2012, 2018, Tompson et al. 
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2014, Franklin et al. 2018, Wiens et al. 2019), but also sug-
gests that exposure is higher within and around WUIs. 

Barred Owl Exposure to AR 
Barred Owls collected in our study area were exposed to 
brodifacoum and bromadiolone. Tis has important con-
servation implications because both of these compounds 
are SGARs and due to the threat they pose to non-target 
wildlife, their use in California was prohibited in 2014 
without a licensed professional, as was their application 
more than 15 m from human structures (California Code 
of Regulations Title 3, Section 6471). Indeed, it is unlikely 
that the high percentage of Barred Owl exposure to AR 
in our study area comes entirely from legal applications 
of SGARs, because from 2015 to 2018 only 8.26  kg of 
brodifacoum were reported to have been sold in the en-
tire state of California (California Department of Pesticide 
Regulation, https://www.cdpr.ca.gov/docs/mill/nopdsold. 
htm about the same mass as found at just 2 average il-
legal cannabis cultivation sites in California (Wengert 
et al. 2018). Tus, it appears that even with stricter regu-
lations, the legal or more-likely illegal applications of dan-
gerous SGARs and exposure of non-target wildlife remain 
a challenge for conservation, as does identifying the main 
sources of illegal applications. Additionally, the propor-
tion of Barred Owls and hybrids exposed to SGARs in our 
study area (62%) was greater than proportions reported 
in coastal California (40%, n = 84; Gabriel et al. 2018) and 
Oregon and Washington (48%, n = 40; Wiens et al. 2019), 
suggesting that the use of SGARs could be more intense in 
our study area. 

Similar to what has been documented in Oregon and 
Washington (Wiens et al. 2019), most of our AR-positive 
specimens had trace liver concentrations below the quan-
tifable level. As of yet, the sub-lethal efects of ARs and the 
causes and consequences of trace concentrations in Barred 
and Spotted Owls have not been studied, although the ma-
jority of trace concentrations could be explained by at least 
3 non-exclusive possibilities. First, owls with high AR con-
centrations may have acutely died due to these toxicants 
and therefore were not available for sampling. If so, our 
samples may be biased toward the low end of an exposure, 
with the 9 owls with high concentrations of AR suggesting 
that concentrations greater than trace levels can occur in 
Barred Owls. Second, owls may have consumed prey that 
varied in their concentrations of AR and over diferent 
periods of time, which resulted in the majority of, but not 
all, exposures being at the trace level. However, due to the 
unknown kinetics of toxicant uptake or sequestration, or 
degradation mechanisms of AR in Strix owls, this possi-
bility will need to be explored further. Tird, given that 
all Barred Owl ovaries tested positive for AR, trace levels 
could be the result of in-utero transfer of ARs rather than 

or in addition to the consumption of contaminated prey—a 
phenomenon that has been reported in Barn Owls (Tyto 
alba; Salim et al. 2015). However, we recognize AR pres-
ence in the ovaries still does not necessarily confrm the 
maternal transfer and that this possibility will need to be 
explored further by comparing plasmatic vs. ovarian tissue 
exposure to AR and/or testing eggs directly. 

Although the majority of our specimens had trace levels 
of AR, 9 owls (7 female, 2 male) had concentrations of up 
to 0.150 μg g–1 ww for brodifacoum, and 0.310 μg g–1 ww 
for bromadiolone. Tese concentrations are both higher 
than the 0.1  μg g–1 ww threshold reported in Barn and 
Barred Owls, when clinical signs of AR toxicosis begin to 
show and refected a mortality rate of 10% of individuals 
(Tomas et al. 2011). Tough not documented in Barred 
Owls, sub-lethal exposure to SGARs can reduce clutch size 
and fedgling success in Barn Owls (Salim et al. 2014). In 
addition, sub-lethal internal hemorrhaging has been docu-
mented in Golden Eagles (Aquila chrysaetos) and Northern 
Spotted Owls with liver concentrations of brodifacoum as 
low as 0.030 and 0.050 μg g–1 ww, respectively (Stone et al. 
1999, Franklin et  al. 2018), and Pacifc Fishers have died 
with signs of AR toxicosis with liver concentrations as low 
as 0.040  μg g–1 ww (Gabriel et  al. 2012). More research 
into the efects of sub-lethal exposure on specifc species 
of concern may be merited, especially because Barred Owl 
populations are expanding (Wood et al. 2020a) despite high 
rates of AR exposure. Indeed, no atypical behaviors were 
observed while collecting Barred Owls who had confrmed 
trace levels of AR in their tissues. However, the efects of 
widespread sub-lethal exposure could be more severe in 
Spotted Owls due to the stress of competitive interactions 
with more dominant Barred Owls (Wiens et al. 2014), as 
stress can exacerbate deleterious efects of AR, such as in-
ternal hemorrhaging (Cox and Smith 1992). 

Biological and Environmental Factors infuencing AR 
Exposure 
In contrast to previous studies (Gabriel et al. 2018, Wiens 
et al. 2019), we found that females were more likely to be 
exposed to AR than males. Tough information is limited 
for Barred Owls, this may be explained by female Spotted 
Owls, and female birds in general, having greater dispersal 
distances on average than those of males (Greenwood 
1980, Jenkins et al. 2019). Tus, female Barred Owls, and 
likely female Spotted Owls, may encounter more sources 
of ARs that translate to higher rates of exposure and po-
tentially higher concentrations of AR, which also suggests 
that individuals could have brought AR exposure from 
natal areas located far from where they were collected. 
Tis trend could additionally be explained by Barred Owl 
females’ dependence on males delivering food to them 
while they are on the nest for a substantial amount of time 
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every year (Mazur and James 2020). Te fact that females 
had higher rates of exposure is cause for concern because 
if ovaries testing positive for ARs does indeed signify ma-
ternal transfer, it is possible that this transfer is widespread 
among owls in this study area. However, further research 
on the possibility of maternal transfer of AR is necessary 
through the direct testing of eggs. 

Higher rates of AR exposure in Barred Owls and hybrids 
sampled near the WUI indicated that those owls whose 
home ranges were closer to human development were 
more likely to be exposed to AR. Indeed, 50% of Barred 
Owls and hybrids (and 33% of Northern Spotted Owls and 
22% of California Spotted Owls) had at least one point in 
the WUI. Moreover, Barred Owls and hybrids with higher 
concentrations of AR were collected on average 2 km closer 
to the WUI than owls with trace AR concentrations, and 3 
km closer than owls that were not exposed to AR. However, 
the mechanism of exposure in the WUI, and whether it is 
due to cannabis cultivation within the WUI or applications 
around homes or both, remains unknown. Furthermore, 
we do not necessarily know where AR-positive owls col-
lected outside of the WUI were exposed. For instance, 
the half-life for brodifacoum can be as long as 350  days 
in rats, but predators (including owls) tend to have longer 
degradation times (up to three times in duration), as dem-
onstrated with the 2–3-day half-life of diphacinone in 
rats and the 11.7-day half-life of diphacinone in Eastern 
Screech Owls (Megascops asio; Herring et  al. 2017). 
Terefore, it is possible that sampled owls could have been 
exposed any time over the last 3–4 yr, especially given the 
apparently recent immigration of some sampled individ-
uals to our study area resulting from vacancies created by 
removals (D.F. Hofstadter and B.P. Dotters, unpublished 
data). Nevertheless, we might expect that such discordance 
between exposure and collection sites resulting from dis-
persal movements might erode a true association between 
the WUI and AR exposure, rather than create a false asso-
ciation of WUI and exposure. 

Contrary to predictions, AR exposure was unrelated to 
either of our 2 metrics of illegal cannabis cultivation—an 
observation that could also have several non-mutually ex-
clusive explanations. First, after California enacted the par-
tial ban on SGARs in 2014, this class of AR was no longer 
as commonly reported at illegal cannabis cultivation sites, 
though other toxicants (like FGARs and neurotoxins) were 
often reported instead (Tompson et  al. 2017). Second, 
illegal cannabis cultivation is by nature clandestine and 
many grow sites go undetected every year (M. W. Gabriel 
and G.  M. Wengert, personal communication), which 
could have obscured an actual association to AR exposure. 
Finally, AR poisoned owls may die near grow sites due to 
exposure to AR as well as more acutely lethal compounds 
like neurotoxins, and thus never get sampled. Despite these 

uncertainties, exposure rates were high in owls sampled 
several kilometers from the WUI, and particularly so for 
females—a pattern we consider most likely attributable to 
either the past or recent use of ARs for illegal cannabis cul-
tivation given low housing densities in these areas (Figure 
2). 

Threats to Spotted Owls and Western Forest 
Ecosystems 
Our study area adds two new regions to the list of western 
forests where a high rate of Barred Owls have been ex-
posed to ARs in both remote forested settings and in prox-
imity to the WUI. Te 62% of Barred Owls exposed to AR 
demonstrates that ARs have contaminated the food webs 
of northern California forests and suggest that AR could 
pose a threat to wildlife, including Spotted Owls. Although 
our sample size of hybrids was small, the fact that we did 
not have any evidence for a diference in exposure rates be-
tween pure Barred Owls and hybrids suggests that similar 
rates of AR exposure could also result in Spotted Owls—a 
possibility further supported from our GPS foraging lo-
cations. In fact, previous work reported 40% (n =  84) 
of collected Barred Owls and 70% (n =  10) of Northern 
Spotted Owls that were found dead in coastal California 
had also been exposed to AR, with Spotted Owls all ex-
posed at trace levels (Gabriel et  al. 2018). Spotted Owls 
prey more selectively on rodents than Barred Owls (Wiens 
et al. 2014) such that, in regards to diet, Spotted Owls may 
be more at risk for exposure. However, we found that the 
proportion of Spotted Owls that frequent the WUI was 
lower than Barred Owls and also that only a small por-
tion of the WUI overlaps with the U.S. Fish and Wildlife 
Service designated ranges for both subspecies. Terefore, 
Spotted Owl behavior and habitat selection may bufer 
them more from exposure than Barred Owls, which often 
select suburban habitat containing mature trees (Clement 
et al. 2019). 

In addition to other threats facing Spotted Owl popu-
lations, including megafres (Jones et  al. 2016), a defcit 
of large trees (Jones et al. 2018), habitat homogenization 
(Hobart et  al. 2019), and competition with Barred Owls 
(Wiens et  al. 2014, Long and Wolfe 2019), the efects of 
AR exposure, in comparison, could easily go undetected. 
Moreover, there is a likely possibility of synergistic efects 
with sub-lethal efects of AR and other threats faced by 
Spotted Owls. For example, large disturbances to habitat 
are correlated to increased cortisol levels in Pacifc Fishers 
(Kordosky 2019) and California Spotted Owl energy ex-
penditure is increased with the presence of Barred Owls in 
the northern Sierra Nevada (Wood et al. 2020b). Terefore, 
there is a possibility of environmental stressors accentu-
ating synergistic efects of AR in owls and other forest 
wildlife. 
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Our results provide additional evidence that AR ex-
posure could be a more signifcant threat to forest species 
of conservation concern than previously thought, and also 
that it is positively associated with the WUI. Tis threat is 
augmented by the long half-life and sub-lethal efects that 
these toxicants can have (Herring et  al. 2017)  Exposure 
in apex predators, like Barred Owls, likely indicates that 
contamination by AR is pervasive in forest food chains. 
Indeed, the ubiquity of AR contamination has been docu-
mented in many cases, ranging from earthworms and 
snails being exposed through the soil (Booth and Fisher 
2003), to birds eating exposed insects (Masuda et al. 2014), 
to exposed rodents eaten by various predators, and even 
to streams, where fsh exposed to AR have been reported 
(Kotthof et al. 2019). Furthermore, there is the biological 
signifcance of low concentrations of AR in various wildlife 
taxa (Stone et al. 1999, Gabriel et al. 2012, Franklin et al. 
2018), suggesting the high rates of trace exposure in Barred 
Owls and hybrids indicate a signifcant threat to wildlife, 
including Spotted Owls. 

We believe that future studies should focus on the WUI 
to elucidate more details on the mechanism of AR ex-
posure, and whether tighter regulations of SGAR applica-
tions within the WUI could help to lower this exposure. In 
fact, as of September 2020, California regulation has re-
cently changed to become stricter regarding the use and 
application of SGARs (California Assembly Bill No. 1788, 
Chapter 250). Tis provides an opportunity to further 
examine whether further AR exposure is a consequence 
of legal or illegal applications. Finally, more work is also 
needed to better understand potential sub-lethal efects 
and the in-utero transfer of ARs in Strix owls, as well as 
addressing the consequences of high rates of AR exposure 
in apex predators for forest food webs. 

SUPPLEMENTAL MATERIAL 

Supplemental material is available at Ornithological 
Applications online. 

ACKNOWLEDGMENTS 

We thank Bennett Dirksmeyer, Malina Barker, and many 
other technicians for their field assistance in locating and col-
lecting Barred Owl specimens. We also thank Paula Shaklee, 
and Dax Albrecht for field coordination and information on 
Barred Owl locations; Dennis Rock for assistance capturing 
Barred Owls; Isabel Papraniku, Paige Kulzer, Shelby Medina, 
Masha Paramonova, and Theresa Barclay for assistance with 
tissue extractions; Anu Kramer, Ivan Medel, and Adam Taylor 
for assistance with spatial analyses; and Robert Poppenga and 
Michael Filigenzi for advice on tissue analyses. 

Funding statement: This study was funded by the United 
States Forest Service Region 5, the United States Fish and 
Wildlife Service, Sierra Pacific Industries, and the University 
of Wisconsin-Madison. 
Ethics statement: Barred Owl, Spotted Owl, and hybrid 
handling and tagging procedures were consistent with ap-
proved IACUC protocol A005367-R01. Barred Owl and hy-
brid collection procedures were consistent with approved 
IACUC protocol A006106-A01. 
Conflict of interest statement: The authors declare no con-
flicts of interest. 
Author contributions: MZP, CMW, and MWG conceived 
the study; MZP and CMW secured funding; DFH, NFK, BPD, 
KGK, KNR, and CMW contributed to specimen collection; 
DFH, NFK, and EDF extracted tissue samples; DFH, NFK, 
CMW, SAW, WJB, BPD, and KNR captured owls and attached 
GPS tags; MWG and GMW contributed to the cannabis 
measurements; DFH wrote the first draft of the manuscript, 
and all authors contributed substantially to revisions. 
Data availability: Our data is deposited in Dryad. Analyses 
reported in this article can be reproduced using the data pro-
vided by Hofstadter et al. (2021). 

LITERATURE CITED 

Alavanja,  M.  C.  R. (2010). Pesticide use and exposure extensive 
worldwide. Reviews on Environmental Health 24:303–309. 

Atuo, F. A., K. N. Roberts, S. A. Whitmore, B. P. Dotters, M. G. Raphael, 
S. C. Sawyer, J. J. Keane, R. J. Gutiérrez, and M. Z. Peery (2018). 
Resource selection by GPS-tagged California Spotted Owls in 
mixed-ownership forests. Forest Ecology and Management 
433:295–304. 

Barrowclough,  G.  F., J.  G.  Groth, L.  A.  Mertz, and R.  J.  Gutiérrez. 
(2005). Genetic structure, introgression, and a narrow hybrid 
zone between northern and California spotted owls (Strix 
occidentalis). Molecular Ecology 14:1109–1120. 

Blakey R. V., R. B. Siegel, E. B. Webb, C. P. Dillingham, R. L. Bauer, 
M.  Johnson, and D.  C.  Kesler (2019). Space use, forays, and 
habitat selection by California Spotted Owls (Strix occidentalis 
occidentalis) during the breeding season: New insights from 
high resolution GPS tracking. Forest Ecology and Management 
432:912–922. 

Booth, L. H., and P. Fisher (2003). Toxicity and residues of brodifa-
coum in snails and earthworms. Department of Conservation 
Science Internal Series 143:5–14. Wellington, New Zealand. 

Brakes, C. R., and R. H. Smith (2005). Exposure of non-target small 
mammals to rodenticides: Short-term efects, recovery, and 
implications for secondary poisoning. The Journal of Applied 
Ecology 42:118–128. 

Buckle, A. P., C. V. Prescott, and K. J. Ward (1994). Resistance to the 
frst and second generation anticoagulant rodenticides – a 
new perspective. In Proceedings of the Sixteenth Vertebrate 
Pest Conference (W.  S. Halverson and A.  C. Crabb, Editors). 
University of California, Davis, USA. 

Burnham,  K.  P., and D.  R.  Anderson (2002) Model Selection and 
Multimodel Inference: A  Practical Information-Theoretic 
Approach, 2nd edition. Springer-Verlag, New York, NY, USA. 

Ornithological Applications  123:1–13 © 2021 American Ornithological Society 



  

 
 
 
 
 

 

 

12 D. F. Hofstadter et al. Anticoagulant rodenticide exposure in Barred Owls 

Caro, T. M., and G. O’Doherty (1999). On the use of surrogate spe-
cies in conservation biology. Conservation Biology 13:805–814. 

Clement, M. A., K. Barrett, and R. F. Baldwin (2019). Key habitat fea-
tures facilitate the presence of Barred Owls in developed land-
scapes. Avian Conservation and Ecology 14:12. 

Conner,  M.  M., J.  J.  Keane, C.  V  Gallagher, T.  E.  Munton, and 
P.  A.  Shaklee (2016). Comparing estimates of population 
change from occupancy and mark-recapture models for a ter-
ritorial species. Ecosphere 7:e01538. 

Cox,  P., and R.  H.  Smith (1992). Rodenticide ecotoxicology: Pre-
lethal efects of anticoagulants on rat behavior. In Proceedings 
of the Fifteenth Vertebrate Pest Conference (J. E. Borrecco and 
R. E. Marsh, Editors). University of California, Davis, USA. 

Dark, S. J., R. J. Gutiérrez, and G. I. Gould, Jr. (1998). The Barred Owl 
(Strix varia) invasion in California. The Auk 115:50–56. 

DeLong,  J.  P. (2006). Pre-migratory fattening and mass gain in 
Flammulated Owls in central New Mexico. The Wilson Journal 
of Ornithology 118:187–193. 

Diller, L. V., J. P. Dumbacher, R. P. Bosch, R. R. Bown, and R. J. Gutiérrez 
(2014). Removing Barred Owls from local areas. Techniques 
and feasibility. The Wildlife Society Bulletin 38:211–216. 

Dugger, K. M., E. D. Forsman, A. B. Franklin, R. J. Davis, G. C. White, 
C.  J.  Schwarz, K.  P.  Burnham, J.  D.  Nichols, J.  E.  Hines, 
C. B. Yackulic, et al. (2016). The efects of habitat, climate and 
Barred Owls on long-term demography of Northern Spotted 
Owls. The Condor: Ornithological Applications 118:57–116. 

Erickson,  W., and D.  Urban (2004). Potential Risks of Nine 
Rodenticides to Birds and Non-Target Mammals: 
A  Comparative Approach. United States Environmental 
Protection Agency, Ofce of Prevention, Pesticides and Toxic 
Substance, Washington, D.C., USA. 

Franklin,  A.  B., P.  C.  Carlson, A.  Rex, J.  T.  Rockweit, D.  Garza, 
E.  Culhane, S.  F.  Volker, R.  J.  Dusek, V.  I.  Shearn-Bochsler, 
M.  W.  Gabriel, and K.  E.  Horak. (2018). Grass is not always 
greener: rodenticide exposure of a threatened species near 
marijuana growing operations. BMC Research Notes 11:94. 

Gabriel  M.  W., L.  V.  Diller, J.  P.  Dumbacher, G.  M.  Wengert, 
J. M. Higley, R. H. Poppenga, and S. Mendia (2018). Exposure to 
rodenticides in Northern Spotted and Barred Owls on remote 
forest lands in northwestern California: Evidence of food web 
contamination. Avian Conservation and Ecology 13:2. 

Gabriel,  M.  W., L.  W.  Woods, R.  Poppenga, R.  A.  Sweitzer, 
C. Thompson, S. M. Matthews, J. M. Higley, S. M. Keller, K. Purcell, 
R. H. Barrett, et al. (2012). Anticoagulant rodenticides on our 
public and community lands: spatial distribution of exposure 
and poisoning of a rare forest carnivore. PLoS One 7:e40163. 

Gabriel,  M.  W., L.  W.  Woods, G.  M.  Wengert, N.  Stephenson, 
J.  M.  Higley, C.  Thompson, S.  M.  Matthews, R.  A.  Sweitzer, 
K. Purcell, R. H. Barrett, et al. (2015). Patterns of Natural and 
Human-Caused Mortality Factors of a Rare Forest Carnivore, 
the Fisher (Pekania pennanti) in California. PLoS One 
10:e0140640. 

Getis, A., and J. K. Ord (1992). The analysis of spatial association 
by use of distance statistics. Geographic Analysis 24:189–206. 

Greenwood, P. J. (1980). Mating systems, philopatry and dispersal 
in birds and mammals. Animal Behavior 28:1140–1162. 

Grier,  J.  W. (1982). Ban of DDT and subsequent recovery of 
Reproduction in bald eagles. Science 218:1232–1235. 

Gutiérrez  R.  J., M.  Cody, S.  Courtney, and A.  B.  Franklin (2007). 
The invasion of Barred Owls and its potential efect on the 
Spotted Owl: A conservation conundrum. Biological Invasions 
9:181–196. 

Hamer, T. E., E. D. Forsman, A. D. Fuchs, and M. L. Walters (1994). 
Hybridization between Barred and Spotted Owls. The Auk 
111:487–492. 

Herring G., C. A. Eagles-Smith, and J. Buck (2017). Characterizing 
Golden Eagle risk to lead and anticoagulant rodenti-
cide exposure: A  review. The Journal of Raptor Research 
51:273–292. 

Hobart, B. K., G. M. Jones, K. N. Roberts, B. P. Dotters, S. A. Whitmore, 
W.  J.  Berigan, M.  G.  Raphael, J.  J.  Keane, R.  J.  Gutiérrez, and 
M.  Z.  Peery (2019). Trophic interactions mediate the re-
sponse of predator populations to habitat change. Biological 
Conservation 238:108217. 

Hofstadter,  D.  F., N.  F.  Kryshak, M.  W.  Gabriel, C.  M.  Wood, 
G.  M.  Wengert, B.  P.  Dotters, K.  N.  Roberts, E.  D.  Fountain, 
K.  G.  Kelly, J.  J.  Keane, S.  A.  Whitmore, W.  J.  Berigan, and 
M. Z. Peery (2021). Data from: High rates of anticoagulant ro-
denticide exposure in California Barred Owls are associated 
with the wildland–urban interface. Ornithological Applications 
123:4. https://doi.org/10.5061/dryad.47d7wm3c8 

Jenkins,  J.  M.  A., D.  B.  Lesmeister, E.  D.  Forsman, K.  M.  Dugger, 
S.  H.  Ackers, L.  S.  Andrews, C.  E.  McCaferty, M.  S.  Pruett, 
J. A. Reid, S. G. Sovern, R. B. Horn, et al. (2019). Social status, 
forest disturbance, and Barred Owls shape long-term trends 
in breeding dispersal distance of Northern Spotted Owls. 
The Condor: Ornithological Applications 121:4. https://doi. 
org/10.1093/condor/duz055 

Jones,  G.  M., R.  J.  Gutiérrez, D.  J.  Tempel, S.  A.  Whitmore, 
W. J. Berigan, and M. Z. Peery (2016). Megafres: An emerging 
threat to old-forest species. The Ecological Society of America 
14:300–306. 

Jones,  G.  M., J.  J.  Keane, R.  J.  Gutiérrez, and M.  Z.  Peery (2018). 
Declining old-forest species as a legacy of large trees lost. 
Diversity and Distributions 24:341–351. 

Kordosky,  J. (2019). Landscape of stress: Does drought prevail 
over anthropogenic activity in infuencing cortisol levels and 
ftness in the Pacifc Fisher? MS thesis. Utah State University, 
Logan, UT, USA. 

Kotthof,  M., H.  Rüdel, H.  Jürling, K.  Severin, S.  Hennecke, 
A.  Friesen, and J.  Koschorreck. (2019). First evidence of anti-
coagulant rodenticides in fsh and suspended particulate 
matter: spatial and temporal distribution in German fresh-
water aquatic systems. Environmental Science and Pollution 
Research International 26:7315–7325. 

Kramer,  A., G.  M.  Jones, S.  A.  Whitmore, J.  J.  Keane, F.  A.  Atuo, 
B.  P.  Dotters, S.  C.  Sawyer, S.  L.  Stock, R.  J.  Gutiérrez, and 
M.  Z.  Peery (2020). California Spotted Owl habitat selec-
tion in a fre-managed landscape suggests conservation 
beneft of restoring historical fre regimes. Forest Ecology and 
Management 479:118576. 

Leroux, S.  J. (2019). On the prevalence of uninformative param-
eters in statistical models applying model selection in applied 
ecology. PLoS One 14:e0206711. 

Livezey,  K.  B. (2009). Range expansion of Barred Owls, part II: 
Facilitating ecological changes. American Midland Naturalist 
161:323–349. 

Long, L. L., and J. D. Wolfe (2019). Review of the efects of Barred 
Owls on Spotted Owls. The Journal of Wildlife Management 
83:1281–1296. 

Marek,  L.  J., and W.  C.  Koskinen. (2007). Multiresidue analysis of 
seven anticoagulant rodenticides by high-performance liquid 
chromatography/electrospray/mass spectrometry. Journal of 
Agricultural and Food Chemistry 55:571–576. 

Ornithological Applications  123:1–13 © 2021 American Ornithological Society 

https://doi.org/10.5061/dryad.47d7wm3c8
https://doi.org/10.1093/condor/duz055
https://doi.org/10.1093/condor/duz055


  

 
 
 
 

 
 
 
 

 

Anticoagulant rodenticide exposure in Barred Owls 

Massemin,  S., R.  Groscolas, and Y.  Handrich (1997). Body com-
position of the European Barn Owl during the nonbreeding 
period. The Condor 99:789–797. 

Masuda, B. M., P. Fisher, and I. G. Jamieson (2014). Anticoagulant 
rodenticide brodifacoum detected in dead nestlings of an 
insectivorous passerine. New Zealand Journal of Ecology 
38:110–115. 

Mazur, K. M., and P. C. James (2020). Barred Owl (Strix varia), ver-
sion 1.0. In Birds of the World (A. F. Poole and F. B. Gill, Editors). 
Cornell Lab of Ornithology, Ithaca, NY, USA. https://doi. 
org/10.2173/bow.brdowl.01 

McCullagh, P., and J. A. Nelder (1989). Generalized Linear Models, 
2nd edition. Chapman and Hall/CRC, Boca Raton, FL, USA. 

Morin,  D.  J., C.  B.  Yackulic, J.  E.  Difendorfer, D.  B  Lesmeister, 
C. K. Nielsen, J. Reid, and E. M. Schauber (2020). Is your ad hoc 
model selection strategy afecting your multimodel inference? 
Ecosphere 11:1–16. 

Odom,  K.  J., and D.  J.  Mennill (2010). A quantitative description 
of the vocalizations and vocal activity of the Barred Owl. The 
Condor 112:549–560. 

Peakall,  D.  B., and L.  F.  Kif (1988). DDE contamination in pere-
grines and American Kestrels and its efect on reproduction. 
In Peregrine Falcon Populations, Their Management and 
Recovery (T. J. Cade, J. H. Enderson, and C. M. White, Editors). 
The Peregrine Fund, Inc., Boise, ID, USA. 

Radelof, V. C., R. B. Hammer, S. I. Stewart, J. S. Fried, S. S. Holcomb, 
and J. F. McKeefry (2005). The wildland–urban interface in the 
United States. Ecological Applications 15:799–805. 

R Core Team (2017). R: A language and environment for statistical 
computing. R Foundation for Statstical Computing, Vienna, 
Austra. https://www.R-project.org/ 

Riley, S. P. D., C. Bromley, R. H. Poppenga, F. A. Uzal, L. Whited, and 
R.  M.  Sauvajot (2007). Anticoagulant exposure in notoedric 
mange in bobcats and mountain lions in urban southern 
California. The Journal of Wildlife Management 71:1874–1884. 

Salim,  H., H.  M.  Noor, N.  H.  Hamid, D.  Omar, A.  Kasim, and 
C.  M.  R.  Abidin (2015). The efects of rodenticide residues 
deposited in eggs of Tyto alba to eggshell thickness. Sains 
Malaysiana 44:559–564. 

Salim, H., H. M. Noor, N. H. Hamid, D. Omar, A. Kasim, C. S. MD Rawi, 
A. H. Ahmad, and M. R. Z. Abidin (2014). Sub-lethal efects of the 
anticoagulant rodenticides bromadiolone and chlorophacinone 
on breeding performances of the Barn Owl (Tyto alba) in oil 
palm plantations. Slovak Raptor Journal 8:113–122. 

Serieys, L. E. K., A. J. Lea, M. Epeldegui, T. C. Armenta, J. Moriarty, 
S. VandeWoude, S. Carver, J. Foley, R. K. Wayne, S. P. D. Riley, and 
C.  H.  Uittenbogaart (2018). Urbanization and anticoagulant 
poisons promote immune dysfunction in bobcats. Proceedings 
of the Royal Society B: Biological Sciences 285:20172533. 

Stone, W. B., J. C. Okoniewski, and J. R. Stedelin. (1999). Poisoning 
of wildlife with anticoagulant rodenticides in New York. 
Journal of Wildlife Diseases 35:187–193. 

D. F. Hofstadter et al. 13 

Tempel,  D.  J., and R.  J.  Gutiérrez (2013). The relationship be-
tween occupancy and abundance for a territorial spe-
cies, the California Spotted Owl. Conservation Biology 
27:1087–1095. 

Tempel,  D.  J., M.  Z.  Peery, and R.  J.  Gutiérrez (2014). Integrated 
population models for wildlife conservation: An example with 
the California Spotted Owl (Strix occidentalis occidentalis). 
Ecological Modelling 289:86–95. 

Thomas,  P.  J., P.  Mineau, R.  F.  Shore, L.  Champoux, P.  A.  Martin, 
L.  K.  Wilson, G.  Fitzgerald, and J.  E.  Elliott. (2011). Second 
generation anticoagulant rodenticides in predatory birds: 
Probabilistic characterisation of toxic liver concentrations 
and implications for predatory bird populations in Canada. 
Environment International 37:914–920. 

Thompson,  C.  M., M.  W.  Gabriel, and K.  L.  Purcell (2017). An 
ever-changing ecological battlefeld: Marijuana cultivation 
and toxicant use in western forests. The Wildlife Professional 
3:42–46. 

Thompson,  C., R.  Sweitzer, M.  Gabriel, K.  Purcell, R.  Barrett, and 
R.  Poppenga (2014). Impacts of rodenticide and insecticide 
toxicants from marijuana cultivation sites on fsher survival 
rates in the Sierra National Forest, California. Conservation 
Letters 7:91–102. 

U.S. Fish and Wildlife Service (2017). California Spotted Owl (Strix 
occidentalis occidentalis) Conservation Objectives Report. U.S. 
Fish and Wildlife Service, Sacramento Fish and Wildlife Ofce, 
Sacramento, CA, USA. 

Wengert,  G.  M., M.  W.  Gabriel, J.  M.  Higley, and C.  Thompson 
(2018). Ecological impacts across the landscape from tres-
pass marijuana cultivation on western public lands. In Where 
There’s Smoke: The Environmental Science, Public Policy, and 
Politics of Marijuana (C. Miller, Editor). University Press of 
Kansas, Lawrence, KS, USA. 

Wiens, J. D., R. G. Anthony, and E. D. Forsman (2014). Competitive 
interactions and resource partitioning between Northern 
Spotted Owls and Barred Owls in western Oregon. Wildlife 
Monographs 185:1–50. 

Wiens,  J.  D., K.  E.  Dilione, C.  A.  Eagles-Smith, G.  Herring, 
D. B. Lesmeister, M. W. Gabriel, G. M. Wengert, and D. C. Simon 
(2019). Anticoagulant rodenticides in Strix owls indicate wide-
spread exposure in west coast forests. Biological Conservation 
238:108238. 

Wood, C. M., R. J. Gutiérrez, J. J. Keane, and M. Z. Peery (2020a). Early 
detection of rapid Barred Owl population growth within the 
range of the California Spotted Owl advises the Precautionary 
Principle. The Condor: Ornithological Applications, 122:1. 
https://doi.org/10.1093/condor/duz058 

Wood,  C.  M., H.  Klinck, M.  Gustafson, J.  J.  Keane, S.  C.  Sawyer, 
R.  J. Gutiérrez, and M. Z. Peery (2020b). Using the ecological 
signifcance of animal vocalizations to improve inference 
in acoustic monitoring programs. Conservation Biology 
35:336–345. 

Ornithological Applications  123:1–13 © 2021 American Ornithological Society 

https://doi.org/10.2173/bow.brdowl.01
https://doi.org/10.2173/bow.brdowl.01
https://www.R-project.org/
https://doi.org/10.1093/condor/duz058






October 24, 2025 

RODENT FERTILITY CONTROL AS 

AN ALTERNATIVE TO POISON 

1. GOOD BITESTM  RODENT FERTILITY CONTROL 

Good Bites are palatable rodent-attractive pellets made with nuts, seeds and 

nutritional grains. The active ingredient is a commercially available supplement, 

Tripteryguim wilfordii Hook F (TwHF). 

   The Thunder God Vine grows in mountainous regions of China. Extracts made 

from its leaves and roots have been used for centuries in Traditional Chinese 

Medicine (TCM) primarily to reduce inflammation (Gao et al 2021).  

 TwHF active ingredients have rapid onset but because TwHF active 

ingredients have short half life’s, 15 minutes, they do not accumulate in animal 

tissues and do not pose a risk of non-target exposure (Liu et al 2015). If a 

predator consumes a mouse or rat even as it leaves a bait station its 

reproduction will not be effected. 

 Mice and rats are attracted to the palatable pellets and return to repeatedly 

feed. Impact on the population is observed in 1-3 months. Due to mice and rat 

small body mass and their rapid metabolism of TwHF active ingredients there is 

minimum risk posed to children and adults who would have to eat pounds of 

pellets daily to begin to achieve an effective dose, practically impossible given 

the small amounts of pellets available in single feeding stations.  

     Monitoring of Good Bites consumption is essential to its efficient 

deployment to reach the most mice or rats. Good Bites are very appealing to 

other wildlife such as squirrels, chipmunks, birds and raccoons. We therefore 

developed a Good Box pellet feeding station to allow only mice or rats to 

consume Good Bites.  

     An additional effect of Thunder God Vine root powder is to induce reversible 

infertility. In other words, it acts as a contraceptive. This characteristic prevents 

development of resistance as reported with poisons. 

Active ingredients 
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     Good Bites (GB) pellets are cereal based and entirely plant derived. They are 

made of peanut butter, wheat flour, cornmeal, quick oats and table sugar and are 

highly palatable and attractive to mice and rats. The active ingredient in GB 

pellets is from Tripterygium wilfordii capsules purchased from Amazon. These 

capsules contain Tripterygium wilfordii root powder used for hundreds of years 

in traditional Chinese medicine to provide relief from rheumatoid arthritis 

inflammation and pain. The active ingredient is triptolide. Triptolide, at ten 

billionth of a gram or 0.00000001 gram, causes infertility in mice and rats. 

Triptolide is a contraceptive as the infertility it causes reverses if mice and rats 

are no longer eating GB pellets. Triptolide is rapidly inactivated by the liver in 

mice and rats with a half-life of less than 15 minutes. Thus, rodent predators 

such as raptors are not affected if they catch and eat a mouse or rat that has 

eaten GB pellets. Triptolide acts on both the rodent ovary and testis, stopping 

ovulation and sperm development, respectively. 

2. PROJECT RESULTS 

At present we have conducted over 20 individual studies with 4,321 pounds of 

pellets deployed and 8,913 data points collected over 2 years from the following 

settings: retail stores, grain and mill facilities, zoos, sanctuaries, animal shelters, 

urban neighborhoods reserves and conservation areas.  Using scientific 

published protocols, rodent populations were measured via camera captures, 

trapping plates, and live captures and correlated to pellet consumption. We 

developed a web-based application to measure consumption in all locations to 

determine time to rodent feeding acclimation, population reduction percentages, 

and sustained reduced populations. There were no adverse effects reported in 

birds, raccoons, dogs, cats, squirrels, or other small animals.  Rodent population 

reductions because of Good Bites feeding ranged from a low of 10% and high of 

99% over a range of 3 to 17 months and sustained for up to 20 months to date.  

Consistent among all projects is a pattern (graphed below), wherein 

consumption climbs to a peak (acclimation) then declines with the reduced 

rodent population due to reduction in fertility (birth control). Variation in time 

to decline is dependent upon rodent migration opportunity: Open (parks, 

ranches, etc.), Semi-Open (buildings, homes), and Closed (interior enclosed 

buildings) 
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Summary of all active projects to date: 

Category Project % Rodent 
Reduction 

Months Migration 

Retail Flagstaff, AZ 95% 9 Semi-
Open 

Grain & Mill Chino Valley, 
AZ 

98% 17 Semi-
Open 

Urban Fairfield, CT 53% 7 Open 
 Berkeley, CA 10% 5 Open 
 Marco Island, 

FL 
48% 12 Open 

 Lincoln Park, 
Chicago, IL 

63% 3 Open 

 Harlem, NYC, 
NY 

Data 
collected 
by NYC 

staff data 
6/26 

 Open 

 Boston, MA 71% 16 Open 
 Manhattan, 

NYC, NY 
42% 6 Open 

Zoos, 
Ranches & 
Sanctuaries 

Petaluma, CA 49% 24 Open 

 Salt Lake City, 
UT 

39% 3 Semi-
Open 
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 Kanab, UT 68% 7 Semi-
Open 

Animal 
Rescues 

Flagstaff, AZ 92% 15 Semi-
Open 

 Kanab, UT 99% 5 Closed 
 

Website data sets are being loaded in the following formats for 

all projects:  Completion 11/1/25 
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Anticoagulant rodenticides (ARs) deployed to control rodent pest popu-
lations can increase the risk of pathogen infection for some wildlife.
However, it is unknown whether ARs also increase infection risk for
target rodents, which are common hosts for zoonotic (animal-to-human
transmitted) pathogens. In this study, we tested whether rats exposed to
ARs were more likely to be infected with zoonotic pathogens, specifically
Leptospira spp. or Escherichia coli, after controlling for known predictors of
infection (i.e. sex, age, body condition). We collected biological samples
from 99 rats trapped in Chicago alleys and tested these for Leptospira infec-
tion, E. coli shedding and AR exposure. We found that rats that had been
exposed to ARs and survived until the time of trapping, as well as older
rats, were significantly more likely to be infected with Leptospira spp. than
other rats. We found no significant association between E. coli shedding
and any predictors. Our results show that human actions to manage rats
can affect rat disease ecology and public health risks in unintended ways,
and more broadly, contribute to a growing awareness of bidirectional
relationships between humans and natural systems in cities.

1. Introduction
Anticoagulant rodenticides (ARs) are one of the most common types of sub-
stance used to control rodent pest populations; however, little is known about
potential unintended, sublethal AR effects on rodents. In other species, AR
exposure has been associated with numerous sublethal effects (in addition to
acute toxicity). For example, sublethal AR exposure can increase infection risk
in urban predators (e.g. bobcats, Lynx rufus; mountain lions, Puma concolor; coy-
otes, Canis latrans; [1–3]) and has been linked to higher parasite and pathogen
burdens in birds (e.g. great bustards, Otis tarda; [4]). Wildlife exposed to ARs
may be more susceptible to infection because ARs have been shown to disrupt
immune function [5]. Like the species above, rodents might also experience
greater infection owing to AR exposure; in turn, this is relevant to human
health as rodents are common hosts for zoonotic pathogens [6–8], especially
in human-dominated areas [9]. ARs do not kill immediately; first-generation
ARs require multiple feedings to provide a lethal dose, and second-generation
ARs—more potent compounds that can kill after a single dose—typically lead
to death in 5–10 days [10]. If infection risk is heightened during the period
between AR exposure and death, widespread AR use might increase popu-
lation transmission of pathogens among rodents. Additionally, this could
pose a risk of zoonotic pathogen transmission.

Understanding any unintended effects of rodent control on rodent disease
dynamics is important because commensal rats carry dozens of zoonotic patho-
gens [11,12], come in close proximity to people [13], and have a near-global
distribution [14]. Brown rats (Rattus norvegicus) and black rats (R. rattus) can

© 2021 The Author(s) Published by the Royal Society. All rights reserved.
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carry several environmentally transmitted pathogens that
cause human disease (e.g. Leptospira interrogans, pathogenic
Escherichia coli; [15]). Leptospirosis in particular poses a
large public health burden, causing an estimated 434 000–
1 750 000 cases and 23 800–95 900 deaths in humans annually
[16]. Among major cities in the USA, Leptospira seropreva-
lence in rats ranges from 44.1 to 65.3% [17]. Environmental
features and management practices can modulate Leptospira
prevalence. For example, in Chicago, IL, rats trapped in
high-income areas with more standing water complaints
were more likely to be infected with Leptospira spp. [18],
while in Vancouver, Canada, rodent control via rat trapping
was associated with higher Leptospira prevalence [19]. Impor-
tantly, low-income urban residents can be disproportionately
exposed to rat-associated zoonoses [20] and lower-income
countries are often reliant on ARs for rodent control [21]. It
is thus crucial to understand how other widespread manage-
ment practices such as use of ARs could also influence
infection dynamics in rats.

In this study, we tested if rats exposed to ARs were more
likely to be infected with zoonotic pathogens, specifically
Leptospira spp. or E. coli, after controlling for known physio-
logical predictors of infection. We focused on these
pathogens because they are zoonotic, transmitted through
the environment, and present in our study population [18].
Based on previous work in urban carnivores, we predicted
the probability of Leptospira spp. infection and E. coli shedding
would be higher for rats with detectable concentrations of
common ARs in liver tissue relative to other rats. We also pre-
dicted the probability of Leptospira spp. infection and E. coli
shedding would be higher for rats that were female, older,
and in poorer body condition because these biological factors
are known predictors of infection [18,22–24]. Our results will
help design best practices for rodent management to protect
public health and advance our understanding of how pest
management affects urban wildlife ecology.

2. Methods
As part of a previous study [18], 254 rats were trapped in 13 com-
munity areas in Chicago, a city with numerous rat complaints
(figure 1). Trapped rats were measured, examined for injuries,
weighed, and sexed. Rats were considered to be brown rats
based on ear and tail morphology, but this assumption was not

verified with genetic analyses. A subset of 202 rats were necrop-
sied and screened for environmentally-transmitted bacterial
pathogens [18]. Rat kidney tissue was tested for Leptospira spp.
using polymerase chain reaction (PCR) and rat colon contents
(i.e. faeces) were tested for E. coli using aerobic culture [18] at
Wyoming State Veterinary Laboratory. From these rats, we
selected 99 (table 1) to be screened for seven commonly used
ARs (first-generation: chlorophacinone, coumachlor, diphaci-
none, warfarin; second-generation: brodifacoum, bromadiolone,
difethialone). Rats were chosen for screening such that sample
sizes would be roughly balanced by capture location, sex, age
and infection status. Liver screening was performed by the
Animal Disease Diagnostic Laboratory at Purdue University
(West Lafayette, IN) using high performance liquid chromato-
graphy. Method detection limits (lowest concentration that can
be confidently identified) for each AR in liver tissue were as fol-
lows: chlorophacinone and diphacinone: 0.25 ppm; coumachlor
and warfarin: 0.5 ppm; brodifacoum, bromadiolone and difethia-
lone: 1.00 ppm. Animal use was deemed exempt from Lincoln
Park Zoological Society IACUC approval because rat samples
were procured through pest management professionals (protocol
number 2019–005).

We used generalized linear mixed models (GLMMs; bino-
mial distribution, logit link) to test whether infection status
varied by rodenticide exposure status (binary; we considered a
rat exposed to poison if at least one AR was detected in the
liver) as well as other biological predictors previously found to
influence rat infection status. We constructed two GLMMs, one
with a response variable of Leptospira infection status (positive
or negative) and the other with a response variable of E. coli
shedding status (positive or negative). Explanatory variables
for each model included AR exposure status, sex, age class and
body condition. We estimated rat age in days based on their
mass using growth curve equations, following the methods of
[25], and binned rats as younger (30–65 days) or older (greater
than 65 days; electronic supplementary material, dataset). We
quantified body condition using the scaled mass index [26]
using tip-to-tip length (i.e. tip of nose to tip of tail) because it
was most highly correlated with mass (see the electronic sup-
plementary material for more detail). While injuries have also
been found to be associated with infection [15], we did not include
this as a variable because we observed only a few, mild wounds in
the study population. Given the low sample size, only main effects
of the explanatory variables were considered. We also included
capture location (i.e. community area) as a random effect to
account for non-independence among samples from the same
neighbourhood. Analyses were performed using the glmmTMB
package [27] in the R statistical environment v. 4.0.3 [28].

(a) (b) (c)

trap sites, E. coli detected

N
N N

community areas, E. coli prevalence

0.00–0.20
0.20–0.40
0.40–0.60
0.60–0.71
not in study

no

0 5 10 km

0 5 10 km

yes

trap sites, Leptospira detected

community areas, Leptospira prevalence

0.00–0.050
0.050–0.100
0.100–0.150
0.150–0.200
0.200–0.250
0.250–0.300
0.300–0.330
not in study

0 5 10 km

0.00–0.050
0.050–0.100
0.100–0.150
0.150–0.200
0.200–0.250
0.250–0.300
0.300–0.330
not in study

no
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trap sites, AR detected

community areas, AR prevalence

no
yes

Figure 1. Maps of study community areas ( polygons) and trap sites (circles) in Chicago. Colours show the prevalence (shading) or the presence (darker circles) of
rats with (a) E. coli shedding, (b) Leptospira spp. infection, and (c) anticoagulant rodenticide (AR) exposure. Abbreviations correspond to table 1.
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3. Results and discussion
We analysed infection status as a function of AR exposure,
sex and age class for 99 rats that were trapped in 14 commu-
nity areas (table 1). Ten liver samples were positive for AR
residues (6 females, 4 males; 2 older, 8 younger). Specifically,
seven were positive for second-generation ARs (brodifacoum:
n = 3, bromadiolone: n = 3, difethialone: n = 1) and three were
positive for first-generation ARs (diphacinone: n = 3). Leptos-
pira prevalence was higher for AR-exposed rats (30%, 3/10)
than for unexposed rats (7.9%, 7/89), and E. coli prevalence
was higher for AR-exposed rats (50%, 5/10) than for unex-
posed rats (42%, 37/89; figure 2).

GLMMs indicated that AR exposure status was a signifi-
cant predictor of Leptospira infection status (odds ratio = 7.02,
95% CI = 1.10–45.0, p = 0.04), as was age class (figure 2 and
electronic supplementary material, table S1). Older rats
(greater than 65 days) were significantly more likely to be
infected with Leptospira spp. than younger rats (30–65 days;
odds ratio = 5.88, 95% CI = 1.20–28.9, p = 0.03). Neither sex
nor SMI was a significant predictor in the model. The mar-
ginal R2 (i.e. proportion of variance explained by fixed
effects) for the Leptospira infection model was 0.21, while
the conditional R2 (i.e. proportion of variance explained by
both fixed and random effects) was 0.33. No explanatory
variables were significant predictors of E. coli shedding
status. The marginal R2 for this model was 0.01, while the
conditional R2 was 0.12.

We found that rats exposed to ARs that survived until the
time of trapping were significantly more likely to be infected
with Leptospira spp. than other rats. Though it is known that
ARs can promote infection risk in non-target wildlife, our
results demonstrate increased zoonotic infection risk in
target rodents. This result is significant for public health
and urban ecology because commensal rodents are abundant
reservoirs of zoonotic pathogens in cities. More generally, this
relationship between rodenticide exposure and infection risk

demonstrates an unintended effect of wildlife management
on a target species that can feed back to human health.

AR-exposed rats may be more susceptible to infection
in the period between exposure and death because of
immunomodulatory effects of ARs. Rats exposed to warfarin
for 30 days exhibit increased lymphocytes, basophils and
monocytes [29,30], suggesting immune dysfunction. In carni-
vores, AR exposure has been associated with immune
dysfunction consistent with cytokine-mediated inflammatory
processes, including the suppression of neutrophils [31].
These phenotypic changes might interfere with rodents’ abil-
ity to mount an effective defence when exposed to infectious
leptospires in the environment. Although we quantified rat
exposure to rat poison as a binary status, the detection limit
in our study exceeded concentrations deemed indicative of
acute AR poisoning in other species (200 ng g−1 or 0.2 ppm;
[4]), suggesting they were high enough to interfere with phys-
iological processes. If rats are more likely to become infected
with Leptospira spp. after consuming ARs, infection would
have to occur before the poison kills the rat (approx. 1
week). Experimental work has demonstrated successful
Leptospira infection 7 days post-infection [32,33], yet further
work is needed to examine Leptospira spp. infection dynamics
at a shorter timescale and determine how long rats can
survive following AR exposure.

Alternatively, infected rats might be more likely to con-
sume poisoned bait. For instance, infected rats could be
more attracted to bait stations if they have less energy to
actively forage for other food. However, rats are considered
asymptomatic, chronic carriers of Leptospira ([17]; though
see [34]), suggesting it is unlikely that infected rats are
more likely to consume AR bait. Future work could also
investigate behavioural and physiological changes in
poisoned and infected rats to clarify causal mechanisms.

Interestingly, the only other study, to our knowledge, to
examine AR poisoning and infection risk in target rodents
found that common voles (Microtus arvalis) infected with

Table 1. Sex, age class and anticoagulant rodenticide poisoning status of rats, separated by trapping location (community area).

community area

sex age class poisoning status

F M younger (30–65 days) older (>65 days) AR detected AR not detected

Armour Square (AS) 5 10 14 1 1 14

Beverly (BE) 1 0 1 0 0 1

Edge Water (ED) 1 1 1 1 1 1

Englewood (EN) 0 4 3 1 1 3

Forest Glen (FG) 1 0 1 0 0 1

Greater Grand Crossing (GG) 2 2 2 2 0 4

Lake View (LV) 14 6 16 4 2 18

Logan Square (LS) 11 5 14 2 1 15

Near North Side (NN) 5 2 7 0 0 7

New City (NC) 2 1 1 2 1 2

North Lawndale (NL) 4 1 4 1 0 5

South Lawndale (SL) 11 2 8 5 2 11

Washington Park (WP) 0 1 1 0 0 1

West Ridge (WR) 7 0 6 1 1 6
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Francisella tularensis had lower concentrations of the AR chlor-
ophacinone relative to uninfected voles [35]. These results
likely differ from ours because all poisoned voles were
found dead rather than trapped and F. tularensis infection is
fatal in voles. However, these differences highlight the need
to understand interactions among ARs, pathogens, and
hosts with different ecologies. Future epidemiological sur-
veys and experimental work could help identify which
types of pathogenic infections are affected by AR exposure.

We also found that older rats were significantly more
likely to be infected with Leptospira spp. than younger rats.
This aligns with previous research and is likely attributable
to a greater chance of exposure and infection over time [22].
We might not have found significant associations with
other biological factors because of small sample size, which
could also explain the relatively large confidence intervals
around the odds ratios (figure 2). Contrary to our predictions,
we found no association between AR exposure and E. coli
infection. We may not have detected an increased risk of
E. coli infection in poisoned rats because our methods could
only detect active shedding of E. coli in faeces, rather than
true infection. Although this is informative for public
health, rats could have been infected with E. coli but not

actively shedding, which might have confounded our results.
In addition, while we accounted for non-independence
among rats within the same community area using a
random effect (under the assumption that community areas
are statistically independent from one another, supported
by the small home ranges of rats (less than 200 m) [36]),
our results may have been confounded by spatial
autocorrelation.

Our results add to a growing literature showing environ-
mental hazards of managing rats using ARs, and highlight
potential unintended and unpredicted effects of AR exposure
on the ecology of rat-associated pathogens of public health
importance. Apart from disease ecology, urban rats have
exhibited genetic resistance to ARs for decades. Resistant
rats carry genetic mutations in the Vkorc1 gene that interfere
with anticoagulant effects on blood clotting [37], rendering
the rats less susceptible to anticoagulants. Rats have exhibited
genetic resistance even as new generations of ARs are devel-
oped [38,39], demonstrating how lethal management can
have evolutionary consequences for zoonotic hosts [40]. AR
resistance may have important consequences for leptospiral
shedding if ARs act as modulators of immune and inflamma-
tory responses and resistant rats are less likely to die
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Figure 2. (a) Pale-shaded points display binary infection status and solid points and lines represent means and standard errors of infection prevalence. (b) Points
and lines represent odds ratios and 95% confidence intervals for predictors of infection status from GLMMs. Darker blue lines indicate odds ratios greater than 1,
while lighter blue lines indicate odds ratios less than 1. 95% confidence intervals that cross the vertical line at 1 indicate that a predictor is not significant. Asterisks
indicate p < 0.05.
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following AR exposure. Instead of relying on ARs, integrated
pest management might offer a more sustainable approach
by improving urban sanitation and rodent exclusion [41].
Such an approach would align with One Health principles
and prevent mortality of urban carnivores, which provide
ecosystem services such as rodent population control. More
broadly, our results contribute to a growing awareness of
bidirectional relationships between humans and natural sys-
tems in cities: in our case, that human actions to manage
rats can affect rat disease ecology and public health risks in
unintended ways.

Ethics. Animal use was deemed exempt from Lincoln Park Zoological
Society IACUC approval because rat samples were procured through
pest management professionals (protocol no. 2019-005).

Data accessibility. The dataset used in our analysis is available on Zenodo
at https://zenodo.org/badge/latestdoi/387547164 [42].

Authors’ contributions. M.H.M. led the conceptualization of the study
and the collection of biological samples. C.A.S. contributed to pro-
ject design and led the statistical analysis. M.H.M. and C.A.S.
wrote and edited the manuscript, approved the final version of
the manuscript agree to be held accountable for the content
therein.

Competing interests. The authors declare that they have no competing
interests.

Funding. This work was supported by the Grant Healthcare Foun-
dation and based upon work supported by the National Science
Foundation under grant no. 1923882. Partial funding for C.A.S. was
provided by the National Science Foundation through an INTERN
grant (grant no. DEB-1717282). The funding bodies played no role
in the design of the study or in the collection, analysis, and interpret-
ation of data or in writing the manuscript.

Acknowledgements. We thank Landmark Pest Management for provid-
ing rat carcasses and Matthew Mulligan, Jazmín Rios and Gabriella
Barnas for their assistance with rat necropsies. We also thank
Dr Kaylee Byers for insightful comments.

References

1. Riley SPD, Bromley C, Poppenga RH, Uzal FA,
Whited L, Sauvajot RM. 2007 Anticoagulant
exposure and notoedric mange in bobcats and
mountain lions in urban Southern California.
J. Wildl. Manage. 71, 1874–1884. (doi:10.2193/
2005-615)

2. Poessel SA, Breck SW, Fox KA, Gese EM. 2015
Anticoagulant rodenticide exposure and toxicosis
in coyotes in the Denver Metropolitan Area.
J. Wildl. Dis. 51, 265–268. (doi:10.7589/2014-
04-116)

3. Serieys LEK et al. 2018 Widespread anticoagulant
poison exposure is linked with immune
dysregulation and severe notoedric mange in urban
bobcats. Vertebr. Pest Conf. 28, 258–263. (doi:10.
5070/v42811047)

4. Lemus JA, Bravo C, García-Montijano M, Palacín C,
Ponce C, Magaña M, Alonso JC. 2011 Side effects of
rodent control on non-target species: rodenticides
increase parasite and pathogen burden in great
bustards. Sci. Total Environ. 409, 4729–4734.
(doi:10.1016/j.scitotenv.2011.07.007)

5. Fraser D, Mouton A, Serieys LEK, Cole S, Carver S,
Vandewoude S, Lappin M, Riley SPD, Wayne R.
2018 Genome-wide expression reveals multiple
systemic effects associated with detection of
anticoagulant poisons in bobcats (Lynx rufus).
Mol. Ecol. 27, 1170–1187. (doi:10.1111/mec.
14531)

6. Meerburg BG, Singleton GR, Kijlstra A. 2009 Rodent-
borne diseases and their risks for public health. Crit.
Rev. Microbiol. 35, 221–270. (doi:10.1080/
10408410902989837)

7. Morand S, Jittapalapong S, Kosoy M. 2015 Rodents
as hosts of infectious diseases: biological and
ecological characteristics. Vector Borne Zoonotic Dis.
15, 1–2. (doi:10.1089/vbz.2015.15.1.intro)

8. Luis AD et al. 2013 A comparison of bats and
rodents as reservoirs of zoonotic viruses: are bats
special? Proc. R. Soc. B 280, 20122753. (doi:10.
1098/rspb.2012.2753)

9. Gibb R, Redding DW, Chin KQ, Donnelly CA,
Blackburn TM, Newbold T, Jones KE. 2020 Zoonotic
host diversity increases in human-dominated
ecosystems. Nature 584, 398–402. (doi:10.1038/
s41586-020-2562-8)

10. Erickson W, Urban D. 2004 Potential risks of nine
rodenticides to birds and nontarget mammals: a
comparative approach. Washington, DC: United
States Environmental Protection Agency, Office of
Prevention, Pesticides, and Toxic Substances.

11. Firth C et al. 2014 Detection of zoonotic pathogens
and characterization of novel viruses carried by
commensal Rattus norvegicus in New York city.
MBio 5, e01933-14. (doi:10.1128/mBio.01933-14)

12. Strand TM, Lundkvist Å. 2019 Rat-borne diseases at
the horizon. A systematic review on infectious
agents carried by rats in Europe 1995–2016. Infect.
Ecol. Epidemiol. 9, 1553461. (doi:10.1080/20008686.
2018.1553461)

13. Puckett EE, Orton D, Munshi-South J. 2020
Commensal rats and humans: integrating rodent
phylogeography and zooarchaeology to highlight
connections between human societies. Bioessays 42,
1900160. (doi:10.1002/bies.201900160)

14. Puckett EE et al. 2016 Global population divergence
and admixture of the brown rat (Rattus norvegicus).
Proc. R. Soc. B 283, 20161762. (doi:10.1098/rspb.
2016.1762)

15. Himsworth CG, Parsons KL, Jardine C, Patrick DM.
2013 Rats, cities, people, and pathogens: a
systematic review and narrative synthesis
of literature regarding the ecology of rat-
associated zoonoses in urban centers. Vector
Borne Zoonotic Dis. 13, 349–359. (doi:10.1089/
vbz.2012.1195)

16. Costa F, Hagan JE, Calcagno J, Kane M, Torgerson P,
Martinez-Silveira MS, Stein C, Abela-Ridder B, Ko AI.
2015 Global morbidity and mortality of
leptospirosis: a systematic review. PLoS Negl. Trop.
Dis. 9, e0003898. (doi:10.1371/journal.pntd.
0003898)

17. Boey K, Shiokawa K, Rajeev S. 2019 Leptospira
infection in rats: a literature review of global
prevalence and distribution. PLoS Negl. Trop. Dis.
13, e0007499. (doi:10.1371/journal.pntd.0007499)

18. Murray MH et al. 2020 City sanitation and
socioeconomics predict rat zoonotic infection across
diverse neighbourhoods. Zoonoses Public Health 67,
673–683. (doi:10.1111/zph.12748)

19. Lee MJ, Byers KA, Donovan CM, Bidulka JJ, Stephen
C, Patrick DM, Himsworth CG. 2018 Effects of culling
on Leptospira interrogans carriage by rats. Emerg.
Infect. Dis. 24, 356–360. (doi:10.3201/eid2402.
171371)

20. Leibler JH, Zakhour CM, Gadhoke P, Gaeta JM. 2016
Zoonotic and vector-borne infections among urban
homeless and marginalized people in the United
States and Europe, 1990–2014. Vector Borne
Zoonotic Dis. 16, 435–444. (doi:10.1089/vbz.2015.
1863)

21. Jacob J, Buckle A. 2018 Use of anticoagulant
rodenticides in different applications around the
world. In Anticoagulant rodenticides and wildlife
(eds NW van den Brink, JE Elliott, RF Shore, BA
Rattner), pp. 11–43. Cham, Switzerland: Springer.

22. Himsworth CG et al. 2013 Ecology of Leptospira
interrogans in Norway rats (Rattus norvegicus) in an
inner-city neighborhood of Vancouver, Canada. PLoS
Negl. Trop. Dis. 7, e2270. (doi:10.1371/journal.pntd.
0002270)

23. Minter A, Himsworth CG, Byers KA, Childs JE, Ko AI,
Costa F. 2019 Tails of two cities: age and wounding
are associated with carriage of Leptospira
interrogans by Norway rats (Rattus norvegicus) in
ecologically distinct urban environments. Front. Ecol.
Evol. 7, 14. (doi:10.3389/fevo.2019.00014)

24. Desvars-Larrive A, Smith S, Munimanda G, Bourhy
P, Waigner T, Odom M, Gliga DS, Walzer C. 2020
Prevalence and risk factors of Leptospira infection in
urban brown rats (Rattus norvegicus), Vienna,
Austria. Urban Ecosyst. 23, 775–784. (doi:10.1007/
s11252-020-00957-9)

5

royalsocietypublishing.org/journal/rsbl
Biol.Lett.17:20210311

 D
ow

nl
oa

de
d 

fr
om

 h
ttp

s:
//r

oy
al

so
ci

et
yp

ub
lis

hi
ng

.o
rg

/ o
n 

06
 N

ov
em

be
r 

20
25

 

https://zenodo.org/badge/latestdoi/387547164
http://dx.doi.org/10.2193/2005-615
http://dx.doi.org/10.2193/2005-615
http://dx.doi.org/10.7589/2014-04-116
http://dx.doi.org/10.7589/2014-04-116
http://dx.doi.org/10.5070/v42811047
http://dx.doi.org/10.5070/v42811047
http://dx.doi.org/10.1016/j.scitotenv.2011.07.007
http://dx.doi.org/10.1111/mec.14531
http://dx.doi.org/10.1111/mec.14531
http://dx.doi.org/10.1080/10408410902989837
http://dx.doi.org/10.1080/10408410902989837
http://dx.doi.org/10.1089/vbz.2015.15.1.intro
http://dx.doi.org/10.1098/rspb.2012.2753
http://dx.doi.org/10.1098/rspb.2012.2753
http://dx.doi.org/10.1038/s41586-020-2562-8
http://dx.doi.org/10.1038/s41586-020-2562-8
http://dx.doi.org/10.1128/mBio.01933-14
http://dx.doi.org/10.1080/20008686.2018.1553461
http://dx.doi.org/10.1080/20008686.2018.1553461
http://dx.doi.org/10.1002/bies.201900160
http://dx.doi.org/10.1098/rspb.2016.1762
http://dx.doi.org/10.1098/rspb.2016.1762
http://dx.doi.org/10.1089/vbz.2012.1195
http://dx.doi.org/10.1089/vbz.2012.1195
http://dx.doi.org/10.1371/journal.pntd.0003898
http://dx.doi.org/10.1371/journal.pntd.0003898
http://dx.doi.org/10.1371/journal.pntd.0007499
http://dx.doi.org/10.1111/zph.12748
http://dx.doi.org/10.3201/eid2402.171371
http://dx.doi.org/10.3201/eid2402.171371
http://dx.doi.org/10.1089/vbz.2015.1863
http://dx.doi.org/10.1089/vbz.2015.1863
http://dx.doi.org/10.1371/journal.pntd.0002270
http://dx.doi.org/10.1371/journal.pntd.0002270
http://dx.doi.org/10.3389/fevo.2019.00014
http://dx.doi.org/10.1007/s11252-020-00957-9
http://dx.doi.org/10.1007/s11252-020-00957-9


25. Minter A, Diggle PJ, Costa F, Childs J, Ko AI, Begon
M. 2017 Evidence of multiple intraspecific
transmission routes for Leptospira acquisition in
Norway rats (Rattus norvegicus). Epidemiol. Infect.
145, 3438–3448. (doi:10.1017/
S0950268817002539)

26. Peig J, Green AJ. 2009 New perspectives for estimating
body condition from mass/length data: the scaled mass
index as an alternative method. Oikos 118, 1883–1891.
(doi:10.1111/j.1600-0706.2009.17643.x)

27. Brooks M, Kristensen K, van Benthem KJ,
Magnusson A, Berg C, Nielsen A, Skaug H, Maechler
M, Bolker B. 2017 glmmTMB balances speed and
flexibility among packages for zero-inflated
generalized linear mixed modeling. R J. 9,
378–400. (doi:10.32614/RJ-2017-066)

28. R Core Team. 2019 R: A language and environment
for statistical computing. Vienna, Austria: R
Foundation for Statistical Computing. See https://
www.R-project.org/.

29. Kataranovski M, Mirkov I, Zolotarevski L, Popov A,
Belij S, Stosic J, Kataranovski D. 2009 Basic indices
of spleen immune activity in natural populations of
Norway rats (Rattus norvegicus Berkenhout, 1769) in
Serbia. Arch. Biol. Sci. 61, 723–732. (doi:10.2298/
ABS0904723K)

30. Mikhail MW, Abdel-Hamid YM. 2007 Effect of
warfarin anticoagulant rodenticide on the blood cell
counts of Rattus norvegicus and Rattus rattus.
J. Egypt. Soc. Parasitol. 37, 853–861.

31. Serieys LEK et al. 2018 Urbanization and
anticoagulant poisons promote immune dysfunction
in bobcats. Proc. R. Soc. B 285, 20172533.
(doi:10.1098/rspb.2017.2533)

32. Tucunduva de Faria M, Athanazio DA, Gonçalves Ramos
EA, Silva EF, Reis MG, Ko AI. 2007 Morphological
alterations in the kidney of rats with natural and
experimental Leptospira infection. J. Comp. Pathol. 137,
231–238. (doi:10.1016/j.jcpa.2007.08.001)

33. Cordonin C, Turpin M, Bringart M, Bascands JL,
Flores O, Dellagi K, Mavingui P, Roche M, Tortosa P.
2020 Pathogenic Leptospira and their animal
reservoirs: testing host specificity through
experimental infection. Scient. Rep. 10, 7239.
(doi:10.1038/s41598-020-64172-4)

34. Agudelo-Flórez P, Murillo VE, Londoño AF, Rodas
JD. 2013 Histopathological kidney alterations
in rats naturally infected with Leptospira.
Biomedica 33, 82–88. (doi:10.7705/biomedica.
v33i0.686)

35. Vidal D, Alzaga V, Luque-Larena JJ, Mateo R, Arroyo
L, Viñuela J. 2009 Possible interaction between a
rodenticide treatment and a pathogen in common
vole (Microtus arvalis) during a population peak.
Sci. Total Environ. 408, 267–271. (doi:10.1016/j.
scitotenv.2009.10.001)

36. Byers K, Lee MJ, Patrick DM, Himsworth CG. 2019
Rats about town: a systematic review of rat
movement in urban ecosystems. Front. Ecol. Evol. 7,
13. (doi:10.3389/fevo.2019.00013)

37. Meerburg BG, van Gent-Pelzer MPE, Schoelitsz B,
van der Lee TAJ. 2014 Distribution of anticoagulant
rodenticide resistance in Rattus norvegicus in the
Netherlands according to Vkorc1 mutations. Pest
Manag. Sci. 70, 1761–1766. (doi:10.1002/ps.3809)

38. Runge M, Von Keyserlingk M, Braune S, Becker D,
Plenge-Bönig A, Freise JF, Pelz HJ, Esther A. 2013
Distribution of rodenticide resistance and zoonotic
pathogens in Norway rats in lower Saxony and
Hamburg, Germany. Pest Manag. Sci. 69, 403–408.
(doi:10.1002/ps.3369)

39. Haniza MZH, Adams S, Jones EP, MacNicoll A,
Mallon EB, Smith RH, Lambert MS. 2015 Large-scale
structure of brown rat (Rattus norvegicus)
populations in England: effects on rodenticide
resistance. PeerJ 2015, e1458. (doi:10.7717/peerj.
1458)

40. Schell CJ, Stanton LA, Young JK, Angeloni LM,
Lambert JE, Breck SW, Murray MH. 2020 The
evolutionary consequences of human–wildlife
conflict in cities. Evol. Appl. 14, 178–197. (doi:10.
1111/eva.13131)

41. Quinn N, Kenmuir S, Krueger L. 2019 A California
without rodenticides: challenges for commensal
rodent management in the future. Hum. Wildl.
Interact. 13, 212–225. (doi:10.5070/v42811007)

42. Murray MH, Sánchez CA. 2021 Data from: Urban rat
exposure to anticoagulant rodenticides and zoonotic
infection risk. Zenodo. (doi:10.5281/zenodo.
5115097)

6

royalsocietypublishing.org/journal/rsbl
Biol.Lett.17:20210311

 D
ow

nl
oa

de
d 

fr
om

 h
ttp

s:
//r

oy
al

so
ci

et
yp

ub
lis

hi
ng

.o
rg

/ o
n 

06
 N

ov
em

be
r 

20
25

 

http://dx.doi.org/10.1017/S0950268817002539
http://dx.doi.org/10.1017/S0950268817002539
http://dx.doi.org/10.1111/j.1600-0706.2009.17643.x
http://dx.doi.org/10.32614/RJ-2017-066
https://www.R-project.org/
https://www.R-project.org/
https://www.R-project.org/
http://dx.doi.org/10.2298/ABS0904723K
http://dx.doi.org/10.2298/ABS0904723K
http://dx.doi.org/10.1098/rspb.2017.2533
http://dx.doi.org/10.1016/j.jcpa.2007.08.001
http://dx.doi.org/10.1038/s41598-020-64172-4
http://dx.doi.org/10.7705/biomedica.v33i0.686
http://dx.doi.org/10.7705/biomedica.v33i0.686
http://dx.doi.org/10.1016/j.scitotenv.2009.10.001
http://dx.doi.org/10.1016/j.scitotenv.2009.10.001
http://dx.doi.org/10.3389/fevo.2019.00013
http://dx.doi.org/10.1002/ps.3809
http://dx.doi.org/10.1002/ps.3369
http://dx.doi.org/10.7717/peerj.1458
http://dx.doi.org/10.7717/peerj.1458
http://dx.doi.org/10.1111/eva.13131
http://dx.doi.org/10.1111/eva.13131
http://dx.doi.org/10.5070/v42811007
http://dx.doi.org/10.5281/zenodo.5115097
http://dx.doi.org/10.5281/zenodo.5115097


                                 VOL. 5, NO. 6, NOVEMBER 2010                                                                                                           ISSN 1990-6145 

ARPN Journal of Agricultural and Biological Science 
 

©2006-2010 Asian Research Publishing Network (ARPN). All rights reserved. 

 
www.arpnjournals.com 

 

 

GROWTH PERFORMANCE OF NESTLING BARN OWLS, 
Tyto Alba javanica IN RAT BAITING AREA IN MALAYSIA 

 
Mohd. Naim1, Hafidzi Mohd Noor1, Azhar Kasim2 and Jalila Abu3

1Department of Plant Protection, Faculty of Agriculture, University Putra Malaysia, Serdang, Selangor, Malaysia 
2Department of Animal Science, Faculty of Agriculture, University Putra Malaysia 

3Department of Veterinary Clinical Studies, Faculty of Veterinary Medicine, University Putra Malaysia 
E-Mail: hafidzi@agri.upm.edu.my 

 
ABSTRACT 

The growth of nestling barn owls, Tyto Alba javanica in immature oil palm in Malaysia was investigated under rat 
baiting with three different rodenticides. Four treatment plots were established with three plots baited each with warfarin, 
brodifacoum and a protozoan based biorodenticide, Sarcocystis singaporensis plus a fourth non-baited control plot. Three 
rat baiting campaign were carried out during the study, the first rat baiting campaign was conducted in October 2008, the 
second was in March 2009 (except for biorodenticide baiting was conducted a month earlier), and the last third baiting 
campaign in October 2009. The baiting campaigns coincided with the breeding season of barn owl. Nestlings body 
measurements namely: body mass, culmen length, tarsus length, wing length and tail length were taken after the third 
baiting campaign, from September 2009 to January 2010. Measurements were recorded every three days from hatching up 
until 49 days old, i.e., several days before fledging. Nestlings in control plot showed superior for all parameter taken 
compared to rodenticides treated plots. Body mass of nestlings in control plot were heavier by 8.17%, 13.04%, and 6.88% 
compared to warfarin, brodifacoum and biorodenticide treated plots respectively. The culmen and tarsus length of nestling 
barn owls reached the adult size during the growth period; while culmen length in control plot was longer by 3.07%, 
5.28%, and 1.41% compared to warfarin, brodifacoum and biorodenticide treated plots respectively. The tarsus length of 
nestlings in control plot was also longer by 2.40%, 3.08% and 3.36% compared to warfarin, brodifacoum and 
biorodenticide treated plots respectively. In contrast with culmen and tarsus length, wing and tail length still grew until day 
49 i.e., several days before fledging. The wing and tail length in control plot was shorter by 15.77% and 13.73% compared 
to adult size. Teratogenic sign was shown by one nestling in brodifacoum treated plot, where its primary feathers were 
malformed rendering it flightless besides tail length that were very short if compared to nestlings in control plot. Wing and 
tail length in brodifacoum treated plot was shorter by 15.26% and 18.24%, respectively compared to control plot.  
 
Keywords: Tyto Alba javanica, growth performance, nestling, warfarin, brodifacoum, Sarcocystis singaporensi, teratogenic sign. 
 
INTRODUCTION 

The barn owl, Tyto Alba is widely distributed 
around the world, occurring in all continents in a wide 
range of habitats, except Antarctica and the smaller Pacific 
Islands (Smith and Cole, 1989). There are 36 subspecies 
including T. Alba javanica, found in Peninsular Malaysia 
and also in Sumatra and Java Islands of Indonesia (Taylor, 
1994). Due to its wide distribution, the barn owl has been 
extensively studied (Bunn et al., 1982; Newton et al., 
1991; Eason et al., 2002). In Malaysia, T. Alba javanica is 
commonly propagated to control rats in plantation 
(Lenton, 1984; Smal, 1989; Hafidzi et al., 1999). Since 
1970’s, its distribution had rapidly expanded and the status 
changed from rare in the late 1960s to common (Duckett, 
1984; Duckett and Karrupiah, 1990). The increase of T. 
Alba javanica population in the Peninsular Malaysia was 
associated with the phenomenal increase in oil palm 
acreage. This brought about rat outbreaks which translate 
into readily available food source. Previously, when rat 
damage reaches threshold levels planters usually resort to 
warfarin, the first generation anticoagulant rodenticide to 
deal with the infestation (Duckett, 1984). However 
prolonged exposure to warfarin, triggers resistance to the 
latter, prompting more planters to switch to brodifacoum, 
a second generation anticoagulant rodenticide introduced 
in the early 1980s. The use of brodifacoum has caused 

marked decline in rat populations in oil palm (Duckett, 
1984; Wood and Fee, 2003). The downside of bodifacoum 
is it was proven toxic to T. Alba from field observations 
and laboratory studies. The potential hazard of using 
brodifacoum is not only due to its high potency of the 
active ingredient, but also the risk to barn owl as non-
target animal by direct consumption or secondary 
poisoning from build-up of rodenticide residues (Newton 
et al., 1990; Shore et al., 1999; Dowding et al., 2010). 
Based on that fact, several workers try to find safer 
rodenticide to replace brodifacoum with an equally 
effective but have less impact on non target organism. One 
such alternative is the biorodenticide based on Sarcocystis 
singaporensis, a protozoan pathogen that has been proven 
effective against rat in the rice field but does not causes 
harm to humans other animals, such as fish, other 
mammals and birds apart form rats of the genus Bandicota 
and Rattus (Jakel et al., 1996; Jakel et al., 2006). Although 
there have been many studies on the effects of chemical 
rodenticides on adult barn owl, very little information exist 
about the effects of chemical rodenticides on growth and 
development of nestlings. Therefore the objective of this 
study is to evaluate the effects of regular rat baiting on the 
growth performance of the nestlings barn owl, T. Alba 
javanica in an immature oil palm area in Malaysia. 
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MATERIALS AND METHODS 
 
Location and period of study 

The study was conducted in immature oil palm at 
FELCRA oil palm plantation scheme in Seberang Perak 
(4002´N, 100053´E), Perak, Malaysia from September 
2008 to January 2010. The study sites constitute part of the 
replanting area started in mid 2007. 
 
Rat baiting and treatment 

Twenty two artificial nest boxes, made of wood, 
were set up in April to June 2008 in the immature palm by 
Felcra management. Four treatment plots were established. 
The area for each plot is no less than 100 ha. Three plots 
were baited with warfarin, brodifacoum and the 
biorodenticide Sarcocystis singaporensis, respectively. 
The fourth was left untreated and served as the 
rodenticide-free control plot. The average nest box density 
was 1 box for 25 ± 3.83 ha. The first baiting campaign for 
all three rodenticides was carried out on 20-25th October 
2008. The second baiting campaign for warfarin and 
brodifacoum on 10-12th March 2009, while second baiting 
campaign for biorodenticide was carried out on 25-27th 
January 2009. Third baiting campaign was carried out on 
28 September to 3rd October 2009 for all three 
rodenticides. The baits were placed at the base of the palm 
tree. In the first campaign, a single round of baiting was 
carried out while two baiting rounds were conducted in the 
second and the third baiting campaign. 
 
Data collection 

48 nestlings were selected for this study: 14 from 
control plot, 12 from warfarin treated plot, 9 from 
brodifacoum treated plot and 13 from biorodenticide 
treated plot. They were weighed at three day interval for 
up to 49 days i.e., several days before fledging. The day of 
hatching was designated as day zero (Janiga, 1992) for 
monitoring growth rate. Hatched siblings were 
individually marked using different colored ribbons tied to 
the leg for age determination during later stages of growth. 
All observations were carried out in the nests from 5 to 7 
p.m during the breeding season, i.e., from September 2009 
to January 2009.  
 
Nestling growth metrics 

For nestling growth metrics, five measurements 
were taken, namely: body mass, culmen length, tarsus 
length, wing length and tail length. Body mass was 
measured using Apex A-5001, a portable digital weighing 
scale (accurate to 1 g); culmen length was measured using 
Mitutoyo Caliper, from the tip of the upper mandible to 
the base of the culmen, to the nearest 1 mm. Tarsus length 
was measured from the top of the tarsus (just below the 
tibio-tarsal joint) to the joint at the base of the middle toe, 
to the nearest 1 mm. Tail length was measured from the 
fold of skin between the central tail-feathers and the tip of 
the longest tail-feathers, to the nearest 1 cm. Wing length 

was measured from the bend of the folded wing to the tip 
of  the longest primaries (Weick, 1980; Janiga, 1992). 
 
Statistical analysis 

Data of similar-aged nestlings from all the nest 
boxes were pooled to calculate the mean for different 
growth and to analyze the pattern of growth changes in the 
measured variables using Kruskal-Wallis test. Means are 
presented in ± SE. For hypothesis testing P < 0.05 was 
considered significant.  

For the growth in nestlings, logistic growth curve 
was used (Starck and Ricklefs, 1998), by the given 
equation:  
 

W = A/(1 + exp( - K( t – ti)))  
 

Where W = the growth variable, A = asymptote, K = the 
growth rate constant, t = age of nestling, and ti = the 
inflection point of the growth curve. The logistic growth 
equations were fitted to the data using the nonlinear 
regression procedure of the SAS package version 9.1. 
 
RESULTS 
 
The body mass 

Of the 48 nestling barn owls measured, only 32 
were successfully measured up to day 49 while the rest 
died. Of the 32 nestlings, 12 were from the untreated 
control plot, eight from the warfarin treated plot, two from 
the brodifacoum treated plot and ten from the 
biorodenticide treated plot. Since only two nestlings in the 
brodifacoum treated plot survived during the 
measurements, the growth comparisons were made based 
on the age of these nestling with other nestlings in the 
other treatment plots. 

From 226 measurements for nestlings from 
hatching up to fledging in the untreated control control 
plot  (n = 12),  153 measurements in the warfarin treated 
plot (n = 8), 67 measurements in the brodifacoum treated 
plot (n = 2) and 174 measurements in the biorodenticide 
treated plot (n = 10), nestlings grew from 18.00 ± 0.37 g (n 
=6 ), 18.20 ± 0.58 (n = 5), 18.25 ± 0.49 (n = 4), 18.20 ± 
0.37 (n = 5) at hatching, to a peak mass of 631.60 ± 12.96 
g (day 46, n = 5), 597.30 ± 5.24 g (day 45, n = 3), 565.00 
± 16.05 g (day 43, n = 2) and 604.67 ± 16.00 g (day 45, n 
= 4) in control, warfarin, brodifacoum and biorodenticide 
treated plots, respectively (Table-1). Nestlings in control 
plot have a heavier body mass compared to the average 
adult body mass by 4.16% (545.90 ± 9.04, n = 10), and 
lighter by 3.71%, 7.86%, 2.55% for nestlings from 
warfarin, brodifacoum and biorodenticide treated plots 
respectively compared to adult body mass. Nestlings in 
control plot were heavier in body mass by 8.17%, 13.04%, 
and 6.88% compared to warfarin, brodifacoum and 
biorodenticide treated plots respectively. Kruskal-Wallis 
test showed that there was no significant difference for 
body mass of nestlings in all treatments irrespective of 
days from day 1 to day 49 for the nestlings. 

 
 

   2 



                                 VOL. 5, NO. 6, NOVEMBER 2010                                                                                                           ISSN 1990-6145 

ARPN Journal of Agricultural and Biological Science 
 

©2006-2010 Asian Research Publishing Network (ARPN). All rights reserved. 

 
www.arpnjournals.com 

 

 

Table-1. Body mass (mean ± SE) of nestling barn owls in rodenticide treated areas. 
 

Body mass (g)            Age 
(days) Control Warfarin Brodifacoum Biorodenticide 

1 18.00 ±   0.37 ns 18.20 ±   0.58 8.25 ±   0.48 18.20 ±   0.37 
7 73.67 ±   4.58 ns 84.00 ±   2.94 9.00 ±   3.52 81.00 ±   1.15 

14 223.67 ± 11.99 ns 216.00 ± 13.50 218.33 ±   7.62 215.00 ± 11.53 
22 379.80 ± 10.26 ns 359.33 ± 16.72 355.50 ± 21.56 364.75 ± 15.46 
28 449.40 ± 10.16 ns 436.00 ±   9.30 428.50 ± 20.56 434.75 ± 15.17 
34 546.80 ± 13.46 ns 536.67 ±   8.38 525.50 ± 24.57 546.00 ± 14.71 
43 615.00 ±   7.75 ns 588.00 ± 16.04 565.00 ± 16.03 590.50 ± 10.60 
49 568.60 ± 15.58 ns 525.67 ± 18.24 503.00 ± 13.03 532.00 ± 15.35 

 
Generally, absolute rates of growth varied 

throughout the nestling period (Figure-1) and the most 
rapid rates occurred between days 10 - 35. Although the 
growth constant did not vary and ranging from 0.146 to 
0.150 g per day, but the asymptote calculated using SAS 
Version 9.1 indicates the highest asymptote was found in 
nestlings from the control plot, followed by the 

biorodenticide, warfarin, and brodifacoum treated plots, 
respectively. The highest increase in body mass differ 
from one treatment to another, whereby the control plot 
was recorded on day 19.20 ± 0.26, in warfarin day 18.87 ± 
0.31, in brodifacoum on day 17.99 ± 0.40, in 
biorodenticide on day 18.75 ± 0 (Table-2/ Figure-1).

 
Table-2. Body mass (mean ± SE) obtained from logistic growth equations for 

nestling barn owls in rodenticide treated areas. 
 

Treatment A (g) K (day-1) ti (days) 
A 613.5 ± 5.98 0.150 ± 0.004 19.20 ± 0.26 
B 585.8 ± 6.62 0.146 ± 0.005 18.87 ± 0.31 
C 554.9 ± 8.72 0.145 ± 0.006     17.99 ± 0.40 
D 586.1 ± 6.60 0.147 ± 0.005     18.75 ± 0.30 

 

Remarks: A is the asymptote, K is the growth constant, and ti is the inflection point 
 
The culmen length 

The culmen length of nestling barn owls grew 
from 7.50 ± 0.10 mm ( n = 6), 7.60 ± 0.10 mm ( n = 5), 
7.50 ± 0.13 mm ( n = 4), 7.60 ± 0.10 mm ( n = 5) in 
control warfarin, brodifacoum, and biorodenticide treated 
plots respectively at hatching to 22.70 ± 0.20 mm ( n = 65, 
22.00 ± 0.17 mm ( n = 3), 21.50 ± 1.00 mm ( n = 2) and 
22.38 ± 0.37 mm ( n = 4) for corresponding treatment 
plots at day 49. The culmen grew full length to reach the 
adult size (22.80 ± 0.17, n = 10) during the growth period 
when measurement were taken at day 49. Culmen length 
in the control plot was longer by 3.18%, 5.58%, and 
1.43% compared to warfarin, brodifacoum and 
biorodenticide treated plots respectively. Kruskal-Wallis 
test showed there was no significant difference for culmen 
length of nestlings in all treatments irrrespective of days, 
from day 1 to day 49 for the nestlings. 

Patterns in growth of culmen were similar to that 
of body mass that exhibits a sigmoidal curve, where the 
culment grew slowly in the first 10 days and then rapidly 
to day 35, slowing down again to day 49. The asymptote 
of culmen length tend to be similar for nestlings in all 
treatments ranging from 22.926 ± 0.23 mm, 22.160 ± 0.20 
mm, 22.040 ± 0.37 mm and 22.878 ± 0.23 mm for control, 
warfarin, brodifacoum and biorodenticide treated plots, 
respectively. The growth constant ranging from 0.110 ± 
0.004 mm, 0.105 ± 0.004 mm, 0.102 ± 0.005 mm and 
0.112 ± 0.005 mm per day in control, warfarin, 
brodifacoum and biorodenticide treated plots, respectively. 
The highest increase in culmen length was also quite 
similar from one treatment to another, ranging from day 
10.768 ± 0.31, day 10.171 ± 0.28, day 10.125 ± 0.46, and 
day 10.500 ± 0.39 in nestlings from control, warfarin, 
brodifacoum and biorodenticide treated plots, respectively 
(Table-4/ Figure-2).  
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Figure-1. Logistic growth curve of the changes in body weight of nestling barn owls under rat baiting campaign in 
oil palm area in Malaysia. 

 
Table 3. Culmen length (mean ± SE) of nestling barn-owls in rodenticide treated areas. 

 

Culmen length (mm) Age 
(days) Control Warfarin Brodifacoum Biorodenticide 

1 7.50 ± 0.10 ns 7.60 ± 0.10 7.50 ± 0.13 7.60 ± 0.10 
7 8.92 ± 0.15 ns 9.00 ± 0.16 9.00 ± 0.15 9.00 ± 0.18 

14 13.00 ± 0.29 ns 12.83 ± 0.17 12.67 ± 0.17 13.17 ± 0.17 
22 18.30 ± 0.20 ns 18.00 ± 0.29 18.00 ± 0.50 18.38 ± 0.23 
28 20.60 ± 0.30 ns 19.33 ± 0.33 19.50 ± 0.50 20.75 ± 0.14 
34 21.00 ± 0.45 ns 20.33 ± 0.17 20.25 ± 0.25 21.25 ± 0.25 
43 21.90 ± 0.10 ns 21.33 ± 0.17 20.75 ± 0.75 22.00 ± 0.20 
49 22.70 ± 0.20 ns 22.00 ± 0.17 21.50 ± 1.00 22.38 ± 0.37 

 
Table-4. Culmen length (mean ± SE) obtained from logistic growth equations 

for nestling barn owls in rodenticide treated areas 
 

Treatment A (g) K (day-1) ti (days) 
A 22.926 ± 0.23 0.110 ± 0.004 10.768 ± 0.31 
B 22.160 ± 0.20 0.105 ± 0.004 10.171 ± 0.28 
C 22.040 ± 0.37 0.102 ± 0.005 10.125 ± 0.46 
D 22.878 ± 0.23 0.112 ± 0.005 10.500 ± 0.39 

 

Remarks: A is the asymptote, K is the growth constant, and ti is the inflection point 
 

   4 



                                 VOL. 5, NO. 6, NOVEMBER 2010                                                                                                           ISSN 1990-6145 

ARPN Journal of Agricultural and Biological Science 
 

©2006-2010 Asian Research Publishing Network (ARPN). All rights reserved. 

 
www.arpnjournals.com 

 

 

0

5

10

15

20

25

0 5 10 15 20 25 30 35 40 45 50

age (days)

c
u

lm
e
n

 i
n

 c
o

n
tr

o
l 

(m
m

)

culmen = 22.9265/(1+exp(-0.1103 (t-10.768)))

  

0

5

10

15

20

25

0 5 10 15 20 25 30 35 40 45 50

age (day)

c
u

lm
e

n
 w

a
rf

a
ri

n
 (

m
m

)

Culmen = 22.16/(1+exp(-0.105(t-10.171)))

 
 

0

5

10

15

20

25

0 5 10 15 20 25 30 35 40 45 50

age (days)

c
u

lm
e

n
 i

n
 b

ro
d

if
a

c
o

u
m

 (
m

m
)

Culmen = 22.039/(1+exp(-0.102(t-10.125)))

0

5

10

15

20

25

0 5 10 15 20 25 30 35 40 45 50
age (days)

c
u

lm
e

n
 i

n
 b

io
ro

d
e

n
ti

c
id

e
 (

m
m

)

Culmen = 22.878/(1+exp(-0.112(t-10.500)))

 
 

Figure-2. Logistic growth curve of the changes in culmen length of nestling barn owls under rat baiting 
campaign in oil palm area in Malaysia. 

 
The tarsus length  

The tarsus length of nestlings grew from 16.33 ± 
0.33 mm (n = 6), 16.70 ± 0.30 mm (n = 5), 16.00 ± 0.41 
mm (n = 4), 16.20 ± 0.37 mm (n = 5) in control, warfarin, 
brodifacoum, and biorodenticide treated plots, respectively 
at hatching to 86.40 ± 0.81 mm (n = 5), 84.33 ± 1.20 mm 
(n = 3), 83.75 ± 1.00 mm (n = 2) and 83.50 ± 1.32 mm (n 
= 4) for the corresponding treatment plots in day 49 
(Table-5). Same like culmen, tarsus length of chicks grew 

and reached adult size (86.45 ± 0.20, n= 10) during the 
growth period. Tarsus length in the control plot was longer 
by 2.45%, 3.16% and 3.47% compared to warfarin, 
brodifacoum and biorodenticide treated plots, respectively. 
The tarsus length in control plot was longer than 
rodenticides treated plot. However, there was no 
significant different irrespective of days when tested with 
Kruskal-Wallis analysis of variance. 

 
Table-5. Tarsus length (mean ± SE) of nestling barn-owls in rodenticide treated areas. 

 

Tarsus length (mm) Age 
(days) Control Warfarin Brodifacoum Biorodenticide 

1 16.33 ± 0.33 ns 16.70 ± 0.30 16.00 ± 0.41 16.20 ± 0.37 
7 23.00 ± 0.37 ns 22.60 ± 0.24 22.33 ± 0.67 22.50 ± 0.31 

14 46.00 ± 2.08 ns 46.33 ± 0.88 45.33 ± 1.45 44.33 ± 1.45 
22 67.00 ± 1.58 ns 67.67 ± 0.33 69.00 ± 1.00 69.00 ± 0.91 
28 78.40 ± 1.21 ns 78.00 ± 0.58 78.00 ± 3.01 77.50 ± 1.19 
34 83.00 ± 1.22 ns 81.67 ± 1.20 80.00 ± 2.51 80.25 ± 0.85 
43 85.40 ± 1.21 ns 83.00 ± 1.00 83.00 ± 2.00 82.50 ± 1.04 
49 86.40 ± 0.81 ns 84.33 ± 1.20 83.75 ± 2.76 83.50 ± 1.32 

 
The tarsus length grew slowly in the first seven 

days and then rapidly to day 30, slowing down again to 
day 50. The tarsus length reached asymptote around 30 to 
35 days after nestling hatched, ranging from 86.93 ± 0.43 
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mm, 84.44 ± 0.45 mm, 84.39 ± 1.03 mm and 83.66 ± 0.52 
mm for control warfarin, brodifacoum and biorodenticide 
treated plots, respectively. The growth constant ranging 
from 0.14 ± 0.0043 mm, 0.15 ± 0.003 mm, 0.15 ± 0.006 
mm and 0.15 ± 0.004 mm in control, warfarin, 
brodifacoum and biorodenticide treated plots, respectively. 

The highest increase in tarsus length differs from day 
13.34 ± 0.15, day 12.86 ± 0.16, day 13.03 ± 0.30, and day 
12.90 ± 0.18 in control, warfarin, brodifacoum and 
biorodenticide treated plots, respectively (Table-6/ Figure-
3). 
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Figure-3. Logistic growth curve of the changes in tarsus length of nestling barn owls under rat baiting 
campaign in oil palm area in Malaysia 

 
Table-6. Tarsus length (mean ± SE) obtained from logistic growth equations 

for nestling barn owls in rodenticide treated areas 
 

Treatment A (g) K (day-1) ti (days) 
A 86.93 ± 0.43 0.14 ± 0.003 13.34 ± 0.15 
B 84.44 ± 0.45 0.15 ± 0.003 12.86 ± 0.16 
C 84.39 ± 1.03 0.15 ± 0.006 13.03 ± 0.30 
D 83.66 ± 0.52 0.15 ± 0.004 12.90 ± 0.18 

 

Remarks: A is the asymptote, K is the growth constant, and ti is the inflection point 
 
The wing length 

The wing length of nestlings grew from 1.48 ± 
0.03 cm ( n = 6), 1.50 ± 0.04 cm ( n = 5), 1.50 ± 0.04 cm ( 
n = 4), 1.44 ± 0.05 cm ( n = 5) in control, warfarin, 
brodifacoum, and biorodenticide treated plots, respectively 
at hatching to 26.02 ± 0.21 cm ( n = 5), 25.93 ± 0.20 cm ( 
n = 3), 22.05 ± 0.36 cm ( n = 2) and 26.07 ± 0.23 cm ( n = 
4) for the corresponding treatment plots at day 49 (Table-

7). Unlike tarsus and culmen that reached the adult size 
during the growth period, wing length still grew up to day 
49, several days before fledging, and wing length was 
shorter by 15.77%, 16.06%, 28.62%, and 15.60% in 
control, warfarin, brodifacoum and biorodenticide treated 
plots, respectively compared to adult size (30.89 ± 0.14, 
n=10). Wing length in brodifacoum treated plot was 
shorter by 15.26% compared to control plot. 
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Table-7. Wing length (mean ± SE) of nestling barn-owls in rodenticide treated areas. 
 

Wing Length (cm) Age 
(days) Control Warfarin Brodifacoum Biorodenticide 

1 1.48 ± 0.03 ns 1.50 ±  0.05 1.50 ±  0.04 1.44 ±  0.05 
7 3.30 ± 0.04 ns 3.24 ±  0.05 3.27 ±  0.03 3.20 ±  0.02 

14 6.80 ± 0.12 ns 6.90 ±  0.03 6.90 ±  0.21 6.90 ±  0.17 
22 14.96 ± 0.14 ns 14.87 ±  0.17 14.60 ±  1.20 14.80 ±  0.26 
28 20.94 ± 0.26 ns 21.07 ±  0.18 19.30 ±  2.91 20.83 ±  0.17 
34 24.08 ± 0.19 ns 23.77 ±  0.09 20.75 ±  3.97 23.97 ±  0.17 
43 25.56 ± 0.19 ns 25.07 ±  0.17 21.55 ±  4.16 25.53 ±  0.15 
49 26.02 ± 0.21 ns 25.93 ±  0.20 22.05 ±  4.36 26.07 ±  0.23 

 
The asymptote reached by the wing length were 

26.28 ± 0.11 cm, 25.86 ± 0.13 cm, 22.15 ± 0.23 cm and 
26.24 ± 0.10 cm in control, warfarin, brodifacoum and 
biorodenticide treated plots, respectively. For the growth 
constant, ranging from 0.167 ± 0.003 cm, 0.169 ± 0.003 
cm, 0.174 ± 0.005 cm and 0.165 ± 0.002 cm per day in 
control, warfarin, brodifacoum and biorodenticide treated 
plots, respectively. The highest increase in wing length 
was differ from one treatment to another, ranging from 

day 20.18 ± 0.11, day 19.99 ± 0.13, day 18.41 ± 0.24, and 
day 20.12 ± 0.10 in control, warfarin, brodifacoum and 
biorodenticide treated plots, respectively. 

Teratogenic signs showed by a nestling in 
brodifacoum treated plot, where up to 49 days old it had 
malformed primary feathers rendering it flightless (Figures 
4 and 5). No nestlings in control, warfarin and 
biorodenticide treated plots shown teratogenic sign as 
showed by nestling in brodifacoum treated plot. 

 

                                        

Primary feathers

 

Figure-4. Normal nestling. 
 

                                                       
 

Figure-5. Teratogenic sign showed by nestling in brodifacoum treated plot that has no primary feathers. 
 
The tail length 

The tail length of nestlings grew from 0.00 ± 0.00 
cm in all treatment at hatching to 11.62 ± 0.17 cm (n = 5), 
11.47 ± 0.15 cm (n = 3), 9.50 ± 1.00 cm (n = 2) and 11.85 
± 0.21 cm (n = 4) for control, warfarin, brodifacoum and 
biorodenticide treated plots at day 49 (Table-9). Same like 
wing length, the tail length still grew up to day 49. Tail 

length was shorter 13.73%, 14.85%, 29.47%, 13.88% in 
control, warfarin, brodifacoum and biorodenticide treated 
plots, respectively compared to adult size (13.47 ± 0.14, n 
= 10). The tail length of nestlings in brodifacoum treated 
plot also shorter by 18.24% compared to nestling in 
control plot.  
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Table-8. Wing length (mean ± SE) ob ined from logistta ic growth equations 

 

Treatment ti (days) 

for nestling barn owls in rodenticide treated areas 

A (g) K (day-1) 
A 26. 11 0. 3 2  28 ± 0. 167 ± 0.00 0.18 ± 0.11
B 25.86 ± 0.13 0.165 ± 0.003 19.99 ± 0.13 
C 22.15 ± 0.23 0.174 ± 0.005 18.41 ± 0.24 
D 26.24 ± 0.10 0.165 ± 0.002 20.12 ± 0.10 

 

Remarks:  is the asym growth con  ti is th int 
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Figure-6. Logistic growth curve of the changes in wing length of nestling barn owls under rat baiting 

 
Table-9. Tail length (mean ± SE) of nestling barn-owls in rodenticide treated areas. 

campaign in oil palm area in Malaysia 

 

Tail length (cm) Age 
(  Control Warfa acoum Biorodenticide days) rin Brodif

1 0.0  0 ± 0.00 ns 0.00 ±  0.00 0.00 ±  0.00 0.00 ±  0.00 
7 0.35 ± 0.02 ns 0.46 ±  0.05 0.37 ±  0.05 0.43 ±  0.02 

14 1.23 ± 0.09 ns 1.23 ±  0.03 1.27 ±  0.03 1.30 ±  0.06 
22 4.78 ± 0.07 ns 4.83 ±  0.08 4.80 ±  0.10 4.80 ±  0.16 
28 7.44 ± 0.10 ns 7.03 ±  0.14 7.50 ±  0.10 7.25 ±  0.09 
34 9.68 ± 0.12 ns 9.37 ±  0.18 8.85 ±  0.65 9.43 ±  0.20 
43 10.94 ± 0.12 ns 10.87 ±  0.15 9.20 ±  0.80 10.87 ±  0.13 
49 11.62 ± 0.17 ns 11.47 ±  0.15 9.50 ±  1.00 11.60 ±  0.17 
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The nestling’s tail length reached asymptote 
between 40 - 45 days with the constant growth rate 
ranging from 0.19 ± 0.004 g per day, 0.17 ± 0.004 g per 
day, 0.24 ± 0.005 g per day and 0.17 ± 0.004 g per day for 
control, warfarin, brodifacoum and biorodenticide treated 
plots, respectively. The highest increase in tail length 

differs from one treatment to another, ranging from day 
24.15 ± 0.16, day 25.03 ± 0.19, day 21.82 ± 0.12, and day 
24.61 ± 0.16 in control, warfarin, brodifacoum and 
biorodenticide treated plots, respectively (Table-10/ 
Figure-5). 
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Figure-7. Logistic growth curve of the changes in tail length of nestling barn owls under rat baiting 
campaign in oil palm area in Malaysia. 

 
Table-10. Tail length (mean ± SE) obtained from logistic growth equations 

for nestling barn owls in rodenticide treated areas 
 

Treatment A (g) K (day-1) ti (days) 
A 11.28 ± 0.08 0.19 ± 0.004 24.15 ± 0.16 
B 11.46 ± 0.10 0.17 ± 0.004 25.03 ± 0.19 
C 9.35 ± 0.09 0.17 ± 0.004 24.61 ± 0.16 
D 11.74 ± 0.05 0.24 ± 0.005 21.82 ± 0.12 

 

Remarks: A is the asymptote, K is the growth constant, and ti is the inflection point 
 
DISCUSSIONS 

Growth in bird nestlings has been frequently 
described using weight versus age curves. Growth in birds 
generally follows a sigmoidal curve, where a small initial 
increase is followed by a period of relatively rapid growth 
before leveling off. Information of most interest is the 
form of the growth curve, its final magnitude or 
asymptote, and the rate at which it traversed (O’Connor, 
1984). It has long been known that proportional 
differences must exist among growing anatomical parts as 

a result of genetic, physiological or environmental 
variation (Starck and Ricklefs, 1998). The constant growth 
rate in body mass of nestling of barn owls, T. alba 
javanica in untreated control plot was similar as 
previously reported by Lenton (1984) i.e., K = 0.150-0.162 
, and with African subspecies T. alba affinis (K = 0.151) 
(Wilson et al, 1987), but higher than Indian barn owl, T. 
alba stertens  (K = 0.132) (Nagarajan et al., 2002). In 
rodenticides treated plot, body mass of nestlings is lower 
than in control plot. This was probably due the stable 
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number of rat prey in control plot where the adult barn owl 
can deliver enough food to females and nestlings 
regularly, in contrast to rodenticide treated plots where rat 
population experience a crash due to baiting campaign. A 
study done by Wood (1984) and Liau (1990) found that in 
unbaited area, the rat population varied between 200 and 
600 per ha, with slow fluctuations. However, rat 
population drop to less than 150 per ha after baiting, and 
only established six month after control (Wood and Fee, 
2003). 

The body mass of nestlings in rodenticide treated 
plots especially brodifacoum reached a lower asymptote 
than control plot. Although some nestlings survived to 
fledging age, others were found dead in the nest box. This 
is because in rodenticide treated plots the rat populations 
were not as abundant as in the control plot and encourage 
the males to travel farther and take a longer time to bring 
rat prey to the nestling. When food is limited the older 
nestling will out compete the younger siblings for food 
depriving the latter of food bringing down the average 
body mass. A study by Durant and Handrich (1998) 
showed that nestlings have the same body mass when food 
given is reduced by 17% when compared to nestlings fed 
enough and show the same pattern for linear growth and 
fledging. However, when food is reduced to more than 
30% than usual, the nestlings showed lower fat 
accumulation when compared to normal fed nestlings 
(Lacombe et al., 1994). 

The culmen and tarsus length in control plot grew 
rapidly in the first 3 weeks and reached the adult size in 
the growth period, quite similar to that reported by Wilson 
et al (1987) and Nagarajan et al. (2002) where they 
reported higher growth rates for these bodily parts for 
young nestlings in Central Mali and India and can reach 
adult size before fledging. The rapid growth of culmen 
was also reported in the spotted owl (Athene brama 
brama) (Kumar, 1983). Faster growth of these body parts 
may be a direct reflection of the use of these organs during 
the nesting period and immediately after fledging 
(Holcomb and Twiest, 1968). Rapid leg growth rates as 
evidenced by tarsus and talon growth rate are another 
feature of growth in nestling barn owls. Rapid growth of 
the legs considered by Nagarajan et al. (2002) as a 
selective advantage in competition within broods and also 
important in post fledging foraging activities, such as 
collection and handling of food items. In contrast to 
culmen and tarsus, wing and tail length was shorter than 
adult size until fledging. Wilson et al. (1987) and 
Nagarajan et al. (2002) reported that tail and wing will 
continue to grow after fledging. The tail and wing would 
still increase in length after the bird had left the nest and 
the full ability of young barn owls to catch their own prey 
would not be achieved until some time had elapsed after 
leaving the nest (Wilson et al., 1987). 

Besides receiving less food than the nestlings in 
the control plot, nestlings in rodenticide treated plots also 
face the risk of secondary poisoning by rodenticide 
residues. If the parents bring home rats that had consumed 
baits, the young would be exposed to the ingested 

rodenticide especially brodifacoum, risking them to 
secondary poisoning. Brodifacoum acts by inhibiting the 
normal synthesis of vitamin K in the liver (Hadler and 
Shadbolt, 1975), resulting in an increase in blood clotting 
time to the point where haemorrhaging occurs (Eason et 
al., 2002). A study showed that the potential hazard of 
using brodifacoum is not only due to its high potency of 
the active ingredient, but also the risk to non-target animal 
either by direct consumption or from build-up of 
rodenticide residues from indirect consumption of baits 
(Shore et al., 1999; Dowding et al., 2010). Mendenhall 
and Pank (1980) reported that five of six T. Alba fed with 
rats poisoned with brodifacoum died. If the larger adults 
succumb from rodenticide poisoning the risk to the 
nestlings would be definitely greater. 

Sarcocystis singaporensis is highly host-specific 
and only lives in the boid snake (Python reticulatus) and 
rodents of the genera Rattus and Bandicota. The infection 
of rats is by the sporozoites which eventually invades the 
muscles to from characteristics cyst in the striated 
muscles. After inoculation of a lethal quantity of 
sporocysts, the number of merozoites, the infective stage 
of the pathogen increase enormously around day 11 post 
infection especially in the lungs. This induces a fatal 
pneumonia (Jakel et al, 1996).  

Warfarin, the first generation anticoagulant, is 
less toxic than brodifacoum. It is not persistent, and 
readily metabolized and excreted, and is not retained in the 
liver beyond 2-4 weeks, while brodifacoum is retained in 
the liver for 6-12 months (Eason et al., 2002). Several 
studies have shown that birds were almost completely 
resistant to the effects of warfarin (Papworth 1958). The 
same indication was also shown by the tawny owl (Strix 
aluco) when given mice that have consumed warfarin on 
alternate days for three months with no death or apparent 
behavioral changes (Townsend et al., 1981). Lenton 
(1984) estimated barn owl nestlings need to consume at 
least ten medium sizes rats (80g) before a lethal level is 
reached.  

In these study nestlings in rodenticide treated 
plots, especially brodifacoum showed shorter and lighter 
measurements in all five anatomical features: body mass, 
culmen, tarsus, wing and tail length. Previous workers 
showed that some birds have shorter anatomical parts and 
lighter in body mass if they are exposed to pesticides or if 
lived in polluted area. The screech owls (Otus asio) 
administered with fluoride at 40 ppm resulted in a 
significantly smaller egg and shorter tarsus length 
(Hoffman et al., 1985). The nestlings of the great (Parus 
major) that lives at large non-ferrous smelter and exposed 
to large amounts of heavy metals have a body mass 
significantly reduced at the most polluted site although 
tarsus length, wing length and haematocrit values did not 
differ significantly among study sites (Janssens et al., 
2003). The nestling zebra finch (Taeniopygia guttata) that 
were orally dosed with monosodium methanearsonate 
(MSMA) for 20 days from hatching to fledging showed 
high mortality if given 24 mg/g, while surviving nestlings 
showed accumulation of arsenic in blood and specific 
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tissues, and decreased tarsus length and wing length upon 
fledging (Albert et al., 2008).  

Teratogenic effect was also evidenced in one of 
the nestling in brodifacoum treated area where its primary 
feathers were malformed rendering it flightless besides tail 
length that were very short if compared to nestlings in 
control plot. Several pesticides studies also found 
teratogenic effect on growth and development of birds. 
The chicken embryos were exposed benzo [a] pyrene (BP) 
via the yolk sac route resulted in retarded growth, as 
reflected by lower embryonic body weight besides reduced 
bill length. Abnormal survivors also showed remarkably 
twisted legs with shortening of the bones, abdominal 
oedema, haematomas, blisters and a short neck (Anwer 
and Mehrotra, 1988). Fry (1995) also reported 
organochlorine, organophosphate, petroleum 
hydrocarbons, heavy metals, and polychlorinated 
biphenyls (PCBs) disrupt physiological effects at several 
levels on birds, including direct effects on breeding adults 
as well as developmental effects on embryos. The effects 
on embryos include mortality or reduced hatchability, 
failure of chicks to thrive (wasting syndrome), and 
teratological effects producing skeletal abnormalities and 
impaired differentiation of the reproductive and nervous 
systems through mechanisms of hormonal mimicking of 
estrogens. The eggs of Mallard (Anas platyrhynchos) that 
were treated by Phenyl phosphonothioic acid-o-ethyl-O-
[4-nitrophenyl] ester (EPN) resulted in impaired 
embryonic growth and was highly teratogenic: 37-42% of 
the surviving embryos were abnormal with cervical and 
axial scoliosis as well as severe edema. Brain weights 
were significantly lower in EPN-treated groups at different 
stages of development including hatchlings. Hatchlings 
from EPN treated eggs were weaker and slower to right 
themselves compared to untreated hatchlings (Hoffman 
and Sileo, 1984). 
 
CONCLUSIONS 

Nestlings in rodenticide free area showed 
consistently heavier body mass and longer in culmen, 
tarsus, wing and tail length compared to rodenticide 
treated plots. This was associated with nestlings in 
rodenticides free getting sufficient food during the growth 
stage.  The food shortage in rodenticide treated plots affect 
the growth of nestling and exposed to a greater risk of 
death especially for nestlings less than 20 days old if food 
shortage continues.  Nestlings in brodifacoum treated area 
did not only face the risk of food shortages but also the 
risk of secondary poisoning as a result of consuming bait 
ingested rats. Even one nestling has teratogenic signs 
where it has no primary feathers in its wings rendering it 
flightless and the size of the tail is shorter than nestling in 
rodenticide free area. However, nestlings in warfarin and 
biorodenticide treated plots have comparable anatomical 
parts except body mass if compared to rodenticide free 
area, an indication that there was no apparent evidence of 
secondary poisoning effect of warfarin and biorodenticide 
on nestling of barn owls.
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RAT POISONS NOT ONLY KILL WILDLIFE: THEY CAN ALSO WEAKEN AND SICKEN THEM. 
Known “sublethal” impacts include: 

 
 

• Hemorrhaging beneath the skin and extensive bruising. Internal hemorrhaging in 
bones, body wall, heart, and elsewhere in the body. Possible heart failure.1 

 
• Hemorrhaging of the heart, liver, kidney, lung, intestines, and muscles.2 

 
• Anticoagulants associated with inflammatory response and immune suppression 

in bobcats.3 
 

• Anticoagulants associated with multiple system effects in bobcats.4 
 

• Multiple AR exposure events associated with notoedric mange.5 
 

• Barn owl clutch size, brood size, fledging success, and nest box occupancy lower 
in fields treated with anticoagulants.6 

 
• Increased vulnerability to other causes of death such as vehicular collisions and 

predation.7 
 

• Coyotes exposed to multiple FGARs and with high FGAR residues tended to be in 
poorer body condition.8 

 
• Chronic anemia, making animals more susceptible to diseases, including mange, 

and other stressors. 9 
 

• Reproductive impacts. Female sheep exposed to anticoagulants had more 
aborted or stillborn lambs (up to 50%); male sheep had lower sperm motility.10 

 
• Decreased food intake11 and decreased body weight.12  

 
• Neonatal transfer to young kits. Decreased resilience to environmental 

stressors.13 Fetuses more susceptible to brodifacoum toxicity than adults.14 
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• Increased parasite and pathogen burdens.15 
 

• Shorter wings, tails, bones, bills, and birth defects.16 
 

• Rodents poisoned by anticoagulants are more likely to be eaten by predators.17 
 

• Raptors may preferentially prey upon sickened rodents: The energetically 
beneficial behavior of favoring substandard prey may increase raptor encounters 
with rodenticide exposed animals if prey vulnerability has resulted from 
poisoning.18 
 

• Exposure to brodifacoum may have prolonged effects that increase toxicity of 
subsequent AR exposure.19 
 

• Bromadiolone and chlorophacinone residues from secondary poisoning can be 
transferred to the eggs of T. alba. 20 
 

• Increased stress and reduced body condition.21 
 
 
 
 
 

 
1 Mendenhall and Pank. 1980. Secondary Poisoning of Owls by Anticoagulant Rodenticides. Wildlife 
Society Bulletin 8:311-315 
 
2 Rattner et al. 2011. Acute Toxicity, Histopathology, and Coagulopathy in American Kestrels (Falco 
sparverius) Following Administration of the Rodenticide Diphacinone. Environmental Toxicology and 
Chemistry 30(5): 1213-1222 
 
3 Serieys, et al. 2018. Urbanization and anticoagulant poisons promote immune dysfunction in bobcats. 
Proc Biol Sci. 2018 Jan 31; 285(1871): 20172533  
 
4 Fraser,  et al. Genome-wide expression reveals multiple systemic effects associated with detection of 
anticoagulant poisons in bobcats (Lynx rufus) Mol Ecol. 2018;00:1–18.  
 
5 Serieys, et al. Anticoagulant rodenticides in urban bobcats: exposure, risk factors and potential effects 
based on a 16-year study. Ecotoxicology (2015) 24:844–862  
 
6 Salim, et al. 2014. Sub-lethal effects of the anticoagulant rodenticides bromadiolone and 
chlorophacinone on breeding performances of the barn owl (Tyto alba) in oil palm plantations. Slovak 
Raptor Journal 8(2): 113-122 
 
7 Fournier-Chambrillon, et al. 2004. Evidence of Secondary Poisoning of Free-Ranging Riparian Mustelids 
by Anticoagulant Rodenticides in France: Implications for Conservation of European Mink (Mustela 



 3 

 
letreola). Journal of Wildlife Diseases 40(4):688-695 
 
8 McKenzie, et al. 2022. Exposure of Urban Coyotes to Anticoagulant Rodenticides in Southern California: 
Sub-lethal Effects and Environmental Correlates. Proceedings of the Vertebrate Pest Conference, 30(30)  
 
9 Riley, et al. 2007. Anticoagulant Exposure and Notoedric Manage in Bobcats and Mountain Lions in 
Urban Southern California. Journal of Wildlife Management 71(6).  
 
10 Robinson, et al. 2005. Effect of the anticoagulant, pindone, on the breeding performance and survival of 
merino sheep, Ovis aries. Comparative Biochemistry and Physiology, Part B 140:465-473. 
 
11 Oliver and Wheeler 1978. The toxicity of the anticoagulant pindone to the European rabbit, Oryctogulas 
cuniculus and the sheep, Ovis aries. Australian Wildlife Research 5:135-142. 
 
12 Rattner et al. 2011. Acute Toxicity, Histopathology, and Coagulopathy in American Kestrels (Falco 
sparverius) Following Administration of the Rodenticide Diphacinone. Environmental Toxicology and 
Chemistry 30(5): 1213-1222 
 
12 Litten, et al. 2002. Behavior, coagupathy and pathology of brushtail possums (Trichosurus vulpecula) 
poisoned with brodifacoum. Wildlife Research 29:259-267. 
 
13 Gabriel, et al. Anticoagulant Rodenticides on our Public and Community Lands: Spatial Distribution of 
Exposures and Poisoning of a Rare Forest Carnivore. PLoS ONE 7(7):e40163. 
 
14 Munday and Thompson. 2003. Brodifacoum Toxicosis in Two Neonatal Puppies. Vet Pathology 40:216-
219 
 
15 Lemus, et al. 2011. Side effects of rodent control on non-target species: Rodenticides increase parasite 
and pathogen burden in great bustards. Science of the Total Environment 409 (2011) 4729-4734 
 
16 Naim, et al. 2010. Growth Performance of Nesting Barn Owls, Tyto Alba javanica in Rat Baiting Area in 
Malaysia. J. Agric. Biol. Sci. 5(6):1-13.  

17 Cox and Smith. 1992. Proc. 15th Vertebrate Pest Conf. UC Davis. Rodenticide Ecotoxicology: Pre-Lethal 
Effects of Anticoagulants on Rat Behavior 
 
18 Vyas, et al. 2017. Influence of Poisoned Prey on Foraging Behavior of Ferruginous Hawks. Am. Midl. 
Nat. (2017) 177:75–83  
 
19 Rattner, et al. 2019. Brodifacoum Toxicity in American Kestrels (Falco sparverius) with Evidence of 
Increased Hazard Upon Subsequent Anticoagulant Rodenticide Exposure. Environmental Toxicology and 
Chemistry 2020;39(2):468-481. 
 
20 Salim, et al. 2015. The Effects of Rodenticide Residues Deposited in Eggs of Tyto alba to Eggshell 
Thickness. Sains Malaysiana 44(4)(2015): 559–564 
 
21 Herring, et al. 2023. Anticoagulant rodenticides are associated with increased stress and reduced body 
condition of avian scavengers in the Pacific Northwest. Environmental Pollution 331(2) 
 










